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Abstract 

Petroleum is the largest energy source consumed in the US today. Routine oil exploration, 

transportation, refining, and consumption process result in the release of a large amount of oil into 

marine environments. Oil spills also frequently occur due to accidental well blow-outs or tanker 

spills, and oil dispersants are used as common countermeasures for mitigating such oil spills. 

Unfortunately, there is no quick and low-cost way to measure dispersant concentration in seawater; 

the effects of oil dispersants on the sediment-associated transport of oil in marine environments 

are also not well known. Furthermore, the effects and mechanisms of dispersants on the photolysis 

of oil contaminants still need to be studied. In addition to accidental spills, a large amount of oil-

contaminated wastewater has been produced by the petroleum industry, which are highly toxic, 

and these wastes should be properly treated. 

In the first part of this study (Chapter 2), a new method based on surface tension measurement 

was developed to determine the Corexit EC9500A concentration in seawater. The method can 

accurately analyze Corexit EC9500A in the concentration range of 0.5−23.5 mg/L. Minor 

variations in solution salinity, pH, and dissolved organic matter had negligible effects on the 

measurements. This simple, fast, economical method offers a convenient analytical method for 

quantifying complex oil dispersants dissolved in seawater. 
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In the second part of this study (Chapter 3), the effects of three model oil dispersants (Corexit 

EC9527A, Corexit EC9500A and SPC1000) on the settling of fine sediment particles, as well as 

particle-facilitated distribution and transport of oil components in sediment-seawater systems were 

investigated. All three dispersants enhanced the settling of sediment particles (the nonionic 

surfactants, Tween 80 and Tween 85, play key roles in promoting particle aggregation). Yet, the 

effects varied with environmental factors (pH, salinity, dissolved organic matter, and temperature). 

Notably, total petroleum hydrocarbons, PAHs and alkanes in the sediment phase were dramatically 

increased in the presence of Corexit EC9527A.  

In the third part of this study (Chapter 4), the effects of oil dispersants on the photodegradation 

of anthracene and 9,10-DMA were studied under simulated solar light. All three tested dispersants 

promoted the photodegradation rate of tested PAHs. Kerosene, span 80 and tween 85 are the key 

dispersant components that promote the photodegradation rate. The dissolved oxygen plays 

different roles in the photodegradation of anthracene and 9,10-DMA. The photodegradation 

pathway of anthracene and 9,10-DMA showed no difference in the presence or absence of a 

dispersant. The dispersant components undergo photodegradation under solar light.  

In the fourth part of this study (Chapter 5), a new class of platinum-deposited anatase/hexa-

titanate nanotubes (TNTs) were prepared, and the effects of Pt form, i.e., reduced state of Pt(0) 

and oxidized state of Pt(IV), on photocatalytic activity were compared. The materials showed 

higher phenanthrene degradation rate than TiO2 (P25). Both mechanisms of the enhanced 

photocatalytic activity were studied. Furthermore, the nanotubes can be separated through gravity-
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sedimentation, and reused in multiple cycles of operations without loss in the photocatalytic 

activity. 
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Chapter 1. General Introduction 

 

1.1. Introduction of oil spill and wastewater from oil industry 

Petroleum is the largest energy source consumed in the US, making up approximately 40% of 

the total energy consumption. The petroleum production and refining industry in the US mainly 

resides in the Gulf Coast region (Apergis and Payne 2010). During the exploration, transportation, 

refining, consumption, or waste management, oil may be released into water from routine or 

accidental releases (Gong et al. 2014a). In history, huge amounts of oil have been accidentally 

released into the environment, especially the marine environment. For example, the Tsesis (1977), 

Ixtoc 1 (1979), Antonio Gramsci (1979), Exxon Valdez (1989), Nakhodka (1997), Hebei Spirit 

(2007) and Deepwater Horizon (DwH) oil spill (2010) are the most known oil spills (Gesteira and 

Dauvin 2000, Jung et al. 2015). The wastewater from oil industry, such as oil field wastewater and 

refinery wastewater, are rich in oil components, which can cause severe pollution if discharged 

into the environment without proper treatment (Asatekin and Mayes 2009, McCormack et al. 2001).  

1.1.1. Oil spill 

The oil spills frequently happen due to well blow-outs (e.g. Ixtoc 1, DwH oil spill) or tanker 

spills (e.g. Exxon Valdez, Hebei Spirit, Prestige, and Torey Canyon oil spill). The spilled oil can 

spread expansively depending on tide, wind, and current when they occur offshore, and cause 
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widespread damage to the marine environment. The most notable oil spill accidents are reviewed 

in this part. 

The Ixtoc 1 oil spill in June of 1979 released ca. 475,000 tons of crude oil into the Gulf of 

Mexico. After the blowout of the offshore oil rig, oil continued to be released into the open ocean 

for 9 months. The spilled oil was dispersed by current and wind and formed a brown and orange 

water-in-oil emulsion near the well head (Patton et al. 1981). This accident had been considered 

as the largest offshore oil spill until the DwH oil spill. 

In April 2010, the DwH oil platform exploded and sank about 41 miles off the Louisiana coast, 

and approximately 655,000 tons of crude oil were released into the Gulf of Mexico within 87 days, 

which is the worst marine oil spill in the US history (McNutt et al. 2012). The crude oil was 

released from the Macondo well-head (1500 m depth), and the long travel distance to the surface 

greatly enhanced the partitioning of hydrocarbons into the aqueous phase (Reddy et al. 2012). 

Together with the application of dispersant, the amount of spilled oil in the water column was 

greatly increased. After the DwH oil spill, the progression of spilled oil along with the effectiveness 

and toxicity of oil dispersant were extensively studied (Cornwall 2015, Kleindienst et al. 2015a).  

In March 1967, the tanker Torrey Canyon ran aground on a reef and spilled approximately 

60,000 tons of crude oil in the ocean near the England coast (O'Sullivan and Richardson 1967). 

Large quantities of detergent were used to emulsify the spilled oil; this is considered as the first 

time a large amount of “dispersant” was used to disintegrate spilled oil. However, the toxic 

detergent led to widespread environmental damage and motivated researchers to develop new 

dispersants with lower toxicity (Lessard and Demarco 2000). 
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In March 1989, the Exxon Valdez oil spill released ca. 34,000 tons of Alaska North Slope crude 

oil into the Prince William Sound, which affected ca. 2000 miles of coastline (Malakoff and Pegau 

2014). It was considered as the largest oil spill in the US at that time (Incardona et al. 2013). The 

relatively low water temperature and short travel distance to water surface eliminated a portion of 

dissolved crude oil in seawater, which was beneficial for the following clean-up operation. 

Bioremediation was extensively used to naturally degrade the oil residual and mitigate the negative 

ecological impact on the intertidal communities (Bragg et al. 1994).  

In November 2002, the tanker Prestige broke in two and released approximately 77,000 tons 

of heavy fuel-oil into the ocean off the Galicia coast (NW Spain). The wind and sea-current moved 

ca. 60,000 tons of emulsified oil to the NW Spanish coast, and polluted more than 800 km of the 

coastline (González et al. 2006). Researchers found that the spilled oil had undergone a low degree 

of natural weathering even 1 year after the spill, indicating that the heavy oil is relatively persistent 

in the environment (Díez et al. 2007).  

In December 2007, the Hebei Spirit oil spill released approximately 10,900 tons of Middle 

East crude oils off the west coast of the Republic of Korea, which polluted ca. 375 km of coast. 

The wide geographic spread of crude oil extensively damaged the mariculture resources and 

fishery industries in the polluted area (Kim et al. 2013b). This spill reveals the importance of 

interwoven physical, chemical and biological processes in regulating the fate and transport of 

crude oil through the ocean environment (Reddy et al. 2012).  
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1.1.2. Oil contaminated wastewater from industry 

For the oil industry, the production of 1 tons of gasoline will consume 2.8−6.6 tons of water in 

the US; for over 55% of the oil from Canadian Oil Sands, 5.2 tons of water will be consumed for 

producing one ton of gasoline (Kujawski 2009). Therefore, a huge amount of wastewater is 

produced by the oil industry. Among the different stages of oil refinement, the oil drilling and 

refinery processes produces the most wastewater.  

The oil drilling operation generates a large amount of wastewater. An example of this would 

be the drilling and fracturing of a well which consumes approximately 19,000 tons of water. 

Accordingly, huge amounts of wastewater are produced, which generally contains oil or gas, 

throughout the productive lifetime of the well (Hickenbottom et al. 2013). An average refinery 

consumes 2.5 tons of water for processing one ton of crude oil (Stepnowski et al. 2002). Data from 

the literature shows that the globally produced wastewater from the oil and gas industry amounts 

to around 30 million tons per day, which is approximately 3 times the amount of oil produced (9.5 

million tons/day), and the volume of generated wastewater is still increasing (Ahmadun et al. 

2009).  

The produced wastewater is a mixture of dissolved and dispersed oil compounds, minerals, 

and other solids. The oil contaminants in the wastewater include benzene, toluene, ethylbenzene, 

and xylenes (BTEX), aliphatic fraction (e.g. branched and cycloalkanes and saturated 

hydrocarbons), and polycyclic aromatic hydrocarbons (PAHs). The oil components, especially 

PAHs, are of acute toxicity and high persistence, which makes the wastewater difficult to be treated 

by biological methods (Stepnowski et al. 2002). 
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1.1.3. Oil components and toxicity 

Crude oil is a mixture of hydrocarbons, metals, and polar compounds (Simanzhenkov and Idem 

2003). Hydrocarbons including saturated compounds (i.e. paraffins, isoparaffins, and 

cycloparaffins), aromatics (i.e. monocyclic aromatic hydrocarbons and PAHs), and olefins are 

predominant in crude oil. PAHs are aromatic compounds with two to eight conjugated benzene 

rings, which constitute 0.5 to 3 percent of the weight of the oil (Harvey 1991). PAHs are known 

as environmental persistent contaminants with toxic, carcinogenic, and mutagenic properties. 

Sixteen of the parent PAHs are listed as priority pollutants by United States Environmental 

Protection Agency (US EPA) (US EPA 2014). The abundance of alkylated PAHs is much higher 

than their parent PAHs in crude oil, which amount to 80-90% of the total PAHs) (Liu et al. 2012a, 

Wu et al. 2012), and they are even more toxic than their parent PAHs (Turcotte et al. 2011). 

However, most studies have only focused on the 16 parent PAHs specified in the priority pollutants 

list, and neglected the alkylated PAHs. 

Crude oil in marine environments is harmful to the aquatic species due to the toxicity of the 

oil components, e.g. PAHs, and the suffocation effects of the viscous oil (Lin and Mendelssohn 

2012). The toxicity of crude oil to fish and other organisms has been found to depend on the 

composition of the mixture of hydrocarbons. Low molecular weight (LMW) oil components, e.g. 

naphthalene, C1-C10 aliphatic are acutely toxic to fish by narcosis but contribute little to chronic 

toxicity since they are highly volatile and easy to dilute in water (Skadsheim et al. 2000). The 

medium molecular weight (MMW) oil components are responsible for the chronic toxicity of crude 

oil to aquatic species (Skadsheim et al. 2000). For instance, alkylated PAHs with three or four 
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rings were implicated as the primary compounds of oil toxicity to the development of fish embryos 

and may be related to the recruitment failure of fish where the spawning is found to be affected by 

an oil spill (Carls et al. 1999). High molecular weight (HMW) oil components, e.g. asphaltenes, 

waxes, and resins, have too low solubility to be taken by fish or microorganisms to reach toxic 

concentrations (Wu et al. 2012).  

Dispersion of oil into droplets can increase the surface area of oil exposed to water, thereby, 

promoting the partitioning of oil components into the water phase. The application of chemical 

dispersant will greatly diffuse oil into droplets and increase the dissolved oil components in the 

water phase, thereby increase the toxicity of oil to the aquatic species (Kleindienst et al. 2015a). 

Wu et al. (2012) studied the chronic toxicity of four types of crude oils to the embryos of fish; the 

chemically dispersed crude oils were found to dramatically increased the toxicity, by 35 to 300 

fold or greater. 

1.2. Application of oil dispersants 

Dispersants are a mixture of nonionic and anionic surfactants as well as organic solvents (Place 

et al. 2010). Take Corexit EC9500A as an example: the major nonionic surfactants of this 

dispersant include ethoxylated sorbitan mono- and trioleates and sorbitan monooleate 

(commercially known as Tween 80, Tween 85, and Span 80), and the major anionic surfactant is 

sodium dioctylsulfosuccinate (DOSS). The solvents are a mixture of n-alkanes ranging from 

nonane to hexadecane, including Di(Propylene Glycol) Butyl Ether (DPnB), Propylene Glycol, 2-

butoxyethanol etc. (Mill et al. 1981, Place et al. 2010).  
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Oil dispersants have been widely applied to disintegrate spilled oil slicks into fine droplets, 

thereby facilitating dispersion of oil into water column and accelerating the natural attenuation 

processes (Griffiths 2012, Lessard and Demarco 2000, Prince et al. 2016). When applied, oil 

dispersants embed themselves at the interfaces between oil and water due to the amphiphilic nature 

of the surfactant molecules, which lowers the interfacial tension and facilitates the formation and 

entrainment of small (<100 µm) oil-surfactant droplets into the water column (Clayton 1993, 

Singer et al. 1996).  

Oil dispersants have been employed in several major oil spill accidents, and over the years, 

this approach has evolved into a major countermeasure to mitigate the adverse effects of oil spills 

(Griffiths 2012, Lessard and Demarco 2000). The appearance of low toxicity and high-efficiency 

dispersant formulations makes the application of dispersants a major countermeasure to mitigate 

the adverse effects of oil spills (Griffiths 2012). Application of modern dispersants began in the 

Torrey Canyon oil spill in 1967, where 1000 tons of dispersants (primarily BP1002) were applied 

to treat the spilled Kuwait crude oil (Southward 1978). Since then, application of dispersants has 

evolved to be a common countermeasure for mitigating oil spills while the search for more 

effective and less toxic oil dispersants remains active (Lessard and Demarco 2000). In 1996, 12 

tons of Corexit EC9500A was applied during the Sea Empress spill in the UK (Lessard and 

Demarco 2000), representing the first field application of this popular oil dispersant. In 1997, 10 

tons of Corexit EC9500A was used in the Captain Spill in the North Sea to disperse 650 tons of 

spilled crude oil. In 1998, ~11.5 tons of Corexit EC9527A was sprayed in the offshore pipeline 

spill in Texas (Lessard and Demarco 2000). During the DwH oil spill, BP applied approximately 
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8000 tons of Corexit EC9500A and EC9527A to the surface (5100 tons) and wellhead (2900 tons) 

(Kujawinski et al. 2011), representing the single largest application of oil dispersants in history. 

The wide application of the dispersants, especially since the 2010 DwH oil spill, has triggered 

extensive investigations into their effectiveness, toxicity, environmental fate and transport 

(Anderson 2011, Goodbody-Gringley et al. 2013, Moles et al. 2002).  

1.3. Dispersant analysis 

Since the dispersants have been extensively applied and investigated, it has been challenging 

to quantitatively analyze oil dispersants conveniently and economically. This is not only due to 

the complex nature of the mixture of a variety of dispersants and solvents, but also due to 

proprietary and incomplete information on the type and quantity of the dispersant components. For 

instance, the most common practice for analyzing Corexit EC9500A in water has been to analyze 

just one or possibly a few of the key dispersant components that can be quantified following the 

standard methods (Kujawinski et al. 2011). According to the EPA methods for detecting 

dispersants in water (USEPA 2010), DOSS and DPnB are analyzed by LC/MS/MS (Liquid 

Chromatography with Tandem-Mass Spectrometry) (detection limits = 20 and 125 g/L, 

respectively), and the other solvent components, such as Propylene Glycol and 2-Ethylhexanol, 

are solvent-extracted and then determined by GC/MS (Gas Chromatography-Mass Spectrometry) 

(detection limits = 10 and 500 µg/L, respectively). Researchers have also reported methods for the 

analysis of nonionic surfactants. For example, Tween 80 can be analyzed by using HPLC-MS 

(detection limit = 0.01 µg/L) (Christiansen et al. 2011, Im et al. 2008). Scelfo and Tjeerdema 

(1991) proposed a method to measure the ethoxylated sorbitan esters (anionic surfactants in 
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Corexit EC9527A) concentration by incorporating ion-pair formation with bis (ethylenediamine) 

copper (II), then extracting and analyzing by flame atomic absorption spectroscopy. Similarly, 

Kasahara et al. (1995) developed a spectrophotometric method by using a trifluoromethyl 

derivative as a counter ion for extraction and quantification of anionic surfactants in seawater. 

However, these methods bear the following drawbacks: 1) They are quite costly, and/or time- and 

labor-consuming, especially for the LC/MS/MS method; 2) The results for individual components 

may not reflect the integrity of the dispersant as a whole; 3) The undisclosed components in a 

dispersant are neglected. 

To quantify the concentration of Corexit EC9527A and Corexit EC9500A in aqueous 

solutions, Mitchell and Holdway (2000) applied a UV-Vis spectroscopic method, where the 

concentration is measured at a wavelength of 230 nm. The mean measured concentration ranged 

from 0 to 280 mg/L for Corexit EC9527A and 0 to 450 mg/L for Corexit EC9500A. However, the 

effects of water chemistry and environmental conditions on the viability of the methods were not 

addressed, though such factors are known to alter the UV-Vis spectra. Consequently, more rapid 

and economical analytical methods have been desired by the oil spill research community and 

relevant industries. 

1.4. Effect of dispersant on the transport of spilled oil 

Once the oil is released into the ocean, it will undergo complex physical, chemical and 

biological processes, including photooxidation, volatilization, biodegradation, sedimentation, etc. 

(as shown in Figure 1-1) (Joye 2015). The light fractions of crude oil, with a boiling point below 
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250 °C, can be volatilized quickly after the oil reaches the air-water interface (Kiruri et al. 2013). 

Photodegradation is a vehicle for transforming the oil components to acidic and phenolic 

compounds or even CO2 (Board and Board 2003b), however, some intermediates produced by the 

photolysis process can be more toxic than the original oil (Board and Board 2003b). 

Biodegradation processes are important for the weathering of crude oil and are also considered as 

a remediation methods for spilled oil. However, the emulsification of spilled oil will make it less 

likely to be bioavailable (Prince et al. 2003). Formation of oil-sediment aggregates (OSAs) and tar 

balls during the oil weathering process involved in the adsorption of PAHs and other oil 

components (Kiruri et al. 2013), and the settling process of OSAs can transport oil components to 

the bottom of the ocean.  
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Figure 1-1. Fate of spilled oil in the marine system (Joye 2015). The number in brown color reflect 

the contribution of gas (green circles) and crude oil (brown circles) during the DwH oil spill 

(MacDonald 2010). The red circles refer to the applied dispersants.  
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Application of oil dispersant reduces the risk of oil slicks reaching the coastal areas and 

physical contamination (Almeda et al. 2014), but results in elevated oil droplet concentrations in 

the water column. For example, the volatile aromatic hydrocarbons in an oil plume during the 

DwH oil spill reached 139 µg/L (Hazen et al. 2010). The high oil droplet concentration is favorable 

for the formation oil sediment aggregates (OSAs) (Gong et al. 2014a), which can not only alter the 

settling behavior, but also alter the distribution and transport of important oil compounds that are 

associated with the aggregates. Guyomarch et al. (1999) found that the presence of the chemical 

dispersant, Inipol IP90, enhanced the formation of OSAs. Their wave tank experiment showed that 

approximately 80% of oil was entrained in the OSAs, which subsequently settled to the bottom of 

the tank. Our recent work also showed that the Corexit EC9500A promoted the formation of 

marine oil snow (MOS) and the partitioning of oil components into MOS (Fu et al. 2014b). Large 

quantities of crude oil will eventually reach the sediment of the ocean via participate in OSAs, 

MOS formation, or adsorption on the suspended particulate matters (SPMs), and would be 

followed by a settling process (Board and Board 2003a, Fu et al. 2014a, Luo et al. 2008, Mackay 

and Hickie 2000). Therefore, the settling process can be important for the fate of crude oil. 

However, little is known about effects of dispersants or dispersed oil on the transport of fine 

sediment particles, and how such particle-facilitate oil transport affects the fluxes and fate of oil 

components (Allan et al. 2012).  

1.5. Photodegradation of oil components and the effects of dispersants 

Photodegradation is considered as a major abiotic process affecting spilled oil attenuation (Fu 

et al. 2014a, Nicodem et al. 2001). Under solar light, the chromophores compounds in oil absorb 
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solar radiation which initiates the photochemical reactions, resulting in the chemical 

transformation or even mineralization of oil components (D'Auria et al. 2008). The primary action 

spectrum for the photooxidation reaction is ultraviolet (UV) light (λ <400 nm) (Shankar et al. 

2015), but which only takes up approximately 5% of the total solar light energy. Some crude oil 

compounds can absorb visible light (400−700 nm) and undergo photodegradation (Mallakin et al. 

2000). 

The photolysis of oil components, e.g. PAHs, involves both direct photolysis and indirect 

photolysis (Shankar et al. 2015). For direct photolysis, the pollutants absorb solar radiation and 

undergo chemical reaction, but it is limited by the amount of light screening of the aquatic system 

(Glover et al. 2014, Zepp and Cline 1977). Indirect photolysis of PAHs involves the excitation of 

photosensitizers, e.g. chromophoric dissolved organic matter (CDOM) or nitrate (NO3
-), resulting 

in the production of reactive intermediates, e.g. hydroxyl radical (•OH), singlet oxygen (1O2), 

superoxide (•O2
-), triplet excited CDOM (3CDOM•) (Lam et al. 2003), which react with pollutants. 

CDOM is the primary photosensitizer to produce 1O2 and 3CDOM• in surface water, and is usually 

the main source of •OH (Latch and McNeill 2006; Takeda et al. 2004; Vione et al. 2006). 

The extent of photodegradation depends on the spectrum, incident light intensity, optical 

properties of water, the presence of photosensitizers and oil contaminants themselves (Coleman et 

al. 2002). In a marine environment, the natural substances are found to either accelerate or 

decelerate the photolysis rate of oil components. For instance, some humic substances can absorb 

solar irradiation and be excited into their triplet states, which transfer energy to O2 to produce 1O2 

(Minella et al. 2013). The low molecular weight humic acid is found to be more effective at 
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producing 1O2 under light irradiation (Minella et al. 2013). PAHs are known as good sensitizers 

for the production of 1O2. The transformation of ground triplet state oxygen into the reactive singlet 

state (1O2) needs more than 94 kJ/mol, and the excited PAHs, in both singlet and triplet state, at 

the sufficient energy level for exciting oxygen (Murov and Carmichael 1993). Dong et al. (2012) 

studied the photochemical formation of •OH from effluent organic matter in treated wastewater, 

and found that the nitrate and dissolved organic matter in the water phase are potential sources of 

•OH during the photolysis process. 

The presence of surfactants or dispersants in the aqueous phase are reported to alter the 

photooxidation rate of oil components. An (2001) studied the photodegradation of phenanthrene 

and pyrene under UV light in the presence of surfactants (LiFOS), and found the monomeric 

surfactants enhanced the photolysis of PAHs, but he did not reveal the mechanism for the 

accelerated PAHs photolysis. Gong et al. (2015) studied the effects of oil dispersant (Corexit 

EC9500A) on the photodegradation of pyrene in seawater, where the presence of dispersant 

increased the photolysis rate of pyrene. However, the key dispersant components were not studied, 

and their roles on promoting the photolysis rate should be investigated deeper. Meanwhile, the 

effects of dispersants on the photolysis of alkylated PAHs are still lacking. 

1.6. Photocatalytic degradation of PAHs 

The oil industry produced a huge amount of wastewater. This PAHs contaminated water can 

be of acute toxicity and persistent, which makes the wastewater difficult to be treated by traditional 

biological methods (Stepnowski et al. 2002). Many methods, e.g. chemical oxidation, 
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electrochemical methods, activated carbon adsorption, and solvent extraction, have been applied 

to removal PAHs in water (Abdelwahab et al. 2009). However, these methods are always 

associated with problems such as low efficiency, high investment, high energy or material 

consumption, etc. (Abdelwahab et al. 2009). The photocatalytic degradation of PAHs, especially 

under solar light, is considered as a promising route for the removal of PAHs from water 

(Hoffmann et al. 1995). 

Many photocatalysts, e.g. TiO2, ZnO, BiVO4, have been investigated for photocatalytic 

degradation of PAHs in water (Kohtani et al. 2005, Vela et al. 2012). Ireland et al. (1995) applied 

TiO2 to photocatalytically degrade 16 PAHs in water by UV light and found the degradation rates 

of PAHs were relatively slow. Pal and Sharon (2000) supported porous TiO2 particles on glass 

substrates to promote the photocatalytic activity, which showed elevated degradation efficiency 

for naphthalene and anthracene removal in the water phase. Vela et al. (2012) compared the 

effectiveness of ZnO and TiO2 for photocatalytically degrading a mixture of 5 PAHs in 

groundwater under natural sunlight, and found 7−15 min and 18−76 min, respectively, are required 

for ZnO and TiO2 to remove 90% of the PAHs. Kohtani et al. (2005) compared the effects of pure 

and Ag-loaded BiVO4 on the photocatalytic degradation of 9 PAHs under visible light irradiation 

and found that both catalysts enhanced the photodegradation efficiency, and the loading of Ag 

accelerated the •OH production.  

TiO2 is the most popular heterogeneous photocatalyst for organic pollutant removal; it has the 

advantages of low cost, nontoxicity, as well as excellent activities and stabilities. Since Fujishima 

and Honda (1972) discovered the photocatalytic splitting of water on TiO2 in 1972, interest in 
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application of TiO2 as a photocatalyst has significantly increased, and it has become the most 

widely used photocatalyst for environmental application (Sires and Brillas 2012, Theron et al. 

2008). Generally, the photocatalytic efficiency of TiO2 is affected by two inherent limitations: 1) 

easy recombination of photo-generated holes and electrons (Malato et al. 2009), and 2) low 

visible/solar energy utilization efficiency (Liu et al. 2015a, Veldurthi et al. 2015). The large 

intrinsic band gaps of TiO2 (3.2 eV for anatase and 3.0 eV for rutile) restricts the light-harvesting 

as the useful UV radiation only accounts for about 5% of sunlight irradiation, and the visible light 

includes 45% of the energy (Afzal et al. 2013, Shankar et al. 2015, Shannon et al. 2008). Therefore, 

efforts have been devoted to retard the recombination of electron-hole pairs, and enhance the 

photocatalytic activity of Ti-based catalysts under visible light (Doong et al. 2013, Sung-Suh et al. 

2004, Veldurthi et al. 2015, Zhao et al. 2016). Noble metal ions (e.g. Pt, Au, Ag, etc.) 

doping/depositing is widely applied to facilitate the electron-hole separation and promote the 

production of reactive oxygen species (ROS) (Malato et al. 2009, Pan et al. 2016). Meanwhile, it 

also facilitates the absorption of visible light by narrowing the absorption band gaps (Burgeth and 

Kisch 2002). Among the commonly used noble metals, Pt is one of the most used dopants for 

modifying TiO2 and titanate (Liu et al. 2011). It can provide the highest Schottky Barrier among 

the metal types that facilitate electron capture and produce longer electron-hole pair separation life 

time (Li and Li 2002). Meanwhile, the incorporation of Pt3+ into TiO2 can create a defect energy 

level, which extend visible light absorption (Li and Li 2002). Previous studies reveal that the Pt 

metal deposited TiO2 induced a faster photocatalytic oxidation rate of o-cresol than TiO2 (P25) 

(Chen et al. 2007), and Pt(IV) modified TiO2 is found to be more active than TiO2 (P25) upon UV 

irradiation for 4-chlorophenol degradation (Burgeth and Kisch 2002). However, to the best of our 
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knowledge, the effects of Pt forms (reduction state of Pt(0) and oxidation state of Pt(IV)) on 

modifying TiO2 or other TiO2 based materials are not well investigated in previous studies.  

1.7. Objectives 

The key research objectives were to: 1) establish a quick and low-cost method to measure 

dispersant concentration in seawater; 2) investigate effects of oil dispersants (Corexit EC9500A, 

Corexit EC9527A, and SPC 1000) on the settling performance of suspended sediment particles 

and sediment-associated transport of oil components, and on the enhanced photolysis of PAHs and 

alkylated PAHs; and 3) synthesize and test a new class of photocatalyst for PAHs degradation. 

The specific objectives were to:  

 Propose and test a new method to determine dispersant concentration in seawater; 

 Test the accuracy of the new method under various environmental conditions, e.g. pH, 

salinity, DOM concentration; 

 Test the effects of three model dispersants on the settling velocity of suspended sediment 

particles, find the most effective ingredients for enhancing the settling performance and 

elucidate the mechanism;  

 Evaluate the effects of dispersants on the transport of sediment-associated oil components; 

 Evaluate the effects of oil dispersants and the dispersant components on the photolysis of 

anthracene and its alkylated homolog (9,10-dimethylanthracene) under simulated solar 

light; 
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 Elucidate the mechanisms of anthracene and 9,10-dimethylanthracene photodegradation in 

the presence/absence of dispersant;  

 Synthesize a new class of platinum-titanate nanotube for catalytically degrading 

phenanthrene in the aqueous phase, and find the optimal synthesis condition; 

 Characterize the new material and elucidate the mechanism on enhancing photocatalytic 

activity, and test the separation property and reusability of the new catalyst. 

1.8. Organizations 

This dissertation includes six chapters and the appendix part, each chapter is formatted as a 

standalone paper in the style of Water Research except for Chapter 1 (General Introduction) and 

Chapter 6 (Conclusions and Suggestions for Future Research). Chapter 1 gives a general 

introduction of the background and outlines the objectives of this dissertation. Chapter 2 describes 

a new method that determines the Corexit EC9500A concentration in seawater by measuring the 

surface tension of the solution. Chapter 3 investigates the effects of oil dispersants on the settling 

behavior of suspended sediment particles as well as on the distribution and transportation of oil 

and key oil components in sediment-seawater systems, and explores the effects of dispersants 

under various environmental conditions. Chapter 4 investigates the effects of oil dispersants on 

the photodegradation of anthracene and 9,10-dimethylanthracene in the marine environment. The 

photodegradation mechanisms and pathways are elucidated. Chapter 5 investigates the 

photocatalytic degradation of phenanthrene by a new class of Pt-deposited titanate nanotubes 

under simulated solar light, the mechanisms are investigated and reusability of this material is 

evaluated. Chapter 6 gives a summary of the key conclusions of all the research and suggestions 
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for future work. The appendix part describes the feasibility and efficiency of the carboxyl methyl 

cellulose stabilized zero-valent iron (ZVI) nanoparticles for reductive removal of nitrobenzene in 

aqueous and soil phase. The mechanisms of nitrobenzene reduction are studied, and effects of 

environmental parameters on the reduction rates were evaluated. 
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Chapter 2. A Surface Tension Based Method for Measuring Oil Dispersant Concentration 

in Seawater  

 

Many methods have been applied for determining the dispersant concentration in the aqueous 

phase, e.g. LC/MS/MS, GC/MS, HPLC-MS. However, these methods bear the drawbacks of high 

cost, the results for individual components don’t always reflect the integrity of the dispersant as a 

whole, the undisclosed components in a dispersant are often neglected, and/or excessive time- and 

labor-consumption. In this section, a convenient and economical analytical method is proposed to 

measure the dispersant concentration in seawater. 

2.1. Introduction 

Oil dispersants have been widely employed to mitigate environmental impacts of spilled oil 

(Prince et al. 2016, Rahsepar et al. 2016). The application of modern dispersants began in the 

Torrey Canyon oil spill in 1967, where 1000 tons of dispersants (primarily BP1002) were applied 

to mitigate the spilled Kuwait crude oil (Southward 1978). Since then, application of dispersants 

has evolved to be a common countermeasure for mitigating oil spills, while the search for more 

effective and less toxic oil dispersants remains active (Lessard and Demarco 2000). In 1996, 12 

tons of Corexit EC9500A was applied during the Sea Empress spill in the UK, representing the 
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first field application of this popular oil dispersant (Lessard and Demarco 2000). In 1997, 10 tons 

of Corexit EC9500A was used in the Captain Spill in the North Sea to disperse 650 tons of spilled 

crude oil. In 1998, ~11.5 tons of Corexit EC9527A was sprayed in the offshore pipeline spill in 

Texas (Lessard and Demarco 2000). During the Deepwater Horizon (DwH) oil spill in the Gulf of 

Mexico in 2010, BP applied approximately 8000 tons of Corexit EC9500A and EC9527A 

(Kujawinski et al. 2011), representing the single largest application of oil dispersants in the history. 

Corexit EC9500A is a mixture of nonionic and anionic surfactants as well as organic solvents 

(Place et al. 2010). The major nonionic surfactants include ethoxylated sorbitan mono- and 

trioleates and sorbitan monooleate (commercially known as Tween 80, Tween 85, and Span 80), 

and the major anionic surfactant is sodium dioctylsulfosuccinate (DOSS). Table 2-1 gives detailed 

information on the compositions of Corexit EC9500A. The solvents are a mixture of n-alkanes 

ranging from nonane to hexadecane, including Di(Propylene Glycol) Butyl Ether (DPnB), 

Propylene Glycol, and 2-butoxyethanol (Mill et al. 1981, Place et al. 2010). The wide application 

of the dispersant, especially since the 2010 DwH oil spill, has triggered extensive investigations 

into its effectiveness, toxicity, and environmental fate and transport (Anderson 2011, Goodbody-

Gringley et al. 2013, Moles et al. 2002).  
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Table 2-1. Characteristics of surfactant compositions in the oil dispersant Corexit EC9500A (Gong et al. 2014b, USEPA 2011). 

Surfactants 
Ionic 

property 
Molecular formula 

Molecular 

weight 

(g/mol) 

Critical micelle 

concentration 

(CMC) (mg/L) 

Chemical structure 

Polyoxyethylene (20) 

sorbitan monooleate 

(Tween 80) 

Neutral C64H124O26 1310 
14 (Yeom et al. 

1995)  

 

Polyoxyethylene(20) 

sorbitan trioleate 

(Tween 85)  

Neutral C60H108O8
.(C2H4O)n  

23 (Wan and 

Lee 1974) 

 

Sorbitan monooleate 

(Span 80) 
Neutral C24H44O6 428.60 

35000 (Ross and 

Olivier 1959) 

 

Sodium dioctyl 

sulfosuccinate (SDSS 

or DOSS) 

Anionic C20H37NaO7S 444.56 
578 (Yehia 

1992b) 
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Yet, it has been challenging to quantitatively analyze oil dispersants conveniently and 

economically. This is not only due to the complex nature of the mixture of a variety of dispersants 

and solvents, but also proprietary and incomplete information on the type and quantity of the 

dispersant components. For instance, the most common practice for analyzing Corexit EC9500A 

in water has been to analyze one or some of the key dispersant components that can be quantified 

following the standard methods (Kujawinski et al. 2011). According to the EPA methods for 

detecting dispersants in water (USEPA 2010), DOSS and DPnB are analyzed by LC/MS/MS 

(Liquid Chromatography with Tandem-Mass Spectrometry) (detection limits = 20 and 125 g/L, 

respectively); and the other solvent components, such as Propylene Glycol and 2-Ethylhexanol, 

are solvent-extracted and then determined by GC/MS (Gas Chromatography-Mass Spectrometry) 

(detection limits = 10 and 500 µg/L, respectively). Researchers have also reported methods for the 

analysis of nonionic surfactants. For instance, Tween 80 can be analyzed by using HPLC-MS 

(detection limit = 0.01 µg/L) (Christiansen et al. 2011, Im et al. 2008). Scelfo and Tjeerdema 

(1991) developed a method to monitor the anionic surfactant (ethoxylated sorbitan esters) of 

Corexit EC9527A by incorporating ion-pair formation with bis(ethylenediamine) copper (II), then 

extracting and analyzing the complex by flame atomic absorption spectroscopy. Similarly, 

Kasahara et al. (1995) developed a spectrophotometric method by using a trifluoromethyl 

derivative as a counter ion for extraction and quantification of anionic surfactants in seawater. 

However, these methods bear the following drawbacks: 1) they are quite costly, and/or time- and 

labor-consuming, especially for the LC/MS/MS method, 2) the results for individual components 
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may not reflect the integrity of the dispersant as a whole, and 3) the undisclosed components in a 

dispersant are neglected. 

To quantify the concentration of Corexit EC9527A and Corexit EC9500A in aqueous 

solutions, Mitchell and Holdway (2000) applied a UV-Vis spectroscopic method, where the 

concentration is measured at a wavelength of 230 nm. The mean concentration ranged from 0 to 

280 mg/L for Corexit EC9527A and 0 to 450 mg/L for Corexit EC9500A. However, the effects of 

water chemistry and environmental conditions on the viability of the methods were not addressed, 

though such factors are known to alter the UV-Vis spectra. Consequently, more rapid and 

economical analytical methods have been desired by the oil spill research community and relevant 

industries. 

It has been observed that surface tension () is correlated with the concentration of a surfactant 

(Fu et al. 2015, Menger et al. 2009, Myers 1999). Specifically, Menger et al. (2009) observed that 

when  is plotted against ln[surfactant], the curve can be divided into three distinct regions (Figure 

2-1): Region A:  slightly decreases with increasing surfactant concentration; Region B:  

decreases sharply and almost linearly with increasing surfactant concentration; and Region C: the 

slope abruptly levels off (i.e.,  remains nearly constant) at the surfactant concentration above the 

CMC value. Conventionally, it is assumed that the surfactant is saturated at the air/water interface 

throughout Region A (Perez et al. 1998, Vader 1960), which allows the calculation of the area-

per-molecule via the classic Gibbs equation (Menger et al., 2009). In an effort to determine the 

CMC value of oil dispersants, Gong et al. (2014b) observed that the Corexit EC9500A 

concentration is linearly correlated to  of solution. Hence, the concentration of the dispersant may 
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be measured by indirectly measuring the combined effect of the dispersant components, i.e., by 

gauging the surface tension of a dispersant solution.  

 

Figure 2-1. Three regions of a typical surface tension vs ln[surfactant] plot (Menger et al. 2009). 

Based on the linear correlation between γ and dispersant concentration (region B), the goal of 

this study was to develop and validate a new analytical method for simple and rapid quantification 

of oil dispersants in seawater. To illustrate the concept, Corexit EC9500A was used as the model 

dispersant and Gulf coast seawater as the prototype solution matrix. The specific objectives were 

to: 1) establish the linear correlation between  and ln [dispersant concentration], 2) assess the 

effects of environmental factors, such as salinity, pH, and dissolved organic matter (DOM) on the 

correlation, and 3) identify the applicable conditions as well as constraints of the method. The new 

method is expected to provide a convenient and economical analytical tool for researchers and 

practitioners in the field of oil spill and marine pollution. 
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2.2. Experimental methods 

2.2.1. Materials 

Seawater sample was collected at the Grand Bay area, AL, USA in the Gulf of Mexico 

(N30.37873, W88.30679). It was stored in sealed containers at 4 °C and filtered through 0.22 µm 

membrane to remove suspended solids before use. Marine sediment was collected from the Ocean 

Springs National Seashore Park, MS, USA (N30.39772, W88.79175). The sediment was classified 

as loamy sand sediment and the organic matter content is 1.6% (sediment analysis was performed 

by the Soil Testing Laboratory at Auburn University, more physicochemical characteristics of 

sediment are shown in Table 2-2. 

Table 2-2. Salient physical and chemical properties of marine sediment used in this work. 

pHa SOMb Cation Exchange 

Capacity 

Meq/100g 

Taxonomyc Sandd Siltd Clayd 

 %  
% % % 

6.4 1.6 6.6 Loamy sand 81.6 15.3 3.1 

Ca K Mg P Al B Zn Mn Na Fe  

pm ppm ppm ppm ppm ppm ppm ppm ppm ppm  

441.9 182.7 314.5 9.1 87.7 3.23 5.2 3.9 4118.4 73.1  

a Sediment pH was measured on a 1:1 sediment:water mixture via the Reference Soil Test Methods 

(UGA 1983). 

b SOM (soil organic matter) was obtained by thermogravimetric method (Davies 1974). 

c Sediment texture was conducted following the hydrometer method (Bouyoucos 1962). 
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d Categorized based on USDA-definition. 

Note: Metal contents were measured per EPA method 3050B. Soil calcium, magnesium, 

potassium, and sodium were first extracted per the Mehlich 1 procedure, filtered through a #1 

qualitative filter paper, and then determined by ICP using a Varian Vista-MPX Radial 

Spectrometer. 

All chemicals used in this study were of analytical or higher grade, and were used as received, 

including humic acid (Fluka Chemie, Switzerland), sodium hydroxide (NaOH, Fisher Scientific, 

Fair Lawn, NJ, USA), and hydrochloric acid (HCl, 36.5-38.0%, Mallinckrodt Chemical, St. Louis, 

MO, USA). Corexit EC9500A was acquired per courtesy of Nalco Company (Naperville, IL, 

USA). A Corexit EC9500A stock solution was prepared at 1 g/L by mixing Corexit EC9500A and 

seawater in a glass flask under magnetic stirring for 1 h, and then the desired working solutions 

(up to 200 mg/L) were obtained by diluting the stock solution with seawater. Serial dilution was 

avoided to reduce cumulative error (Scelfo and Tjeerdema 1991).  

2.2.2. Effects of environmental factors 

Effects of environmental factors on the viability of the surface-tension based method were 

assessed at various solution salinities, pH and DOM concentrations. The pH of the seawater was 

adjusted using HCl (0.5 M) or NaOH (0.5 M) solution from the initial 7.9 to the final value of 6.0, 

7.0 or 9.0. Different DOM concentrations were achieved by diluting a DOM stock solution (550 

mg/L as TOC), which was obtained by dissolving the standard humic acid into seawater. The 

salinity effects were tested using artificially prepared seawater at various salinity levels (0, 1%, 
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2%, and 4% (expressed as wt.% of salt) following the method by Kester et al. (1967). The effects 

of the environmental factors on the surface tension measurement as well as on the  - ln[C] (C is 

the dispersant concentration) correlations were evaluated by measuring the  - ln[C] curves under 

various pH, salinity and DOM levels.  

In marine oil spill studies, mixed sediment-seawater systems are often encountered (Zhao et 

al. 2015). To determine the effects of possible sediment exudates, surface tension was also 

measured using sediment amended seawater. The sediment amended seawater was prepared as 

follows: first, mix seawater with the sediment at a sediment/seawater ratio of 16 g/40 mL on a 

rotator at 50 rpm for 48 h; then separate the solid and liquid by centrifugation (1359 ×g for 5 min) 

and collect the supernatant. The sediment amended seawater (i.e., the supernatant) had a salinity 

of 3.5 wt.%, pH 7.0, a DOM concentration of 1.3 mg/L as TOC.  

2.2.3. Analytical methods 

A Du Noüy Tensiometer (CSC scientific 70535 series, Fairfax, VA, USA) was used to 

determine the surface tension of the dispersant solutions. The Du Noüy ring method (Tuckermann 

2007) has been commonly used to measure the surface tension of solutions. The details on the 

measuring principle and procedure can be found elsewhere (Lunkenheimer and Wantke 1981, 

Noüy 1925). Briefly, a platinum ring, which is linked with a balance arm, is slowly lifted from the 

surface of a liquid, then the force required to break the surface (overcome the surface tension) is 

measured. To this end, each 20 mL of a dispersant solution was added in 60 × 15 mm glass Petri 

dishes. The samples were kept still in the dishes for 30 min to assure the system equilibrium was 
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achieved, i.e., the chemical potential at the interface is equal to that of the bulk solution (Eastoe 

and Dalton 2000). The tensiometer was calibrated on a daily basis, and all measurements were 

performed in duplicate and at 25 ± 1 oC. A Dohrmann Phoenix 8000 TOC Analyzer (Tekmar 

Dohrmann, Cincinnati, OH, USA) was used to analyze DOM and Corexit EC9500A as total 

organic carbon (TOC). 

2.3. Results and discussion 

2.3.1. Analysis of dispersant samples 

Figure 2-2 shows the change of surface tension as a function of ln[dispersant]. The general 

trend was similar to the correlation of surface tension vs dispersant concentration as in Figure 2-1.  

When the dispersant concentration is lower than 0.2 mg/L (or ln C <-1.6) (Region A), the 

dispersant had little effect on surface tension; however, in Region B where the dispersant is >0.2 

mg/L but <CMC (23.5 mg/L), the surface tension decreased sharply and linearly with increasing 

dispersant concentration with a slope (k) of -7.8; the linear correlation remains in region C 

(dispersant >CMC) but with a much lower slope (k = -2.0). 
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Figure 2-2. Correlation of equilibrium surface tension vs. ln[Corexit EC9500A] in seawater. 

Experimental conditions: temperature = 25 ± 1 oC; pH = 7.9; salinity = 3.15 %; DOM = 0.2 mg/L.  

The resulting correlation equations are as follows: 

 γ = −7.8 ∙ ln(C) + 58.8, R2 = 0.995, 𝑝 < 0.001  (0.2 mg/L <C <23.5 mg/L) (Eq. 2-1) 

 γ = −2.0 ∙ ln(C) + 40.4,  R2 = 0.964, 𝑝 = 0.003  (C >23.5 mg/L)   (Eq. 2-2) 

where C is the dispersant concentration (mg/L) and R2 is the coefficient of determination. The low 

p values indicate that changes in the predictor variable (C) are strongly associated with changes in 

the response variable (γ). 

According to the Gibbs equation (Adamson 2001, Li et al. 2013), the change in the surface 

tension with surfactant activity is described by 
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−dγ = RT ∑ Γid(lnai)i                                                                                       (Eq. 2-3) 

where Γi is the surface excess of component i, ai  is the activity of the component in the aqueous 

phase, R is the universal gas constant, and T is temperature (K). 

When the concentration is below the CMC value, the activity can be approximated with the 

concentration for nonionic surfactants (Li et al. 2013). Thus, the Gibbs equation can be written as 

dγ

d(lnCi )
= −RT ∑ Γii                                                                                                      (Eq. 2-4) 

where 𝐶i is the surfactant concentration, dγ/d(ln𝐶i) is the slope of the  -lnCi curves. 

In accord with the Gibb’s equation, Figure 2-2 indicates that there exist three distinct levels of 

surface excess of the dispersant with three different slopes that correspond to the three regions.  

The observation agrees with the reported correlations in various surfactant systems (Lopez-

Cervantes et al. 2013, Reichert and Walker 2013, Simister et al. 1992).  

The observed  - ln[C] curve mimics an S-shaped adsorption isotherm (Gong et al., (2014b). 

In the low concentration range (Region A), the dispersant components prefer to partition into the 

solution phase more than the interface, which can be attributed to the enhanced dissolution effect 

of the mixed surfactants and co-solvents. As a result, a very flat slope was evident. In Region B, 

aggregates of the surfactants are formed (Gong et al. 2014b) and the partition becomes increasingly 

more favorable toward the interface, resulting in the sharp change of d/ln[C]. At dispersant 

concentrations near or above the CMC (Region C), micelles (mainly the neutral surfactants) are 
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formed, and the surfactants prefer to partition into the micelles than accumulate on the interface 

(Li et al. 2013, Menger et al. 2009). Consequently, the slope of the d - ln[C] line is abruptly 

changed. It is also noteworthy that the CMC value (578 mg/L) for the anionic surfactant (DOSS) 

(Yehia 1992a) is much higher than those for the non-ionic surfactants (e.g., 23 mg/L for Tween 85 

and 14 mg/L for Tween 80). Namely, no micelles of the anionic surfactants are likely formed under 

the experimental conditions. Therefore, the much-reduced slope in Region C than in Region B is 

attributed to the formation of micelles of the non-ionic surfactants. 

The findings indicate that despite being a complex mixture of surfactants and solvents, Corexit 

EC9500A behaves like a lumped or combined “surfactant”. While the lumped CMC value reflects 

the collective effect of the surfactants and co-solvents, the mixture CMC for the dispersant was 

nearly the same as that (23 mg/L) of Tween 85, slightly higher than that (14 mg/L) of Tween 80, 

but much lower than that (578 mg/L) of DOSS (Gong et al. 2014b), suggesting that Tween 85 

plays a predominant role in the mixed micelles (Ahn et al. 2010), which can be attributed to its 

much large size, special molecular structure and possibly high fraction in the dispersant. 

  The correlation curve (Eq. 2-1) can be used to conveniently determine the concentration of 

Corexit EC9500A in the concentration range from >0.5 to <23 mg/L by simply measuring the 

surface tension using a simple and low-cost interfacial Tensiometer. The detection limit may be 

lowered if the correlation line in Region A is determined accurately, which may need a more 

sophisticated Tensiometer. When the dispersant concentration is above the CMC, Eq. 2-2 can be 

used, or alternatively, the solution can be diluted to the concentration window that is suitable for 

Eq. 2-1. 
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The  - ln[C] correlation in Region B was highly reproducible; experimental results showed 

that the relative standard deviation was within 3% from 5 replicate measurements. Based on 10 

replicate measurements of blank and Corexit EC9500A samples (Harris 2010), the detection limit 

with Eq. 2-1 was determined at 0.5 mg/L. 

2.3.2. Effects of environmental factors on surface tension analysis 

2.3.2.1. Salinity 

Figure 2-3  shows that the solution salinity can significantly decrease surface tension of the 

dispersant solution. The effect is more significant when the salinity was increased from 0 to 1%. 

This phenomenon can be interpreted by the increased surfactant adsorption onto the air/water 

interface with the increase of electrolyte concentration (Xu et al. 2013), known as the “salting out” 

effect (Prosser and Franses 2001). Similar findings were also reported by Persson et al. (2003), 

who studied the correlation between surface tension-concentration of surfactant sodium dodecyl 

sulfate (SDS) at various NaCl concentrations. Therefore, proper standard curves will need to be 

developed to assure the consistent salinity between samples and the standards. It is noteworthy 

that despite the different levels of surface tension at different salinities, the correlation lines appear 

parallel to each other, i.e., they have nearly the same slope. Therefore, the same standard curve 

may be scaled for measuring  at various salinities by correcting the difference in the intercept. 
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Figure 2-3. Equilibrium surface tension vs. ln [Corexit EC9500A] at various levels of salinities. 

Experimental conditions: Corexit EC9500A concentration = 2 to 20 mg/L in seawater; temperature 

= 25 ± 1 oC. Data were plotted as mean of duplicates, and error bars indicate standard error range.  

2.3.2.2. Effects of pH 

Figure 2-4 shows that the  - ln[C] correlation remained statistically unchanged (p >0.05) when 

the solution pH was raised from 7.9 to 9.0; however, the surface tension dropped significantly as 

the pH was lowered from 7.9 to 6.0. 
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Figure 2-4. Equilibrium surface tension vs. ln[Corexit EC9500A] at pH 6.0, 7.0, 7.9 and 9.0. 

Experimental conditions: Corexit EC9500A concentration = 2 to 20 mg/L in seawater; temperature 

= 25 ± 1 oC; salinity = 3.15 %; DOM = 0.2 mg/L. 

The anionic surfactant, i.e., DOSS, of Corexit EC9500A undergoes increasing protonation as 

pH decreases (Underberg and Lingeman 1983). While fully deprotonated DOSS is rather 

hydrophilic (Yates and von Wandruszka 1999), the protonation at lower pH renders the 

hydrophilic heads of DOSS less polar. As a result, more surfactant molecules migrate to the surface, 

resulting in decreased surface tension at lower pH. Figure 2-4 also indicates that the pH effect is 

more profound at lower dispersant concentrations. 

2.3.2.3. Effects of DOM 

Figure 2-5 shows that the presence of DOM at 5 mg/L (as TOC) significantly decreased the 

surface tension, and the effect was more evident at lower dispersant concentrations (<2 mg/L). 
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Figure 2-5. Equilibrium surface tension vs. ln[Corexit EC9500A] at various DOM levels 

(measured as TOC). Experimental conditions: Corexit EC9500A concentration = 2 to 20 mg/L in 

seawater; temperature = 25 ± 1 oC; pH = 7.9 ± 0.5; salinity = 3.15 %.  

Due to the amphiphilic characteristics of some components in DOM, such as humic acid, DOM 

can affect both the surfactant activity and the surface excess (Yates and von Wandruszka 1999). 

The Szyskowski equation (Aumann et al. 2010, von Szyszkowski 1908) is often used to describe 

the effects of organic compounds, such as carboxylic acids, alcohols and esters, on the surface 

tension of aqueous solutions. 

γ = γ0 − Γmax RTln (1 +
c

β
)                                                                      (Eq. 2-5) 

where γ and γ0 are surface tension for solution and pure water, respectively, Γmax is the maximum 

surface excess, c is the solute (DOM) concentration, and β is the inverse Langmuir adsorption 

coefficient. This equation predicts that increasing DOM decreases surface tension of a solution. 
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Lee and Hildemann (2013) measured the surface tension of humic acid solutions at 20 oC, and 

obtained the Γmax and β values by fitting the experimental surface tension data over a range of 

solute concentrations, where Γmax = 2.93 ± 0.35×10-6 mol/m2, β = 966 ± 267×10-3 g/kg. At low 

DOM concentrations, DOM affects the surface tension mainly by altering the surface excess of 

surfactants, while at elevated DOM concentrations, DOM may reduce both surface excess and the 

activity of surfactants, resulting in a lower γ.  

2.3.2.4. Effects of soluble components from marine sediment 

In sediment-water systems, it has been challenging to measure dispersant concentration due to 

interference from the soluble components from the sediment. Figure 2-6 shows effects of sediment 

extracts on the surface tension. Compared with the seawater, the salinity of sediment amended 

seawater increased from 3.15 to 3.50 %, DOM increased from 0.2 mg/L to 1.3 mg/L, but pH 

decreased from 7.9 to about 7.0. It is evident from Figure 2-6 that the effect of the sediment 

extracts on the surface tension measurement was statistically insignificant (p >0.05) despite the 

variations of the water chemistry conditions.  
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Figure 2-6. Equilibrium surface tension vs. ln[Corexit EC9500A] in seawater and sediment 

extracts. Experimental conditions: Corexit EC9500A concentration = 2 to 20 mg/L; temperature = 

25 ± 1 oC; pH = 7.9 ± 0.5; salinity = 3.15 %. 

Taken together the results, the surface tension measurements will not be affected when the 

changes in salinity, DOM and pH are within the following limits: salinity change <0.3 %, DOM  

<1.3 mg/L as TOC, and 7.0 pH 9.0. Separate  - ln[C]correlation equations will need to be 

established or corrected when changes in the water quality parameters exceed these criteria. 

2.3.3. Accuracy of the method 

To confirm the accuracy of this surface tension based method, the same Corexit EC9500A 

solutions at the dispersant concentrations of 1, 5, 10, 15, and 20 mg/L were analyzed by this 

method and by direct TOC analysis. Table 2-3 gives the resulting dispersant concentration 

obtained independently with the two methods. The results show that the differences in the mean 

concentrations obtained by the two methods are statistically insignificant (p <0.05) except for the 
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case of 1 mg/L, and in all cases, the measurement errors were within 3.5% from the true values. 

Between the two methods, the relative standard deviation of the surface tension based method 

ranged from 2% to 5%, compared to from 4% to 53% for the TOC-based method, indicating that 

the new the method is of higher precision. At 1 mg/L, the TOC method is not accurate, while the 

surface tension method remained robust. The fluctuation of the results measured by the TOC 

method can be attributed to: 1) accumulation of the dispersant components at the water-air 

interface, which affects the consistency in sampling of the water for TOC analysis but not for the 

surface tension measurement, 2) adsorption of the surfactants on the sampling devices and TOC 

analyzer, and 3) incomplete catalytic conversion of the organic carbon by the UV/persulfate based 

TOC analyzer. Indeed, we observed long and gradual tails of the TOC evolution curve, suggesting 

that some the components in Corexit EC9500A are persistent to the UV-persulfate oxidation. 

Table 2-3. Comparison of Corexit EC9500A concentrations in seawater measured by TOC 

analysis and by the surface tension based method. Number of replicate measurements = 5. 

Corexit EC9500A 

concentration (mg/L) 
1 

 
5 10 15 20 

Measured by surface tension 

(mg/L) 
0.98±0.05 

 
5.16±0.14 9.65±0.15 15.40±0.24 20.06±0.39 

Relative standard deviation 

(%) 
5 

 
3 2 2 2 

Measured by TOC (mg/L) 0.81±0.43  5.42±0.55 9.14±0.92 15.09±0.55 20.51±2.12 

Relative standard deviation 

(%) 
53 

 
10 10 4 10 
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2.4. Conclusions 

Oil dispersants are a mixture of numerous known and unknown surfactants and solvents. 

Although highly desired, it has been challenging to quantify dispersant concentration in seawater 

and under various water chemistry and environmental conditions. This work proposed and tested 

a new method to determine the Corexit EC9500A concentration in seawater by measuring the 

surface tension of the dispersant solutions and by utilizing the linear correlation between surface 

tension and ln[dispersant concentration]. Compared to conventional methods, which often target a 

fraction of the dispersant components, this method is not only simple, fast, economical and viable, 

but also measures the collective effect of the dispersant as a whole. The most suitable dispersant 

concentration range is 0.5 to 23.5 mg/L. However, dispersant of lower or higher concentrations 

than the optimum window may be accommodated by use of separate standard  - ln[C] lines and/or 

through proper concentration or dilution of the samples. Small changes in solution salinity 

(<0.3%), pH (7.0−9.0), and DOM (<1.5 mg/L as TOC) had negligible effects on the surface tension 

measurements, and thus, the correlation equations. While the method is most sensitive to salinity 

changes, the correlation lines appear parallel to each other at various salinity levels, and so, the 

correlation equation at one salinity level can be scaled to others by correcting the Y-axis intercept. 

In case of radical changes in water chemistry and environmental conditions, separate correlation 

curves can be readily constructed in accordance with the target sample conditions. Effects of 

extracts from typical marine sediments were negligible, thus, the method may be directly applied 

to seawater-sediment systems. The method accuracy was confirmed by comparing with the TOC 

analysis. Although the method was demonstrated using Corexit EC9500A as the prototype oil 
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dispersant, the method may be extended to other oil dispersants and surfactants. Given the ongoing 

active research activities in the field, this new analytical method provides a convenient and useful 

alternative means for researchers and practitioners for quantitative analysis of complex oil 

dispersants and surfactants in aquatic systems. 
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Chapter 3. Effects of Oil Dispersants on Settling of Marine Sediment Particles and  

Particle-Associated Transport of Oil Components  

 

This chapter investigates the effects and mechanisms of oil dispersants on the settling of fine 

marine sediment particles. Moreover, the effects of dispersant-facilitated particle sedimentation on 

the transport of important oil components in the water column are evaluated. 

3.1. Introduction 

Oil dispersants are a mixture of surfactants and hydrocarbon-based solvents. Dispersants have 

been widely used to disintegrate spilled oil slicks into fine droplets, thereby facilitating dispersion 

of oil into water column and accelerating the natural attenuation processes (Griffiths 2012, Lessard 

and Demarco 2000). Oil dispersants have been employed in several major oil spill accidents, and 

over years, this approach has evolved into a major countermeasure to mitigate the adverse effects 

of oil spills (Griffiths 2012, Lessard and Demarco 2000). For examples, approximately 12 tons of 

Corexit EC9500A was applied in the Sea Empress spill in the UK in 1996 (Lessard and Demarco 

2000); and approximately 11.5 tons of Corexit EC9527A was sprayed in the pipeline spill offshore 

in Texas in 1998 (Lessard and Demarco 2000). The single-largest application was carried out 

during the Deepwater Horizon (DwH) oil spill, where approximately 7800 tons of Corexit 
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EC9500A and EC9527A were applied on the surface (~5000 tons) and deepwater (~2800 tons) 

(Gong et al. 2014a, Kujawinski et al. 2011).  

Researchers have studied the adsorption of surfactants on minerals (Fuerstenau 2002), but 

very few have addressed effects of oil dispersants on the settling behaviors of suspended 

particulate matter (SPM) or fine sediment particles in marine systems. Adsorption of dispersant 

components, e.g. surfactants, on the sediment particles may alter the surface potential of the 

particles. This can destabilize and coagulate the particles via inducing their aggregation, which can 

also enhance particle settling (Paria and Khilar 2004).  

Application of oil dispersant results in elevated concentrations of oil droplets in the water 

column, for example, the volatile aromatic hydrocarbons in an oil plume during the DwH oil spill 

reached 139 µg/L (Hazen et al. 2010). The high oil droplet concentration is favorable for the 

formation oil sediment aggregates (OSAs) (Gong et al. 2014a), which can not only alter the settling 

behavior, but also facilitate distribution and transport of important oil compounds that are 

associated with the aggregates. Guyomarch et al. (1999) found that the presence of the chemical 

dispersant, Inipol IP90, enhanced the formation of OSAs, and approximately 80% of oil was 

entrained in the OSAs, which subsequently settled down to the bottom of the tank during wave 

tank experiments. Recent work also showed that the presence of Corexit EC9500A promotes the 

formation of marine oil snow (MOS) and sorption of oil components onto MOS (Fu et al. 2014b).  

The DwH oil spill gushed approximately 655,000 tons of crude oil into the Gulf of Mexico 

ecosystems (Allan et al. 2012), of which  25500 tons of polycyclic aromatic hydrocarbons (PAHs) 

were released (Reddy et al. 2012). During the spill, the concentration of PAHs near the wellhead 
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reached as high as 0.189 mg/L (Allan et al. 2012, Diercks et al. 2010). As PAHs can strongly 

interact with suspended sediment particles, a large portion of PAHs can be adsorbed on, or 

incorporated in the OSAs. Consequently, the formation of OSAs and subsequent particle 

settling/transport in the marine environment can alter the distribution, transport and environmental 

fate of PAHs and other important oil components (Bouloubassi et al. 2006, Zuijdgeest and Huettel 

2012). For instance, adsorption of PAHs onto sediment particles may mitigate the peak 

concentration of PAHs in the water column by transferring significant amounts of PAHs into the 

sediment phase; on the other hand, the particle-facilitated transport process can facilitate transport 

of PAHs to the sea bottom, surface or nearshore areas. In addition, as PAHs persist much longer 

in the sediment phase than at the sea surface (Harayama et al. 1999), sediment adsorption may 

prolong the life time of PAHs in the ecosystems. While a wealth of information on the adsorption 

of oil components onto sediments has been reported (Guo et al. 2007, Tremblay et al. 2005, Zhao 

et al. 2015), little is known about effects of dispersants or dispersed oil on the transport of fine 

sediment particles and how such particle-facilitated oil transport affects the fluxes and fate of oil 

components (Allan et al. 2012). As oil spills often occur in, or can reach, nearshore and estuarine 

zones, where the concentration of suspended sediment particles is usually high (NRC 2005), the 

oil-particle interactions may play even more profound roles in these more ecologically sensitive 

areas. 

Environmental conditions, such as pH, salinity, temperature, and DOM are known to affect 

settling of suspended particles. Kretzschmar et al. (1998) investigated the influence of pH and 

humic acid on the coagulation of kaolinite by the dynamic light scattering technique, and observed 
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that at pH <5.8 the interparticle attractive forces predominate in suspension systems, resulting in 

a destabilization of the particles. Humic acid was reported to render a suspension system more 

stable due to the combination of electrostatic and steric stabilization effects (Heil and Sposito 

1993a, b, Kretzschmar et al. 1993). However, knowledge has been lacking on the effects of such 

environmental parameters in the presence of oil dispersants, especially, how oil dispersants affect 

the settling properties of suspended particles under various environmental conditions. 

The overall goal of this study was to systematically investigate effects of three model oil 

dispersants (Corexit EC9527A, Corexit EC9500A, and SPC1000) on the settling behaviors of 

sediment particles and how such dispersant-particle interactions affect distribution and transport 

of key oil components. The specific objectives were to: 1) determine the settling kinetics of 

representative sediment particles in the presence of the model dispersants; 2) elucidate the 

mechanisms underlying the particle-dispersant interactions; 3) test the dispersant effects under 

various environmental conditions, such as pH, salinity, DOM, and temperature; and 4) explore 

how dispersant-facilitated particle sedimentation affects distribution and transport of important oil 

components in sediment-water systems. 

3.2. Materials and methods 

3.2.1. Materials 

The following chemicals (analytical grade or higher) were used as received: humic acid (Fluka 

Chemie, Switzerland), sodium hydroxide (NaOH) and NaN3 (Fisher Scientific, Fair lawn, NJ, 

USA), hydrochloric acid (HCl, 36.5−38.0%, Mallinckrodt Chemical, St. Louis, MO, USA), 
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phenanthrene and pyrene (98%, Alfa Aesar). The dispersants Corexit EC9500A and Corexit 

EC9527A were obtained per courtesy of Nalco Company (Naperville, IL, USA), and SPC1000 

was purchased from US Polychemical Corporate (Chestnut Ridge, NY, USA). The key 

compositions of the Corexit dispersants, such as Tween 85, Tween 80, Dioctyl sulfosuccinate 

sodium salt (DOSS) and 2-butoxyethanol, were purchased from VWR Corporate (Radnor, PA, 

USA). A standard reagent of 16 EPA listed PAHs, and a standard of n-alkanes mixtures (C9-C40), 

Pristane and Phytane, and two internal standards (fluorine-d10 for PAHs and 5 α-androstne for n-

alkanes) were purchased from Supelco (Bellefonte, PA, USA). 

A surrogate Louisiana Sweet Crude (LSC) oil was acquired by courtesy of BP (Houston, TX, 

USA). This oil is considered physically, chemically, and toxicologically similar to the Macondo 

Well crude oil in the Mississippi Canyon Block 252. Artificially weathered oil was prepared 

according to the evaporation method by Sorial et al. (2004). Briefly, air was bubbled from the 

bottom of a graduated cylinder filled with 1.0 L of crude oil at a constant flow rate of ~2 L/min. 

The volume and weight of crude oil remaining in the cylinder were recorded as a function of time. 

After 10 days of the weathering process, the oil mass diminished from 807 to 608.5 g (by 24.6 

wt.%), and the density of the oil increased from 0.807 to 0.834 g/cm3. 

Water accommodated oil (WAO) and dispersed WAO (DWAO) were prepared according to 

the established methods (Singer et al. 2000). In brief, 3,000 mL glass aspirator bottles with hose 

bibs at the base fitted with silicone tubing and hose clamps were filled with 2,000 mL seawater. 

One mL of the weathered oil was added into the seawater surface, then sealed and magnetically 

stirred for 18 hours. The stirring intensity was controlled to yield a 25% vortex. The mixture was 
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then gravity-settled for 6 hours, and then the WAO fraction was carefully collected through the 

bottom bib and stored in amber bottles without headspace. DWAO was prepared in a similar 

manner except a dispersant was added in the seawater at a dispersant-to-oil ratio (DOR) of 1:20 

after the 25% vortex was established. 

Seawater was collected from the Grand Bay area, AL (N30.37873, W88.30679). The seawater 

sample was filtered with 0.22 µm pore size membrane and preserved at 4 oC with NaN3 of 200 

mg/L to inhibit microbial activities. The salient features of the seawater were as follows: pH = 7.9, 

DOM = 0.77 mg/L (as total organic carbon (TOC)), and salinity = 3.15 wt.%. The PAHs in the 

seawater were not detected. Three model sediments, referred to as GB, OS and EIWR were 

collected, respectively, from the Grand Bay, AL (N30.37873, W88.30679), the Ocean Springs 

National Seashore Park, MS (N30.39772, W88.79175), and the Elmer’s Island Wildlife Refuge 

(EIWR), LA (N29.17764, W90.07401). The sediment samples were collected at the depth of 0-60 

cm, thoroughly mixed and wet-sieved through 2 mm openings to remove the plant debris and large 

objects, and then air-dried for 1 week. The dried aggregates were then crushed using ceramic 

mortar and pestle, and sieved through 0.84 mm openings, and the subsamples (i.e. particles of 

0.84 mm) were oven-dried for 6 h at 80 °C, which also inactivated the sediment microorganisms. 

The salient physical and chemical properties of the sediments were tested by the Soil Testing 

Laboratory at Auburn University, the details on the analytical methods have been described 

elsewhere (Gong et al. 2012).  

Table 3-1 gives the physicochemical characteristics of the sediment samples. 
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Table 3-1. Physicochemical characteristics of the sediment samples.  

Sample 

name 

 

pH SOM CEC Taxonomy Sand Silt Clay 

 % Meq/100g   % % % 

GB 6.0 3.1 19.6 Sandy Loam 56.5 33.5 10.0 

OS 6.4 1.6 6.6 Loamy Sand 81.6 15.3 3.2 

EIWR 7.9 0.8 8.9 Sand 87.2 11.5 1.3 

Sample 

name 

 

Ca K Mg Na Al Zn Fe Mn B P 

mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg 

GB 767.6 646.6 1209.3 16701.5 204.0 17.2 191.7 18.6 9.2 15.7 

OS 441.9 182.7 314.5 4118.4 87.7 5.2 73.1 3.9 3.23 9.1 

EIWR 1140.6 247.5 309.2 3894.0 54.0 3.4 232.0 34.0 2.9 61.5 

Note: SOM = organic matter, CEC = cation exchange capacity.  

3.2.2. Effects of dispersants on sediment settling 

The settling rate of the sediment particles was tested in 480-mL amber bottles with PTFE 

lined caps. First, each bottle was filled with 300 mL seawater, and then a known mass (1.2 to 4.2 

g, depending on the sediment type) of a sediment was added into the seawater (the sediment mass 

was adjusted to achieve an equal initial turbidity of 180 ± 24 NTU for the suspensions). The 

sediment-seawater suspensions were then thoroughly mixed by hand shaking. Upon addition of a 

known concentration (up to 20 mg/L) of a dispersant, the bottles were placed on an orbital shaker 

(Excella E5 Platform Shaker, New Brunswick scientific, NJ, USA) operated at 200 rpm for 12 
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hours, and then at 50 rpm for 10 minutes to allow complete contacts between the dispersant 

molecules and sediment particles. The fully mixed suspensions were then allowed to stand still to 

initiate quiescent gravity settling of the particles. At predetermined times, samples (4 mL each) 

were taken from the center (6 cm from the surface) of the suspensions, and then measured for the 

turbidity change over time. It should be noted that it took about 15 seconds to obtain a stable 

turbidity reading. In addition to the three dispersants, the effects of key individual dispersant 

components, including three surfactants (Tween 80, Tween 85, DOSS) and one solvent (2-

butoxyethanol) were also tested to assess their individual effects on the settling performance. In 

all cases, control tests were carried out without dispersant but under otherwise identical conditions. 

To assure data quality, all experiments were conducted in duplicate. In all figures, data were plotted 

as mean of duplicates and error bars were calculated as standard deviation to indicate data 

reproducibility. 

Gordon (1970) showed that the suspended particles are numerically most abundant at the size 

(diameter) of <7 µm in the ocean. For the sediment particles involved, it takes ~40 min for the 7-

µm particles to settle from surface to below the sampling point (~6 cm) (See Section 3.2.3). 

Therefore, the 40-min sedimentation efficiency (R40) was used to compare settling rates of particles 

under various conditions. 

 

  

𝑅40 =
Turbidity at 40 min (T40)

Initial Turbidity (T0)
      

(Eq. 3-1) 
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3.2.3. Particle size distribution and settling velocity distribution curve of suspended sediment 

Assuming the density of all suspended particles is uniform and does not change, the particle 

size was calculated according to Stokes’ law: 

      V =
2 (ρp−ρf)

9 μ
gR2    (Eq. 3-1) 

where V is the settling velocity of sediment particle (m/s), g is the gravitational acceleration (9.8 

m/s2), ρp is the density of the particles (2380 kg/m3), ρf is the density of the seawater (1024 kg/m3), 

and μ is the dynamic viscosity (9.594 × 10-4 kg/m·s). R is the radius of the sediment particle (m). 

From the calculation, the particles with diameter larger than 82 μm will settle from the surface 

layer to below the sampling point (depth of 6 cm) within 15 seconds.  

3.2.4. Effects of environmental factors, WAO and DWAO on settling of sediment particles 

The effect of pH was evaluated by comparing the particle settling rates in the pH range of 4 

to 9.2, where pH was adjusted using dilute (0.5 M) NaOH or HCl solutions. The effect of salinity 

was tested by using synthetic solutions containing 0 to 3.5 wt.% NaCl (in this case deionized water 

was used). To test the effect of DOM, a commercial humic acid was added to the seawater to 

achieve a DOM concentration of 10 mg/L as TOC. The effect of temperature was tested at 4 °C 

simulating the deepwater temperature and 25 °C for surface water temperature (Liu et al., 2012). 

All the experiments were carried out in the presence or absence of a dispersant (Corexit EC9527A). 

To assess effects of WAO and DWAO on sediment settling, the batch settling experiments were 

also conducted using 300 mL of the WAO or DWAO solution. 
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3.2.5. Effects of dispersant on sorption and transport of oil and PAHs 

Adsorption kinetic tests of two model PAHs (phenanthrene and pyrene) by sediment was 

carried out to evaluate the adsorption rate and sediment-facilitated transport of oil compounds. The 

tests were carried out using 480-mL amber glass bottles capped with Teflon-lined septa. First, 3.6 

g of sediment (OS) were mixed with 300 mL seawater in each bottle, and then an aliquot of the 

Corexit EC9527A solution was added to reach a dispersant concentration of 10 mg/L. Then, the 

sorption was initiated by adding an aliquot of the PAH stock solutions into the sediment-seawater 

suspensions, which resulted in an initial phenanthrene concentration of 600 µg/L or pyrene 

concentration of 40 µg/L. The bottles were mixed on an orbital shaker operated at 200 rpm. At 

predetermine times, samples (3 mL each) were withdrawn from the bottles and centrifuged at 3000 

rpm (1359 ×g) for 5 minutes to separate the solids from the solution. The supernatant was then 

mixed with methanol (v/v = 1:1), and the mixture was filtered through a 0.2 µm Anopore syringe 

filter (Whatman® Anotop 10, Germany). The filtrate was analyzed for the PAHs. The addition of 

methanol prevents PAHs sorption on the filter. For comparison, the same tests were also carried 

out without dispersant. 

The effects of oil dispersants on the sediment-facilitated transport of crude oil and PAHs from 

water column to bottom sediment were tested through the same batch settling test procedure. 

Briefly, 60 µL of the oil sample was added to 300 mL sediment-seawater mixture in 480 mL-

amber glass bottles. Then, an aliquot of the Corexit EC9527A stock solution was added to achieve 

a dispersant concentration of 10 mg/L, or a dispersant-to-oil ratio (DOR) of 1:20. Then the bottles 

were mixed on an orbital shaker for 12 hours and settled for 8 hours. The remaining surface oil, 
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settled sediment, and the water column were separated as follows: first ~90% water was pipette-

sampled from the water column; then, the mixture was frozen, which allowed the surface oil phase 

to be collected with dichloromethane; the remaining sediment phase was then obtained upon 

thawing the mixture. The water column and sediment samples were extracted three times using 

dichloromethane (Zhang et al. 2010), and the total petroleum hydrocarbons (TPHs), PAHs and n-

alkanes in the extracts were determined using gas chromatography-flame ionization detector (GC-

FID) or  gas chromatography-mass spectrometry (GC-MS) (Section 3.2.6). Control tests indicated 

that the liquid-liquid extraction recovered >95% of the oil compounds in water, and >90% in the 

sediment phase.  

3.2.6. Analytical methods 

The turbidity of the sediment suspensions was measured using a HACH 2100N Turbidimeter 

(Hach Company, Colorado, USA), with a detection limit of 0.5 NTU. The hydrodynamic diameter 

and zeta potential of suspended particles were determined by dynamic light scattering (DLS) 

(Zetasizer Nano ZS, Malvern Instruments Ltd, Malvern, Southborough, MA, USA) at 25 ℃. TOC 

was measured by a Tekmar Dohrmann Pheonix 8000 UV-Persulfate TOC analyzer (Mason, OH, 

USA) with a detection limit of 0.2 mg/L. TPHs were analyzed on an Agilent 6890 GC-FID (Agilent 

Technologies Inc., Santa Clara, CA, USA) with an Agilent 7683 autosampler and a 30 m×0.25 

mm i.d. (0.25 μm film) HP-5MS capillary column. Helium was used as the carrier gas. The injector 

and detector temperatures were 290 and 300 °C, respectively. The oven temperature was 

programmed as follows: hold at 50 °C for 3 min; ramp to 300 °C at 6 °C/min and hold for 16 min. 

Each 1.0 μL sample was injected in the splitless mode with 1 min purge off. Oil n-alkanes (C9-
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C40) and 16 EPA listed PAHs were analyzed following a modified GC-MS method (Fu et al. 

2014b, Liu et al. 2012b) using an Agilent 7890A GC coupled with the 5975C Series MS, with a 

DB-EUPAH column (30 m×0.18 mm×0.14 mm). Helium was used as the carrier gas at a flow rate 

of 0.9 mL/min. Each 2.0 μL sample was injected with 3 min solvent delay. The oven temperature 

was programmed as follows: 2 min hold at 40 ºC; ramp to 300 ºC at 8 ºC/min; and hold for 10 min. 

The detection was conducted by a mass selective detector (MSD) with electron impact ionization 

(EI) in the selected ion monitoring (SIM) mode. Individual n-alkanes and PAHs were identified 

based on the mass to charge ratio (m/z) and retention times. External calibration was performed 

based on a five-point calibration curve for individual components. 

Phenanthrene and pyrene in seawater were quantified using an HPLC system (HP series 1100, 

Hewlett Packard, CA, USA) with a Zorbax SB-C18 column. The mobile phase consisted of a 

mixture of acetonitrile and DI-water (70:30 v/v) with 0.5 wt.% phosphoric acid, the flow rate was 

set at 1 mL/min, and the sample injection volume was 80 μL. The UV detector wavelength was 

250 nm for phenanthrene and 240 nm for pyrene, and the method afforded a detection limit of 2 

µg/L for both PAHs. 
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3.3. Results and discussion 

3.3.1. Effect of dispersants on sediment settling 

Figure 3-1 presents the settling kinetics of the three sediments in the presence of the three 

model dispersants. Figure 3-1a and b show that all three dispersants accelerated the settling rates 

of GB and OS sediments significantly (p <0.05). For GB, the effects for the three dispersants were 

nearly equal, where the R40 increased from 77.4% to ca. 88.3% in the presence of dispersants 

(Figure 3-1a). However, the effects of dispersants on OS varied slightly, although the steady state 

turbidity levels were about the same (Figure 3-1b). The presence of Corexit EC9500A, Corexit 

EC9527A and SPC 1000 increased the R40 from 66.2% (as control) to 83.3%, 88.5%, and 84.7%, 

respectively. Corexit EC9527A appeared to be most effective on enhancing the settling velocity 

of the particles, followed by Corexit EC9500A (a sister product). However, Figure 3-1c shows 

that the effect of Corexit EC9500A was more profound than Corexit EC9527A and SPC1000 on 

enhancing the settling rate of EIWR sediment particles. Among the three sediments, the EIWR 

sediment displayed the fastest settling rate than the other sediments in the absence of dispersant 

(the R40 values are 77.4%, 66.2%, 81.6% for GB, OS, EIWR sediments, respectively). 
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Figure 3-1. Effects of three commercial oil dispersants on the settling kinetics of three marine 

sediments: GB at 4 g/L (a), OS at 12 g/L (b), and EIWR at 14 g/L (c). Experimental conditions: 

initial turbidity = 180 ± 24 NTU in all cases, Corexit EC9527A = 5 mg/L, pH = 7.0 ± 0.5, 

temperature = 25 ± 1 °C. 

Table 3-1 shows that GB is classified as sandy loam, OS as loamy sand, EIWR as sand. The 

SOM, silt and clay contents in sediments follow the sequence of: GB >OS >EIWR, which agree 
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with the notion that the initial turbidity of sediments is primarily due to suspended silt and clay 

particles. 

Surfactants (the major dispersant components) can be adsorbed on sediment particles through 

hydrophobic interactions between the surfactant tail and SOM or through electrostatic interactions 

between the surfactant heads and the mineral functional groups of sediments. The adsorption is 

more favored with smaller particles or larger surface area and/or higher sediment SOM content 

(Jones-Hughes and Turner 2005). Based on particle size, GB and OS are expected to take up more 

dispersants than EIWR; on the other hand, based on the SOM content and the actual sediment 

dosage in the mixtures, the total SOM in the OS system was the highest (0.192 g/L), followed by 

GB (0.124 g/L) and then EIWR (0.112 g/L). The fact that the dispersants showed the most effect 

on the settling of OS and least on EIWR indicates that SOM content is the most critical parameter 

governing the dispersant effect.  

The settling velocity distribution of suspended sediment at various dispersant concentrations 

was calculated based on the sampling depth (6 cm) and settling time, and the corresponding size 

distribution of suspended sediment particles was calculated according to Stokes’ law (Eq. 3-2), 

and is shown in Figure 3-2. The results indicate that the addition of the dispersant enhanced 

aggregation of the fine particles, e.g. the percentage of particles with r <2.9 µm decreased from 

22.6% to 12.4% for GB sediment, 33.8% to 11.5% for OS sediment, 18.4% to 15.9% for EIWR 

sediment in the presence of Corexit EC9527A at 5 mg/L. 
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Figure 3-2. Effects of three commercial oil dispersants on the particle size distribution of three 

marine sediments: GB at 4 g/L (a), OS at 12 g/L (b), and EIWR at 14 g/L (c). Mo is the total mass 

of all particles, and Mi refers to the mass of particles with radius less than the corresponding x-axis 

value.  

As the most salient dispersant effects were observed for the OS sediment with Corexit 

EC9527A, more detailed investigation was carried out with OS and Corexit EC9527A 
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subsequently to further explore the mechanisms on the dispersant-accelerated settling of suspended 

sediment particles. 

Figure 3-3 shows effects of various levels of Corexit EC9527A on the settling of the sediment 

particles. The presence of 2 and 5 mg/L of the dispersant increased R40 from 66.2% to 72.1% and 

82.8%, respectively. However, further increasing the dispersant concentration to 20 mg/L showed 

insignificant additional effect. The observation indicates that the 10 mg/L dispersant concentration 

represents a saturation level showing the maximum effect. Figure 3-3b shows that increasing the 

dispersant concentration from 0 to 20 mg/L modestly suppressed the zeta potential of the particles 

from -15.5 to -13.5 mV (p <0.05), indicating that the decrease in the surface potential, and thus, 

decreased in the electrostatic stability, played a minor but significant role (Hunter 2013). Figure 

3-4 shows the size and settling velocity distributions of suspended particles as a function of the 

dispersant concentration, and the data indicate that increasing the dispersant concentration up to 

10 mg/L progressively enhanced aggregation of the fine particles, e.g., in the presence of 2 and 10 

mg/L of Corexit EC9527A, the percentage of particles with r <2.9 µm decreased from 33.8% to 

27.9% and 13.0%, and that for particles with v <0.00005 m/s decreased from 47.5% to 37.1% and 

20.0%, respectively.  
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Figure 3-3. Settling kinetics of OS sediment particles in the presence of various concentrations of 

Corexit EC9527A (a), and zeta potential of the sediment suspension (b). Experimental conditions: 

OS sediment = 12 g/L, seawater volume = 300 mL, pH = 7.3 ± 0.3.  

 

  

Figure 3-4. Particle size distribution (a) and settling velocity distribution curve (b) of suspended 

sediment particles (OS) in the presence of dispersant Corexit EC9527A at 0‒20 mg/L. Mo is the 
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total mass of all particles, and Mi refers to the mass of particles with radius or settling velocity less 

than the corresponding x-axis value.  

Corexit EC9527A is a mixture of both anionic (35%) and nonionic (48%) surfactants in solvent 

(Bruheim et al. 1999). It contains the same surfactants as Corexit EC9500A, and a solvent 2-

butoxyethanol, which is not an ingredient in Corexit EC9500A (Gong et al. 2014b, Zhao et al. 

2015). Figure 3-5a shows the individual effects of the three key surfactants (Tween 80, Tween 

85, and DOSS) of the Corexit dispersants and the solvent (2-butoxyethanol) on the settling 

performance of the sediment particles. The nonionic surfactants, i.e. Tween 85 and Tween 80, 

displayed the most prominent enhancement of the settleability, while the anionic surfactant DOSS 

had negligible effect. Between the two nonionic surfactants, Tween 85 has three hydrophobic tails 

(three C18 tails) per molecule, while Tween 80 has only one hydrophobic tail per molecule with 

the same chain length (C18) (Cirin et al. 2012, Mahdi et al. 2011). Consequently, Tween 85 offers 

higher affinity for SOM, and thus, was found more effective in enhancing the particle aggregation. 

2-butoxyethanol was also able to accelerate the settling velocity, though to a lesser extent than the 

non-ionic surfactants, which partially explains the greater effect of EC9527A over EC9500A. 

Figure 3-5b shows that the presence of the two nonionic surfactants suppressed the zeta potential 

by ~5 mV, while DOSS exhibited a negligible effect.  
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Figure 3-5. Settling kinetics of OS sediment in the presence of individual key dispersant 

components (a), and effects of individual dispersant components on zeta potential of sediment 

suspension (b). Experimental conditions: sediment dosage = 15 g/L, dispersant components = 10 

mg/L, pH = 7.3 ± 0.2. 

Both Tween 80 and Tween 85 contain hydrophilic ethylene glycol heads and hydrophobic 

alkyl tails. These amphiphilic molecules can bind with sediment minerals and SOM through 

electrostatic and hydrophobic interactions (Joshi et al. 2008, Shen et al. 2011, Zhou et al. 2011), 

and can act as a bridging agent to facilitate flocculation of fine particles. In addition, the adsorbed 

nonionic surfactant layer on charged particles may shield the surface electrical potential and thus 

diminish the electrostatic repulsion between the particles, both being conducive to particle 

aggregation. Rufier et al. (2011) studied the effect of surfactants on hydrophobically end-capped 

poly(ethylene oxide) self-assembled aggregates by using small-angle neutron scattering (SANS), 

and found that the addition of a nonionic surfactant increased the aggregation. 2-butoxyethanol 

(CH3(CH2)3O(CH2)2OH) behaves as an alcohol that lowers the surface tension and reduces the 
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surface charge of particles (Kline and Kaler 1994). It was reported that increasing 2-butoxyethanol 

concentration could convert the strong interparticle repulsive force to hard sphere attractive force 

(Kline and Kaler 1994). The observation indicates that the enhanced settling by the Corexit 

dispersants is primarily attributed to the effects of the nonionic surfactants along with the solvent, 

whereas the anionic surfactant DOSS tends to maintain the same surface potential due to its 

negative heads. 

 

Figure 3-6. Average hydrodynamic particle size of suspended particles in the presence of various 

key dispersant components. Dispersant components concentration was 10 mg/L. Experimental 

condition: pH = 7.3 ± 0.3. 

To test effects of the dispersant components on aggregation of the finer sediment particles, the 

hydrodynamic size of the suspended particles of <10 m was monitored using the Malvern 



63 

 

Zetasizer. The suspended particles were obtained by taking the supernatant from a sediment-

seawater mixture after 80 min of gravity settling (initial OS = 15 g/L). Figure 3-6 shows the effects 

of various dispersant components (10 mg/L) on the hydrodynamic diameter of the particles when 

the particles were mixed with the dispersant components for 12 h. 

Figure 3-6 shows that the presence of Tween 85, Tween 80, and 2-butoxyethanol increased 

the average hydrodynamic particle size from 1.26 (control) to 1.89, 1.98, and 1.96 µm, 

respectively, which is consistent with the zeta potential profile (Figure 3-5). However, although 

DOSS had little effect on the zeta potential (Figure 3-5), it also increased the average 

hydrodynamic size of the sediment particles, though to a lesser extent. This can be due to the 

opposing effects of the tail and head of DOSS: while the surfactant chain tends to bridge the fine 

particles (Gupta et al. 2014), the charged head tends to resist the aggregation of the particles. The 

comparison of Figure 3-5 and Figure 3-6 reveals that despite the modestly increased 

hydrodynamic particle size, DOSS did not significantly promote the settling rate, suggesting that 

the aggregates associated with DOSS are more loose and fluffy. Likewise, although the presence 

2-butoxyethanol increased the hydrodynamic size to that comparable to Tween 85 or Tween 80, 

the settleability enhancement was not as significant as by the surfactants (Figure 3-5a). In fact, 

the solvent barely altered the zeta potential (Figure 3-5b). This observation indicates that the 

hydrodynamic size alone may not reflect the settleability, other factors such as the density and 

shapes of the aggregates should also be taken into account. 

The settling velocity (v) of fine sediment particles is dependent on the balance between the 

drag and gravitational forces on the particles as depicted by Eq. 3-3 (Khelifa and Hill 2006). 
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(Eq. 3-3) 

where θ is the dimensionless particle-shape factor, g is the gravitational acceleration (m/s2), Cd is 

the dimensionless drag coefficient, ∆ρ is the effective density of the particle, or excess density (p 

- w) with p and w being the densities of the particle and solution (kg/m3), respectively, and D is 

the equivalent spherical diameter of the particle (m). Cd can be determined by the empirical 

correlation equation: 

      Cd =
24

Re
(1 + 0.15 Re

0.687)                                                               (Eq. 3-4) 

where Re is the Reynolds number. 

Eq. 3-3 and Eq. 3-4 are in accord with the classic Stokes law, where the size and density of 

particles govern the settling velocity (Khelifa and Hill 2006). The dispersant components may not 

increase the density of the particles, rather, they can promote the aggregation of small particles 

through interparticle bridging and/or by lowering the interparticle repulsive electrical double-layer 

forces. Given the rather negative zeta potential and coating of the bulky surfactant molecules on 

the particle surface, the particle aggregation falls into the unfavorable collision domain, i.e., the 

aggregation is due to the secondary energy minimum according to the DLVO theory (Redman et 

al. 2004, Shen et al. 2007). Therefore, formation of the dispersant-associated aggregates is likely 

to be reversible.  
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3.3.2. Effects of dispersant under various environmental conditions 

  

 

 

Figure 3-7. Influence of pH on settling kinetics of OS sediment: without dispersant (a), with 

Corexit EC9527A (b), and zeta potential of the sediment particles as a function of pH (c). 

Experimental conditions: Corexit EC9527A = 10 mg/L, sediment (OS) = 12 g/L. 

Figure 3-7 shows the settling kinetics and zeta potential of sediment particles as a function 

of pH with or without dispersant. The results show that regardless of the dispersant, the fastest 

particle settling was observed at the acidic pH 4.02 (R40 = 88.4% with dispersant and 89.5% 
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without dispersant), whereas the slowest settling was at pH 7.23 (R40 = 75.9% and 68.8%, 

respectively). The dispersant increased R40 from 68.7% to 75.9% at pH 7.23 and from 75.5% to 

80.0% at pH 9.2, but had little effect at pH 4.02. Figure 3-7c shows that the dispersant had 

negligible effect on the zeta potential in the broad pH range except at pH 7 and 8, indicating that 

the zeta potential is important to the settling performance of sediment at neutral pH, but not the 

only factor that alters the aggregation and settling performance of sediment particles.  

The seawater and sediment contain high concentrations of metal ions, e.g. Mg2+ and Ca2+   

concentration are 1250 and 360 mg/L in the seawater, 314.5 and 441.9 mg/kg in the OS sediment. 

As pH rises, more precipitates of metal hydroxides and carbonates will form, resulting in lowered 

zeta potential. For instance, based on the Visual MINTEQ (version 3.1) calculation, Mg2+ becomes 

oversaturated at pH >10, where brucite Mg(OH)2 is formed. The dramatic drop in soluble metal 

concentrations at pH >10 was confirmed by directly analyzing the soluble metal concentrations. 

Consequently, the unusually high pH of the point of zero charge (pHpzc) shown in Figure 3-7c 

may not indicate the true value for the sediment (Yukselen and Kaya 2003). The high metal 

concentrations can also be responsible for the weakened effect of the dispersant on the zeta 

potential.  

Figure 3-8 confirms the conventional notion that increasing electrolyte (NaCl) concentration 

greatly accelerates particle aggregation and increases the settling velocity of suspended solids in 

the absence of dispersant (R40 = 56.6%, 64.4% and 66.8% at 0, 1.0, and 3.5 wt.% of NaCl, 

respectively). However, the electrolyte effects differed notably in the presence of the dispersant: 

First, the presence of NaCl and the dispersant synergistically enhanced the settling and increased 
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R40 to 79.0% even at 1.0 wt.% of NaCl, which is in accord with the double-layer theory; Second, 

further increasing the salt to 3.5 wt.% showed negligible further effect, indicating that the 

dispersant molecules shielded some of the negative sites on the sediment particles from interacting 

with counter ions in the solution, i.e., the dispersant may alleviate the ionic strength effect.  

  

Figure 3-8. Settling kinetics of OS sediment particles at various NaCl concentrations in the 

absence (a) or presence (b) of dispersant Corexit EC9527A. Experimental conditions: OS sediment 

= 12 g/L, Corexit EC9527A = 10 mg/L, pH = 7.3 ± 0.2. 

Figure 3-9 shows that the presence of humic acid decreased the settling rate (R40) from 71.7% 

to 66.6%. However, the presence of humic acid accelerated the R40 from 78.6% to 83.1% in the 

presence of dispersant. Humic acid has strong affinity to the surface of clay and metal oxide 

particles (Tombacz et al. 2004), the sorption of  humic acid renders a more negatively charged 

particle surface, and thus stronger repulsive forces and greater particle stability (Furukawa et al. 

2009, Kretzschmar et al. 1997). However, the presence of dispersant and humic acid 

synergistically accelerated the settling rate, which can be due to the increased uptake of dispersant 
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on sediment with sorbed humic acid (Alila et al. 2007). The elevated dispersant on sediment in 

turn masked the electrical potential from the dissociated organic acid functional groups, resulting 

in elevated aggregation of the sediment particles.  

  

Figure 3-9. Settling kinetics of OS sediment particles with humic acid in the absence (a) or 

presence (b) of dispersant Corexit EC9527A. Experimental conditions: OS sediment = 12 g/L, 

Corexit EC9527A = 10 mg/L, pH = 7.3 ± 0.2, temperature = 25 ± 1 °C. 

Seawater temperature varies widely from surface to bottom. Figure 3-10 compares the 

dispersant effects at 4 and 25 °C, representing bottom and surface seawater temperatures. The 

dispersant shows negligible effect on altering settling of the sediment at 4 °C, but increased R40 

from 73.6% to 83.4% at 25 °C. The hindered dispersant effects at 4 °C can be primarily attributed 

to the reduced adsorption of non-ionic surfactants by sediment. Increasing temperature increasely 

desolvates the head group, rendering it less hydrophilic and more compact, and thus increases the 

surface activity and saturation adsorption values (Paria and Khilar 2004). Zhao et al. (2015) 
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reported that the adsorption of dispersant (Corexit EC9500A) by marine sediment 4 oC was much 

lower than at 21 oC. 

  

Figure 3-10. Settling kinetics of sediment particles at 4 °C (a), and 25 °C (b) with or without 

dispersant. Experimental conditions: sediment (OS) = 12 g/L, Corexit EC9527A = 10 mg/L, pH 

7.3 ± 0.2. 

Figure 3-11 shows effects of WAO and DWAO on the settleability of the sediment particles. 

The presence of WAO increased R40 from 70.0% to 74.1%, and the addition of DWAO increased 

R40 from 70.0% to 81.0%. The very subtle effect of WAO is associated with the very limited 

solubility of oil (<2 mg/L), whereas the much pronounced impact of DWAO is attributed to: 1) 

with the dispersant, much more oil was dispersed, and thus much more oil was adsorbed on the 

particles, and 2) DWAO and elevated oil uptake can facilitate the formation of OSAs (Wang et al. 

2013). The final turbidity for the suspension with DWAO appeared slightly higher, which can be 

attributed to the distributed oil droplets and some oiled-particles that are lighter and less settable. 

Fu et al. (2014b) studied the effects of oil and dispersant Corexit EC9500A on formation of MOS, 
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and found that both the dispersant and oil promoted the formation of MOS. The researchers also 

observed that dispersant may facilitate sorption of oil components onto MOS (Xue et al. 2015), 

which in turn promotes further aggregation and facilitates transport of the oil components. 

 

Figure 3-11. Effects of WAO and DWAO on settling of OS sediment particles. Experimental 

conditions: sediment (OS) = 12 g/L, pH = 7.3 ± 0.2, temperature = 25 ± 1 °C. 

3.3.3. Effect of dispersant on sediment-facilitated distribution and transport of oil 

components 

PAHs and other oil components are subject to sorption to sediment particles. For instance, 

Figure 3-12 shows that the OS sediment particles can rapidly adsorb both phenanthrene and 

pyrene. Given that the dispersant enhances settling of suspended particles, the dispersant would 

also facilitate the vertical transport of sediment-associated oil components to the seafloor.  
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Figure 3-12. Sorption kinetics of phenanthrene and pyrene in the presence or absence of dispersant 

(Corexit EC9527A). Experimental conditions: initial phenanthrene = 600 µg/L, initial pyrene = 40 

µg/L, sediment (OS) = 12 g/L, pH = 7.0-7.5, temperature = 25±1 °C. Control tests were carried 

out without sediment. 

Figure 3-13 shows the equilibrium distributions of oil (as TPHs). In the presence of the 

dispersant, oil in the sediment phase was increased from 6.9% (no dispersant) to 90.1%, which 

reveals that oil dispersion can dramatically promote partitioning of oil into the sediment phase. 

The sediment-facilitated transport of dispersed oil may partially account for the oil in the bottom 

sediment observed following the DwH oil spill (White et al. 2012). Interestingly, the oil content in 

the water column was increased only modestly from 3.7% to 5.4%, compared with 2.8% without 

dispersant and sediment. This observation clearly reveals that when sufficient sediment is present, 

the primary role of the dispersant is to facilitate transferring oil from the water surface to the 

sediment phase rather than in the water column. Furthermore, it might be conceived that in some 
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circumstances dispersants and selected sediment particles may be applied simultaneously as a 

rapid and emergency approach to mitigate impacts of oil spill.  

  
 

Figure 3-13. TPH distributions on seawater surface, in seawater column or sediment in various 

systems: seawater and oil (a), seawater, oil and sediment without dispersant (b), and seawater, oil 

and sediment with dispersant (c). Experimental conditions: sediment (OS) = 12 g/L, Corexit 

EC9527A = 10 mg/L, pH = 7.3 ± 0.2, oil dosage = 60 µL oil in 300 mL seawater for all the cases.  

Oil dispersants are known to facilitate formation of small oil-surfactant aggregates, thereby 

dispersing more oil into the water column (Paris et al. 2012). Gong et al. (2014b) reported that 

dispersant not only enhances dissolution, but also promotes sediment uptake of oil components. 

Payne et al. (1989) proposed an equation to characterize the loss rate of free oil droplets due to 

collision and adherence to SPM. 

dC/dt = -1.3α[ε/ν]1/2CS                                                                                                
(Eq. 3-5) 
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where C = concentration of oil droplets (mg/L), S = concentration of SPM (mg/L), α = SPM 

“shape, size, and sticking” coefficient, ε = the energy dissipation rate (per mass of fluid), and ν = 

the kinematic viscosity of the water.  

From Eq. 3-5, the removal of the dispersed oil droplets from the water column by sediment is 

primarily attributed to the high sediment concentration (12 g/L). Furthermore, taking into account 

the dynamic particle aggregation, the initially sorbed oil droplets and dispersant molecules create 

an even more favorable condition for attracting more oil from the water column, resulting in the 

formation of even larger oil-sediment aggregates (Bandara et al. 2011).  

  

 

Figure 3-14. Total PAHs distributions on seawater surface, in seawater column or sediment in 

various systems: seawater and oil (a), seawater, oil and sediment without dispersant (b), and 

seawater, oil and sediment with dispersant (c). Experimental conditions: sediment (OS) 
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concentration = 12 g/L, Corexit EC9527A = 10 mg/L, pH = 7.3 ± 0.2, oil dosage = 60 µL oil in 

300 mL seawater for all the cases.  

Figure 3-14 shows that the presence of dispersant increased the total PAHs content in the 

sediment phase from 11.4% to 86.7%, and the PAHs concentration in the water column from 7.7% 

to 9.4%, which is consistent with the distributions of TPHs. Similar dispersant-facilitated sediment 

uptake was also observed for the oil alkanes. Figure 3-15 shows that the presence of the dispersant 

increased alkanes in the sediment phase from 7.3% to 93.3%. In light of the extremely low 

solubility of alkanes, the dispersant-facilitated formation of fine oil droplets is critical for the 

substantial sediment uptake of alkanes.  

  

 

Figure 3-15. Total alkanes distributions on seawater surface, in seawater column or sediment in 

various systems: seawater and oil (a), seawater, oil and sediment without dispersant (b), and 

seawater, oil and sediment with dispersant (c). Experimental conditions: sediment (OS) 
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concentration = 12 g/L, Corexit EC9527A = 10 mg/L, pH = 7.3 ± 0.2, oil dosage = 60 µL oil in 

300 mL seawater for all the cases.  

Figure 3-16 shows the mass distributions of 12 PAHs of the oil in the three phases (surface 

oil, water column and sediment). Evidently, the surface oil phase was nearly depleted in the 

presence of the dispersant and sediment (Figure 3-16a). In the water column, naphthalene stood 

out as the most dominant PAH (Figure 3-16b), which can be attributed to its higher solubility (or 

weaker interactions with the sediment and dispersant); in addition, significant amounts of fluorene 

and phenanthrene were also detected in the water column, which can be attributed to their relatively 

lower adsorbability and higher concentrations in the crude oil. In the sediment phase, only small 

amounts of PAHs (mainly naphthalene, fluorene, and phenanthrene) were detected in the absence 

of dispersant, while the sediment uptake was dramatically increased for all PAHs in proportion to 

the distribution of PAHs in the crude oil. The experimental results reveal the following findings: 

1) in the absence of the dispersant, most oil PAHs prefers to stay in the surface oil phase; 2) the 

presence of the dispersant splits the PAHs from the bulk oil phase and PAHs in the dispersed oil 

droplets are more prone to sediment adsorption (Kim et al. 2013a); and 3) the dispersant-facilitated 

adsorption is likely more effectively for the larger and more hydrophobic PAHs, which are 

inherently lipophilic. 
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Figure 3-16. Mass distribution of various PAHs on seawater surface (a), in seawater column (b) 

or sediment (c) in various systems: seawater and oil; seawater, oil and sediment without dispersant; 

and seawater, oil and sediment with dispersant, and mass distribution of various PAHs in the crude 
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oil (d). Experimental conditions: sediment (OS) concentration = 12 g/L, Corexit EC9527A = 10 

mg/L, pH = 7.3 ± 0.2, oil dosage = 60 µL oil in 300 mL seawater for all the cases. 

3.4. Conclusions 

This study investigated the effects of oil dispersants on the settling behavior of suspended 

sediment particles as well as on the distribution and transport of oil components in sediment-

seawater systems, and explored the effects of dispersants under various environmental conditions. 

Major findings are summarized as follows: 

(1) All three model dispersants were able to accelerate the settling velocity of suspended 

sediment particles, with the Corexit dispersants being more effective than the SPC1000 dispersant. 

The nonionic surfactants (Tween 80 and Tween 85) in the dispersants are the most effective 

ingredients for enhancing aggregation and settling of sediment particles. The dispersant effects are 

profound for sediment particles of higher SOM content and smaller size. 

(2) The dispersant enhanced the particle settling more profoundly at alkaline or neutral pH, 

but had little effect at pH 4.02. The dispersant-enhanced particle settling was further boosted in 

the presence of electrolytes. While humic acid alone decreased the sediment settling rate, 

combining the dispersant with humic acid showed synergistic acceleration of the settling velocity. 

The dispersant effect on sediment settling was insignificant at the simulated deepwater temperature 

(4 °C). The presence of WAO and DWAO increased R40 from 70.0% to 74.1% and 81.0%, 

respectively. 
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(3) The presence of oil dispersant in sediment-seawater systems greatly increased the 

formation of oil-mineral aggregates and facilitated transferring of oil slicks to the sediment phase. 

In the presence of 10 mg/L of Corexit EC9527A, the TPHs mass percentage in the sediment phase 

was increased from 6.9% (without dispersant) to 90.1%, and that increased from 11.4% to 86.7% 

for PAHs. 

The findings may aid our understanding of the role of oil dispersants in the formation of oil-

sediment aggregates and in the sediment-facilitated transport of oil and PAHs in the marine 

environment. 
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Chapter 4. Effects of Dispersants on Photodegradation of Polycyclic Aromatic 

Hydrocarbons in Seawater 

 

This chapter studied the effects of three model oil dispersants on photodegradation of 

anthracene and 9,10-dimethylanthracene in seawater. To reveal the mechanism of enhanced PAHs 

degradation rate, the effects of individual components of dispersant were compared, and the roles 

of dissolved oxygen and radicals on the photolysis of PAHs were investigated. Moreover, the 

photolysis pathway of anthracene and 9,10-dimethylanthracene were studied. 

4.1. Introduction 

Oil dispersants are a mixture of surfactants and solvents. Oil dispersants can lower the oil-

water interfacial tension (Prince et al. 2016), break oil slicks into fine oil droplets in the water 

column, and accelerate the natural attenuation of spilled oil (Griffiths 2012, Prince et al. 2016). 

Dispersants have been routinely employed in oil spill accidents since the 1960s (Lessard and 

Demarco 2000). With the development of low-toxicity and high-efficiency dispersant 

formulations, the application of dispersants has evolved as a major countermeasure to mitigate the 

adverse effects of oil spills (Griffiths 2012). During the Sea Empress spill in the U.K. in 1996, ~12 

tons of Corexit EC9500A were used to disperse the oil (Lessard and Demarco 2000). In a pipeline 

spill offshore in Texas in 1998, ~11.5 tons of Corexit EC9527A were applied (Lessard and 
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Demarco 2000). The largest dispersant application took place during the Deepwater Horizon 

(DwH) oil spill in 2010 (Kleindienst et al. 2015b), where ~7800 tons of oil dispersants, including 

Corexit EC9500A and EC9527A, were applied to the surface (~5000 tons) and deepwater (~2800 

tons) (Gong et al. 2014a, Kujawinski et al. 2011). While the pros and cons of large-scale 

application of dispersants remain under intensive researches (Kleindienst et al. 2015b, Prince et 

al. 2016), it is generally believed that oil dispersants may accelerate the natural weathering 

processes (Griffiths 2012). However, quantitative information remains limited on the effects of oil 

dispersants on photochemical weathering of oil components in the marine environment.   

The Macondo well oil contains ca. 3.9% of PAHs (by weight), and the DwH oil spill released 

ca. 21000 tons of PAHs into the Gulf of Mexico (Reddy et al. 2012). PAHs are known to be toxic, 

carcinogenic, and mutagenic. Sixteen of the parent PAHs have been listed as priority pollutants by 

the United States Environmental Protection Agency (EPA) (US EPA 2014).  

Typically, crude oil contains much more alkylated PAHs than the parent PAHs (Liu et al. 

2012a). More-alkylated PAHs are more likely to accumulate in plant and animal systems (Brandt 

et al. 2002), and show stronger carcinogenic potency (Slaga et al. 1980). However, less information 

on the degradation of alkylated PAHs is available than for the parent PAHs. Therefore, it is of 

great significance to evaluate the weathering of both parent and alkylated PAHs in the marine 

environment. Anthracene and the alkylated derivative, 9,10-dimethylanthracene (9,0-DMA), are 

of high abundance in crude oil and have been commonly detected in the oil affected ecosystems 

(Allan et al. 2012). 
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Photodegradation is a major abiotic process affecting spill oil attenuation, and has significant 

implications to redox cycling, transport, and degradation of oil components (Fu et al. 2014a, 

Nicodem et al. 2001, Saeed et al. 2011). While a significant body of knowledge exists on the 

photochemical degradation of PAHs in natural waters, information has been lacking on the 

photodegradation rate and mechanisms of dispersed PAHs (Fasnacht and Blough 2002). Oil 

dispersants are known to alter the physico-chemical properties of PAHs, such as distribution of 

PAHs in the water column, size of the oil droplets, light absorbance, quantum yield, and production 

of reactive oxygen species (ROS) (Gong et al. 2015). While these changes are likely to impact 

photolysis of PAHs, there has been no information available on the effects of oil dispersants on 

the photodegradation of PAHs and alkylated PAHs by solar light and on the underlying 

mechanisms. 

The overall goal of this study was to examine the effects of oil dispersants on the 

photodegradation of PAHs (anthracene and 9,10-DMA) in seawater under simulated solar light. 

The specific objectives were to: 1) investigate the effects of three model dispersants, i.e. Corexit 

EC9500A, Corexit EC9527A and SPC 1000, on photodegradation of the two model PAHs; 2) 

identify the key dispersant components that affect the photodegradation rate of PAHs; 3) evaluate 

effect of DO on the photolysis of PAHs and identify the key reactive oxygen species in the 

presence of oil dispersants; 4) elucidate the photodegradation mechanisms in the presence of oil 

dispersants; and 5) determine the photochemical stability of oil dispersants. 

The findings of this research will aid in our understanding of photochemical attenuation of oil 

components in the presence of chemical dispersants in the Gulf of Mexico’s ecosystem. 
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4.2. Materials and methods 

4.2.1. Materials 

The following chemicals (analytical grade or higher) were used as received: anthracene, 9,10-

DMA, tert-butanol, superoxide dismutase, methanol (Alfa Aesar, Ward Hill, MA, USA), humic 

acid (Fluka Chemie, Switzerland), NaN3, NaOH and NaCl (Fisher Scientific, Fair lawn, NJ, USA). 

Corexit EC9500A and Corexit EC9527A were acquired per courtesy of Nalco Company 

(Naperville, IL, USA), and SPC1000 was obtained from US Polychemical Corporation (Chestnut 

Ridge, NY, USA). The Corexit dispersant components (Tween 85, Span 80, kerosene, and 2-

butoxyethanol) and the SPC 1000 components (polyethylene glycol monooleate (Ethox T09A), 

dipropylene glycol monomethyl ether (DPM), and cocamide DEA) were obtained from either 

Fisher Scientific (Fair lawn, NJ, USA) or Sigma-Aldrich (St. Louis, MO, USA). 

Seawater was collected from the top 30 cm of the water column at the Grand Bay area, AL, 

USA. (N30.37873, W88.30679). The seawater sample was preserved at 4 oC, and filtered through 

0.22 µm pore-size membrane before use. The key physicochemical properties of the seawater were 

as follows: pH = 7.9, salinity = 3.15 wt.%, dissolved organic matter (DOM) = 0.77 mg/L (as total 

organic carbon (TOC)).  

4.2.2. Experimental apparatus 

Figure 4-1 shows the photodegradation setup. The solar irradiation was provided by a Newport 

84041A solar simulator (Newport Corp., Irvine, CA, USA) equipped with a 450 W xenon-ozone 

free short arc lamp and an air mass 1.5 global filter to remove the infrared irradiation in the visible 
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region. Table 4-1 gives the output spectrum distribution of simulated solar irradiation. The light 

intensity was set at 85 ± 0.5 mW/cm2, which was measured by an 818-UV/DB photodetector 

(Newport Corporation, Irvine, CA, USA). A sealed glass photo-reactor with a working volume of 

250 mL was used in the experiments, including a quartz cover to allow the vertical transport of the 

solar light, and a water circulating coating to keep the reactor at constant temperature (25 oC).   
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Figure 4-1. Experimental set-up of PAHs photodegradation. Simulated solar light system (a), 

photo-reactor (b).  
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Table 4-1. Output spectrum distribution of simulated solar irradiation (data were provided by the 

Newport Corporation). 

 Range (nm) % of 200-2500 nm 

UVC <280 0 

UVB 280-320 0.1 

UVA 320-400 5.3 

Visible 

400-450 7.3 

450-500 10.5 

500-550 9.8 

550-600 10 

600-650 9 

650-700 8.1 

Infrared 

700-800 11.3 

800-900 7.3 

900-1000 4.7 

1000-1100 2.2 

1100-1500 7 

1500-2000 5.3 

2000-2500 2.2 
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To evaluate the contribution of visible irradiation on the total removal of PAHs by 

photodegradation, an UV cut-off filter (Institute of Electric Light Source, Beijing, China) was 

attached to the photo-reactor to remove the irradiation with wavelength <420 nm. The UV-vis 

absorbance spectrum of the UV cut-off filter is shown in Figure 4-2. 

 

Figure 4-2. UV-vis absorbance spectrum of the UV cut-off filter. 

4.2.3. Effects of dispersants on photodegradation of PAHs 

Batch photodegradation kinetic tests were carried out to evaluate the effects of dispersants. 

Stock solution of anthracene and 9,10-DMA (each at 0.3 g/L) were prepared separately by 

dissolving a known amount of a PAH in methanol. In each batch test, 250 mL of filtered seawater 

was added in the photo-reactor, followed by adding an aliquot of the PAH stock solution and a 

dispersant (or dispersant components), which gave an initial PAH concentration of 30 µg/L and 
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dispersant (or dispersant components) concentration of 18 mg/L. The solution was mixed for 30 

min by magnetic stirring in a sealed photo-reactor. Then, the photodegradation was initiated by 

irradiating the reactor with the simulated solar light. At predetermined time intervals, samples were 

withdrawn for determining the PAHs remaining in the solution or reaction intermediates. Control 

experiments were conducted in dark but under otherwise identical conditions. 

To investigate effects of oil dispersants on the vertical distribution of PAHs in the water 

column, a 250 mL anthracene solution of 30 µg/L was mixed with a dispersant or dispersant 

component in the photo-reactor for 30 min in the dark. Then, each 1 mL samples were withdrawn 

at various depths and mixed with methanol for analysis of the PAHs concentration.  

To evaluate the contribution of visible irradiation on the photolysis of PAHs, a UV cut-off 

filter was applied on the photo-reactor to selectively remove the UV part (wavelength <420 nm) 

of solar irradiation. All other experimental conditions were identical to those with dispersant. 

4.2.4. Roles of dissolved oxygen and radicals for photodegradation of PAHs 

To investigate the effects of dissolved oxygen (DO), the photodegradation tests were also 

carried out with seawater that was purged with nitrogen for 1 h. 

The roles of radicals, i.e. 1O2, superoxide (O2
•-), and hydroxyl (•OH) radicals, in PAH 

photodegradation were evaluated by using selective radical scavengers. Specifically, tert-butanol 

at 221 mg/L was used for quenching •OH, sodium azide at 200 mg/L for 1O2 and O2
•- (Gong et al. 

2015), superoxide dismutase at 14 mg/L for O2
•- (Diaz et al. 2004, Ryu and Choi 2004). 
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4.2.5. Analytical methods 

Anthracene and 9,10-DMA in seawater were quantified using an Agilent 1260 Infinity high 

performance liquid chromatography (HPLC) system equipped with a Poroshell 120 EC-C18 

column (50 × 4.6 mm, 2.7 µm). The column temperature was 30 oC, and the mobile phase consisted 

of a mixture of acetonitrile and water (70:30 v/v) with 0.5 wt.% phosphoric acid, and the flow rate 

was set at 1 mL/min. The sample injection volume was 80 μL, and the eluate was analyzed by an 

UV detector at the wavelength of 254 nm, which afforded a detection limit of 0.5 µg/L for both 

PAHs. 

To determine the photodegradation intermediates, each 100 mL of solution samples were 

withdrawn from the photo-reactor at various reaction times, and extracted using 5 mL 

dichloromethane consecutively for 3 times, then the extracts were dried by sodium sulfate 

anhydrous (Na2SO4) and concentrated to 0.5 mL under a gentle stream of N2 gas. The concentrated 

extracts were then analyzed by an Agilent 7890A Gas Chromatography coupled with a 5975C 

Series Mass Spectrometry (GC-MS). A HP-5MS 5% phenyl methyl siloxane capillary column was 

used with helium as the carrier gas at a flow rate of 0.9 mL/min. The sample injection volume was 

2 µL, and the inlet temperature was 250 °C. The oven temperature was programmed as follows: 

hold at 40 °C for 1 min, ramp from 70 °C to 280 °C at 10 °C/min, and then hold at 280 °C for 6 

min. The scan range was from 35 to 550 m/z (mass to charge ratio).  

UV-Vis absorption spectra and fluorescence analysis of the PAH solutions were obtained using 

a SpectraMax M2 plate reader (Molecular Devices, Sunnyvale, California, USA) with a 1-cm path 

quartz cuvette. The excitation wavelengths of anthracene and 9,10-DMA were 366 and 375 nm, 
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respectively, and the emissions were recorded in the range of 360 to 550 nm for the fluorescence 

analyses. 

4.3. Results and discussion 

4.3.1. Effects of dispersants on PAHs photolysis 

Figure 4-3 shows effects of Corexit EC9500A on photodegradation of anthracene and 9,10-

DMA under simulated sunlight. The control tests indicate that the loss of anthracene or 9,10-DMA 

was <4% without light, and the dispersant does not react with the PAHs. The presence of Corexit 

EC9500A remarkably promoted photodegradation of both PAHs. The presence of 18 mg/L of the 

dispersant shortened the complete removal time from 300 to 120 min for anthracene and from 80 

to 15 min for 9,10-DMA. Between the two PAHs, the alkylated counterpart (9,10-DMA) was more 

vulnerable to photolysis than its parent PAH. This observation is consistent with other studies 

where increasing alkyl-substitution of PAHs gives faster photooxidation rates (Lima et al. 2005), 

and it can be attributed to the benzyl hydrogen activation of 9,10-DMA where the alkyl group acts 

as the electron donating group (Radding et al. 1976). The results also indicate that the dispersant 

enhanced the photodegradation of the alkylated PAH more effectively than the parent PAH. More 

details on the mechanisms of dispersant facilitated photodegradation will be discussed in Section 

4.3.3. 
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Figure 4-3. Effects of Corexit EC9500A on photodegradation of anthracene (a), and 9,10-DMA 

(b) in seawater. Experimental conditions: Corexit EC9500A = 18 mg/L, initial anthracene or 9,10-

DMA = 30 µg/L, pH = 7.8 ± 0.2, temperature = 25 ± 0.2 oC.  

The first-order kinetic model is employed to interpret the kinetic data (Gong et al. 2015):  

 0/ •tln C C k t   (Eq. 4-1) 

where C0 and Ct (μg/L) are the PAH concentrations at reaction time 0 and t (min), respectively, 

and k is the first-order reaction rate constant (min-1).  

Figure 4-4 shows the linearized plots of the kinetic data in accord with the rate model. For 

both PAHs, the first-order kinetic model was able to adequately (R2 >0.99) describe photolysis 

rates when no dispersant was present. However, the presence of the dispersant (18 mg/L) induced 

a two-stage degradation kinetic profile for both PAHs, i.e. a faster initial degradation rate (with a 

steeper slope) followed by a later slower rate. Nonetheless, the first-order model was able to 
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separately fit the kinetic data over the two stages. Table 4-2  gives the best fitted k values. It is 

noteworthy that the presence of Corexit EC9500A increased the k values by a factor of 3.8 and 

9.1, respectively, for anthracene and 9,10-DMA in the initial stage, and by 2.2 and 3.0 in the second 

stage. Similar two-stage profiles have been observed by Gong et al. (2015). The photodegradation 

rate of pyrene under UV light was 7.9 times faster at the initial stage (first 10 min) than that at 

second stage (10-360 min). They claimed that the two stage degradation kinetics are due to the 

more prevalent role of direct photolysis in the initial stages, and dominant role of electron transfer 

from excited pyrene species to oxygen in the second stages (Gong et al. 2015). However, the two-

stage degradation kinetics of PAHs can also be attributed to: 1) some photodegradation byproducts 

are produced and act as internal light absorbers, thus weakening the light intensity that is available 

for the target PAHs, or act as quenchers for the radicals (Chu and Kwan 2002); 2) the effective 

dispersant components that accelerating PAHs degradation may be photodegraded in the initial 

stages. 

Considering that 77% of anthracene and 84% of 9,10-DMA were degraded in the initial stage, 

the k values of the initial stage were used to compare the enhanced photolysis rates hereafter in 

this paper.  
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Figure 4-4. Fitting the first-order kinetic model to the experimental rate data of: anthracene (a) 

and 9,10-DMA (b), in the absence or presence of 18 mg/L of Corexit EC9500A. 

 

Table 4-2. The first-order photodegradation rate constants (k) of anthracene and 9,10-DMA under 

solar irradiation. 

PAHs 

No dispersant  With Corexit EC9500A (18 mg/L) 

   Initial stage Second stage 

k (min-1) R2  k (min-1) R2 k (min-1) R2 

Anthracene 0.013 0.99  0.050 0.99 0.029 1.00 

9,10-DMA 0.056 1.00  0.511 0.92 0.167 0.99 

Using 9,10-DMA as a model PAH, the effects of two other dispersants, i.e. Corexit EC9527A 

and SPC 1000, on the photodegradation rate were further studied. Figure 4-5 compares the effects 

of the three oil dispersants. Evidently, all three dispersants accelerated the photodegradation rate 
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of 9,10-DMA, and the effectiveness follows the order of: Corexit EC9500A >> Corexit EC9527A > 

SPC 1000. Like Corexit EC9500A, Corexit EC9527A showed a higher initial photolysis rate (k1 

= 0.122 min-1) and a lower rate (k2 = 0.057 min-1) in the second stage (after 12 min), and the k2 is 

comparable to the photolysis rate without dispersant (0.056 min-1); for SPC 1000, however, a 

straight constant rate (0.062 min-1) was observed. The different behaviors of the three dispersants 

are attributed to their different formulas and effective compositions (See Section 4.3.2 below). 

  

Figure 4-5. Effects of three model oil dispersants on photodegradation of 9,10-DMA in seawater 

(a), and the linearized first-order kinetic plots (b). Experimental conditions: dispersant dosage = 

18 mg/L, initial 9,10-DMA = 30 µg/L, pH = 7.8 ± 0.2, temperature = 25 ± 0.2 oC. 

4.3.2. Effects of dispersant components on PAH photolysis 

Oil dispersant contains various surfactants and organic solvents (Fu et al. 2015, Hayworth and 

Clement 2012). Therefore, it is important to understand the effects of key individual dispersant 

components on the photochemical reactions. Again, using 9,10-DMA as a model PAH, the effects 

of individual components of Corexit dispersants on the degradation rate were studied as follows. 
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Figure 4-6. Effects of key components of Corexit dispersants on photodegradation of 9,10-DMA 

in seawater. Experimental conditions: dispersant component concentration = 18 mg/L, initial 9,10-

DMA = 30 µg/L, pH = 7.8 ± 0.2, temperature = 25 ± 0.2 oC.  

 

Table 4-3. Photodegradation rate constants (k) of anthracene in the presence of individual 

dispersant components under solar irradiation. 

 Control 2-butoxyethanol Tween 85 Span 80 Kerosene 

k (min-1) 0.056 0.055 0.098 0.239 0.493 

R2 1.00 0.98 0.99 0.97 0.95 

Figure 4-6 shows the photodegradation rates of 9,10-DMA in the presence of 5 key Corexit 

dispersant components, including Tween 85, Span 80, kerosene and 2-butoxyethanol (each at 18 

mg/L). Table 4-3 gives the best-fitted k values in the initial stage. Tween 85, Span 80 and kerosene 

all accelerated the photolysis rate by a factor of 1.8, 4.3 and 8.8, respectively, while 2-
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butoxyethanol showed negligible effect on the photodegradation rate. As the nonionic surfactants 

(Tweens and Span 80) account for nearly 50% of the dispersant (Bruheim et al. 1999), Tween 85 

and Span 80 can be the critical contributors to the enhanced photolysis rate.  

Figure 4-7 shows that Tween 85 exhibited a strong peak in the UVC range (<260 nm), much 

stronger than that for the dispersant as a whole, which can be attributed to the abundance of 

electron-rich double bonds in the molecular structure of Tween 85 (Erdem et al. 2014). The 

absorbed solar energy on Tween 85 may lead to the formation of primary and secondary reactive 

species, e.g. 1O2 (Wenk et al. 2011), and/or transfer energy to PAHs, and thus induce the 

photosensitized degradation.  

 

Figure 4-7. UV-Vis absorption spectra of 9,10-DMA, Tween 85, and Corexit EC9500A in 

seawater. Spectra were corrected by subtracting the absorption spectrum of seawater. Experimental 

conditions: Corexit EC9500A or Tween 85 = 18 mg/L, 9,10-DMA = 30 µg/L.  
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Span 80 is a nonionic surfactant with low hydrophilic-lipophilic balance (HLB) value (4.3) 

(Ruckmani et al. 2000), which can only be partially dissolved or dispersed in water (Barbetta and 

Cameron 2004). 9,10-DMA is highly hydrophobic (log Kow = 5.69) and it can favorably partition 

and accumulate in the hydrophobic phase of Span 80. Furthermore, the density of Span 80 (0.99 

g/mL) is lower than that of the seawater (1.03 g/mL). Consequently, Span 80 may stratify in the 

water column with more surfactant in the upper part, namely, Span 80 may entrain and enrich more 

9,10-DMA in the upper layer of the solution, which is favorable for absorbing light. Likewise, 

kerosene is also hydrophobic solvent (log Kow = 3.7−8.0), with an even lower density (0.80 g/mL), 

and thus, kerosene will pose even greater floating effect than Span 80 on the 9,10-DMA 

enrichment despite its small fraction in the dispersant.  

Figure 4-8 shows the vertical distribution of 9,10-DMA in the photo-reactor water column in 

the presence of the dispersant (18 mg/L) or with the same concentration of each individual 

components. Evidently, kerosene displayed the strongest floating effect on the PAH, which 

enriched the PAH concentration in the top layer by ~20% compared to that in the control (plain 

seawater). Span 80 alone caused slightly more PAH stratification than the dispersant as a whole, 

enriched the surface PAH concentration by ~5.4% and ~4.8%, respectively. Therefore, the surface 

enrichment of PAHs facilitated by the light hydrophobic components is partially responsible for 

the dispersant-enhanced photodegradation. It should be noted, though, that the enrichment effect 

was less significant for the dispersant than the individual components, which is because the 

dispersant was formulated in a way to achieve maximal water dispersibility of the hydrophobic 

compounds. 
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Figure 4-8. Vertical distribution of 9,10-DMA concentration in the photo-reactor in the absence 

or presence of Corexit EC9500A or individual Corexit dispersant components. Experimental 

conditions: Corexit EC9500A or dispersant components = 18 mg/L, 9,10-DMA = 30 µg/L. 

The dispersant components of Corexit EC9527A are similar to Corexit EC9500A but with a 

unique organic solvent (2-butoxyethanol). The 2-butoxyethanol had negligible effect on the 

photolysis of 9,10-DMA (as shown in Figure 4-6), which may partially interpret the weaker effect 

of Corexit EC9527A than Corexit EC9500A on enhancing the photolysis rate of 9,10-DMA.  

For comparison, the effects of three most abundant SPC 1000 components, i.e. polyethylene 

glycol monooleate, DPM and cocamide DEA, on the photodegradation of 9,10-DMA were tested 

at the identical conditions. The polyethylene glycol monooleate did not affect the photolysis rate 

of 9,10-DMA; dipropylene glycol monomethyl ether (DBE) and cocamide DEA (Ninol 4OCO) 

changed the photolysis rate (k1) from 0.056 to 0.044 and 0.094 min-1, respectively. DBE and Ninol 
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4OCO only amount to <19% of the total SPC 1000 content (Jacob et al. 2001), but the polyethylene 

glycol monooleate and water comprise ca. 36% and 20% of total SPC 1000 content (Jacob et al. 

2001). Therefore, the SPC 1000 is less effective than Corexit dispersants on accelerating the 

photolysis of PAHs. 

4.3.3. Mechanism of dispersant-enhanced PAH photolysis 

Figure 4-9 shows the corrected UV-Vis absorbance spectra of anthracene and 9,10-DMA in 

plain seawater or in Corexit EC9500A seawater solution. The maximum absorbance for anthracene 

and 9,10-DMA occurred at 248 nm and 255 nm, respectively, in seawater. The presence of the 

dispersant dramatically enhanced the absorbance of solar irradiation, especially in the UV region 

(<400 nm). Although UV light only accounts for a small fraction (~5%) of sunlight, UV irradiation 

is much more energetic than visible light. Therefore, enhanced UV absorbance contributes in part 

to the accelerated photodegradation rate. 
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Figure 4-9. UV-Vis absorption spectra of anthracene (a), and 9,10-DMA (b) in plain seawater and 

Corexit EC9500A seawater solution. Spectra were corrected by subtracting the absorbance spectra 

of seawater. Experimental conditions: anthracene or 9,10-DMA = 30 µg/L, Corexit EC9500A = 

18 mg/L. 
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Figure 4-10 compared the photodegradation rates of anthracene and 9,10-DMA under solar 

and visible light irradiation. The presence of Corexit EC9500A accelerated the photolysis rate 

constants (k) of anthracene from 0.013 to 0.050 min-1 under solar light, and from 0.004 to 0.012 

min-1 under visible light. Similarly, the presence of Corexit EC9500A increased the photolysis rate 

constants (k) of 9,10-DMA from 0.056 to 0.511 min-1 under solar light, and from 0.013 to 0.183 

min-1 under visible light. The results showed that the UV irradiation contributed to more than 2/3 

of the total photolysis of PAHs in the absence of dispersant. The increased photolysis rate of PAHs 

is primarily due to the enhanced utilization efficiency of UV irradiation in the presence of Corexit 

EC9500A, which in agree with the enhanced UV absorbance by dispersant (as shown in Figure 

4-9). 

  

Figure 4-10. Contributions of solar and visible irradiation on the photolysis of anthracene (a) and 

9,10-DMA (b) in the absence/presence of Corexit EC9500A. Experimental conditions: Corexit 

EC9500A = 18 mg/L, initial anthracene or 9,10-DMA = 30 µg/L, pH = 8.0 ± 0.3, temperature = 

25 ± 0.2 oC.   
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In addition to the enhanced light absorbance, the dispersant may chemically enhance the 

photodegradation rate of PAHs. As is well known, photochemical change may involve both direct 

and indirect (sensitized) photolysis. In direct photolysis, a substrate absorbs the solar quanta 

“directly”, followed by degradation of the excited state (Zepp 1979). Organic chemicals that are 

structurally composed of chromophoric moieties, e.g. aromatics, conjugated C=C, or ketones, can 

absorb light at wavelengths present in solar irradiation, and are susceptible to direct photolysis 

(Schwarzenbach et al. 2003). Direct photolysis has been known to be the dominant pathway for 

PAHs photodegradation in natural waters (Fasnacht and Blough 2002, Miller and Olejnik 2001). 

Indirect photolysis of PAHs involves the excitation of photosensitizers, e.g. colored DOM or 

nitrate, resulting in production of reactive species, e.g. free radicals and triplet excited DOM 

(3DOM•) (Lam et al. 2003). To investigate the underlying photodegradation mechanisms in the 

presence of Corexit EC9500A, a series of tests were carried out to examine the roles of various 

radicals in the photolysis of the PAHs. 

DO plays an important part in photodegradation of PAHs as DO can react with excited PAHs 

or produce reactive oxygen species (ROS), leading to indirect photolysis of PAHs (Miller and 

Olejnik 2001); on the other hand, molecular oxygen can also act as a quencher for the singlet and 

triplet states, leading to inhibited photolysis (Lehto et al. 2000). 

Figure 4-11 profiles the effects of DO on the photodegradation of anthracene and 9,10-DMA 

under solar light, and Table 4-4 presents the photodegradation rate constants. For anthracene, the 

depletion of DO (<0.1 mg/L) remarkably increased the photodegradation rate regardless of the 

dispersant. For instance, it increased the k value from 0.013 to 0.034 min-1 in the absence of Corexit 
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EC9500A, and from 0.050 to 0.070 min-1 in the presence of Corexit EC9500A, indicating that the 

inhibitive effect of DO is much mitigated in the presence of the dispersant. In contrast, DO showed 

the opposite effects on the photolysis of 9,10-DMA. In the absence of Corexit EC9500A, the 

removal of DO did not significantly alter the photolysis rate of 9,10-DMA; the removal of DO 

decreased the k value from 0.511 to 0.144 min-1 in the presence of Corexit EC9500A.  

 
 

Figure 4-11. Effects of DO on photodegradation of anthracene (a) and 9,10-DMA (b) in the 

presence or absence of Corexit EC9500A. Experimental conditions: Corexit EC9500A = 18 mg/L, 

initial anthracene or 9,10-DMA = 30 µg/L, pH = 8.0 ± 0.3, temperature = 25 ± 0.2 oC.  
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Table 4-4. First-order rate constants for the initial stage of anthracene and 9,10-DMA 

photodegradation with/without DO. 

PAHs  With DO  Without DO 

  k (min-1) R2  k (min-1) R2 

Anthracene 

No dispersant 0.013 0.99  0.023 0.97 

With dispersant 0.050 0.99  0.070 0.97 

9,10-DMA No dispersant 0.056 1.00  0.049 1.00 

With dispersant 0.511 0.92  0.144 0.97 

The opposite effects of DO on the photodegradation of the parent and alkylated PAHs indicate 

that different degradation mechanisms are operative and the dispersant plays different roles in the 

two reaction systems (Kahan and Donaldson 2007). Photolysis of PAHs in the aqueous phase can 

take place through: 1) direct photochemical ionization at the initial reaction step followed by 

oxidation of the formed PAH radical cations (Eq. 4-2) (Fasnacht and Blough 2003), 2) formation 

of PAH radical cations via electron transfer to oxygen due to quenching of excited singlet PAH 

(1[PAH]*), followed by photooxidation of PAHs radical cations (Eq. 4-3) (Fasnacht and Blough 

2003), and/or 3) formation of excited singlet and triplet PAH (3[PAH]*), followed by the reaction 

of excited triplet state PAH with oxygen by transferring energy to molecular oxygen (Eq. 4-4) 

(Fasnacht and Blough 2003, Kahan and Donaldson 2007). In the absence of DO, the photolysis of 

anthracene and 9,10-DMA undergoes direct ionization. 

 2H Ohv

e H
PAH PAH Products 



 
   (Eq. 4-2) 



105 

 

 3
2 2

1 *

2[ ]
O H Ohv

e H
PAH PAH PAH O Products 

 

 
     

(Eq. 4-3) 

 3 1 * 3
2 2 2

31 * * 1 *

2[ ] [ ]
O O Oh rv o

PAH PAH PAH O Products    
(Eq. 4-4) 

In the presence of DO, the molecular oxygen quenches the singlet and triplet states, and thus 

contributes to the decay of any excited state that has a long lifetime (Lehto et al. 2000). The life 

time of triplet PAHs is exceedingly long (>100 µs) (Dabestani and Ivanov 1999) and the quenching 

rate of triplet PAHs, e.g. phenanthrene, anthracene, chrysene, by oxygen is quite high (≥1010 M-

1s-1)  (Abdel-Shafi and Wilkinson 2000). For anthracene, deoxygenation greatly increased the 

photolysis rate (Fig. 4-11a), indicating that the excited triplet state anthracene during direct 

ionization was vulnerable to quenching by molecular oxygen. The presence of Corexit EC9500A 

mitigated the quenching effect, which may due to the consumption of DO by reacting with the 

dispersant components (Andrews et al. 2000).  

The roles of various free radicals were further investigated by applying three selective radical 

scavengers, i.e. tert-butanol for quenching •OH, azide for 1O2 and •OH, and superoxide dismutase 

for •O2
-. Figure 4-12 presents the photodegradation rates of anthracene and 9,10-DMA in the 

presence of each of the radical scavengers. Evidently, the quenching of 1O2, •OH, and •O2
- radicals 

did not alter the photolysis rate of anthracene regardless of the dispersant, indicating that these 

radicals had negligible contribution to the photodegradation process. For 9,10-DMA, the presence 

of tert-butanol and superoxide dismutase did not significantly change the photolysis rate regardless 

of Corexit EC9500A; however, the presence of azide decreased the rate constant from 0.511 and 
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0.278 min-1 in the presence of Corexit EC9500A, but had no effect in the absence of Corexit 

EC9500A. This observation indicated that the radicals •OH and •O2
- played negligible roles in the 

photodegradation of 9,10-DMA in all cases, but the 1O2 radical played an important role in the 

photolysis process in the presence of the dispersant. The results reveal that Corexit EC9500A 

boosted the formation of 1O2, which enhanced photodegradation of 9,10-DMA. 
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Figure 4-12. Effects of various radical scavengers on photolysis of anthracene in the absence (a) 

or presence (b) of Corexit EC9500A; and on photolysis of 9,10-DMA in the absence (c) or 

presence (d) of Corexit EC9500A. Experimental conditions: Corexit EC9500A = 18 mg/L, initial 

9,10-DMA or anthracene = 30 µg/L, pH = 8.0 ± 0.3, temperature = 25 ± 0.2 oC. 

In the aqueous phase, PAHs can perform as sensitizers for the formation of 1O2 (Braun et al. 

1991). Figure 4-12 shows that 1O2 did not significantly contribute to the PAH degradation in the 
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absence of the dispersant. Therefore, it is more likely that the dispersant components themselves 

act as the photosensitizers. Energy is transferred from the excited sensitizers to the ground state 

oxygen and raises its energy status, resulting in the production of 1O2 (Foote and Wexler 1964). 

The alkyl bond of 9,10-DMA can act as electron donating group, which made the 9,10-DMA be 

more prone to reaction with 1O2 than anthracene (Gandra et al. 2009, Radding et al. 1976), the 

elevated 1O2 concentration had a more profound effect on the photolysis of 9,10-DMA than 

anthracene. 

 1hvSensitizer Sensitizer  (Eq. 4-5) 

 1 3Sensitizer Sensitizer  (Eq. 4-6) 

 3 3 1

2 2Sensitizer O Sensitizer O    (Eq. 4-7) 

Due to the relatively low radical production rate and the sinks of photochemically generated 

radicals, i.e. •OH, 1O2, and •O2
-, in natural waters (Fasnacht and Blough, 2002), the contribution 

of indirect PAHs photolysis is lower than direct photolysis even in the presence of dispersant. 

The fluorescence of PAHs can be quenched when PAHs are associated with DOM, and thus, 

measuring fluorescence spectra can distinguish the DOM-associated PAHs and freely dissolved 

PAHs (Gauthier et al. 1986, Raber et al. 1998). Figure 4-13 profiles the fluorescence spectra of 

anthracene and 9,10-DMA in the absence or presence of Corexit EC9500A. Evidently, the 

dispersant dramatically quenched the fluorescence intensity of anthracene (peaked at the emission 

wavelength of 430 nm), but showed negligible effect on 9,10-DMA, indicating that more 
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anthracene is associated with the dispersant than 9,10-DMA. Therefore, the energy captured by 

the dispersant molecules may directly transfer to anthracene and accelerate its photolysis process, 

while for the case of 9,10-DMA, it is more likely transferred to oxygen to form 1O2, which also 

explains the different roles of DO in the photodegradation of anthracene and 9,10-DMA. 

  

Figure 4-13. Fluorescence spectra of anthracene (a) and 9,10-DMA (b) in the absence/presence 

of Corexit EC9500A. Experimental conditions: Corexit EC9500A = 18 mg/L, initial anthracene 

or 9,10-DMA = 30 µg/L, pH = 8.0 ± 0.3, temperature = 25 ± 0.2 oC.   

 

4.3.4. Photodegradation pathway of anthracene and 9,10-DMA 

9,10-anthraquinone, 1-hydroxy-9,10-anthraquinone, phthalic acid and trace amount of 

anthrone were detected by GC/MS during the photolysis of anthracene, but only an anthrone 

derivative was found during the photolysis of 9,10-DMA. Based on the mechanistic studies and 

intermediates identified by GC/MS, Figure 4-14 depicts the proposed photolysis pathways of 

anthracene and 9,10-DMA. The photo-excited anthracene underwent the photolysis process to 

form 9,10-anthraquinone, which is a major intermediate and can act as photosensitizer to accelerate 
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the photolysis process. The 9,10-anthraquinone involved in further degradation to form 1-hydroxy-

9,10-anthraquinone or anthrone. The formation of anthrone from 9,10-anthraquinone is a 

reversible reaction (Theurich et al. 1997); anthrone will finally be degraded via converting to 9,10-

anthraquinone. The photooxidation of 1-hydroxy-9,10-anthraquinone resulted in the formation 

phthalic acid, and further produce the final products (H2O, CO2). For the photolysis of 9,10-DMA, 

the solar irradiation induced the excitation of 9,10-DMA, which resulted in the formation of 1O2 

in the presence of dispersant (as found in this experiment). The 1O2 attacked 9,10-DMA to form 

the endoperoxides, which further converted to an anthrone derivative, then involved in further 

photodegradation/mineralization (Mill et al. 1981). Our study showed that the photolysis of 

anthracene and 9,10-DMA can undergo without DO (Figure 4-11), the oxygen in the observed 

intermediates may come from water, probably via a cation radical intermediate (Eq. 4-2) (Mill et 

al. 1981). 

For the experiments conducted in the presence or absence of Corexit EC9500A, no new 

intermediates were detected by GC/MS. Therefore, the presence of dispersant only increased the 

photolysis rate but did not change the photodegradation pathway. 
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Figure 4-14. Proposed photodegradation pathway of anthracene (a) and 9,10-dimethylanthracene 

(b) in seawater by simulated sunlight.  

 

4.3.5. Photochemical stability of dispersant under solar irradiation 

Together with oil components, dispersants may undergo the photolysis process under solar 

irradiation. However, investigations only studied the photochemical stability of a few oil 

dispersant components in the marine environment (Batchu et al. 2014, Kover et al. 2014). In this 

study, the degradation of various dispersant components was monitored by GC/MS, and the 

depletion of detectable dispersant components was shown in Figure 4-15. 
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Figure 4-15. Peak area of detected dispersants compounds before and after solar irradiation. 

Experimental conditions: initial dispersant concentration = 18 mg/L, pH = 7.8 ± 0.2, temperature 

= 25 ± 0.2 oC, reaction time = 6 h. 

 

All the detected dispersant components underwent the photolysis under solar irradiation, 

including kerosene and DBE in Corexit EC9500A; 2-butoxyethanol (BE) and DBE in Corexit 

EC9527A; DPM, polyoxyethylene tallow amine (Ethox TAM-5), Ethox TO9A, and Ninol 4OCO 

in SPC 1000. Among them, the Corexit EC9500 showed lowest photochemical stability with an 

average degradation of 96.7%, while SPC1000 was relatively more stable with a degradation of 

76.5% under solar irradiating for 6 h. The results indicated that the dispersants were diminished 

by the photolysis, together with the biodegradation (Zhuang et al. 2016) and dilution (Kujawinski 
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et al. 2011). Therefore, the photolysis promoting effects of dispersants on oil components are not 

long-lasting in marine environment. 

4.4. Conclusions 

This work studied the effects of model oil dispersants on the photodegradation of two model 

PAHs (anthracene and 9,10-DMA) in seawater. The key findings are summarized as follows: 

(1) The tested dispersants, i.e. Corexit EC9500A, Corexit EC9527A and SPC 1000, markedly 

promoted the photolysis rate of the PAHs. The accelerating effects follow the order of: Corexit 

EC9500A > Corexit EC9527A > SPC 1000. 

(2) In the presence of dispersant, the photodegradation rate follows a two-stage, first-order kinetic 

law, with a faster initial photolysis rate; while in the absence of dispersant, the photolysis rate 

obeys the classic first-order rate law with one constant rate constant. Corexit EC9500A 

increased the photolysis rate (k) of anthracene and 9,10-DMA by a factor of 3.8 and 9.1, 

respectively. 

(3) The dispersant components, i.e. Tween 85, Span 80 and kerosene, were found to be the critical 

dispersant components that promote the photolysis rate of the PAHs. Tween 85 enhanced the 

UV absorbance, while kerosene and span 80 enriched the surface PAH concentration, which 

are favorable for the photolysis of PAH. 

(4) Chemically, dissolved oxygen acts as a quencher for the excited states of the organics, thus 

hindering the photolysis of anthracene. Conversely, DO is involved in the formation ROS (e.g. 

1O2) in the presence of oil dispersants, which is beneficial to the photolysis of 9,10-DMA. 
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More anthracene is found to be associated with dispersant than 9,10-DMA, which is favorable 

for directly transferring energy to anthracene; while in case of 9,10-DMA, the energy is more 

likely transferred to oxygen to form 1O2. 

(5) Oil dispersants accelerate the photolysis rates of anthracene and 9,10-DMA but do not change 

their degradation pathways.  

(6) Oil dispersants are subject to photochemical weathering. 

The results provide useful information for understanding the roles of oil dispersants on the 

environmental weathering of persistent oil components in the marine environment. 
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Chapter 5. Platinum-Deposited Anatase/Hexa-Titanate Nanotubes for Enhanced 

Photocatalytic Activity for Phenanthrene Degradation Under Solar Light 

 

This chapter describes the synthesis of a new class of Pt-deposited titanate nanotubes (TNTs) 

as photocatalysts. The mechanisms of enhanced photocatalytic reactivity of the new photocatalysts 

were studied by characterizing the materials, measuring the produced radicals and the extended 

visible irradiation utilization efficiency. Meanwhile, the settling performance and reusability of 

the materials were evaluated. 

5.1. Introduction 

The oil industry produced a huge amount of wastewater (Ahmadun et al. 2009, Kujawski 2009); 

these PAHs contaminated water can be of acute toxicity and persistent, which makes the 

wastewater difficult to be treated by traditional biological methods (Stepnowski et al. 2002). Many 

other methods, e.g. chemical oxidation, electrochemical methods, activated carbon adsorption, and 

solvent extraction, have been applied to removal PAHs in water (Abdelwahab et al. 2009). 

However, these methods are always associated with limits such as low efficiency, high investment, 

high energy or materials consumption (Abdelwahab et al. 2009). Owing to the low cost and high 

efficiency, the photocatalytic degradation of PAHs under solar light is considered a promising 

route for the removal of PAHs from water (Hoffmann et al. 1995). 
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Many photocatalysts, e.g. TiO2, ZnO, BiVO4, have been investigated for photocatalytic 

degradation of PAHs in water (Kohtani et al. 2005, Vela et al. 2012). Ireland et al. (1995) applied 

TiO2 to photocatalytically degrade 16 PAHs in water by UV light, and found the degradation rates 

of PAHs were relatively low. Pal and Sharon (2000) supported the porous TiO2 particles on glass 

substrate to promote the photocatalytic activity, which showed elevated degradation efficiency for 

naphthalene and anthracene removal from water. Vela et al. (2012) compared the effectiveness of 

ZnO and TiO2 for photocatalytic degradation of a mixture of 5 PAHs in groundwater under natural 

sunlight and found that 7−15 min and 18−76 min are required for ZnO and TiO2 to remove 90% 

of the PAHs. Kohtani et al. (2005) compared the pure and Ag-loaded BiVO4 for the photocatalytic 

degradation of 9 PAHs under visible light irradiation. They found that both catalysts enhanced the 

photodegradation efficiency, and that loading of Ag accelerated the •OH production.  

TiO2 has been most commonly employed for its cost effectiveness, non-toxicity, excellent 

activity and stability. Since Fujishima and Honda discovered the photocatalytic splitting of water 

on TiO2 in 1972 (Fujishima and Honda 1972), interest in the application of TiO2 as photocatalyst 

has significantly increased, and it has become the most widely used photocatalyst for 

environmental application nowadays (Sires and Brillas 2012, Theron et al. 2008). In recent years, 

titanate with layered or tubular structures has emerged as a modified version of TiO2 with 

promising photocatalytic activity for decomposition of various organic compounds (Rodriguez-

Gonzalez et al. 2009). 

To enhance the photocatalytic activity, a myriad of efforts have been devoted to developing 

nanoscale or nano-structured materials. When the size of a catalyst is comparable to the de-Broglie 
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wavelength of the charge carriers, e.g. 5−25 nm for TiO2, the diffusion process is negligible for 

the wave function of the charge carriers to spread over the entire particles and to react with the 

surface species, thereby increasing the quantum yield (Antony et al. 2012). In addition to the nano-

effects, the much higher specific surface area (up to 300 m2/g) for these nano-materials provides 

more reactive sites (Zhang et al. 2000). More recently, titanate nanotubes (TNTs), a one-

dimensional (1-D) nano-composite material, have been synthesized through various approaches, 

such as hydrothermal treatment of TiO2, template assisted chemical deposition, and anodic 

oxidation (Antony et al. 2012, Bavykin et al. 2006, Huang and Chien 2013, Ou and Lo 2007a). 

Owning to the strong mechanical strength, high specific surface area, large cation adsorption 

capacity, and high photocatalytic activity, TNTs attracted increasing attention as promising 

photocatalysts (Bavykin et al. 2006, Ou and Lo 2007a, Zhuang et al. 2007). 

Generally, the photocatalytic efficiency of TiO2 or titanate is constrained by two inherent 

processes: 1) recombination of photo-generated holes and electrons within the catalysts (Malato et 

al. 2009), and 2) poor photosensitivity under visible/solar irradiation (Liu et al. 2015a, Veldurthi 

et al. 2015). Moreover, due to the rather broad intrinsic band gaps of TiO2 (3.2 eV for anatase and 

3.0 eV for rutile), the catalysts only absorb UV radiation (wavelength <400 nm), which accounts 

for only ~5% of the sunlight (Afzal et al. 2013, Shankar et al. 2015, Shannon et al. 2008). 

Therefore, researchers have been consistently attempting to modify Ti-based photocatalysts 

through retarding the recombination of electron-hole pairs and narrowing down the band gaps 

(Doong et al. 2013, Liu et al. 2015a, Sung-Suh et al. 2004, Veldurthi et al. 2015, Zhao et al. 2016). 

To this end, various noble metal, e.g. Pt, Au and Ag, had been used as dopants, facilitating 
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production of reactive oxygen species (ROS) and absorption of visible light (Malato et al. 2009, 

Pan et al. 2016, Burgeth and Kisch 2002). Pt is one of the most used dopants for modifying TiO2 

and titanate (Liu et al. 2011). Pt can provide the highest Schottky Barrier among the metal species 

facilitating the electron capture, and produce longer electron-hole pair separation life time (Li and 

Li 2002). Meanwhile, the incorporation of Pt3+ into TiO2 can create a defect energy level, which 

extends visible light absorption (Li and Li 2002). Previous studies revealed that Pt(0)-doped TiO2 

displayed faster photocatalytic oxidation rate of o-cresol than TiO2 (P25) under UV irradiation 

(Chen et al. 2007), and Pt(IV)-modified TiO2 was more active than TiO2 (P25) for 

photodegradation of 4-chlorophenol (Burgeth and Kisch 2002). However, the effects of Pt(0) or 

Pt(VI) on titanate nanotubes have not been reported.  

 The overall goal of this research was to develop and evaluate a new type of platinum-deposited 

TNTs (Pt-TNTs) for photocatalytic degradation of PAHs under solar irradiation. The specific 

objectives were to: 1) synthesize the desired Pt-TNTs nanomaterial and optimize the preparation 

conditions, 2) characterize the new composite material, 3) evaluate the effectiveness of the 

photocatalysts by testing the photodegradation of phenanthrene (as a model PAH), and 4) elucidate 

the underlying mechanisms and roles of Pt based on the material characterization, contribution of 

visible irradiation to the reactivity, and production of ROS. 

5.2. Materials and methods 

5.2.1. Chemicals 
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All chemicals are of analytical grade or higher, and were used as received. TiO2 (P25) was 

purchased from Degussa Corporation (Dusseldorf, Germany), H2PtCl6·xH2O (40% Pt), NaOH, and 

methanol were acquired from Acros Organics (Fair Lawn, NJ, USA). H2O2 was from BDH (West 

Chester, PA, USA); phenanthrene, terephthalic acid, and KI from Alfa Aesar (Ward Hill, MA, 

USA). A stock solution (2 g/L) of phenanthrene was first prepared by dissolving phenanthrene in 

methanol. Deionized (DI) water (18.2 MΩ∙cm) was used in preparing all aqueous solutions. 

5.2.2. Synthesis of Pt-doped TNTs 

Pt-deposited TNTs were synthesized through a two-step method, i.e., hydrothermal conversion 

of TiO2 to TNTs and subsequent Pt deposition. Briefly, 1.2 g TiO2 powder was dispersed in 20 mL 

DI water, magnetically stirred for 20 min, and the sonicated for another 20 min (solution A). 

Meanwhile, a 15 M NaOH solution was prepared by dissolving 29 g NaOH in 47 mL DI water 

(solution B). Then, solutions A and B were mixed and sonicated for 60 min, and the mixture was 

then transferred into a Teflon reactor with stainless steel coating and heated at 130 C for 72 h. 

The resulting white precipitates (TNTs) were washed with DI water until pH ≈ 10, then dispersed 

in 10 mL ethanol and oven-dried at 80 C for 4 h. Pt was then deposited on TNTs by mixing 1 g 

of TNTs with 40 mL of a H2PtCl6 solution at various Pt concentrations (12.5, 25, 125 and 250 

mg/L as Pt). The mixture was shaken at pH 3 for 4 h, when Pt(IV) was completely adsorbed on 

TNTs, the mixture was then purged with N2 for 20 min to remove dissolved oxygen, and 

subsequently, 10 mL of a fresh NaBH4 solution (0.8 g/L) was added into the flask dropwise under 

vacuum and shaking (200 rpm) on a flat-top shaker. The resulting materials (gray to black 

depending on Pt dosage) were then washed with DI water and methanol consecutively (3 times 
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each), and oven-dried at 80 C for 4 h. The catalyst is denoted by Pt(0)-TNTs for typographical 

convenience. For comparison, Pt(IV) loaded TNTs, i.e., Pt(IV)-TNTs, were prepared following 

the same procedure except for the NaBH4 reduction step. The materials were then calcined at 400, 

600 or 800 C, respectively, for 2 h in a muffle furnace, and the resulting materials were referred 

to as Pt(0)-TNTs-xxx or Pt(IV)-TNTs-xxx (where xxx indicates the calcination temperature). For 

comparison, neat TNTs (without Pt) were prepared under the same conditions and calcined at 600 

C. 

5.2.3. Photocatalytic degradation  

The photocatalytic activity of the new catalysts was tested for the photodegradation of 

phenanthrene under simulated solar light. Figure 4-1 shows the experimental setup, which 

includes a sealed glass photo-reactor (250 mL) with a quartz cover and a water circulating system, 

and a Newport 84041A solar simulator (Newport Corp., Irvine, CA USA) equipped with a 450 W 

xenon-ozone free short arc lamp and an air mass 1.5 global filter. The solar intensity in the reactor 

was determined to be 85±0.5 mW/cm2. 

Photocatalytic kinetic tests were conducted under the following conditions: solution volume = 

200 mL, initial phenanthrene = 200 μg/L, catalyst dosage = 0.04 g. The solution pH was adjusted 

to ~7.0 using dilute HCl or NaOH solutions. The mixture was first stirred in dark for 2 h to allow 

for phenanthrene adsorption equilibrium. Subsequently, photodegradation was initiated by 

exposing the reactor to the simulated solar light. At predetermined time intervals, a 1 mL sample 

was taken, and then centrifuged at 6000 rpm (5434 ×g force) for 3 min to remove the solids, and 
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the supernatant was then mixed with methanol (1:1 v/v) and filtered through a 0.22 µm PTFE 

syringe filter (Millipore, Bedford, MA, USA) (addition of methanol minimizes retention of 

phenanthrene by the filter). The filtrate was then analyzed for phenanthrene by an Agilent 1260 

series high-performance liquid chromatography (HPLC, Santa Clara, CA, USA) equipped with 

a Poroshell 120 EC-C18 column (50 × 4.6 mm) and a UV detector using an injection volume of 

80 µL. The mobile phase consisted of 70% acetonitrile, 30% water, and 0.1% phosphoric acid (by 

volume), flow rate was set at 1 mL/min, the column temperature was 30 C, and the detection 

wavelength was 250 nm, which afforded a detection limit of 1.0 µg/L for phenanthrene. Control 

tests were carried out without catalyst but under otherwise identical conditions. 

To evaluate the photocatalytic activity of Pt(0)-TNTs-600 and Pt(IV)-TNTs-600 under only 

visible light, a UV cut-off filter (Institute of Electric Light Source, Beijing, China) was applied on 

top of the photo-reactor to remove irradiation with wavelength <420 nm. Figure 4-2 shows the 

UV-vis absorption spectra of the UV cut-off filter. 

The procedures for testing reusability were identical to the described photocatalytic kinetic 

tests for the first cycle. After the phenanthrene was completely degraded, the catalyst in suspension 

was recovered by filtering through a 0.22 µm PTFE membrane and naturally air-dried, and then 

reused by repeating the procedure for phenanthrene photodegradation. Separate tests showed that 

the air-drying of catalysts did not alter its photocatalytic activity.  
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5.2.4. Measuring Hydroxyl Radicals and H2O2 Production 

The formation of hydroxyl radicals (•OH) with various Ti-based materials was measured by 

the photoluminescence (PL) method using terephthalic acid as a probe molecule, which reacts with 

•OH to form a highly fluorescent product, 2-hydroxyterephthalic acid. The fluorescence intensity 

is proportional to the •OH concentration (Yu et al. 2009). To this end, 0.2 g/L of a catalyst was 

dispersed in 200 mL of a solution containing 0.5 mM terephthalic acid and 2 mM NaOH. After 1 

h irradiation under simulated solar light, the samples were filtered using a 0.22 µm PTFE syringe 

filter, and the PL spectra were obtained using a SpectraMax M2 plate reader (Molecular Devices, 

Sunnyvale, CA, USA) with a 1-cm path quartz cell at an excitation wavelength of 425 nm (Yu et 

al. 2009, Zhao et al. 2016). 

The production of H2O2 was determined by the Ghormley triiodide (I3
-) method, which is based 

on measuring I3
- formed by reaction of I- with photo-catalytically produced H2O2 (Klassen et al. 

1994). Briefly, a solution was prepared by diluting 6.6 g KI, 0.2 g NaOH, and 0.02 ammonium 

molybdate tetrahydrate in 100 mL DI water; and buffer solution was prepared by dissolving 2 g 

KHP in 100 mL DI water. For measuring H2O2, each 1 mL of the solutions were premixed, and 

then 1 mL sample was added and mixed for 5 min. UV absorbance was then measured at 351 nm 

by the SpectraMax M2 plate reader. The detection limit for H2O2 was 1 µM. 

5.2.5. Material characterizations 

The morphology of the new materials was analyzed using Tecnai30 FEG transmission electron 

microscopy (TEM, FEI, Eindhoven, Netherlands) operated at 300 kV, and energy-dispersive X-
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ray spectroscopy (EDS) of the samples were obtained at the same time. The crystalline structure 

of nanomaterials was determined by a Dmax/2400 XRD (Rigaku, Japan) using Cu Kα radiation 

(λ = 1.5418 Å) at a scanning speed (2θ) of 4/min. The elemental compositions and oxidation 

states were determined by an AXIS-Ultra X-ray photoelectron spectroscopy (XPS, Kratos, 

Manchester, UK). The spectra were excited by Al Kα as the X-ray source run at 15 kV and 15 mA. 

The standard C1s peak (Binding energy, Eb = 284.80 eV) was used to eliminate static charge 

effects. The diffuse reflectance UV/Vis absorption spectra (UV-DRS) of the nanomaterials were 

recorded at 298K using a UV-2400 spectrophotometer (Shimadzu, Japan). BaSO4 powder was 

used as the reference material at all energies (100% reflectance), and the reflectance measurements 

were converted to absorption spectra. Fourier transform infrared (FTIR) spectroscopy analysis was 

carried out on a Tensor 27 FT-IR spectrometer (Bruker, Germany). 

The SpectraMax M2 plate reader with a 1-cm path quartz cell was used to quantify the 

gravitational sedimentation rate of the particles in aqueous suspensions (Zhao et al. 2016). Briefly, 

0.02 g of a material was first dispersed in 100 mL of DI water and mixed on a shaker at 30 rpm 

for 24 h, and then the UV absorbance of the suspension was measured as a function of time (Liu 

et al. 2013b).  
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5.3. Results and discussion 

5.3.1. Photocatalytic activity of Pt-TNTs prepared under various conditions 

The photocatalytic activity of Pt(0)-TNTs prepared with different Pt loadings (0.05−1.0 wt.%, 

with a fixed calcination temperature of 600 C) and calcination temperatures (400, 600 and 800 

C, with a fixed Pt loading of 0.1 wt.%) were evaluated in terms of the phenanthrene degradation 

under simulated solar light. The first-order kinetic model was used to interpret the phenanthrene 

degradation kinetic data: 

 0 1ln( / )tC C k t                                                                                                        (Eq. 5-1) 

where C0 and Ct are the phenanthrene concentration (μg/L) at time zero and t (h), and k1 is the 

first-order rate constants (h-1), respectively. 

Figure 5-1 shows the photodegradation kinetic, and Table 5-1 lists the best-fitted parameters 

according to the first-order kinetic models. The first-order model was able to well interpret the 

kinetic data (R2 >0.98). Increasing the Pt dosage from 0.05 to 0.1 wt.% increased the apparent rate 

constant (k1) from 0.10 to 0.12 h-1 (Figure 5-1, Table 5-1). However, further increasing Pt dosage 

to 0.5 and 1.0 wt.% decreased the k1 to 0.10 and 0.08 h-1. Consequently, the optimum Pt loading 

was set at 0.1 wt.%. Generally, Pt at lower dosages acts as an electron trap to inhibit the 

recombination of photo-induced electron-hole pairs; however, too much Pt on the TNTs may act 

as a recombination center for electron-hole pairs or block the active sites (Ou and Lo 2007b). 
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Figure 5-1. Photocatalytic degradation of phenanthrene by various Pt(0)-TNTs synthesized at 

different Pt loadings (a) and calcination temperatures (b). Experimental conditions: phenanthrene 

= 200 μg/L, material dosage = 0.2 g/L, pH = 7.0 ± 0.2, temperature = 25 ± 0.2 oC. 
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Table 5-1. Best-fitted first-order kinetic model parameters for photocatalytic degradation of 

phenanthrene by Pt(0)-deposited TNTs synthesized under various conditions. 

Parameters 

Deposited Pt (wt.%)   Calcination temperature (C) 

0.05 0.10 0.50 1.0   400 600 800 

k1 (h-1) 0.10 0.12 0.10 0.08  0.09 0.12 0.10 

R2 0.98 0.99 0.99 0.10  0.99 0.99 0.99 

 Figure 5-1b shows that increasing the calcination temperature from 400 to 600 C increased 

the k1 value from 0.09 to 0.12 h-1; however, further increasing the calcination temperature to 800 

C lowered the rate constant to 0.10 h
-1. Calcination temperature can affect the morphology and 

structure of TNTs (Lee et al. 2007a). There are two types of dehydration: 1) dehydration of 

intralayered −OH groups, which occurs at lower calcination temperature and has little effect on 

the nanotube length; and 2) dehydration of interlayered −OH groups, which occurs at higher 

temperature and will induce the change of the crystalline form and damage of the tubular structure 

(Lee et al. 2007b). Increasing the calcination temperature leads to stronger crystallization of 

anatase, which exhibits much higher photocatalytic activity than non-calcined TNTs (Lee et al. 

2007b, Yu et al. 2006b). However, too high of a temperature (>700 C) decreases the specific 

surface area of TNTs and convert anatase into rutile, which is a less efficient photocatalyst than 

anatase (Lee et al. 2007b, Yu et al. 2006b). Consequently, the optimum calcination temperature 

was set at 600 C, which is consistent with the finding by Lee et al. (2007b). Based on the 

observations, Pt(0)-TNTs-600 prepared with a Pt dosage of 0.1 wt.% and calcination temperature 

of 600 C was further characterized and tested. 

javascript:void(0);
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5.3.2. Morphology, crystal phases and compositions of Pt-TNTs 

Figure 5-2 presents TEM images Pt(0)-TNTs-600 and the precursor materials. TiO2 (P25) 

was observed as agglomerated particles with a mean size of 20−50 nm (Figure 5-2a), and TNTs 

obtained from the hydrothermal treatment compose of multilayered (4−5 layers) nanotubes with 

an inner diameter of ∼4.5 nm and outer diameter of ∼9 nm (Xiong et al. 2010). The interlayer 

distance of pristine TNTs ∼0.75 nm, which is assigned to the crystal plane of tri-titanate (020) 

(Figure 5-2b) (Chen et al. 2002). Upon calcination at 600 °C, the tubular structure was partially 

broken into shorter nanotubes as well as nanoparticles/nanorods (Figure 5-2c), with a slightly 

reduced interlayer distance of ∼0.7 nm, which is assigned to crystal plane (020) of hexa-titanate 

(confirmed later by XRD) (Liu et al. 2015b, Yang et al. 2011). However, the facets of titanate (020) 

reveals that part of the TNTs survived in the calcination process (Zhao et al. 2016). The formation 

of nanoparticles/nanorods with a crystal distance of 0.35 nm attributed to the facets of anatase (101) 

suggests that TNTs also partially converted to TiO2 (anatase) (Figure 5-2c) (Cai et al. 2015). 

Figure 5-2c reveals some dark dots with a diameter of ~2 nm on Pt(0)-TNTs-600, which are 

ascribed to Pt(0) based on the EDS scan for the materials in the red box (Figure 5-2d). Moreover, 

the EDS spectra also reveal that the main elements of Pt(0)-TNTs-600 are Na, O, Ti and Pt, which 

indicate the Pt is successfully deposited on TNT, which was further confirmed by XRD and XPS 

analyses.  
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Figure 5-2. TEM images of TiO2 (P25) (a), TNTs (b), Pt(0)-TNTs-600 (c), and EDS spectra (d) 

of Pt(0)-TNTs-600. 

Figure 5-3 presents XRD patterns for various Ti-based nanomaterials. The hydrothermal 

treatment completely converted TiO2 (P25, a mixture of anatase and rutile) into titanate (TNTs), 

which is evidenced by the diffraction peaks at ca. 10, 24, 28, 48 and 62 (Liu et al. 2013c, Sun 
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and Li 2003). Moreover, the obtained titanate is a sodium tri-titanate composed of the edge-sharing 

triple [TiO6] octahedrons with H+/Na+ located in the interlayers, and the chemical formula NaxH2-

xTi3O7 (x depends on the sodium content) (Liu et al. 2013a, Liu et al. 2013c, Xiong et al. 2011, 

Zhao et al. 2016). The peak at 10 represents the interlayer distance of TNTs (0.75 nm as shown 

in Figure 5-2b) (Liu et al. 2013c, Sun and Li 2003). Evidently, both Pt(0)-TNTs-600 and Pt(IV)-

TNTs-600 show good crystallinity but different crystalline phases than neat TNTs. While both 

materials showed a sodium hexa-titanate (Na2Ti6O13) crystalline phase, only Pt(0)-TNTs-600 

displayed the anatase crystal structure. The hexa-titanate is represented by the enclosing tunnel 

structures formed by corner- and edge- shared [TiO6] octahedra, while the tri-titanate (Na2Ti3O7) 

is formed with the zigzag ribbon structures consisting of edge-shared [TiO6] octahedral (Inoue et 

al. 1991). During calcination of TNTs, tri-titanate with high sodium content tend to be converted 

to hexa-titanate, while decreasing the sodium content favors conversion to anatase (Lee et al. 

2007b). During the synthesis of Pt(0)-TNTs-600, the washing step after the reduction of Pt(IV) to 

Pt(0) removed part of the Na+ that sorbed on TNTs (9.6 wt.% for Pt(0)-TNTs-600 and 13.1 wt.% 

for Pt(IV)-TNTs-600 measured by XPS shown in Table 5-2). The lower sodium content of Pt(0)-

TNTs-600 resulted in formation of anatase, while the high sodium content in Pt(IV)-TNTs-600 

just led to the conversion of tri-titanate to hexa-titanate. In addition, the Pt(111) peak, which 

belongs to Pt(0), was observed for Pt(0)-TNTs-600, although very weak due to the low Pt loading 

(0.1 wt.%). The interlayer peaks (2θ  10) of tri-titanate (020) were greatly diminished for both 

Pt(0)-TNTs-600 and Pt(IV)-TNTs-600, indicating calcination greatly altered the interlayers of 

TNTs. 
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Figure 5-3. XRD patterns of various Ti-based materials. (TNTs: titanate nanotubes synthesized 

via hydrothermally treatment of TiO2; Pt(IV)-TNTs-600: Pt(IV)-deposited TNTs calcined at 600 

oC; Pt(0)-TNTs-600: Pt(0) -deposited TNTs calcined at 600 oC). 

Figure 5-4 displays the FTIR spectra of four Ti-based nanomaterials. The observed absorption 

bands of TiO2 at 652, 1634, and 3406 cm-1 are assigned to Ti−O, H−O−H (bound water molecule), 

and O−H bonding vibrations (Park and Kang 2005). For TNTs, the bands at 474 and 904 cm-1 are 

attributed to the [TiO6] octahedron and four-coordinate Ti−O stretching vibrations of titanate (Liu 

et al. 2013a, Liu et al. 2013c, Xiong et al. 2011). The FTIR spectra of Pt(0)-TNTs-600 and Pt(IV)-

TNTs-600 are similar to that of TNTs but the Ti−O band is shifted from 904 to 897 cm-1 for Pt(0)-
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TNTs-600, due to interaction of Pt with Ti−O band and formation of Ti−O−Pt (Zhao et al. 2016). 

Moreover, the calcination shifted the [TiO6] octahedron band from 474 to 545 cm-1 for both 

materials, which is attributed to the conversion of tri-titanate to anatase or hexa-titanate (Zhao et 

al. 2016). 

 

Figure 5-4. FTIR spectra of various Ti-based materials. 

XPS survey spectra (Figure 5-5a) indicate that the main elements for the both Pt-TNTs are 

Na, Ti, O, Pt and Cl (Table 5-2). The calculated surface Pt loading based on the XPS results is 

0.11 wt.% for Pt(0)-TNTs-600 and 0.14 wt.% for Pt(IV)-TNTs-600, which is consistent with the 

designed Pt content (0.1 wt.%). In the high resolution spectra for Pt(0)-TNTs-600 (Figure 5-5b), 

the peaks at 70.6 (Pt 4f7/2) and 74.1 eV (Pt 4f5/2) are assigned to Pt(0) (Kuribayashi and Kitamura 

2001, Wang et al. 2005). For Pt(IV)-TNTs-600, two new peaks at 71.7 and 75.4 eV, which are 
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attributed to Pt(II) from PtO, were observed in addition to the Pt(0) peaks (Kuribayashi and 

Kitamura 2001, Wang et al. 2005); yet, no peaks for Pt(IV) were observed (Jin et al. 2003), 

indicating that Pt(IV) was converted to Pt(II) and Pt(0) during the calcination process (Ghita et al. 

2012, Jin et al. 2003). The following reactions may describe the thermal decomposition of Pt(IV)-

TNTs at 600 C: 

Ti≡Pt(IV)O2 → Ti≡Pt(II)O + 1/2O2                                                                   (Eq. 5-2) 

Ti≡Pt(II)O → Ti≡Pt(0) + 1/2O2    (Eq. 5-3) 

where “Ti≡” represents the TNTs which support the deposited Pt.  

  

Figure 5-5. XPS survey spectra (a) and high resolution of Pt 4f (b) for Pt(0)-TNTs-600 and Pt(IV)-

TNTs-600. 
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Table 5-2. Elemental weight percentages in Pt(0)-TNTs-600 and Pt(IV)-TNTs-600.  

Material  

 Element atomic ratio (wt.%)  

Na O Ti Pt Cl 

Pt(0)-TNTs-600 9.6 45.3 43.2 0.11 1.8 

Pt(IV)-TNTs-600 13.1 44.8 39.9 0.14 2.0 

 

5.3.3. Photocatalytic degradation of phenanthrene by various Ti-based materials 

Figure 5-6 shows the photocatalytic degradation of phenanthrene by various Ti-based 

nanomaterials, including the precursor TiO2, neat TNTs, Pt(0)-TNTs, TNTs calcined at 600 oC 

without Pt (TNTs-600), Pt(0)-TNTs-600 and Pt(IV)-TNTs-600. Table 5-3 gives the best-fitted 

first-order kinetic model parameters. Pristine TiO2 is a well-known photocatalyst under UV light, 

but insensitive to visible light. As a result, only 30% phenanthrene at 10 h (k1 = 0.04 h-1) was 

degraded under solar light, which contains ~5% UV. Neat TNTs showed the lowest photocatalytic 

activity (k1 = 0.02 h-1) due to rapid recombination of the electron-hole pairs (Kim et al. 2012, Lee 

et al. 2007a, Yu et al. 2006a, Zhao et al. 2016). The uncalcined Pt(0)-TNTs showed little 

improvement of the photo-activity. Calcined TNTs without Pt (TNTs-600) displayed a 50% greater 

photocatalytic activity than TNTs (k1 = 0.03 h-1), due to formation of anatase/hexa-titanate (Lee et 

al. 2007b, Yu et al. 2006b, Zhao et al. 2016). Pt(0)-TNTs-600 showed the highest activity, with a 

k1 value being 3 times of that for TiO2 and 6 times of TNTs under solar light. Pt(IV)-TNTs-600 

also exhibited high photo-activity, though the k1 value was only half that for Pt(0)-TNTs-600, 

suggesting that Pt(0) is more effective than Pt(II). 
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Figure 5-6. Photocatalytic degradation of phenanthrene by various Ti-based materials (a), and 

linearized first-order model fittings of the kinetic data (b). Experimental conditions: initial 

phenanthrene = 200 μg/L, material dosage = 0.2 g/L, pH = 7.0 ± 0.2, temperature = 25 ± 0.2 oC. 
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Table 5-3. Best-fitted first-order kinetic model parameters for photocatalytic degradation of 

phenanthrene by various Pt-based nanomaterials. 

Material   k1 (h-1)                                     R2 

Without material  0.01 0.83 

Pt(0)-TNTs-600  0.12 0.99 

Pt(IV)-TNTs-600  0.06 0.90 

Pt(0)-TNTs  0.02 0.91 

TNTs-600  0.03 0.87 

TNTs  0.02 0.81 

TiO2 (P25)  0.04 0.91 

 

5.3.4. Mechanisms for enhanced photocatalytic activity of Pt-deposited TNTs 

Figure 5-7 presents the DRS UV-vis spectra of TNTs, Pt(0)-TNTs-600 and Pt(IV)-TNTs-600. 

The optical energy gaps (Eg) of the tested materials were calculated following the Kubelka-Munk 

method (Feng et al. 2015, Zhao et al. 2016). The absorption edges of both Pt(0)-TNTs-600 and 

Pt(IV)-TNTs-600 show a red shift to the visible light region compared to neat TNTs. A narrowed 

Eg was found for Pt(0)-TNTs-600 (3.1 eV) and Pt(IV)-TNTs-600 (3.3 eV), as compared to 3.4 eV 

for TNTs. In addition, Pt(0)-TNTs-600 exhibited the highest absorbance in the visible region, 

suggesting the good photocatalytic activity under visible light. The absorbance peak at 401 nm for 

Pt(0)-TNTs-600 can be attributed to the deposited Pt(0) in the band gap of TiO2, which derives a 

new electronic state below the band gap (Driessen and Grassian 1998). Therefore, incorporation 
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of Pt in TNTs altered the e-donor levels, which facilitates the transfer of the photo-generated 

electrons and inhibit recombination of electron-hole pairs (Zhao et al. 2016). 

 

Figure 5-7. DRS UV-vis spectra of TNTs, Pt(0)-TNTs-600 and Pt(IV)-TNTs-600. 

To verify the enhanced photocatalytic activity of the new catalysts under visible light, the 

degradation of phenanthrene under visible irradiation was compared with that under solar 

irradiation. Figure 5-8 shows that that the total phenanthrene degradation at 10 h under solar light 

was 24.6%, 41.7% and 68.1% in the presence of TNTs-600, Pt(IV)-TNTs-600 and Pt(0)-TNTs-

600, respectively. Under the visible light only, almost no photodegradation of phenanthrene (<3%) 

was observed with TNTs-600; however, the visible radiation contributed 68.1% and 48.9% to the 

total phenanthrene degraded in the presence of Pt(IV)-TNTs-600 and Pt(0)-TNTs-600, 
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respectively. The much higher contribution of UV light for Pt(0)-TNTs-600 can be attributed to 

the more efficient utilization of UV by the anatase phase. For both cases, the Pt deposition 

dramatically enhanced the visible light activity of the nanomaterials, which agrees with the 

observed shift of DRS UV-vis spectra. 

 

Figure 5-8. Contributions of UV and visible irradiation toward photocatalytic degradation of 

phenanthrene by different Ti-based materials. Experimental conditions: initial phenanthrene = 200 

μg/L, material dosage = 0.2 g/L, pH = 7.0 ± 0.2, temperature = 25 ± 0.2 oC, reaction time = 10 h. 

Pt(0)-TNTs-600 far outperformed Pt(VI)-TNTs-600 in the phenanthrene photodegradation, 

which can be attributed to some fundamental differences in their functional compositions. First, 

Pt(0)-TNTs-600 contains both anatase and hexa-titanate, while Pt(IV)-TNTs-600 has only hexa-
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titanate. Anatase from tri-titanate promotes the production of more electron-hole pairs than hexa-

titanate, resulting in greater quantum yield for Pt(0)-TNTs-600. Second, Pt(0) is an excellent 

conductor, which can more efficiently transfer photo-generated electrons than PtO. It is 

noteworthy that hexa-titanate has higher photocatalytic activity than tri-titanate due to the tunnel 

structures of [TiO6] octahedra, but weaker than TiO2 (Inoue et al, 1994). 

Production of ROS, i.e. •OH and H2O2, was determined to further elucidate the underlying 

mechanisms. Figure 5-9 shows the PL spectra of terephthalic acid in the presence of various 

nanomaterials under solar irradiation, which indirectly shows the amount of •OH produced with 

the photocatalysts. The fluorescence intensity follows the order of: Pt(0)-TNTs-600 >Pt(IV)-

TNTs-600 >TiO2 (P25) >TNTs-600 >Pt(0)-TNTs >TNTs, which is consistent with the 

phenanthrene degradation rate. Evidently, •OH radicals play an important role in facilitating the 

photocatalytic degradation of phenanthrene for both Pt(0)-TNTs-600 and Pt(IV)-TNTs-600. In 

addition, production of H2O2 under solar light follows the sequence of: Pt(0)-TNTs-600 >Pt(IV)-

TNTs-600 >TNTs (shown in Figure 5-10), confirmed the higher photocatalytic activity of TNTs 

after Pt deposition. 
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Figure 5-9. PL spectra of various Ti-based materials under solar irradiation. Experimental 

conditions: material dosage = 0.2 g/L, pH = 7.0 ± 0.2, temperature = 25 ± 0.2 oC, no phenanthrene 

was added.  
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Figure 5-10. Formation of H2O2 in various nanomaterial suspensions under solar irradiation. 

Experimental conditions: material dosage = 0.2 g/L, pH = 7.0 ± 0.2, temperature = 25 ± 0.2 oC, no 

phenanthrene was added. 

Figure 5-11 depicts the key mechanisms for the enhanced photocatalytic activity of Pt(0)-

TNTs-600 and Pt(IV)-TNTs-600. Under solar irradiation, both TiO2 (anatase) and TNTs (mainly 

hexa-titanate) can generate a conduction band (e-, electrons) and a valence band (h+, holes) (Eq. 

5-4 and 5-5). However, the pristine TiO2 and titanate are not active under visible light due to their 

relatively high band gaps (Veldurthi et al. 2015, Zhao et al. 2016). Moreover, the photo-generated 

electron-hole pairs on titanate are susceptible to recombination, resulting in a low quantum yield 

(Li et al. 2015). In contrast, for Pt(0)-TNTs-600, the electrons can be immediately transferred to 
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the deposited Pt metal upon excitation (Eq. 5-6), thus inhibiting the electron-hole recombination; 

for Pt(IV)-TNTs-600, besides the Pt(0)-facilitated electron transfer, Pt in PtO can act as a 

photocatalysis center (Eq. 5-7) (Hu et al. 2015), where electrons exited on the conduction band of 

PtO migrate to the conduction band of TiO2 due to their conduction band offset (Eq. 5-7 and 5-8), 

thus electron-hole recombination for both PtO and TiO2 is suppressed due to electrons trapping on 

TiO2 and holes on PtO (Eq. 5-8 and 5-9) (Hu et al. 2015), resulting in enhanced photocatalytic 

activity. In addition, for both Pt(0)-TNTs-600 and Pt(IV)-TNTs-600, the deposited Pt lies in their 

band gaps, which may derive new electronic states below the band gaps (Driessen and Grassian 

1998, Schierbaum et al. 1996), and thus extends the absorbance to the visible region. The electrons 

can react with electron acceptors, e.g., O2, to form superoxide radicals (•O2
-), and further to HOO• 

(Eq. 5-10 and 5-11) (Driessen and Grassian 1998). The holes can oxidize water molecules and 

oxygen into ROS (e.g., •OH and H2O2) (Eq. 5-12 and 5-13), which are responsible for degradation 

of phenanthrene (Eq. 5-14). Meanwhile, phenanthrene can also be directly attacked by holes to 

produce phenanthrene+•, which is further degraded via Eq. 5-15) (Kou et al. 2009). 

Pt(0)-TNTs-600 + hv → anatse/hexa-titanate* (eTi
- + hTi

+)   
(Eq. 5-4) 

Pt(IV)-TNTs-600 + hv → hexa-titanate* (eTi
- + hTi

+)  
(Eq. 5-5) 

Pt(0) + eTi
-→ Pt(0)−eTi

- (electron transfer)  
(Eq. 5-6) 

PtO + hv →PtO* (ePt
- + hPt

+)   
(Eq. 5-7) 

TiO2/titanate* + ePt
-  →TiO2/titanate*−ePt

- (electron trap)                 
(Eq. 5-8) 
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PtO* + hTi
+ → PtO*−hTi

+  (hole trap)  
(Eq. 5-9) 

O2 + e- → •O2
-   

(Eq. 5-10) 

•O2
- + H+ → HOO•  

(Eq. 5-11) 

H2O + h+ →•OH + H+  
(Eq. 5-12) 

•OH+ •OH→ H2O2 
(Eq. 5-13) 

phenanthrene + ROS (∙OH, ∙O2
-, HO2∙, H2O2) → intermediates → products 

(Eq. 5-14) 

phenanthrene + h+ → phenanthrene+• → intermediates → products (Eq. 5-15) 
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Figure 5-11. Schematic illustration of enhanced photocatalytic activity of Pt(0)-TNTs-600 (a) and 

Pt(IV)-TNTs-600 (b). 

 

5.3.5. Reusability of Pt doped TNTs 

Reusability of photocatalysts is crucial for cost-effective application of the technology in water 

treatment. Figure 5-12 shows that Pt(0)-TNTs-600 can be more easily separately from water. For 

instance, after gravitational settling for 8 h, 91.5% of Pt(0)-TNTs-600 was removed, compared to 

79.5% for TNTs, and only 4.4% for the commercial TiO2. The good sedimentation performance 
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is attributed to the tubular structure, higher density, and large aggregated particle size (Liu et al. 

2013a, Zhao et al. 2016).  

 

Figure 5-12. Sedimentation kinetics of TiO2, TNTs and Pt(0)-TNTs-600 under gravity settling. 

Experimental conditions: material concentration = 0.2 g/L, pH = 7.0, temperature = 25 ± 0.2 C. 

Figure 5-13 presents phenanthrene photodegradation kinetics over 6 cycles of repeated uses 

of the same Pt(0)-TNTs-600. The 24-h phenanthrene degradation showed only a slight drop 

(~3.7%) in the second cycle, remained identical thereafter (Table 5-4). The observation indicates 

that the photodegradation process also completely regenerates the catalyst, granting it long-lasting 

photocatalytic activity. In addition, no Pt leaching was detected over the 6 cycles of operations, 

indicating high physico-chemical stability of the catalyst. 
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Figure 5-13. Photocatalytic degradation of phenanthrene using the same Pt(0)-TNTs-600 over 6 

consecutive runs. Experimental conditions: initial phenanthrene concentration in each cycle = 200 

μg/L, material dosage = 0.2 g/L, pH = 7.0 ± 0.2, temperature = 25 ± 0.2 C. 
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Table 5-4. Apparent rate constants (k1) and phenanthrene removal efficiency (R) by Pt(0)-TNTs-

600 over 6 cycles of consecutive runs. 

Cycles k1 (h-1) R (%) 

1 0.11 93.8 

2 0.10 90.1 

3 0.10 89.8 

4 0.09 90.0 

5 0.09 89.1 

6 0.10 91.7 

 

Table 5-5. Materials costs of Ti-based nanomaterials. 

  TiO2 (P25) H2Cl6Pt NaBH4 NaOH Total cost ($) 

Unit price ($/kg)  30 3600 5 0.37  

  

 Consumption 

(kg) 

  

TiO2 (P25) 1 0 0 0  

TNTs  1 0 0 24.17  

Pt(IV)-TNTs-600 1 0.0025 0 24.17  

Pt(0)-TNTs-600 1 0.0025 0.00388 24.17  

  

Cost 

($) 

  

TiO2 (P25) 30 0 0 0 30 

TNTs  30 0 0 8.95 38.95 

Pt(IV)-TNTs-600 30 9 0 8.95 47.95 

Pt(0)-TNTs-600 30 9 1.5 8.95 49.45 
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The material costs of the Pt(IV)-TNTs-600 and Pt(0)-TNTs-600 are only about 60% and 65% 

higher than the commercial TiO2 (P25) based on the wholesale price on the market (shown in 

Error! Not a valid bookmark self-reference.), but their phenanthrene removal rates increased by 

the factors of 150% and 300%, respectively. Therefore, the Pt(0)-TNTs-600 is a promising 

photocatalyst for the degradation of PAHs. 

5.4. Conclusions 

This work synthesized, characterized and tested a new class of Pt-deposited TNTs 

photocatalysts for highly efficient photocatalytic degradation of phenanthrene under solar light. 

The key findings and conclusions are summarized as follows:  

(1) A new class of Pt-deposited TNTs were successfully synthesized via a simple three-step 

process: hydrothermal treatment of TiO2, deposition of Pt, and calcination at 600 oC. The 

optimum Pt dosage was 0.1 wt.%, and calcination temperature was 600 oC.  

(2) Both Pt(0)-TNTs-600 and Pt(IV)-TNTs-600 exhibited high photocatalytic activity for 

degradation of phenanthrene under solar light, with a first-order rate constant (k1) being 3 and 

1.5 times of that of the parent TiO2.  

(3) Pt(0)-TNTs-600 outperformed Pt(IV)-TNTs-600 in catalyzing phenanthrene degradation. 

During the calcination process, tri-titanate was converted to anatase and hexa-titanate in Pt(0)-

TNTs-600, but only hexa-titanate in Pt(IV)-TNTs-600. The extra anatase is photo-catalytically 

more active than hexa-titanate. Moreover, the calcination also converted Pt(IV) in Pt(IV)-

TNTs-600 into PtO (majority) and Pt(0) (minority). For both materials, Pt(0) transfers the 

excited electrons, thereby inhibiting the electron-hole recombination; for Pt(IV)-TNTs-600, 
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PtO acts as an electron-hole trap, which also inhibits the recombination of electron-hole pairs 

though less effective than Pt(0).  

(4) DRS UV-vis spectra revealed that Pt(0)-TNTs-600 and Pt(IV)-TNTs-600 give a narrower 

optical energy gap of 3.1 and 3.3 eV, respectively, compared to 3.4 eV of TNTs, resulting in 

the much enhanced photocatalytic activity under visible light of these nanomaterials. 

(5) Pt(0)-TNTs-600 can be separated through gravity-sedimentation, and reused in multiple cycles 

of operations without loss in the photocatalytic activity. 

Overall, Pt(0)-TNTs-600 represents a significant step forward in development of novel 

photocatalysts for environmental cleanup uses, and the new material appears promising for more 

cost-effective photocatalytic degradation of persistent organic pollutants under solar light. 
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Chapter 6. Conclusions and Recommendations for Future Research 

 

6.1. Summary and conclusions 

Oil and associated pollutants have frequently been released into marine environments through 

oil spills and via discharge of wastewater by the oil industry. Dispersant has regularly been applied 

to mitigate the adverse effects of oil spills. In this study, a new method was proposed to measure 

the dispersant concentration in seawater, and the effects of dispersants on the sediment-facilitated 

transport of oil, as well as on the photodegradation of oil-related pollutants that have been 

emulated. Moreover, a new class of catalysts was synthesized and tested for photocatalytic 

degradation of phenanthrene in the water phase. The results of the research are summarized below: 

A new method was developed to determine concentration of Corexit EC9500A, and other 

likely oil dispersants, in seawater. The method can accurately analyze Corexit EC9500A in the 

concentration range of 0.5−23.5 mg/L. Minor changes in solution salinity (<0.3%), pH (7.9−9.0), 

and dissolved organic matter (<2.0 mg/L as TOC) had negligible effects on the measurements. 

Moreover, effects of extracts from marine sediments were negligible, and thus, the method may 

be directly applied to seawater-sediment systems. The method accuracy was confirmed by 

comparison with direct TOC analysis. This simple, fast, economical method offers a convenient 
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analytical tool for quantifying complex oil dispersants in water/seawater, which has been desired 

by the oil spill research community and industries. 

The effects of three model oil dispersants (Corexit EC9527A, Corexit EC9500A and 

SPC1000) on settling of fine sediment particles as well as particle-facilitated distribution and 

transport of oil components in sediment-seawater systems were investigated. All three dispersants 

enhanced settling of sediment particles. The nonionic surfactants (Tween 80 and Tween 85) play 

key roles in promoting particle aggregation, yet the effects varied with environmental factors (pH, 

salinity, DOM, and temperature). The strongest dispersant effect was observed at neutral or 

alkaline pH and in a salinity range of 0−3.5 wt.%. The presence of water accommodated oil and 

dispersed oil accelerated settling of the particles. Total petroleum hydrocarbons in the sediment 

phase were increased from 6.9% to 90.1% in the presence of Corexit EC9527A, and from 11.4% 

to 86.7% for PAHs. This information is useful for understanding roles of oil dispersants in the 

formation of oil-sediment aggregates and in the sediment-facilitated transport of oil and PAHs in 

marine eco-systems. 

The effects of oil dispersants on photodegradation of anthracene and 9,10-DMA in marine 

environment were studied. All three dispersants, i.e. Corexit EC9500A, Corexit EC9527A and 

SPC1000, promoted the photolysis rate of 9,10-DMA, following the order: Corexit EC9500A 

>Corexit EC9527A >SPC 1000. Span 80, Tween 85 and kerosene were found the key dispersant 

components, which enhance the photodegradation by boosting absorbance of solar radiation and/or 

dispersing more PAHs in the upper layer of the water column. The DO decreased the 

photodegradation rate of anthracene, indicating that the O2 may act as quencher for the excited 
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state of anthracene or organic matters. Conversely, the DO increased the photolysis rate of 9,10-

DMA, indicating that the O2 is involved in the 9,10-DMA degradation, and experiments also 

showed that the 1O2 contributed to the 9,10-DMA degradation. The photolysis pathway of 

anthracene and 9,10-DMA showed no difference in the presence or absence of dispersant. 

Meanwhile, the dispersants have been found to undergo photodegradation under solar light. The 

results provide useful information for understanding the roles of oil dispersants on the 

environmental weathering and fate of persistent oil components in a marine environment, as well 

as the fate of oil dispersants. 

A new type of photocatalyst, referred to as Pt-deposited anatase/hexa-titanate nanotubes, was 

prepared through a two-step process: hydrothermal treatment and subsequent calcination. The 

composite material was thoroughly characterized and tested for photocatalytic degradation of 

phenanthrene (a prototype polycyclic aromatic hydrocarbon) under simulated solar light. The 

material (Pt(0)-TNTs-600) prepared with a Pt(0) dosage of 0.1 wt.%) and a calcination temperature 

of 600 oC showed the highest photocatalytic activity for degrading phenanthrene. The apparent 

rate constant (k1) was determined to be 0.12 h-1, which was ca. 3 times higher than that for the 

standard TiO2 (P25). TEM, XRD, FTIR and XPS analyses indicate that Pt(0)-TNTs-600 is a 

composite of anatase, hexa-titanate and deposited metallic Pt, where the deposited Pt facilitates 

the transport of photo-generated electrons, thus inhibiting recombination of the hole-electron pairs. 

Moreover, DRS UV-vis analysis revealed a narrower optical energy gap of 3.1 eV for Pt(0)-TNTs-

600 compared to 3.4 eV for the pristine TNTs, resulting in enhanced absorbance in the visible light 

region. The new photocatalyst could also produce more reactive oxygen species (mainly •OH and 
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H2O2) than P25 and pristine TNTs. The material can be reused in multiple cycles of water treatment 

operations (almost no activity loss after 6 consecutive cycles). The new photocatalyst appears 

promising for efficiently photodegrading a host of important organic pollutants in water under 

solar light. 

6.2. Contributions and limitations 

The contributions of the research are summarized below:   

(1) The new surface-tension based method developed in this study is a convenient and useful 

alternative tool for researchers and practitioners for quantitative analysis of complex oil 

dispersants in aquatic systems.  

(2) The effects of oil dispersants on the photolysis and sediment-associated transport of oil 

contaminants are quantified, which provide useful information for understanding the roles of oil 

dispersants on the fate of persistent oil components in the marine environment.  

(3) Pt(0)-TNTs-600 represents a significant step forward in development of novel photocatalysts 

for waste treatment, and the new material appears to be a promising and cost-effective technology 

for photocatalytic degradation of persistent organic pollutants. 

However, the research has some limitations: 

(1) The dispersants or dispersants components concentration used in the research, i.e. 18 mg/L, is 

much higher than the value observed in marine systems. For example, the dispersant detected near 

the well head of DwH site are in the range of 10−100 µg/L (Kujawinski et al. 2011). 
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(2) This study only focused on the physical and chemical process of oil transport in marine 

environment. However, the biological processes, e.g. formation of marine snow, can alter the oil 

transport. 

(3) The suspended sediment particles concentration (12 g/L) that used in experiment is much 

higher than the values frequently observed in marine systems. The concentration of suspended 

particles in deep ocean is almost negligible, and typical shoreline suspended particles 

concentration measured in this study were in the range of 0.5 to 32 mg/L. 

(4) Further characterization methods are needed to investigate the enhanced visible light activity 

of the new photocatalyst. 

6.3. Recommendations for future work 

This study investigated the effects of oil dispersants on transport and photolysis of oil 

contaminants, and a new class of catalysts on the enhanced photocatalytic degradation of PAHs 

under solar radiation. There are still a number of scientific issues that require further investigations, 

and the specific recommendations for future work are made as follows: 

(1) The surface tension method that was used for determining Corexit EC9500A concentration 

in seawater may be extended for measuring other dispersants’ or surfactants’ concentrations in 

seawater and fresh water. Further effort is needed to verify the effectiveness of this method for 

measuring the concentration of other dispersants or surfactants in both seawater and fresh water. 
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(2) Some bio-related particles in marine system, e.g. marine snow, are responsible for the 

transport of related contaminants. Therefore, the effects of oil dispersants on their formation and 

settling performance may need to be studied. 

(3) The intermediates that are produced from the photocatalytic degradation of PAHs can be 

more toxic than PAHs themselves. The extent of PAHs photodegradation, e.g. complete 

mineralization, needs to be considered, and the toxicity of treated effluent needs to be assessed. 

(4) The high cost of new photocatalysts always restricts their practical application. The catalyst 

preparation method could be further optimized to cut back the energy and material cost. For 

instances, the hydrothermal temperature may be elevated to decrease the reaction time, the NaOH 

solution can be recycled, etc. 

(5) Many nanomaterials, e.g. carbon nanotubes, carbon nanofibers, carbon nanoparticles 

(Magrez et al. 2006), quantum dots, gold and silver nanoparticles (Srivastava et al. 2015), are 

reported to be toxic to microorganisms. However, to the best of our knowledge, there is no 

published study that reveals the fate, transport and toxicity of TNTs in the environment. Therefore, 

studies are needed for evaluating the ecological risk of the TNTs. 
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Abstract  

Zero valent iron (ZVI) nanoparticles have been extensively studied for reductive degradation 

of nitrobenzene (NB) in water phase. However, little is known about the effectiveness of polymer-

stabilized ZVI nanoparticles on NB degradation. In this study, a food-grade and low-cost 

polysugar, carboxyl methyl cellulose (CMC), was used to stabilize ZVI nanoparticles through a 

pre-aggregation method. The feasibility and efficiency of NB reduction by the CMC-stabilized 

ZVI nanoparticles in water and soil phase were investigated. The results showed the CMC-

stabilized ZVI nanoparticles could overcome the rate-limiting step of surface mass transfer, which 

greatly limit the efficiency of non-stabilized ZVI. CMC-stabilized ZVI nanoparticles showed a 

high NB reduction rate (kapp = 0.643 min-1), which was approximately 3.7 times faster than the 

non-stabilized ZVI nanoparticles. That the presence of DOM decreased NB reduction rate was 

mainly due to inhibition of the mass transfer of NB to ZVI nanoparticles surface and competitive 

reaction with target NB. Higher pH (>8) is favorable for NB reduction because more Fe(OH)+ was 

formed. A rarely detected but important compound (phenylhydroxylamine) was identified in the 

NB reductive degradation process, and the primary rate-limiting step for NB reduction was the 

conversion of nitrosobenzene to phenylhydroxylamine. Sorption isotherm of NB on the tested 

potting soil can be well fitted by a dual-mode model, and the desorption of NB showed significant 

hysteresis. The CMC-stabilized ZVI nanoparticles could completely reduce the soil-sorbed NB at 

ZVI dosage of 0.6 g/L. The findings in this work indicate that the CMC-stabilized ZVI 

nanoparticles display a high efficiency for NB reduction in both aqueous and soil phases, and hold 

the potential to facilitate in-situ remediation of NB-contaminated soil and groundwater.  
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1. Introduction 

Nitrobenzene (NB) has been widely used in herbicides, insecticides, explosives, 

pharmaceuticals, and dyes (Rodriguez et al. 2002, Wang et al. 2011). NB is prone to contaminate 

surface and groundwater by improper disposal or accidents (Kuscu and Sponza 2009, Tong et al. 

2011). According to the U.S. Environmental Protection Agency (EPA) released data, about 416 

tons of NB were released to the environment in 1992, of which approximate 94.32% was 

introduced into underground injection sites (USEPA 1995). In 2005, an explosion of petrochemical 

plant in Jilin, China discharged approximately 100 tons of toxic chemicals (NB as the main 

component) into the Songhua River (Wang et al. 2012, Zhu et al. 2007), and the NB concentration 

was found as high as 0.581 mg/L in the river even after dilution (Zhu et al. 2007). The U.S. EPA 

conducted a survey on NB levels in the effluents from 4000 publicly owned treatment works and 

industrial sites. The survey revealed that the NB contamination is associated with wastewaters 

from organic chemicals and plastics industries, with NB concentrations as high as 190 mg/L 

(Jameson et al. 2002, World Health Organization (WHO) 2003). NB is of moderate to low toxicity 

to aquatic and terrestrial organisms, the LC50 (50% lethal concentration) for freshwater organisms 

range from 2 to 156 mg/L (Kuscu and Sponza 2009). This chemical is classified as a likely human 
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carcinogen by any route of human exposure according to a carcinogenicity test conducted by U.S. 

EPA (USEPA 1998). NB has been listed as a priority pollutant by U.S. EPA (USEPA 2014), and 

strict limitations in environment have been introduced, e.g. the maximum allowable concentration 

is 1 mg/L in wastewater in the U.S. (USEPA 1980), and 17 μg/L in drinking water in both U.S. 

(National Toxicology Program 2011, USEPA 2004) and China (Zhang and Chen 2009). 

To mitigate human exposure, researchers have tested numerous engineered technologies to 

degrade NB in water, such as photocatalysis (Jo et al. 2014), supercritical oxidation (Arslan-Alaton 

and Ferry 2002, Jo et al. 2014), combined Fenton and photochemical oxidation (Rodriguez et al. 

2000), and ultrasound-enhanced zero-valent iron (ZVI) reduction (Hung et al. 2000). Although NB 

can be either oxidized or reduced, reductive degradation is much more favorable than the oxidation 

process either biotically or abiotically due to the electron-deficient character of the nitro-group 

(NO2
-) (Zhang et al. 2007). When subjected to reduction, e.g. by ZVI (Zhang et al. 2013) or 

photocatalytic reduction (Roy et al. 2013), the primary product, aniline, is more prone to further 

biodegradation (Wang et al. 2011).  

Reductive degradation of NB using ZVI powder or synthesized ZVI particles has been 

extensively investigated for more than 70 years (Chen et al. 2011, Hazlet and Dornfeld 1944). In 

1944, Hazlet and Dornfeld (1944) used a HCl activated granulate iron (40 mesh) to reduce NB and 

other aromatic nitro compounds dissolved in benzene, the aniline hydrochloride was identified as 

the final product of NB reduction by means of melting point. Mu et al. (2004) studied the 

degradation of NB by iron particles (diameter <0.85 mm) at various pH values, and found that 

formation of aniline followed zero-order kinetics with a maximum aniline formation rate of 0.016 
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mM/min at the optimum pH (3.0). Agrawal and Tratnyek (1996) used an 18−20 mesh acid-washed 

iron (33.3 g/L) to reductively degrade NB under anaerobic condition, and found that the reduction 

of both NB and nitrosobenzene (an intermediate) followed first order law (with pseudo-first-order 

rate constant of kapp = 0.035 and 0.034 min-1, respectively). Their study also showed that the 

reduction rate increased linearly with iron surface area concentration, giving a specific reaction 

rate constant of 3.9 ×10-2 min-1 m-2 L (Agrawal and Tratnyek 1996). Huang and Zhang (2006) 

found that a stratified iron corrosion coating (lepidocrocite) was formed on the ZVI particle during 

the reduction of NB, which blocked active surface sites and thus limited further reduction of NB. 

Therefore, the reduction rate of NB by ZVI powder is primarily limited by the effective surface 

area of iron, so the application of ZVI nanoparticles may provide faster degradation kinetics due 

to the larger surface area and higher reactivity. 

ZVI nanoparticles were extensively studied for the reductive degradation of NB in the aqueous 

phase (Dong et al. 2015, Ling et al. 2012, Sun et al. 2010). However, due to the strong van der 

Waals and magnetic interactions, synthetic non-stabilized ZVI nanoparticles tend to aggregate 

rapidly into micro-millimeter scale aggregates, which not only reduces their specific surface area, 

but also soil deliverability. As a result, non-stabilized ZVI particles cannot be directly delivered 

into contaminated aquifers to facilitate in situ remediation of contaminated soil and groundwater. 

To prevent particle aggregation and maximize the reactivity, various stabilization techniques have 

been developed. For instances, Tong et al. (2011) immobilized ZVI nanoparticles on a nylon 

membrane to treat NB in groundwater, where the ZVI nanoparticles exhibited a high reactivity 

(kapp = 2.28 h-1) toward NB at the iron dosage of 32.5 mg/L. They found that both ZVI nanoparticles 
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and Fe2+ were responsible for the reduction. Likewise, Ling et al. (2012) loaded ZVI nanoparticles 

on an ordered mesoporous carbon (OMC) to remove NB in water, the composite material showed 

enhanced removal efficiency due to synergistic adsorption and reduction effects. 

Supporting of ZVI nanoparticles on templates, e.g. on PVA microspheres (Bai et al. 2009), 

organobentonite (Ren et al. 2014) and montmorillonite (Jia and Wang 2013), are reported to 

mitigate aggregation. This results in higher reactivity of NB degradation in the aqueous phase, but 

the supported particles cannot be delivered into contaminated aquifers. To facilitate soil delivery 

of ZVI nanoparticles for in situ degradation, He et al. (2007) developed stabilization techniques 

using water soluble starch or carboxymethyl cellulose (CMC) as a “green” and low-cost stabilizer. 

CMC is a modified polysaccharide carrying dense carboxymethyl groups with a pKa value of 4.3. 

Due to its strong interactions with the ZVI surface and high negative charges, CMC can effectively 

stabilize ZVI nanoparticles through concurrent steric and electrostatic repulsion interactions. Many 

bench- and field-scale studies have demonstrated that CMC-stabilized ZVI nanoparticles are not 

only more reactive than their non-stabilized counterparts, but also more deliverable in soil. For 

instance, the TCE degradation rate by CMC-stabilized ZVI nanoparticles (doped with palladium) 

was reported to be 17 times faster than the non-stabilized counterparts in aqueous phase, and 

column tests showed that the CMC-stabilized nanoparticles can be readily transported in a loamy 

sand soil (He et al. 2007). Moreover, a single well push-pull test in the field confirmed that the 

CMC-stabilized ZVI nanoparticles were mobile in saturated sediments, but appeared to lose 

mobility with time due to the interactions with sediments (Bennett et al. 2010). In a pilot-scale 

field experiment (He et al. 2010), CMC-stabilized ZVI nanoparticles were tested for in situ 
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destruction of various chlorinated solvents in the subsurface. The results showed that CMC-

stabilized ZVI can be delivered into contaminated source zone under gravity (<5 psi), and the 

nanoparticles showed nearly the same transport pattern as the tracer when monitored at ~3 m 

down-stream. While the most abiotic reduction was observed during the first two weeks of particle 

injection, a lingering biological dechlorination processed was boosted after one month, which 

lasted for nearly 600 days (untill the end of the monitoring).  

Since the in situ remediation of organic contaminants, such as 1,1-dichloroethane (Varadhi et 

al. 2005) and trichloroethene (TCE) (He et al. 2010, Quinn et al. 2005), in groundwater by 

stabilized ZVI nanoparticles has been reported, only a few studies reported the reduction of NB 

using soil phase deliverable ZVI nanoparticles. Dong et al. (2015) prepared ZVI nanoparticles by 

coating an emulsified vegetable oil membrane on the surface for NB degradation. Although the 

as-prepared materials were well dispersed and claimed as oil phase deliverable, the reactivity was 

dramatically decreased as compared with the non-stabilized material (kapp is 0.0942 and 0.276 min-

1 for emulsified and non-stabilized ZVI nanoparticles) (Dong et al. 2015). 

Environmental factors, such as dissolved organic matter (DOM) and pH, can affect the 

effectiveness of ZVI nanoparticles. For instance, Tong et al. (2011) observed that the NB reduction 

by ZVI nanoparticles immobilized in PEG/nylon membranes was more effective at lower pH (pH 

= 3) as higher pH favored formation of iron hydroxide precipitates on the reactive sites. DOM is 

known to interact with ZVI particles and then inhibit their reactivity (Zhang et al. 2011). While 

such environmental effects are expected to be lower for dispersed (CMC-stabilized) ZVI 

nanoparticles, however, the relevant tests have not been performed.  
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NB exhibits a moderate adsorption potential and is relative mobile in the soil phase (Ruiping 

et al. 2008). Hence, soil-sorbed NB can be slowly released back into groundwater, rendering NB 

a long-term threat to the environment and human health. The desorption and diffusion of soil-

sorbed NB may limit their availability for ZVI nanoparticles, and the soil can hinder the 

deliverability of ZVI nanoparticles to the target contaminants. In addition, the water chemistry 

condition, e.g. pH, dissolved anions, DOM, etc., in the water-sediment system can also affect the 

effectiveness of ZVI (Yin et al. 2012). There has been no information available on the reduction 

of soil-sorbed NB by ZVI, and lacking of this critical information can render results from various 

field tests inconclusive. 

The overall goal of this present work was to test the feasibility of applying CMC-stabilized 

ZVI nanoparticles for in situ remediation of NB-contaminated soil and groundwater. The specific 

objectives were to: 1) test the reactivity of CMC-stabilized ZVI for reductive degradation of 

dissolved and soil-sorbed NB; 2) investigate effects of environmental factors, such as pH and 

DOM, on NB reduction; 3) study effects of soil adsorption of NB on the degradation effectiveness; 

and 4) identify the reaction products and pathway of NB degradation. The results may lead to a 

new alternative technology for in situ remediation of NB-contaminated aquifers. 
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2. Materials and methods 

2.1. Chemicals 

The following chemicals (analytical grade or higher) were used as received: FeSO4·7H2O and 

Na2SO4 (Fisher, Rochester, NJ, USA), NaBH4 and nitrosobenzene (MP Biomedicals, Solon, OH, 

USA), sodium carboxymethyl cellulose (Na-CMC or CMC, M.W. = 90,000, Acros Organics), 

humic acid (Fluka Chemie, Switzerland), NB, aniline and methanol (Alfa Aesar, Ward Hill, MA, 

USA), acetonitrile (EMD chemicals Inc. Gibbstown, NJ, USA), dichloromethane (BDH, Radnor, 

PA, USA). Ultra-pure water (18.2 MΩ∙cm) was used to prepare all solutions. 

A potting soil (Marysville, OH, USA) purchased from a local Wal-Mart store (Auburn, AL, 

USA) was used to study degradation of soil-sorbed NB and the soil adsorption effects. The soil 

was sieved using a standard sieve of 2-mm openings, and then washed using tap water to remove 

fine suspended particles that are hard to separate from water by simple centrifugation. Finally, the 

soil was dried at 60 °C for 12 h and stored in the dark at 4 °C. The soil analysis was performed by 

the Soil Testing Laboratory at Auburn University, the analytical methods are described by Gong 

et al. (2012). Table A-1 gives salient properties of the soil. The organic matter (OM) content of 

this soil is 27%, which gives high NB adsorption capacity. 
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Table A-1. Physicochemical characteristics of the potting soil used in this work. 

pH OM* 

% 

CEC** 

meq/100g 

Ca 

mg/kg 

K 

mg/kg 

Mg 

mg/kg 

6 27 2.08 155.0 68.0 119.0 

Zn 

mg/kg 

Al 

mg/kg 

Fe 

mg/kg 

Mn 

mg/kg 

Na 

mg/kg 

P 

mg/kg 

0.3 1.3 1.1 1.1 29.0 36.0 

OM*: Organic matter content, 

CEC**: Cation exchange capacity. 

2.2. Preparation of stabilized ZVI nanoparticles 

Stabilized ZVI nanoparticles were prepared using a pre-aggregation method described by He 

and Zhao (2007). First, the following solutions were prepared using N2-purged DI water: 0.1 wt.% 

CMC, 6.77 g/L NaBH4, and 6 g/L FeSO4·7H2O. Then, 20 mL of the FeSO4·7H2O stock solution, 

48 mL of the CMC solution, and 402 mL DI water were added into a flask of 1 L volume, and the 

mixture was bubbled with N2 for 20 min to ensure formation of the Fe2+-CMC complex (He and 

Zhao 2007). Then, 10 mL of the fresh NaBH4 solution was added into the flask dropwise within 4 

min (BH4
-/Fe2+ molar ratio = 2) under vacuum and 200 rpm shaking on a flat-top shaker. After the 

NaBH4 addition, the reactor was kept shaking for 5 min, and let still for another 10 more min. The 

obtained ZVI nanoparticle suspension was then used for subsequent characterizations or tests 

within 1 h. The resulting suspension contained 0.05 g/L (as Fe) of ZVI and 0.1 wt.% CMC, which 

was used for degrading NB in the aqueous phase. Later, the same procedure was followed to 

prepare nanoparticles at 1 g/L and with 0.8 wt.% CMC for treating soil-sorbed NB. For 
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comparison, non-stabilized ZVI particles were synthesized in a similar manner except no CMC 

stabilizer was used. 

2.3. Reduction of aqueous NB 

Batch kinetic tests were carried out in 43-mL amber glass vials with PTFE-lined screw caps. 

NB degradation was initiated by injecting 21.5 μL of a NB stock solution (0.8 mol/L in methanol) 

into the vials filled with 43 mL ZVI suspension (0.05 g/L), which resulted in an initial NB 

concentration of 0.4 mmol/L. The vials were then mixed on a rotator (50 rpm) placed in an 

incubator at 22 C. At predetermined times, duplicate vials were sacrificially sampled by filtering 

the suspensions using a 0.2 μm syringe filter (Whatman® Anotop 10, Germany) for further 

analysis. To detect the degradation intermediates of NB, selected samples (40 mL) at 5 and 60 min 

were extracted consecutively twice using dichloromethane (5 mL each time). Then the moisture 

in these extracts was removed by addition of sodium sulfate anhydrous (Na2SO4), then filtered 

through a 0.2 μm syringe filter, and analyzed by gas chromatography-mass spectrometry (GC/MS). 

To compare the performances of stabilized and non-stabilized ZVI, the same kinetic tests were 

carried out in parallel using bare ZVI. To probe the film mass transfer effect, 0.5 g glass beads 

(with a diameter of 2 mm) were added in selected cases.  

To test the effects of DOM, humic acid was chosen as the representative DOM and a working 

solutions of 200 mg/L (as total organic carbon (TOC)) was prepared. The NB degradation kinetic 

tests were carried out in the presence of 10 and 50 mg/L HA as TOC. Upon deoxygenation, 21.5 

mL of diluted HA stock solution was mixed with 21.5 mL of 0.1 g/L CMC-ZVI in the 43 mL vials. 

To test the pH effect, the NB reduction tests were conducted at initial pH values of 4−10 adjusted 
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by diluted NaOH or HCl solutions (0.5 mol/L), and the effects were assessed by comparing the 

NB remaining after 30 min of reaction.  

2.4. Soil sorption/desorption of NB 

Sorption of NB by the potting soil was tested using the same 43-mL amber glass vials, each 

containing 2 g of the soil and 41.5 mL of DI water. To inhibit any biological degradation, 0.2 g/L 

of NaN3 was included in the solution. The sorption tests were initiated by adding a known volume 

of NB stock solutions into the vials to yield an initial NB concentration of 0.8 mmol/L, which were 

then mixed on a rotator (50 rpm) in an incubator at 22 C. At predetermined times, duplicate vials 

were centrifuged at 3000 rpm (1359 × g force), and 2 mL of supernatant was sampled and filtered 

for NB analysis.  

Desorption kinetic tests were conducted with the soil pre-equilibrated with NB at the initial 

concentration of 0.8 mmol/L. Upon centrifugation, approximately 40 mL supernatant was replaced 

with the same volume of a soil-amended solution. The soil-amended solution was prepared by 

mixing the soil with DI water at the same soil/solution ratio as in the kinetic tests, and thus, it has 

identical background compositions as in the sorption experiments. At predetermined times, the 

vials were sampled and analyzed as in the sorption tests. 

The NB sorption isotherm tests were conducted in the same manner at initial NB 

concentrations of 0.2−5.8 mmol/L. According to the sorption kinetic tests, the isotherm tests were 

followed for 7 days to ensure equilibrium. Following the sorption isotherm tests, desorption 

isotherm tests were initiated by replacing the supernatant with the same volume of the soil-
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amended water, and then re-equilibrating for another 7 d. The amount of soil-sorbed NB was 

calculated from the difference between the initial and final NB concentrations (Eq. A-1). 

𝑆𝑡 = (𝐶0 − 𝐶𝑡)(𝑉/𝑚)                                                                                                (Eq. A-1) 

where 𝐶0  and 𝐶𝑡  (mmol/L) are the initial and final NB concentrations in the solution phase, 

respectively, V is the solution volume (L), and m is the soil mass (g).  

To evaluate the mass balance of NB in water and soil phase, soil-sorbed NB was also extracted 

by ultrasonic extraction using 10 mL acetonitrile for 20 min (Wang et al. 2014). Upon 

centrifugation (1359 × g force), the supernatant was collected. The extraction was conducted 

consecutively for three times, and the supernatant was merged and filtered using a 0.2 µm syringe 

filter for NB analysis. Control tests indicated that NB recovery was >95% for all cases.  

2.5. Degradation of soil-sorbed NB 

NB was first loaded on the potting soil following the same procedure as in the sorption kinetic 

tests in the 43 ml vials at an initial solution NB concentration of 0.8 mmol/L. Upon equilibrium, 

40 mL of the supernatant was replaced with the same volume of CMC-stabilized ZVI suspension 

with ZVI dosage varying from 0.1 to 0.9 g/L. The vials were then mixed at 50 rpm on a rotator at 

22 C for 7 d, and sampled in duplicate for NB concentration measurements. Based on the 

screening test results, further kinetic experiments were conducted at the ZVI dosage of 0.2 g/L. 

Control tests indicated no significant mass loss of NB due to other mechanisms such as 

biodegradation. 
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2.6. Analytical methods 

Zeta potential and size of the ZVI nanoparticles were obtained through dynamic light scattering 

(DLS) measurement on a Malvern Nano-ZS Zetasizer (Malvern Instruments Ltd, UK), and the 

data was processed by the Malvern Zetasizer Software (Version 7.11) to yield volume-weighted 

particle size distributions. Solution viscosities were measured to correct their influence on the DLS 

measurements. 

NB, nitrosobenzene, and aniline were determined by high-performance liquid chromatography 

(HPLC) (Hewlett-Packard) with a Hypersil BDS-C18 column at 40 °C and a UV detector. The 

mobile phase consisted of a mixture of acetonitrile and water (40:60 of v:v) and the flow rate was 

1 mL/min, and the injection volume was 80 μL. The optimal wavelength was found to be 280 nm, 

which afforded NB and nitrosobenzene detection limit of 0.2 mg/L, aniline detection limit of 0.5 

mg/L. 

The degradation intermediates were identified by means of an Agilent gas chromatograph 

(7890A) coupled with a 5975C Series mass spectrometer (GC-MS). A HP-5MS 5% phenyl methyl 

siloxane capillary column was used. Sample injection (2 µL) was performed in the splitless mode 

at 250 °C. The oven temperaturewas ramped from 70 °C to 280 °C at 10 °C/min, and then kept 

constant at 280 °C for 6 min. The scan range was from 35 to 550 m/z (mass to charge ratio).  

DOM concentration was quantified as TOC and analyzed by a TOC Analyzer (Tekmar 

Dohrmann Phoenix 8000, USA) with a detection limit of 0.2 mg/L. 
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3. Results and Discussion 

3.1. Reduction of aqueous NB  

The effectiveness of ZVI nanoparticles for NB degradation in aqueous phase was tested in 

batch kinetic experiments. Figure A-1 shows that the reduction of NB by CMC-stabilized ZVI 

nanoparticles proceeded through a very fast step, as >95% NB was removed within 5 min (Figure 

A-1a). Complete conversion of NB to aniline was achieved within 7 hours. In comparison, the 

non-stabilized ZVI material exhibited a much lower NB reduction rate, and 95% of NB removal 

was achieved at 180 min (Figure A-1b). More than 16 h were needed to completely convert NB 

to aniline. Nitrosobenzene was the most abundant intermediate, which reached a peak 

concentration during the initial stage (5 min for CMC-stabilized ZVI while 20 min for non-

stabilized ZVI), then gradually decreased. The mass balance, which is the sum of HPLC detected 

NB, nitrosobenzene and aniline, was not 100% at the initial stage (5 min), then gradually reached 

full recovery, indicating the presents of unidentified intermediates in the system.  
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Figure A-1. NB reduction kinetics by CMC-stabilized ZVI nanoparticles (a), and non-stabilized 

ZVI (b). Experimental conditions: initial NB = 0.4 mmol/L, ZVI dosage = 0.05 g/L, pH = 8.1 ± 

0.2, and temperature = 22 ± 0.5 C. 

Considering that the NB reduction by ZVI is a surface-mediated reaction, the degradation rate 

can be described by pseudo first-order reaction kinetic (Eq. A-2) (Bai et al. 2009, Scherer et al. 

2001). 

−𝑑𝐶𝑡

𝑑𝑡
= 𝑘app𝐶𝑡                                                                                                              (Eq. A-2) 

where Ct is NB concentration (mmol/L) at time t (min), kapp is the pseudo first-order rate constant.  
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Table A-2. Apparent pseudo-first-order rate constants of NB reduction by ZVI nanoparticles under 

various experimental conditions. 

Type of ZVI kapp R2 

Non-stabilized 0.175 0.912 

CMC-stabilized 0.643 0.998 

Table A-2 lists the fitted parameters of the pseudo first-order kinetic model. The kapp for NB 

reduction by CMC-stabilized ZVI nanoparticles was 0.643 min-1, which was ca. 3.7 times the value 

for non-stabilized ZVI (0.175 min-1). The larger kapp of stabilized ZVI nanoparticles suggests that 

the CMC-stabilized ZVI nanoparticles exhibited higher reactivity. The kapp value of stabilized ZVI 

nanoparticles is much higher than the reported rate constant for ZVI nanoparticles. For instance, 

Bai et al. (2009) studied NB reduction using poly(vinyl alcohol) (PVA) microsphere immobilized 

ZVI nanoparticles at an Fe dosage of 200 mg/L and initial NB concentration of 1 mol/L. The 

resulting kapp values were determined in the range of 0.0051 to 0.0072 min-1, which are ca. 100 

times lower than in our study. Another study reported the reduction of NB (C0 = 2.44 mmol/L) by 

an emulsified vegetable oil membrane coated with ZVI nanoparticles (3 690 mg/L as Fe) and 

obtained a kapp value of 0.0942 min-1 (Dong et al. 2015). It is noteworthy that the CMC-stabilized 

ZVI nanoparticles synthesized in our work exhibit approximately 7−90 times higher NB 

degradation rates (kapp) as compared with the previously reported ZVI nanoparticles. The kapp is 

correlated to the iron loading or surface area (Sun et al. 2010). The non-stabilized nanoparticles 

tend to aggregate owing to their large surface energy, leading to a decrease of activated sites for 
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NB degradation. However, the CMC-stabilized ZVI nanoparticles exhibited much smaller particle 

sizes and were well dispersed in the solution, thus behaving in a much more reactive way.  

 

Figure A-2. Hydrodynamic size distribution (by volume) of CMC-stabilized ZVI nanoparticles 

and non-stabilized ZVI. 

Figure A-2 compares the hydrodynamic diameter (size) distribution of CMC-stabilized and 

non-stabilized ZVI nanoparticles. It can be seen that the volume distribution of stabilized ZVI 

nanoparticles consisted primarily (88.8%) of particles with diameter of 17 nm, followed by 

diameter around 85 nm (3.7%) and 190 nm (2.8%). However, the non-stabilized ZVI sample shows 

a primary large cluster with the diameter of 1857 nm (64.8%), followed by particle diameters of 

4840 nm (31.4%) and 82.58 nm (3.7%). Therefore, the smaller average hydrodynamic diameter of 

the CMC-stabilized ZVI nanoparticles resulted in materials with a higher reactivity. It should be 

noted that the large particle size of non-stabilized ZVI is due to aggregation of nanoparticles, which 
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can be dispersed using external forces (e.g., sonication and shearing), and the hindered reactivity 

of non-stabilized ZVI may be due to limitations in the mass transfer events of such particles.  

To clarify whether mass transfer is a rate limiting step for the NB reduction by ZVI 

nanoparticles, a test was conducted via enhancing the mixing of ZVI and NB suspension (by 

adding glass beads). Figure A-3 shows the reduction of NB by CMC-stabilized and non-stabilized 

ZVI nanoparticles in the presence of glass beads at a reaction time of 60 min. The results show 

that glass beads dramatically improved the NB reduction efficiency from 77% to 99% by non-

stabilized ZVI (Figure A-3b). Moreover, the formed aniline is 3 times compared to the case 

without glass beads. However, glass beads had no significant effect (p >0.05) on the NB reduction 

and nitrosobenzene formation for the stabilized ZVI nanoparticles. It is evident that the mass 

transfer is a rate limiting process for the NB degradation by non-stabilized ZVI, but not for CMC-

stabilized ZVI nanoparticles. The results well agree with the measured ZVI particle size by DLS, 

where the CMC-stabilized ZVI nanoparticles show much smaller particle size than non-stabilized 

ZVI, and thus the larger surface area of stabilized ZVI makes the interface mass transfer be a 

negligible parameter for limiting the reaction rate. The mass transfer of ZVI is frequently reported 

as rate limiting factor for NB degradation, for example, the mass transport coefficient of the iron 

particle (e.g. diameter of 1.0 mm) is reported to be approximately 10 times slower than the first-

order heterogeneous rate coefficient for surface reaction of NB reduction (Scherer et al. 2001). 

This is the first time that the mass transfer is found as a negligible parameter for the iron materials 

on NB reduction.  
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Figure A-3.  NB reduction by CMC-stabilized ZVI nanoparticles (a) and non-stabilized ZVI (b) 

in the presence of glass beads. Experimental conditions: initial NB concentration = 0.4 mmol/L, 

ZVI dosage = 0.05 g/L, pH = 8.1 ± 0.2, and temperature = 22 ± 0.5 C, reaction time = 60 min. 

To identify the intermediates and pathway of NB reduction by CMC-stabilized ZVI particles, 

samples at different reaction times were selected and analyzed by GC/MS. Table A-3 and Figure 

A-4 present the retention time and m/z values of the detected intermediates. Nitrosobenzene, 

phenylhydroxylamine, and azobenzene are identified as major intermediates in the NB reduction 

process, and aniline is determined to be the final degradation product. The unrecovered mass in 

Figure A-1 can be, or partially, due to the formation of phenylhydroxylamine and azobenzene 

which are not detectable by HPLC. The intermediates formed during the NB reduction by CMC-

stabilized and non-stabilized ZVI are the same, indicating that the CMC-stabilized ZVI 

nanoparticles only accelerated the degradation kinetics without changing the degradation 

mechanism. 
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Table A-3. Identified intermediates and products during NB reduction process by ZVI 

nanoparticles. 

Name Retention time (min) m/z 

Nitrosobenzene 3.410 77, 107, 51 

Aniline 4.093 93, 66, 52 

NB 5.534 77, 123, 51 

Phenylhydroxylamine 6.534 93, 65, 109 

Azobenzene 14.680 77, 182, 105 

 

 

Figure A-4.  GC spectra of the reductive products of NB by CMC-stabilized ZVI nanoparticles 

and non-stabilized ZVI. Experimental conditions: initial NB concentration = 0.4 mmol/L, ZVI 

dosage = 0.05 g/L, pH = 8.1 ± 0.2, and temperature = 22 ± 0.5 C, reaction time = 30 min. 
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Figure A-5. Proposed reduction pathway of NB by ZVI nanoparticles. 

The NB reduction pathway by ZVI nanoparticles is proposed in Figure A-5. The reaction 

I−III were the dominant pathway (Agrawal and Tratnyek 1996, Mu et al. 2004), in which each 

consists of a two electron addition. The condensation reaction (IV) for the formation of azobenzene 

and further to aniline (reaction V) occur in parallel with reaction III.  

The phenylhydroxylamine that was detected in this study, is a rarely reported intermediate 

during the NB reduction process using iron metal (powder) (1996, Lee et al. 2015, Mu et al. 2004), 

which may due to the slow kinetics of reaction II or a fast reaction III. The reduction potentials 

(Em) of NB and aniline are -0.485 and 1.030 V (Heijman et al. 1995, Wardman 1989), and the 

standard Gibbs free energy (ΔfG˚) of NB, nitrosobenzene, phenylhydroxylamine, aniline, and 

water are 146.2, 201.3, 303.33, 149.1 and -237.1 kJ/mol respectively (Choo et al. 1975, MetaCyc 

2015, Stevens et al. 2010). The standard redox potential change (ΔrG˚) for the reactions in Figure 
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A-5 were calculated based on Gibbs free energy (Eq. A-3), then the redox potentials (E) were 

calculated based on Nernst equation (Eq. A-4) at the experimental pH (Wardman 1989). 

 ∆rG˚ = - n F E˚                                                                                                             (Eq. A-3) 

where n is number of electrons involved in the reaction; and F is the Faraday number (96485 

C/mol). 

E = E˚ – RT/(nF) × ln Q                                                                                              (Eq. A-4) 

where R is gas constant (8.314 J/(mol K)), T is absolute temperature (K), Q is the reaction 

quotient. The experimental pH is ca. 8 in the reaction, so [H+] is assumed to be 10-8 M. 

The changes of redox potential were calculated as 0.47 V for reduction of NB to 

nitrosobenzene (Reaction I), -1.00 V for nitrosobenzene to phenylhydroxylamine (Reaction II), 

and 1.54 V for phenylhydroxylamine to aniline (Reaction III). Therefore, the reduction of 

nitrosobenzene to phenylhydroxylamine is unfavorable. However, the increase of nitrosobenzene 

concentration decreases the Q value of the Reaction II, which results in the increase of E value and 

makes the reaction be possible but still at relatively low rates.  

The theoretical reactivity of each step agree well with the nitrosobenzene conversion and 

aniline formation rates in our experiments (Figure A-1), which explains the accumulation of 

nitrosobenzene during the early stage of reaction (Figure A-1). The GC/MS peak in Figure A-4 

showed that the phenylhydroxylamine concentration is much lower than nitrosobenzene, 
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supporting the idea that the rate-limiting step of the NB reduction is the conversion of 

nitrosobenzene to phenylhydroxylamine (Reaction II). 

Figure A-4 shows that the complete reduction of NB to aniline needs 6 electrons. In our 

experiments, 0.05 g/L ZVI nanoparticles were capable to completely reduce the NB (initial 

concentration = 0.4 mmol/L) to aniline, indicating that nearly 90% of the electrons donated by iron 

were used in the NB reduction process. The high electron transfer efficiency, high reactivity and 

quick kinetic make the CMC-stabilized ZVI a promising material for environmental application 

3.2. Effects of DOM and pH on NB reduction 

 
 

Figure A-6. Effect of DOM on NB reduction (a) and aniline production (b) by CMC-stabilized 

ZVI nanoparticles. Experimental conditions: initial NB = 0.4 mmol/L, ZVI dosage = 0.05 g/L, 

pH = 8.1 ± 0.2, and temperature = 22 ± 0.5 C. 
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Figure A-6 shows kinetic data of the NB reduction and aniline formation in the presence of 

0, 10 and 50 mg/L DOM (as TOC). The NB reduction reached >95% completion within 5 min 

regardless of DOM, but the formation of aniline was retarded by DOM. The results indicate that 

the DOM could compete with reaction intermediates for electron, thus decrease the reaction rate. 

Figure A-7 compares the NB and intermediates concentrations in the suspension after 30 min 

reaction with DOM (ranging from 0 to 100 mg/L). Increasing DOM concentration did not 

significantly change the NB removal efficiency, though decreased the formed aniline 

concentration. Moreover, more nitrosobenzene was accumulated in the suspension with higher 

DOM concentration.  

 

Figure A-7. NB degradation by CMC-stabilized ZVI nanoparticles at various DOM 

concentrations at the reaction time of 30 min. 

The inhibition effect of DOM on the reduction of NB by CMC-stabilized ZVI nanoparticles 

can be due to: 1) destabilizing of CMC-stabilized ZVI. Humic acid and fulvic acid, as main 
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components in DOM, are likely to chelate with the iron oxides shell of the ZVI (Giasuddin et al. 

2007), which compete with CMC molecules on the ZVI nanoparticles surface and decrease the 

stabilizing effectiveness of CMC, resulting in elevated particle agglomeration. A previous study 

showed that the presence of soil organic matter (SOM) changed the zeta potential of CMC-

stabilized ZVI nanoparticles from -160 mV to -111 mV, which resulted in the increase of ZVI 

particle size (Zhang et al. 2011). 2) Binding of DOM molecules to the surface of ZVI nanoparticles 

would hinder both the mass transfer of NB and electron transfer, resulting in a lower reaction rate. 

Studies revealed that the ZVI nanoparticles were stabilized by concurrent steric exclusion and 

electrostatic repulsion in the presence of CMC (He and Zhao 2007, He et al. 2007). Also, the 

sorbed CMC on the iron surface was loosely structured due to the large CMC molecular structure 

(M.W. = 90 000). This structure is favorable for the transfer of NB to the ZVI nanoparticles 

surface. Upon adsorption of low molecular weight DOM, the loose ZVI surface structure becames 

tight, which slowed down mass transfer and inhibited the reaction. 3) DOM may compete with NB 

for the reactive sites of ZVI nanoparticles.  

Figure A-8 shows the effect of pH on the reduction of NB by CMC-stabilized ZVI 

nanoparticles, as well as the formed nitrosobenzene and aniline concentration at reaction time of 

30 min. It is demonstrated that high pH is favorable for the NB reduction and aniline formation. 

For instance, at acidic condition (pH 4), the NB removal efficiency was only 4%, with low formed 

nitrosobenzene concentration (0.017 mmol/L) and no aniline. Increasing pH promoted the 

reductive degradation of NB, and >99% of NB could be removed within 30 min at pH ≥8. In 

addition, it is noteworthy that the formed aniline increased from 0.14 to 0.36 mmol/L when pH 
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increased from 8 to 11, though there was no difference for NB removal. The low NB reduction 

efficiency at lower pH can be primarily due to the corrosion of iron at acidic condition (Giasuddin 

et al. 2007), which left limited irons for NB reduction. The rapid dissolving of CMC-stabilized 

ZVI nanoparticles was observed in the solution at pH ≤5 (the visible ZVI particles disappeared 

within 10 min), and faster dissolving rate at lower pH. The iron was probably consumed by reacting 

with H2O for H2 production (Liu and Lowry 2006). Secondly, NB shows partial negative atomic 

charge because of the nitro group’s electron-withdrawing property (Yan and Bailey 2001), which 

makes it easy to be attacked by positively charged Fe2+. The reduction potential of Fe2+ is highly 

dependent on the solution pH, the Fe2+ forms FeOH+ at high pH and which behave high NB 

reduction rate (Huang and Zhang 2006). Huang et al. (2006) found that no reduction of Fe2+ by 

NB occurred at pH of 5 and 6, but exhibited high rate at pH of 7.5 and 9. Thirdly, the formed 

aniline is a well-known corrosion inhibitor (Hung et al. 2000). At low pH, the protonation of the 

formed aniline (pKa = 4.6) prevented its desorption from iron surface (Mantha et al. 2001), which 

may retard the mass transfer. 
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Figure A-8. Effect of pH on NB reduction by CMC-stabilized ZVI nanoparticles. Experimental 

conditions: initial NB = 0.4 mmol/L, ZVI dosage = 0.05 g/L, and temperature = 22 ± 0.5 C. 

The effect of pH on NB reduction by CMC-stabilized ZVI nanoparticles is greatly different 

from that by bulk irons particles (Dong et al. 2010, Mu et al. 2004). Both Dong et al. (2010) and 

Mu et al. (2004) found the NB reduction and aniline production rates dropped with increasing pH 

when ZVI grains were used. For the bulk ZVI grains, the low pH increased the reduction potential 

of the reaction (Fe0–2e-→Fe2+), and accelerates the corrosion of ZVI, which favor the reduction of 

NB. However, high pH slows down the corrosion of iron, but favors the formation of iron 

hydroxide precipitates on the iron surface, which inhibit the electron transfer from Fe0 to the 

contaminants. Therefore, the ZVI with different particle sizes can exhibit different physiochemical 

properties at various environmental conditions. The effects of the environmental factors on 

reaction should be clearly studied before the field application of different types of ZVI materials. 
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3.3. Sorption and desorption of NB by soils 

The NB sorption and desorption kinetic tests showed that the sorption on the potting soil phase 

reached equilibrium within 6 h, but the desorption process was slower, which reached equilibrium 

at 12 h. 

 

Figure A-9. NB sorption and desorption isotherm on the potting soil. Experimental conditions: 

soil to water ratio = 2 g: 41.5 mL, temperature = 22 C, pH = 6.4 ± 0.2. 

Figure A-9 shows the NB sorption and desorption isotherms on the potting soil. The 

Freundlich (Eq. A-5) and dual-mode isotherm model (Eq. A-6) are applied to interpret the 

adsorption isotherm data (Qin et al. 2007, Zhao et al. 2001): 

Freundlich model: 𝑞e = 𝐾F𝐶𝑒
1/𝑛

                                                                                   (Eq. A-5) 
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where qe is the uptake of NB at equilibrium (mmol/g), Ce is the equilibrium aqueous NB 

concentration (mmol/L), KF is Freundlich capacity coefficient constant ((mmol/g)(L/mmol)1/n), 

and n is the Freundlich exponent which reflecting the nonlinearity of the sorption isotherm. 

Dual-mode model: 𝑞e = 𝐾D𝐶e +
𝑄𝐾L𝐶e

1+𝐾L𝐶e
                                                                      (Eq. A-6) 

where KD is the lumped partition coefficient between aqueous phase and the dissolution domains 

of rubbery and glassy solid (L/g), KL and Q are the Langmuir affinity (L/mmol) and capacity 

coefficients (mmol/g) for hole-filling domain. The holes are suggested to be semipermanent, and 

hydrophobic cavities of subnanometer scale may exist within the folds of individual 

macromolecules, between macromolecules, or between the organic phase and a mineral surface 

(Zhao et al. 2001).  

Table A-4. Parameters of isotherms models for NB adsorption onto the potting soil. 

Freundlich model  Dual-mode model 

KF  

(mmol/g(L/mmol)1/n) 

1/n R2  KD (L/g) Q0 

(mmol/g) 

KL 

(L/mmol) 

R2 

0.0196 0.8536 0.98  0.0152 0.0051 4.496 1.00 

Table A-4 lists the fitted parameters for the two sorption isotherm models. Both of the two 

models can adequately describe the adsorption, with high R2 value of 0.98 for Freundlich model, 

and 1.00 for dual-mode model. Freundlich model is an empirical equation assuming an exponential 

site energy distribution (Kah et al. 2011), which is often used for adsorption isotherm with greater 
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complexity. The dual-mode model assumes the rubbery state sorbs by a solid phase dissolution 

mechanism and the glassy state sorbs by concurrent dissolution and hole-filling mechanisms. It 

combines linear partitioning and Langmuir modes sorption, thus can well describe the nonideal 

sorbent behavior of SOM to its existence in rubbery and glassy states (Vieth and Sladek 1965, 

Zhao et al. 2001). In Figure A-9, the adsorption (on surface) dominated the process at low NB 

concentration, while at higher NB concentration, the NB molecules in the hole of soil with reduced 

mobility and retarded diffusion through the solid, which lowered the sorption capacity and the 

distribution process dominated. Therefore, the adsorption capacity increased linearly with the NB 

concentration at the higher equilibrium NB concentration (e.g. >1 mmol/L). The octanol/water 

partition coefficient (log Kow) of NB is 1.85, which indicates that NB behaves moderate adsorption 

potential in soils, so NB is relatively mobile in soil. Figure A-9 showed relatively high NB 

absorbability of potting soil, which was due to the high organic matter content (27%) of the potting 

soil. Zhao et al. (2003) studied the sorption behaviors of NB on the H2O2 treated marine sediments, 

and found the adsorption isotherm can be well fitted by Langmuir isotherm (R2 = 0.90‒0.99), but 

the untreated sediment showed linearly adsorption isotherm (R2 =0.91‒0.96). It indicated that the 

NB partitioning process to SOM is dominant in the non-treated sediment.  

Significant NB sorption-desorption hysteresis on the soil was observed in Figure A-9, which 

can be related to sorbate-sorbent interactions and the structural properties of sorbent. On one hand, 

the NB concentration gradient promotes deep NB penetration into the particle micropores, which 

can deform the micropores and lower the amount of desorbed NB (Oren and Chefetz 2005). On 

the other hand, sorption-desorption hysteresis may be due to non-Fickian diffusion of sorbed NB 
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within condensed glassy SOM domains. The aqueous phase NB concentration decreased abruptly 

in the early desorption stage, then the desorption rate become slower and potentially show apparent 

rate-related desorption hysteresis over long observation term (Huang and Weber 1997). The 

hysteresis makes the solute less mobile in soil phase, thus it is unfavorable for the reduction of 

soil-sorbed NB by ZVI nanoparticles.   

3.4. Reduction of soil-sorbed NB by CMC-stabilized ZVI nanoparticles 

Figure A-10 compares kinetics of NB desorption without ZVI and soil-leached NB with 0.2 

g/L CMC-stabilized ZVI nanoparticles. The potting soil exhibited a rapid desorption rate in the 

initial 20 min, followed by a slow desorption rate and reached equilibrium within 24 h. About 33% 

of pre-loaded NB was desorbed into aqueous phase, with a concentration of 0.18 mg/L at 

equilibrium. The CMC-stabilized ZVI nanoparticles dramatically eliminated the released NB 

concentration in aqueous phase (to 0.019 mmol/L). The soil extraction experiment showed that 

81% of total pre-loaded NB was removed by CMC-stabilized ZVI nanoparticles. The removal of 

pre-loaded NB can be due to the reduction of both soil-sorbed NB and desorbed NB in aqueous 

phase by ZVI. The NB in the aqueous phase is more vulnerable to ZVI reduction, and the removal 

of NB in aqueous phase further enhanced the desorption of NB from soil.  
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Figure A-10. Aqueous phase NB concentration during desorption/reduction process of pre-sorbed 

NB in the potting soil. Experimental conditions: soil to water ratio = 2 g: 41.5 mL, initial sorbed 

NB on soil = 0.01 mmol/g, CMC-stabilized ZVI nanoparticles dosage = 0.2 g /L as Fe, temperature 

= 22 C, pH = 6.4 ± 0.2. 

The reduction of soil-sorbed NB at various CMC-stabilized ZVI nanoparticles dosages were 

tested by measuring the concentration of leached NB into the aqueous phase after a reaction time 

of 7 d. Figure A-11 shows that the leached NB was decreased by 98% and 99% at the ZVI dosage 

of 0.1 and 0.2 g/L, respectively, compared with the batch without ZVI. Further increasing ZVI 

dosage to 0.4, 0.6 and 0.9 g/L could completely remove the leached NB in the aqueous phase. The 

NB in the soil phase was determined as low as 0.06 µmol/g at a ZVI dosage of 0.4 g/L, or 

undetectable at higher ZVI dosages.  
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Figure A-11. Leaching of pre-sorbed NB from the potting soil in the presence of CMC-stabilized 

ZVI nanoparticles of various dosages. Experimental conditions: soil to liquid ratio = 2 g: 41.5 mL, 

temperature = 22 C, pH = 6.4 ± 0.5, reaction time = 7 d. 

Comparing with the completely NB reduction in aqueous phase, the reduction rate and extent 

in soil phase was strongly suppressed. In aqueous phase, both the released SOM from soil and the 

relatively low solution pH inhibited the reduction power of stabilized ZVI nanoparticles (Figure 

A-7 and A-8). The inhibition effect of SOM in soil could be much more prominent. The mass 

transfer of NB in soil phase is much slower than in aqueous phase, which greatly limited the NB 

reduction. Meanwhile, the soil exhibits strong uptake capacity for the CMC-stabilized ZVI 

nanoparticles (Zhang et al. 2011), which retard the transfer of ZVI in soil phase.  
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Nevertheless, the CMC-stabilized ZVI nanoparticles still showed high efficiency for NB 

reduction in soil. Meanwhile, according to stoichiometric calculation, less than 7 times of the 

required iron (as electron donor) was applied to reduce NB, which completely avoided the NB 

leaching into the aqueous phase. These results indicate that the CMC-stabilized ZVI nanoparticles 

are potentially useful for treating soil-sorbed NB. 

4. Conclusions 

This study investigated the feasibility and efficiency of CMC-stabilized ZVI nanoparticles for 

NB reduction in aqueous and soil phase, and the primary findings and conclusions are summarized 

as bellow: 

(1) Stabilized ZVI nanoparticles showed high efficiency for NB reduction. The NB reduction rate 

constant (kapp) derived by pseudo first-order reaction kinetic model was 0.643 min-1, which 

was 3.7 times the value for non-stabilized ZVI, and ca. 7−90 times faster than the reduction 

previously reported for ZVI nanoparticles. According to the stoichiometry, nearly 90% of the 

electrons donated by iron were used for the NB reduction. 

(2) A rarely detected intermediate (phenylhydroxylamine) was identified during the NB reductive 

degradation process. The primary rate-limiting step for NB reduction is the conversion of 

nitrosobenzene to phenylhydroxylamine. 

(3) The presence of DOM decreased the NB reduction rate due to inhibition of the mass transfer 

of NB to the surface of the ZVI nanoparticles and reaction with target NB. Higher pH (>8) is 

favorable for the NB reduction because more Fe(OH)+ is formed. 
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(4) Sorption isotherm of NB by the tested potting soil is well described by a dual-mode model (R2 

= 1), suggesting that sorption of NB in soil are due to both solid phase dissolution and hole-

filling mechanisms. Desorption of NB shows significant hysteresis because part of NB is 

strongly bonded to the sorption sites of soil, indicating less favorable reduction of soil-sorbed 

NB by ZVI nanoparticles. 

(5) The CMC-stabilized ZVI nanoparticles can rapidly reduce the soil-sorbed NB (reduction rate 

was higher than desorption rate from soil), and exhibit a reduction efficiency (only 7 times of 

ZVI (as electron donor) are needed to completely avoid NB leaching). 

The findings in this work provide compelling evidence that the CMC-stabilized ZVI 

nanoparticles may be used for in situ reductive remediation of NB polluted soil or groundwater.   
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