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Copper sulfate has been the most commonly used algaecide for about a century in the
U.S. to control the off-flavor problem caused by blue-green algae in channel catfish
(Ictalurus punctatus) ponds. In 2001, the ~80,000 hectares of channel catfish ponds in the
U.S. received a total dose of 4,000,000 kg of CuSO4·5H2O or 1,000,000 kg of Cu2+.
However, no detailed studies have been available pertaining to the potential adverse
impacts of the copper applied in catfish ponds on human and environmental health.
A pilot-scale study and various field measurements at commercial ponds were
conducted to investigate the environmental fate of copper applied as an algaecide in
catfish ponds. In the pilot study, a total of 774 g Cu(II) were applied to an experimental
catfish pond over a period of 16 summer weeks. Copper mass balance indicated that
v

virtually all Cu(II) applied was retained in the sediment. Approximately 0.01% of the
total Cu applied was taken up by fish and 0.1% remained in pond water. Data from three
commercial fishponds of different ages (1-25 years) and with different sediment types
(acidic, neutral and calcareous) supported the pilot-scale observation. Field monitoring of
groundwater quality suggested that the copper leaching into the groundwater surrounding
the ponds was insiginificant.
Sediments taken from the three commercial catfish ponds were studied for content,
leachability, bioaccessibility, and speciation of sediment-bound Cu(II). Results showed
that copper was concentrated in the top 10 cm of the sediments. Leachability tests based
on the toxicity characteristic leaching procedure (TCLP) showed ~1-8% of sedimentbound copper was leachable, while the bioaccessible copper, determined following a
physiological based extraction test (PBET) procedure, accounted for up to ~40-80% of
total Cu. Becasue of the high redox potential in the surface sediments, acid volatile
sulfide was not a significant sink for copper. Tests following a sequential extraction
method revealed that the residual phase copper (i.e. Cu bound in the lattices of primary
and secondary minerals) was the major Cu fraction in the ponds with acidic and
calcareous sediments but carbonate-bound, Fe/Mn oxide-bound and organically bound
Cu, as well as the residual fraction, seemed equally important in the pond with neutral
sediment.
Effects of various soil fractions and soil compositions on the leachability and
bioaccessibility of soil-bound Cu were investigated with three representative soils
(calcareous, neutral, and acidic). The synthetic precipitation leaching procedure (SPLP)
was used to assess the metal leachability, the PBET was used to assess the
vi

bioaccessibility, and a selective dissolution approach was applied to fractionate the soil
fractions. Data showed that soil carbonates played an important role in Cu desorption
from soil. The leachability of Cu bound in carbonate-rich soils was less than that in soils
with lower carbonate content. However, the bioaccessibility of copper in carbonate-rich
soils was greater than that for soils with low carbonate content. Leachability and
bioaccessibility of Cu in different particle size fractions fractionated on were found to be
correlated with the carbonate contents in each fraction. Results also showed Fe/Mn
oxides, organic matter and clay minerals are responsible for Cu retention under acidic
leaching conditions, and clay minerals consistently showed the strongest affinity for Cu.
This study developed a new class of iron phosphate (vivianite) nanoparticles,
prepared with sodium carboxymethyl cellulose (CMC) as a stabilizer, and tested the
feasibility of applying the nanoparticles for in-situ immobilization of lead (Pb2+) in soils.
TEM measurements indicated that the mean particle size was about 8.4±2.9 nm (standard
deviation). Batch test results showed that the CMC-stabilized nanoparticles can
effectively reduce the TCLP leachability and PBET-based bioaccessibility of Pb2+ in the
3 representative soils. When the soils were treated with the nanoparticles at a dosage
ranging from 0.61 to 3.0 mg as PO43-/g-soil for 56 days, the TCLP leachability of Pb2+
was reduced by up to 95%, whereas the bioaccessibility of Pb2+ in the soils was reduced
by 31~47%.
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Computer Software used Microsoft Excel 2003, Microsoft Word 2003, Sigmaplot 8.0,
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CHAPTER I.
GENERAL INTRODUCTION

Contamination of rivers, lakes and reservoirs by heavy metals has been studied for many
decades. However, there has been no detailed study documenting the fate and
environmental impacts of copper applied in the catfish pond aquaculture. Because of the
different environmental characteristics in the catfish ponds from other surface water
bodies, resulting from more human interferences such as mechanical aeration, frequent
water drainage and sediment removal, and heavy application of algaecides, it is
necessary to research and assess the environmental consequences of the pond
aquaculture practices, especially the heavy uses of Cu as an algaecide.
While heavy metals have been detected in thousands of sites, it remains highly
challenging to remediate metal contaminated sites cost effectively. To address this issue,
this study developed an innovative in-situ nanotechnology to immobilize metal cations
such as lead and copper in soils and/or solid and hazardous wastes by use of a new class
of stabilized iron phosphate nanoparticles. Compared to the commonly used phosphate
sources such as water soluble phosphate or rock phosphate, the newly developed
nanoparticles offer the advantages of high immobilization effectiveness and much less
leaching of phosphate into the environment.
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Overall, this dissertation focuses on the following research aspects:
Researching the transport of Cu among pond water, groundwater, pond sediment and
the catfish body after the Cu was applied in the pond water as an algaecide, discovering
the final fate of the Cu and evaluating the potential impact of Cu application on the
ground water quality.
1. Researching the Cu speciation and environmental availability of Cu bound in the
pond sediments and estimating the potential effects of Cu-laden sediments on the
environment, animals and human.
2. Studying the influences of geochemical properties of the sediment on the
environmental availability of the Cu and finding the best management practice for
reducing the Cu contamination.
3. Synthesizing the iron phosphate nanoparticle and studying the effects of the
nanoparticle on the leachability and bioaccessibility of soil-bound Pb.
The first chapter of this dissertation provides a general introduction and overview of
the dissertation. Chapter II details the fate and transport of Cu in the catfish ponds
through experimental investigation and field sampling. Research on experimental catfish
ponds revealed that Cu applied finally accumulated in the pond sediment and little Cu
was retained either in the water phase or in the catfish body. The Cu mass balance
showed that no Cu had output from the ponds or entered the ground water with the pond
seepage, suggesting that the possibility of ground water contamination caused by the Cu
application was low. Field survey on three commercial catfish ponds with different ages
and sediment properties also showed that only small amount of Cu was present in the
pond water, the neighboring ground water and the fish tissues while the pond sediment
2

retained most of the Cu applied in the ponds as the algaecide. Although Cu in the
experimental pond sediment exhibited slowly downward immigration, probably caused
by the bioturbation and/or colloid facilitated-transportation, field observations on the
commercial ponds with many year Cu applications showed that Cu primarily
accumulated only in the top (sediment) layer of the pond bottom. Therefore attention
should be given on the behavior of Cu in the pond sediment.
Chapter III investigated the role of acid volatile sulfide (AVS) in metal binding, the
simultaneously extracted heavy metals (SEMCu) content in the three commercial catfish
pond sediments, and Cu speciation, leachbility and bioaccessibility in the sediments using
a sequential extraction method (SEP), the toxic characteristic leaching procedure (TCLP),
and the physiological extraction batch test (PBET). Due to the high redox potential in
those fishpond bottoms, acid volatile sulfide was not a significant binding phase in the
surface sediments, resulting in the molar ration of AVS to SEMCu less than 1 in most
cases. The sequential extraction method results indicated that the residual phase was the
major Cu fraction in the first two pond sediments but carbonate-bound, Fe/Mn oxidebound and organically bound Cu, as well as the residual fraction, seemed equally
important in the third pond. Toxicity characteristic leaching procedure showed only
1~8% of sediment Cu was leachable while bioaccessible Cu, evaluated by physiological
based extraction test, accounted for up to 40~80% of total Cu. Aging seemed to play an
important role in changing the Cu speciation and thus its availability in the sediments.
In addition to the total Cu concentration, sediment properties also played an important
role in Cu availability. Chapter IV investigates the effects of soil geochemical
composition such as soil carbonates, iron and manganese oxides, soil organic matter and
3

soil clay minerals on the leachability and bioaccessibility of the soil-bound Cu, which
were evaluated by synthetic precipitation leaching procedure (SPLP) and PBET,
respectively. Experimental results revealed that soil carbonates showed different effects
on Cu leachability and bioaccessibility: i.e. higher carbonate content resulted in the lower
Cu leachability but higher bioaccessibility in soils, suggesting that carbonates could
strongly retain Cu at moderately acidic environment but will completely lose their
absorption capacity in extremely low pH ranges. Soil iron/manganese oxides, soil organic
matter and clay minerals all exhibited Cu retention capacity to different extents and thus
were able to reduce the Cu leachability and bioaccessibility in soils, with soil clay
minerals and possibly some organic matter binding strongest with Cu even in the
extremely acidic environment.
Chapter V presents the synthesis of a new class of iron phosphate (Fe3(PO4)2·8H2O ,
vivianite) nanoparticles and the application of the particles in immobilization of the soilbound lead. With the aid of carboxymethyl cellulose (CMC) as the stabilizer, the
nanoparticles were successfully produced with average size of 8 nm. Batch test results
showed that the CMC-stabilized nanoparticles can effectively reduce the TCLP (toxicity
characteristic leaching procedure) leachability and PBET (physiologically based
extraction test) bioaccessibility of Pb2+ in three representative soils (calcareous, neutral,
and acidic) at a dosage ranging from 0.61 to 3.0 mg as PO43-/g-soil. When the soils were
treated with the nanoparticles for 56 days, the TCLP leachability of Pb2+ was reduced by
85~95%, whereas the bioaccessibility was lowered by 31~47%. Results from a sequential
extraction procedure showed a 33~93% decrease of exchangeable Pb2+ and carbonatebound fractions, and an increase of residual-Pb2+ fraction when Pb-spiked soils were
4

amended with the nanoparticles. Addition of chloride in the treatment further decreased
the TCLP leachable Pb2+ in soils, suggesting the formation of chloro-pyromorphite
minerals. Compared to soluble phosphate used for in situ metal immobilization,
application of the iron phosphate nanoparticles results in ~50% reduction in phosphate
leaching into the environment.

5

CHAPTER II
FATE AND TRANSPORT OF COPPER APPLIED
IN CHANNEL CATFISH PONDS

1. Introduction
In the past four decades or so, channel catfish (Ictalurus punctatus) farming in the U.S.,
especially in the central and southern U.S., has grown 80 fold. The water surface for
catfish aquaculture in the United States has expanded from about 1,000 ha in the early

1960s (Boyd et al., 2000) to about 80,000 ha in 2001 (USDA, 2004). In 2004, the United
States Department of Agriculture (USDA) reported that catfish growers in eleven selected
states achieved a total sale of 480 million dollars (USDA, 2004). Since these practices

involve heavy uses and discharges of environmentally intensive chemicals such as heavy
metals and nutrients, concerns about the associated environmental impacts have been
growing (Boyd et al., 2000)
A channel catfish pond differs from natural confined water bodies, such as a lake or a
reservoir, in a number of aspects, including 1) it has a smaller water capacity and higher
biomass

density,

2)

it

receives

elevated

chemical

loading

(e.g.

nutrients,

pesticides/algaecides, and lime), and 3) it undergoes frequent human interferences (e.g.
water drainage and refill, sediment removal, aeration, etc.). The related practices often
result in environmentally intensive effluents and sediments.
6

Copper sulfate has been the most commonly used algaecide for about a century in the
U.S. to control the off-flavor (e.g., “fishy taste”) problem caused by blue-green algae in
channel catfish ponds (Riemer and Toth, 1970). In fact, Cu sulfate pentahydrate
(CuSO4·5H2O) has been the only algaecide approved by the U.S. EPA for catfish pond
applications (USEPA, 2003). Typically, copper is applied to the fishponds at about 1%
(w/w) of the total alkalinity of the pond water, and applications are made at intervals of
2-10 days from early summer to early fall (Boyd, 1990). Individual ponds typically
receive about 50 kg ha-1 of CuSO4·5H2O or about 12.5 kg/ha of Cu each year. In 2001,
the ~80,000 hectares of channel catfish ponds in the U.S. (mainly in Alabama, Arkansas,
Louisiana, and Mississippi) received a total of 4,000,000 kg of CuSO4·5H2O

or

1,000,000 kg of Cu (USDA, 2004). However, no detailed studies have been available
pertaining to the potential adverse impacts on the human and environmental health.
Copper is a trace metal essential for the human body and for many enzyme systems.
However, excessive exposure to high concentrations of Cu can result in adverse health
effects. The maximum contaminant level (MCL) of Cu in drinking water is 1.3 mg/L
(USEPA, 2002). Studies have shown that long-time ingestion of water containing Cu
greater than the MCL can lead to liver or kidney damage (Zietz et al., 2003). Researchers
have observed severe toxic effects of Cu on people or animals with weakened
detoxification systems (Scheinberg, 1991). Recent evidence indicated that trace amounts
of Cu in water, along with cholesterol, might play an important role in the etiology of
Alzheimer’s disease (Sparks and Schreurs, 2003). In addition, free Cu may catalyze the
formation of highly reactive hydroxyl radicals, which can result in oxidative damage to
cells (Gaetke and Chow, 2003).
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Among animals, ruminants are quite susceptible to copper toxicity. They are the only
animals in which significant, and even lethal, copper toxicosis can occur without an
inherited abnormality or the addition of dietary copper supplements. Copper toxicosis
may develop in sheep taking forage with a normal copper content of 8-10 mg/kg, and this
even more likely to occur if the molybdenum concentration in the diet is below 0.5 mg/kg
(Scheinberg, 1991).
Although some fish and crawfish may survive at copper concentrations of 0.03-0.8
mg/L, copper exceeding of 0.1 mg/L in water is usually toxic to fish (Scheinberg, 1991).
Strauss and Tucker (1993) reported a 96-h LC50 of 51-65 µg/L at 16 mg/ L total hardness
and 1,084-1,880 µg/L at 287 mg/L total hardness for channel catfish. Copper may also be
toxic to plants, affecting mainly the growth of the roots. Toxic levels of copper for young
spring barley, ryegrass, rape and wheat are 19 to 21 mg/kg soil. Copper is also toxic to
cauliflower, potato, carrot, lettuce seedling, and rice seedling (Owen, 1981).
A fishpond can be envisioned as a mini-ecosystem consisting of water, sediment, and
biota (mainly fish). Upon application, Cu will transport within and distribute among these
phases. Cu applied to a fishpond may find its way into the environment in one or more of
the following pathways: 1) Seepage: Since the pond bottom and/or walls are water
permeable to some degree, Cu applied in the pond system may leach into surrounding
groundwater or soil along with the seepage water; 2) Fish accumulation: Fish can
accumulate heavy metals including Cu primarily through dietary exposure (USEPA,
2000); 3) Water replacement, pond dewatering, and pond drying, which are common
practices in pond aquaculture; and 4) Sediment removal: Sediment in aquaculture ponds
is removed routinely to maintain adequate depth of the fishponds and to remove harmful
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agents accumulated in sediment such as nutrients and organic matter (Boyd, 1995). For
intensive aquaculture, sediment may be removed after each crop (Boyd, 1995).
The overall goal of this study was to investigate the distribution and transport of Cu
applied to channel catfish ponds through both a pilot-scale experimental study and field
measurements at actual commercial ponds. The specific objectives of this study were to:
1. Carry out a thorough Cu budget study in a well-controlled pilot-scale experimental
fishpond;
2. Quantify the dynamics and distribution of Cu in the pond system during the
application season; and
3. Investigate the distribution of Cu in representative commercial catfish ponds.

2. Materials and Methods
2.1. THE EXPERIMENTAL POND
A pilot-scale experimental fishpond at the Auburn University Fisheries Research Unit in
Auburn, Alabama, USA, was employed for the pilot study. Figure 2.1 shows the plan
view of the pond dimensions and locations of sampling points (i.e. A-E, 1-16). The
average water depth was kept at 0.8~0.9 m during the study. All side walls were made of
concrete. Feed water was introduced by gravity flow from a local reservoir as needed,
which was filled with runoff water from a locally wooded watershed. The pond bottom
was originally paved with compact native soil, characterized as Typic Kanhapdults
(clayey, kaolinitic, and thermic). Table 2.1 gives relevant physical and chemical
properties of the native soil and the pond sediment. A 37 kw surface aerator was installed
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at 5 m from the wall (point E in Figure 2.1). Copper sulfate (CuSO4·5H2O) was slug-fed
in the pond at the aerator (Point E) on a weekly basis.
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Figure 2.1 A plan view (not to scale) of the experimental pond and location of the water
and sediment sampling points. Water and sediment cores were sampled at Points A-E to
study the dynamic behaviors of Cu in water and sediment, whereas only sediment cores
were taken at Points 1-16 to determine total Cu mass retained in the sediment.

A staff gauge that permits water level readings to the nearest 0.25 cm was installed in
the pond. A class-A evaporation pan (Yoo and Boyd, 1994) and a standard rain gauge
(Yoo and Boyd, 1994) were placed on the pond bank to monitor the water loss due to
evaporation and water input from rain, respectively. A water flow meter (Trident# 8,
10

Neptune Technology Group Inc.) was fitted on the inlet pipe for recording inflow rate. As
a routine maintenance practice, lime was applied to the pond water on a yearly basis to
enhance alkalinity and neutralize bottom soil acidity.
2.2. EXPERIMENTAL PROCEDURES
The experiment was initiated on March 11, 2003 by stocking the pond with ~300 channel
catfish seedlings weighing 165 kg total. The fish were fed 3 times per week at 2.7 kg feed
per feeding for the first two months. Then the feed quantity was increased to 5.4 kg until
the end of the study season (September 26, 2003). The Cu content in the feed samples
was determined to be about 10.8 mg/kg as Cu using EPA METHOD 3050B (USEPA,
1996).
From June 13 through September 26, 2003, copper sulfate (CuSO4·5H2O) was applied to
the pond once a week at ~190 g per application. The amount of copper sulfate added was
approximately equivalent to 1% of the total alkalinity (mg/L CaCO3) of pond water
(Boyd and Tucker, 1998). The surface aerator was operated as follows: a) it was first
operated continuously for 24 hours (typically starting at 9 a.m.) immediately after each
application of Cu sulfate to evenly distribute Cu in the pond water and to prevent the fish
from being harmed by the shock loading of Cu; and b) after the application day, it was
operated only nightly from 9 p.m. to 6 a.m. to compensate the high oxygen demand in the
night time.
Before the first Cu addition, water samples, sediment cores and fish samples were
analyzed for the background Cu concentrations. Table 2.1 also presents important
compositions of the pond water before Cu was added. Copper concentrations, pH, and
dissolved oxygen (DO) in water after each copper application were monitored
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TABLE 2.1
Pond water quality and soil property data for the experimental pond and the commercial ponds.
Catfish pond
pH

Experimental
pond (30- years
old)

12

Commercial
pond P-1 (1year old)
Commercial
pond P-5 (5years old)
Commercial
pond P-25 (25years old)

7.81

Pond Water properties
Cu
Organic
Alkalinity
(mg/
carbon
(mg/L as
L)
(mg/L)
CaCO3)

0.002

3.46

Soil properties
Organic
Sand
carbon
(%)
(%)

pH

CEC
(cmol
/kg)

Cu
(mg/
kg)

Pond
Sediment

6.6

14.5

28.9

2.5

Native soil

6.3

6.25

18.3

Silt
(%)

Clay
(%)

Clay*
minerals

30

33

37

(K)(M)
(S)

1.6

49

30

21

(K)(M)
(S)

57.2

7.87

0.012

11.98

141.1

Native soil

7.8

34.85

23.2

1.2

15

29

56

(K)(M)
(Q)(S)

7.43

0.033

14.21

74.3

Native soil

6.9

14.17

25.6

0.9

18

28

54

(K)(M)
(Q)(S)

7.44

0.021

4.32

37.2

Native soil

4.3

8.77

13.5

0.6

69

4

27

(K)(M)
(Q)(S)

* K=Kaolinite, M=Mica, Q=Quartz, S=Smectite
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periodically. Throughout the experimental period, the water level in the pond, rainfall,
evaporation, and inflow rate were recorded on a weekly basis. These data were used in
the subsequent water balance calculation following the approach of Boyd (1982).
To study the dynamic behavior of Cu in the pond water, water samples were taken
from locations A, C, and E of the pond (Figure 2.1) and at various time intervals after
one application. Two operationally defined Cu species in water were considered in this
study. The “dissolved Cu” (D-Cu) refers to Cu remaining in water after micro-filtering
the water samples using a 0.22 µm PVDF Membrane (Millipore Co., Billerica, MA,
USA), whereas the “total Cu” (T-Cu) was determined by analyzing water samples that
were first acidified with 0.1 M HNO3 to a pH < 2.0 and without the filtration treatment
(Clesceri, et al., 1998).
To study the transient Cu accumulation in the sediment in response to the Cu
additions, sediment cores were taken from locations A, B, D, and E (Figure 2.1) on a
weekly basis. A manually-operated, 5-cm diameter core sampler (Wildlife Supply
Company, MI; Model No.2424A15) was used to obtain sediment cores to ~22 cm deep.
To map the spatial distribution of Cu in the sediment, sediment cores were also taken
from Points 1-16 (Figure 2.1) at the beginning and the end of the pilot study, respectively.
All sediment cores were dissected to 2-cm-thick cakes, and copper content in the cores
was determined following EPA METHOD 3050B (USEPA, 1996). The bulk density of
each sediment cake was measured separately following the approach by Munsiri et al.
(1995).
Catfish of various ages (sizes) were sampled three times during the test. Copper
content in the whole fish body as well as in various body parts (liver, gill, meat, and
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bone) was determined. Following a procedure described by Oldewage (2000), the fish
samples were first freeze-dried for 72 hours, and then the samples were fine-ground to
homogenous powders. Again, EPA METHOD 3050B (USEPA, 1996) was followed for
digestion of the dried fish powders.
2.3. ANALYSES OF SEDIMENT, SOIL AND CHEMICALS
Copper in water or in acid digests was analyzed using either a flame atomic absorption
spectrometer (FLAAS) (Varian SpectrAA 2220FS) or a graphite furnace atomic
absorption spectrometer (GFAAS) (Perkin Elmer 3110). The detection limit is 0.02 mg/ L
for the FLAAS, and 0.002 mg/L for the GFAAS. An Orion 520A pH meter was used to
measure pH of water or soil suspension and YSI 57 DO meter for measuring DO.
Alkalinity of the pond water was determined through the titration method (Clesceri et al.,
1998).
Native soil samples were taken from Bt horizon (50~70 cm deep) in the vicinity of
the pond for characterizing the soil properties. The sediment column of this pond was
estimated to be 30 cm deep (Munsiri et al., 1995). Both soil and sediment samples were
pulverized to pass a 2-mm sieve after drying at 105°C, and the subsequent soil
measurements were based on the weight of air-dried samples. Soil pH was measured in
0.01 M CaCl2 at 1:1 soil: solution ratio. The fraction of sand, silt, and clay was
determined using the pipette method described by Gee and Or (2002). The total carbon
content was analyzed following the Dumas method with a LECO CN-2000 combustion
unit (LECO Corp., Joseph, MI) at 1050 °C. Soil clay minerals were identified with the
XRD method using an X-ray diffraction unit (Siemens D5000 x-ray diffractometer) after
the soil samples were treated with the procedure given by Kunze and Dixon (1986). The
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CEC was determined with 1 N NH4OAc buffered at pH 7.0 following the method
described in Soil Survey Laboratory Methods Manual (USDA, et al, 1996).

2.4. DETERMINATION OF TOTAL COPPER RETAINED IN SEDIMENT
Total Cu content in the top 22-cm sediment layers was determined through volumetric
integration of the Cu concentrations in each dissected layer. The planar distribution of Cu
in each layer was mapped through interpolation based on the measurement of the 20
cores (Points 1-16, A, B, D and E in Figure 2.1). Eqn (2.1) gives the total mass of Cu
retained in sediment:

V

∫

M S = C ( x, y, z ) ρ ( x, y , z ) dV

(2.1)

0

where Ms (kg) is the total mass of Cu retained in the sediment of volume V, C(x,y,z) (mg
Cu kg-1 dry soil) is the Cu concentration at location (x, y, z), ρ(x,y,z) (kg dry soil m-3 of
wet sediment) is the bulk density of sediment at location (x, y, z), and dV (m3 of wet
volume) is the volume element at location (x,y,z).
Dividing the sediment core into finite number of layers (0.02 m each) along the depth
and assuming that sediment bulk density is the same within each single layer, eqn (2.1) is
approximated with
N

M s = hi ∑ ρ i ( ∫ C i ( x , y )∆x∆y )

(2.2)

i =1

where hi is the thickness of layer i (0.02 m), N is the total number of layers, Ci(x,y) is the
Cu concentration at location (x, y) of layer i (mg Cu/ kg dry soil), ρi is the bulk density of
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sediment in layer i (kg dry soil m-3 of wet volume), and ∆x∆y is the area element at
location (x, y) (m2).
The finite-element method was employed to map the concentration distributions at a
given layer. In brief, each layer of sediment was divided into 100×100 grid elements,
each with a dimension 0.14 m × 0.29 m × 0.02 m. Cu concentration within a given
element was considered to be homogeneous and was calculated by interpolation based on
Cu concentrations measured at the 16 sampling points. The Interactive Data Language
software (IDL 6.0, Research System Inc.) was used to calculate the Cu concentrations at
all grid points through two-dimension linear interpolation. The net gain in Cu in the
sediment phase (∆Ms) was then calculated by:
∆Ms = Ms, final- Ms, initial

(2.3)

where Ms, initial is the Cu mass in the sediment before the Cu was applied, and Ms, final is
Cu in the sediment at the end of the study season.
2.5. OVERALL COPPER BUDGET IN THE POND SYSTEM
The copper budget or mass balance in the pond system is described by Eqn (2.4):
M1 + M2 + M3 - M4= ∆M w + ∆Ms + ∆Mf

(2.4)

where M1 is the mass of Cu applied to the fishponds as algaecide (g); M2 is the mass of
Cu added to fishponds with rainfall, runoff and fill water (g); M3 is the mass of Cu added
as fish feedings (g); M4 is the mass of Cu lost from fishponds due to water seepage (g);
∆Mw is the mass of Cu gained in pond water (g) at the end of the study season; ∆Mf is the
mass of Cu accumulated in the fish body (g); and ∆Ms as defined in Eqn (2.3).
2.6 COPPER DISTRIBUTION IN COMMERCIAL CATFISH PONDS
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Copper distribution in three commercial catfish ponds in the western Alabama was
measured and compared. The ponds differ in their age and sediment characteristics
(Table 2.1). Pond P-1 was a one-year old catfish pond and was built on 6 hectares of a
calcareous soil; Pond P-5 was five-years old, and was based on 8 hectares of a neutral
soil; whereas pond P-25 was 25-years old and on 2.5 hectares of an acidic soil. Multiple
samples of the pond water, pond sediment, soil, and catfish were taken from those three
ponds in September, 2003 and then analyzed for Cu following similar methods of
sampling and analysis of those used for the experimental pond. Table 2.1 gives salient
water quality data and sediment properties for the three commercial ponds. Ground water
samples were also taken from the monitoring wells located within 200 meters down
gradient of the fishponds. The water samples were acidified with 0.1 M HNO3 to a pH <
2.0 (Clesceri et al., 1998) on site before they were transported to the lab for analysis.

3. Results and Discussion

3.1. WATER BUDGET
Based on the weekly measurements, the weekly water seepage rate was calculated using
Eqn (1.5) (Boyd, 1982),
Seepage = Stage at time 1 – Stage at time 2 + inlet water – water output + Rainfall +
Runoff – Pond evaporation

(2.5)

where all terms were expressed in centimeters. The total runoff during the season was
estimated at 2.3 cm (Boyd, 1982), which was evenly distributed over the 16 weeks. No
water had been outputted from the pond during the season.
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The calculation showed that the average seepage of the experimental pond over the
experimental period was 0.5 cm/ d, i.e. about 2 m3 or 0.6 % of the pond water seeped out
of the pond daily.
3.2. DYNAMICS OF COPPER IN POND WATER
Figures 2.2a and 2.2b show the observed dynamic concentration profiles of T-Cu and DCu, respectively, in the pond water sampled at three locations (A, C and E) following a
representative Cu application. In all cases, steady state was reached in approximately 48
hours after each Cu addition. However, the level of T-Cu was much greater than D-Cu in
all cases. For instance, at point E (where Cu was added), the peak concentration of T-Cu
(approximately 600 µg/L) was over 1 order of magnitude greater than that for D-Cu
(approximately 57 µg/L). These observations suggest that a primary fraction
(approximately 90%) of Cu added to the ponds was rapidly (within minutes) associated
with the suspended fine sediment particles. Consequently, these fine particulates play a
governing role in facilitating the fate and transport of Cu. At steady state (after
approximately 2 days), virtually all sediment-associated Cu settled in the sediment phase,
leaving a steady amount (about 4 µg/ L) of D-Cu in the pond water.
The peak T-Cu concentration at Point A, which is about 18 m away from Point E, was
approximately 175 µg/L, compared to only approximately 26 µg/L for D-Cu. While the
D-Cu concentration peak reached Point A in less than 1.5 hours, the T-Cu peak did not
arrive until 4.5 hours. Such a time lag again indicates the important role of suspended
fine particles on the transport of the total Cu. To maintain a healthy water quality in
aquaculture ponds, it has been a common practice to keep a relatively high pH (>7.0) and
alkalinity through regularly liming the pond water. Boyd and Tucker (1998) attribute the
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Figure 2.2. Transient change in concentration of total Cu (a) and dissolved Cu (b) in
pond water at Points A, C and E following a Cu application.
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low level of Cu in the pond water at steady state to formation of Cu precipitates such as
malachite (Cu2(OH)2CO3), tenorite (CuO), and cupric hydroxide (Cu(OH)2) at the high
pH and alkalinity. However, calculations based on the pond water chemistry showed that
the saturation indices (SI) for those precipitates mentioned above were all less than 1,
indicating that Cu2+ in pond water was under-saturated with any of those Cu precipitates.
The result suggested that concentrations of copper in pond water were actually controlled
by the sediment-particle adsorption process instead of the precipitation. These
calculations were performed using Visual MINTEQ (ver. 2.32) with input data as
follows: Cu2+ (total) = 4 µg/L, pH = 7~8, alkalinity =57.2 mg/L as CaCO3.
Iron/manganese oxides, soil organic matter, clay minerals and soil carbonates are
often considered as the major sorbing phases for heavy metals in the water column
(Förstner and Wittmann, 1981). For example, Han et al (2001) analyzed the copper
speciation using sequential extraction procedure in sediment samples from a catfish pond
and found that more than 80% of copper was bound with soil organic matter,
iron/manganese oxides and soil carbonates. However, for anoxic sediments, acid volatile
sulfide (AVS) may become another important binding phase for metals sequestration (Di
Toro et al., 1992; Ankley et al., 1993; Yu, et al. 2001; Saenz et al., 2003).
Figure 2.3 shows dynamic pH and DO profiles in the pond water measured at Point C
in response to a pulse feed of copper at Point E. To contrast the cause-effect relation, the
T-Cu profile is superimposed in Figure 2.3. According to Boyd (1995), pH and DO in
aquaculture pond water typically exhibit a sinusoidal fluctuation pattern over a 24-h daynight period (as segmented between the two vertical dashed lines in Figure 2.3), which is
attributive to the alternating respiration and photosynthesis of algae. Since the photo20
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Figure 2.3. Dynamic profiles of DO and pH in pond water following a copper
application. Copper added at t (time) = 0.

synthesis consumes dissolved CO2 in water and produces DO, a coupled rise in pH and
DO would be expected during the day. On the other hand, decaying and respiration of
algae deplete DO and produce CO2, resulting in night- time drop in DO and pH. Figure
2.3 reveals that addition of copper caused an immediate DO upset and perturbation of the
pH profile. For ~ 3 days after the copper addition, pH was dropped from its normal
average value of ~9 to ~8 and remained stable, and DO was lowered to < 5 mg/L.
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Evidently, the addition of copper had effectively disturbed normal metabolic activities of
algae. However, due to the relatively rapid transport of copper from water to sediment,
the pH and DO profiles bounced back to their normal tracks after 3 days, suggesting that
the “algaecidal” effect of copper may not last for more than three days.
3.3. TRANSPORT AND ACCUMULATION OF COPPER IN SEDIMENT
Dynamic copper accumulation in the pond sediment was monitored through weekly
measurements of Cu concentrations in sediment cores taken from 4 selected points (A, B,
D, and E as shown in Figure 2.1). Figure 2.4.a shows the weekly changes in Cu
concentration in various sediment layers of the sediment cores taken at Point E in
response to the weekly Cu application (Note: sediment cores were taken approximately
12 hours before next Cu addition). Figure 2.4.a reveals that Cu concentrations in the top
two layers displayed rapid and steady increasing profiles in response to the Cu addition.
Rapid growth in Cu concentration in the 4-8 cm range was observed in about 3 to 4
weeks. At week 12, Cu in the deepest layer (14-16 cm) began to rise.
For comparison, Figures 2.4.b and 2.4.c present similar dynamic accumulation
profiles of Cu at Points A and D, respectively. Note that Point A is approximately 20 m
away from Point E, where Cu is introduced; whereas Point D sits about 3 m from the
center of the pond. Unlike Point E (where the aerator is located), Cu in the top three
layers of Point A increased sharply after week 1, while Cu accumulation at the nearcenter Point D took place at a more moderate pace, and a clear time lag was evident. The
different Cu accumulation profiles at these points suggest that Cu was unevenly
distributed in the pond sediment. This also supports the assertion that Cu’s transport was
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Figure 2.4a Accumulation of Cu in sediment at point E during the Cu application season.
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Figure 2.4b Accumulation of Cu in sediment at point A during the Cu application season.
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Figure 2.4c Accumulation of Cu in sediment at point D (c) during the Cu application
season.
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primarily facilitated by the transport of suspended sediments. Because sediment resuspension and re-distribution are dependent on the pond hydraulics, the distribution of
Cu is strongly affected by the aeration process. As more sediment particles settle in the
area near the side walls than at the center, more Cu was observed at Points A and E than
at Point D.
Figure 2.5 compares the vertical distributions of Cu in selected sediment cores (Point
B) taken at weeks 0, 8 and 16 of the study. Similar concentration profiles were also
observed for Points A, D, E, and 1-16 (data not shown). The initial Cu concentration in
the sediment core ranged from 25 to 35 mg/kg. At the end of the Cu application season,
the Cu concentration culminated to approximately 200 mg/kg, with most Cu
accumulation occurring in the top 10 cm of the sediment. However, the concentration
wave was able to reach 10 cm deep in the 16 weeks of study period.
Although Figure 2.5. indicates that the concentration front of Cu in the sediment
cores was progressing downward in the sediment at an average velocity of approximately
0.14 cm/d, no significant Cu leakage was detected in the surrounding groundwater.
Munsiri et al. (1995) observed that the sediment accumulation rate were only 1.23
cm/year for 23-year-old ponds and 0.93 cm/year for 52-year-old ponds located in the
same area as the research pond. This observation suggests that the observed fast
downward migration of copper in the pond sediment were not due to the piling up of the
new sediment.
Bioturbation (i.e. the disturbance or mixing of sediment layers or particles by
biological activities) is a significant process at the water-sediment interface, and can play
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an important role in accelerating the migration of copper into the deeper sediment layers.
Infauna macroinvertebrates, which inhabit in nearly all fine-grained sediment deposits,
were found to significantly affect the physical and chemical properties of sediment
through their burrowing, feeding and locomotion activities (Matisoff, 1995). Matisoff
(1995) reported that bioturbation of various aquatic organisms was able to facilitate the
transport of sediment-bound heavy metals and radionuclides. In a study on the vertical
distribution of radionuclides in a lagoon sediment off an old nuclear weapon testing site,
McMurtry et al. (1985) found that a significant portion of the initial fallout disposition to
the sediment surface had been mixed to depths of at least 1.5 m by activities of several
species of callianassid shrimp after about 30 years. Wijnhoven et al. (2006) applied a
simulated bioturbation to the top 2 cm of Zn-spiked soil columns, finding that the
turbation caused a downward redistribution of soil-sorbed zinc and the effect was
measurable at a soil depth of more than 15 cm in 15 days. Sun and Torgersen (2001)
successfully modeled the fate and transport of
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Ra in sediment by incorporating

bioturbation process with adsorption/desorption reactions. Boyer et al. (1990) observed
trenches constructed by burbot (Lota lota) in the deep waters of Lake Superior and
concluded that the fish was capable of mixing surface sediment to a depth of 30 cm.
Because many benthic species such as oligochaete worms and amphipods commonly
observed in aquaculture ponds are known potent sediment movers (Boyd, 1995),
bioturbation by fish and benthos may have played a key role in transporting Cu in the
sediment. The relatively flat Cu concentration peak after 16 weeks (Figure 2.5) appears
consistent with this scenario.
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In addition, colloids-facilitated contaminant transport may also play a role in
transporting Cu in the sediment. It has been reported that colloids can facilitate migration
of strongly adsorbable contaminants such as pesticides (Sprauge et al., 2000), mercury
(Lowry et al., 2004), lead (Kenchtenhofer, 2003), copper (Kanrathansis, 1999;
Kenchtenhofer, 2003), zinc (Kanrathansis, 1999), and radio nuclides (Kersting et al.,
1999) in the subsurface environment. The process can be affected by a number of
processes, such as hydro-mechanic disturbance, preferential flow, water seepage velocity,
pore water chemistry, soil macrospore structures, and soil properties. In this study, the
periodic re-suspension of Cu-laden sediment particles due to the cyclic aeration and
bioturbation promote the transport of colloids, which explains why the concentration
wave of Cu was able to reach a depth of 10 cm within 16 weeks. However, colloidsfacilitated transport would be much slower if bioturbation and mechanical mixing were
absent. Because the bioturbation and mechanical mixing are most influential to the top
sediment layers (< 10 cm) (Munsiri et. al., 1995), a much slower particle migration
velocity is expected in the deeper and more consolidated sediment.
3.4. COPPER ACCUMULATION IN FISH
In addition to soil and groundwater contamination, possible Cu accumulation in fish is
also a potential concern. Over the 16-week study period, a total of 356 kg of fish food
was applied, and the gross fish weight grew from 165 kg to 346 kg in the pond. Results
from fish analyses before and after the study period indicated that the Cu concentration in
the catfish body decreased from 12.7±2.81 (standard deviation) mg/kg in the seedlings to
6.15±2.54 mg/kg in the adult fish during the season. The results revealed that the net gain
of Cu in all fish was only 0.0324 g during the 16-week Cu application season. Oldewage
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Figure 2.6. Changes in copper concentrations in selected fish tissues with time.
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et al. (2000) studied the bioaccumulation of Cr, Cu, and Fe in fish Clarias gariepinus
from a polluted river and observed that Cu concentration in fish tissues decreased with
fish age. To further understand Cu distribution within a fish body, the Cu content in four
different body parts (liver, gill, muscle, and bone) was also monitored at weeks 0, 8, and
16, respectively. Figure 2.6 shows that the Cu concentration in the liver and gills far
exceeds that in meat and bone. Moreover, while Cu concentration in meat decreased by
nearly 50%, Cu in liver rose by nearly 75% over the 16 weeks, suggesting that Cu was
removed for the body and accumulated in the liver over time.
Similar patterns of Cu accumulation in fish organs were also reported by others. For
example, Kraeme (2005) reported that copper content in yellow perch (Perca flavescens)
living in a metal-contaminated lake increased from 10 to 100 mg/kg in liver and from 5 to
15 mg/kg in gill after 50 days of exposure. Farkas (2003) observed the heavy metals
accumulation in gill, liver and muscle of fish Abramis brama L. in a contaminated site
followed very similar profiles as in Figure 2.6. Earlier, Thomann et al. (1997) showed
that the accumulation of cadmium in fish liver reached its peak level after ~60 days of
exposure to the metal.
3.5. OVERALL COPPER BUDGET
Based on the Cu measurements in each compartment of the fishpond system, the overall
Cu budget was calculated using Eqn (21.4). Cu input to the fish pond due to runoff was
neglected considering the small size of the watershed and well-maintained vegetation
around the pond. Cu gain in the pond water (∆Mw) was determined to be 0.72 g by
comparing the steady-state Cu levels before and after the study period. Cu input to the
pond from rainwater and feed water (M2) was determined based on on-site measurements.
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The combined contribution was 2.93 g Cu, of which approximately 1.54 g was due to
rainfall and 1.39 g to feed water. As expected, the single most important Cu input to the
pond system was due to the algaecide application, which totaled 754 g, i.e. M1 = 754 g.
Cu input from fish food (M3) was determined to be 2.80 g.
Copper retained in the pond sediment was determined by comparing the change of Cu
content in the top 22 cm of the sediment before and after the study period. Vertical and
horizontal distributions of Cu in the sediment were determined based on measurements of
20 sampling points as shown in Figure 2.1. A numerical scheme based on the finite
element method (The Interactive Data Language software) was used to interpolate the
concentration distributions in each horizontal layer. Total Cu in the sediment was
computed then by integrating the distributed Cu concentrations in each segment. Table
2.2 summarizes the overall Cu budget calculation. Based on our weekly sampling and
analysis of the neighboring groundwater, there was no appreciable Cu leaking into the
aquifer during the study period. Therefore, the resultant negative seepage value in Table
2.2 indicates that the overall Cu budget can be well balanced within an error of <6 % of
Cu added in the pond. The results confirmed that virtually all Cu applied was retained in
the top 16 cm of sediment within the relatively short 16-week period.
3.6 FIELD INVESTIGATION
To support the pilot observations, field data on copper in sediments were collected in
three commercial fish ponds. Table 2.1 indicated that the Cu concentration in the
commercial ponds ranged from 0.012 to 0.033 mg/L despite the seasonal intensive
application of copper sulfate. Again, saturation index calculation showed that the aqueous
Cu in those pond water was under-saturated with all of Cu precipitates, suggesting the
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Table 2.2.
Summary of Cu budget calculations.
Cu applied (M1, g)
Rainwater and fill water (M2, g)

774
2.93

Cu input (g)
Fish food

(M3, g)

Total Input (g)
In water (∆M w, g)
In sediment (∆M s, g)
Cu
accumulation (g)

In fish (∆M f, g)
Total Accumulation (g)

Cu output (g)

Seepage (M4, g)

2.80
780
0.72
823
0.03
824
- 44

sediment-particle adsorption process played a major role in controlling the Cu activity in
pond water. Data in Table 2.1 were applied in the chemical equilibrium calculation for
each pond.
Figures 2.7a-c show the vertical distribution of Cu and the bulk density of the
sediments in the three commercial fishponds. According to Munsiri (1995), a bulk
density of 1.4 g cm-3 was used to distinguish between pond sediment and bottom soil (i.e.
the bulk density of sediment is less than 1.4 g cm-3). Based on this definition, the depth of
sediment in P-1, P-5, and P-25 was determined to be about 4, 14, and 10 cm, respectively.
Below the respective depth is considered as the bottom soil.
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Evidently, the peak concentrations for the younger ponds (P-1 and P-5) occurred at a
depth of ~3 cm (Figures 21.7a and 2.7b). In contrast, the peak concentrations for the 25year old P-25 (Figure 2.7c) occurred at a depth of 5-6 cm. It is noteworthy that the peak
concentrations for the actively used P-5 ranged from ~200 to ~250 mg/kg, which are
much greater than in newly built P-1 (7.0-16 mg/kg) and the 25-years old P-25 (7.0-33
mg/kg). The peak concentrations for the newly built P-1 fell into the reported background
concentration range of 4-18 mg/kg in typical U.S. soils (Thornton, 1976), possibly
indicating that no copper has yet been applied to the pond. The much lower copper
concentration in the more aged P-25 than in the 5-years old P-5 is attributed to the
intermittent sediment replacement.
A closer examination of the individual Cu distribution profiles indicates that although
the copper concentration wave went deeper for more aged ponds, the peak Cu
concentration occurred within the sediment layer rather than the bottom soil regardless of
pond age or pond soil properties. This observation agrees with the observed pilot-test
results, and indicates that Cu transport is facilitated primarily by bioturbation and
hydraulic mixing of the Cu-laden sediment particles. The results also reveal that the
application of copper may not cause significant changes in Cu content in the bottom soil.
Long-term groundwater monitoring showed that the Cu content in the groundwater under
those three commercial catfish ponds were 0.014 mg/L for P-1, 0.000 mg/L for P-5, and
0.001 mg/L for P-25, respectively. These concentrations are the same as in the
background water, confirming that nearly all copper applied to the ponds was retained in
the pond sediments.
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Figure 2.7a. Vertical distribution in Cu concentration and bulk density with the depth of
the pond sediment / bottom soil for the 1-year pond.
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Figure 2.7b. Vertical distribution in Cu concentration and bulk density with the depth of
the pond sediment / bottom soil for the 5-year pond.
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Figure 2.6c. Vertical distribution in Cu concentration and bulk density with the depth of
the pond sediment / bottom soil for the 25-year pond.
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TABLE 2.3.
Cu concentration in tissues of the catfish raised in commercial ponds.

fishpond

P-1
P-5
P-25

Weight (kg)

0.59±0.46
(n=5)
0.80±0.55
(n=6)
0.40±0.08
(n=6)

Cu concentration in fish tissues
(mg Cu/kg dry weight)
liver
gill
meat
8.64±2.26
5.07±3.21
0.88±0.41

bone
0.29±0.22

12.79±9.13

3.00±0.79

0.57±0.42

0.14±0.16

34.67±21.73

3.36±1.82

0.67±0.53

0.19±0.30

Table 2.3 presents copper concentrations in various body parts of fish sampled from
the three commercial ponds. Consistent with the pilot findings, livers contained the
highest copper, ranging from 8.64±2.26 mg/kg (dry weight) to 34.67±21.73 mg/kg,
followed by gill which contained 3.00±0.79 to 5.07 ± 3.21 mg/kg. Fish flesh and bone
contained minimal amounts of copper: 0.57±0.42 to 0.88±0.411 mg/kg in flesh and
0.14±0.16 to 0.29±0.22 mg/kg in bone, which are much lower than the Food and
Agriculture Organization (FAO) limit of 20.0 mg/kg (Abou-Arab et al., 1996).

4. Conclusions
Results from both the pilot pond and commercial ponds revealed the pivotal role of the
suspended sediment particles on the overall fate and transport of Cu in both water and
sediment phases. Because of the strong interactions between Cu and the suspended
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particles, more than 90% of Cu applied to the fish pond become rapidly (within 2 hours)
and firmly associated with the suspended solids. Within approximately 2 days after its
addition, over 99% of Cu added was transferred to the bottom sediment phase due to the
adsorption process by the sediment particles
The regular pH and DO profiles in pond water were distorted in response to each
application of copper sulfate. However, both pH and DO resumed to their normal patterns
after three days, which corresponds to the typical duration when the copper’s algaecidal
effect was operative. Therefore, pH and DO levels may serve as an indicator for the
activity of algae and other planktons.
A Cu budget study and direct groundwater monitoring suggested that virtually all Cu
applied ended up in the sediment phase. Facilitated primarily by mechanic stirring and
bioturbation, Cu was observed to migrate deeper into the sediment column. However,
both pilot-experimental data and field observation indicated that nearly all Cu applied
was actually concentrated within the pond sediment layer (<16 cm). The applied copper
did not appear to be able to reach the bottom soils in either the higher Cu-loading pond
(P-5 and the experiment pond) or the 25-year old pond (P-25). This observation was
further supported by the observed extremely low Cu concentrations in monitoring wells
located near the fishponds. The knowledge gained from this study may facilitate a sound
assessment of the environmental impacts associated with copper application in fish ponds.
Further, it may also provide a practical guideline for timely replacement and safe disposal
of the pond sediments.
Both experimental and field data showed Cu accumulation in fish primarily occurred
in the liver and gills. While the Cu concentration based on the total body weight
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decreased by nearly 50% during the season, Cu in the liver increased by nearly 75%. In
contrast, Cu concentration in fish muscle was diluted by a factor of nearly 2. The
measured Cu levels in fish may serve as a basis for formulating sound fish consumption
advisories. In addition, caution should be taken towards the reuse and disposal of fish
leftover (e.g. for cattle food) due to the elevated Cu contents in some of the fish organs.
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CHAPTER III
THE LEACHABILITY, BIOACCESSIBILITY, AND SPECIATION OF CU IN
THE SEDIMENT OF CHANNEL CATFISH PONDS

1. Introduction
The channel catfish (Ictalurus punctatus) has been farmed extensively in the central
and southern USA for many decades. The water surface being used for catfish production in
the United States has expanded from about 1,000 hectares (ha) in the early 1960s (Boyd
et al., 2000) to about 80,000 ha in 2001 (USDA, 2004). One of the noteworthy chemicals
often encountered in aquaculture practice is copper sulfate, which has been the most
commonly used algaecide for about a century in the U.S. to control the off-flavor
problem (e.g. fishy taste) caused by blue-green algae in channel catfish ponds (Riemer
and Toth, 1970). As a matter of fact, copper sulfate pentahydrate (CuSO4·5H2O) is
currently the only algaecide approved by the U.S. EPA for the use in catfish ponds
(U.S.EPA, 2003). Typically, copper is applied to the fishponds at about 1% (w/w) of the
total alkalinity of the pond water, and applications are made at intervals of 2-10 days
from early summer to early fall. Individual ponds typically receive about 50 kg/ha of
CuSO4·5H2O or about 12.5 kg/ha Cu each year. Based on these numbers, in 2001, the
80,000 ha of channel catfish ponds in the U.S. (mainly in Alabama, Arkansas, Louisiana,
and Mississippi) received a total of 4,000,000 kg of CuSO4·5H2O or 1,000,000 kg of Cu
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(USDA, 2004). According to Liu et al. (2006), nearly 100% of the applied Cu would
transfer to the pond sediment. However, there have been few reports to evaluate the
potential environmental problems associated with such a high amount of Cu accumulated
in the sediments of channel catfish ponds although contaminated sediments in rivers,
lakes and other surface water bodies have been fully studied for decades (Allen, 1995;
Fröstner and Wittmann, 1981; Locat et al., 2003, Vdovic et al., 2006).
Cu contamination in the catfish pond sediment might be different from that in other
water body sediments due to the following reasons:
1. Catfish ponds receive a high load of copper as mentioned above. Most of it
accumulates in the sediment.
2. Pond sediment is frequently disturbed by aquaculture management activities. For
example, in order to increase dissolved oxygen content in the water and reduce the
accumulation of the toxic substances in the bottom, the pond sediment is often exposed to
the air through pond water aeration, forced water circulation, and sediment drying and
even tilling. Hence, pond sediment environments may differ from those in the lakes or
reservoirs in terms of the anaerobic/aerobic conditions, which may affect the speciation
and thus availability of Cu in the sediment.
3. Periodic drainage and sediment removal result in the frequent output of Cu-laden
sediment to the surrounding water bodies or farmland, which makes environmental
evaluation of Cu-laden pond sediment necessary.
Although Boyd et al. (2000) have proposed several best management practices for
catfish aquaculture to prevent the Cu-laden sediment from entering the environment,
assessment of the leachability, bioavailability, and speciation of sediment-bound Cu were
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not included in the paper. Han et al. (2001) have researched the Cu speciation in the
sediments of commercial catfish ponds using the sequential extraction procedures (SEP),
indicating the Cu was primarily bound with the carbonates, organic matter and iron
oxides. Nevertheless, in Han et al.’s paper, sediment samples were exposed to the air
during sampling, transporting and treatment and the anaerobic condition, under which the
sediments usually existed, was not taken into account at all. This might have resulted in
an underestimate of the importance of metal-sulfide binding in the anaerobic horizons
characteristic of most natural in-place sediment.
Di Toro et al (2001) revealed that the toxicity of a heavy metal resulted from a
competitive equilibrium in the solution among the heavy metal ion, other co-existing
cations, organic and inorganic ligands, and the biotic ligand (the target organ) through the
competitions between the heavy metal and the co-existing cations for the biotic ligand
and between biotic ligand and other ligands for the heavy metal. Toxicity and mortality
occur when the competing result, or the concentration of the metal bound to the biotic
ligand, exceeds a threshold concentration (Di Toro et al, 2001). Therefore, if there are
enough strong binding ligands such as sulfide and carbonate to quantitatively sequester
the metal through forming precipitants, theoretically, there would be no or much less
biotic ligand-available metal in the solution to exert the toxicity toward organisms. In this
case, the metal is considered to be biologically unavailable and hence nontoxic. Thus, the
availability of a heavy metal is controlled by strong metal-binding solid phases (Bull and
Williamson, 2001). In freshwater sediment the major binding phases with Cu are
carbonates, Fe/Mn oxides, organic matter, acid volatile sulfides (AVS) and clay minerals
(Fang et al., 2005; Peng et al., 2004; Yu et al., 2001). Commonly used methods to assess
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the speciation of Cu in anaerobic sediment are sequential extraction procedures (Peltier et
al., 2005; Sáenz et al., 2003; Yu et al., 2001) and acid volatile sulfides (AVS) /
simultaneously extracted metals (SEM) method (Ankley et al., 1993; Berry et al., 1996;
Fang et al., 2005; Hansen et al., 1996; Yu et al., 2001).
Another important factor controlling the availability of the soil/sediment bound Cu is
the soil solution chemistry (Amonette, 2002), i.e., the properties of the environment in
which the soil-bound chemical is present. For example, the availability of soil-bound Cu
might be low in the natural water bodies such as lakes or rivers with a pH around 7.
However, if this soil were swallowed accidentally by cattle or human beings, its
availability would likely increase several times in the stomach where the solution pH is
around 2. There are several methods available to evaluate the availability of soil/sediment
bound metals under different solution environments such as the toxic characteristic
leaching procedure (TCLP) and physiological based extraction test (PBET). The former
is often applied to evaluate the leachability of solid waste in the natural environment (esp.
in landfill) (Ghosh, 2004;U.S.EPA, 1992) and the latter to evaluate the bioaccessibility of
contaminates in animal or humans’ stomach (Fendorf et al., 2004; Ruby et al., 1996;
Yang et al., 2002).
Generally speaking, the major purpose of this paper is to evaluate the leachability,
bioaccessibility, and speciation of Cu in the catfish pond sediment. The detailed
objectives are as follows:
1. to assess the role of sulfides in binding Cu in fishpond sediment using the AVS /
SEM extraction method;
2. to evaluate the leachability of the Cu-laden sediment using the TCLP method;
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3. to estimate the bioaccessibility of the Cu-laden sediment using the PBET method;
4. to study the speciation of Cu in different sediments using the sequential extraction
procedure (SEP); and
5. to explore the relationship between Cu speciation and its environmental availability.

2. Materials and Methods
2.1. PONDS AND SAMPLING PROTOCOL
Three commercial catfish ponds located in West Alabama were selected as sampling
sites based mainly on the pond age and sediment pH. Basic information about those three
ponds is shown in Table 3.1. Sediment samples were collected in June, 2005. Five
sediment cores were randomly taken from each pond following the procedures described
by Munsiri et al. (1995), then on site each core was segmented as 2-cm thick cakes which
were separately stored in capped 50-ml plastic cups. The specimen cups were then
immediately placed into an airtight container which was flushed with nitrogen gas and
transported on ice to minimize oxidation of the samples. Care was taken during the whole
sampling procedure to minimize the exposure of the samples to the air. Upon arrival in
the lab, samples were transferred to the refrigerator and the test began as soon as possible.
2.2. SEDIMENT AND SOIL ANALYSIS
The redox potential was determined by insertion of the platinum redox electrode
(model 97-78, Orion Research Inc.) directly into the segmented cakes under an anaerobic
chamber (Model 10, Sheldon Manufacturing Inc.) and the data were read from an
expandable ion analyzer (model EA940, Orion Research Inc.). The sediment pH was
measured in 0.01 M CaCl2 in a 1 g: 1 mL suspension under anaerobic condition. Total Cu
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concentration in the sediment samples were determined using U.S. EPA method 3050B
(1996).
Native soil samples were taken from Bt horizon (50~70 cm deep) in the vicinity of
the pond for characterizing the soil properties. Soil samples were pulverized to pass
through a 2-mm sieve after dried in the atmosphere. So, all of the subsequent
measurements were based on the weight of air-dried samples. Soil pH was measured in
0.01 M CaCl2 in a 1 g: 1 mL suspension. The fraction of sand, silt, and clay was
determined using the pipette method described by Gee and Or (2002). The total carbon
content was analyzed following the Dumas method with a LECO CN-2000 combustion
unit (LECO Corp.) at 1050 °C. Soil clay minerals were identified with the XRD method
using an X-ray diffraction unit (Siemens D5000 x-ray diffractometer) after the soil
samples were treated with the procedure given by Kunze and Dixon (1986). The CEC
was determined with 1 N NH4OAc buffered at pH 7.0 following the method described in
Soil Survey Laboratory Methods Manual (USDA et al., 1996).
2.3. AVS AND SEM MEASUREMENT
The AVS/SEM measurements followed procedures described by Allen et al. (1993).
The AVS was liberated from 5 g of wet sediment using 6 M HCl under a flowing N2
atmosphere. H2S generated in the reaction was trapped in 0.5 M NaOH, and total sulfide
released was determined by the methylene blue method (Clesceri et al., 1998). The
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TABLE 3.1.
Pond water quality and soil property data for the commercial catfish ponds.

Pond Water properties
pH

Cu
(mg/
L)

1- year-old
7.87 0.012
pond (P-1)

Organic Alkalinity
carbon (mg/L as
(mg/L)
CaCO3)

Soil
pH

Native Soil properties
Cu
CEC
Sand Silt Clay
Clay*
(mg/
(cmol/ kg)
(%) (%) (%) minerals
kg)

11.98

141.1

7.8

34.85

23.2

15

29

56

(K)(M)
(Q)(S)
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5- year-old
pond (P-5)

7.43 0.066

14.21

74.3

6.9

14.17

25.6

18

28

54

(K)(M)
(Q)(S)

25- year-old
pond (P-25)

7.44 0.043

4.32

37.2

4.3

8.77

13.5

69

4

27

(K)(M)
(Q)(S)

* K=Kaolinite, M=Maca, Q=Quartz, S=Smectite
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remaining solution in the reaction vessel was filtered through a 0.45-µm filter and stored
for the simultaneously extracted metals analysis.
2.4. TCLP AND PBET TESTS

The TCLP test was conducted according to U.S. EPA protocol (USEPA, 1992) by
mixing 1 g of dry soil samples (or equivalent amount of the wet sediment) with an
extraction solution at a liquid to solid ratio of 20. The extraction solution consisted of 0.1
M acetic acid and 0.0643 M NaOH with a pH of 4.93±0.08. The solid and leachant
suspension was placed in a capped polypropylene bottle and tumbled at 30 rpm for 18 h.
After extraction, the liquid was separated by filtration through a 0.45-µm filter. The
dissolved metal concentration in the filtrate was then measured with the fraction of metal
dissolved representing the leachability. The leachability of Cu was calculated in the

following manner (Eqn 3.1):
( Cu concentration in extract , mg / L)(0.01 L)
× 100
(Cu concentration in soil , mg / g )(0.5 g )
…………………………………. (3.1).
The leachability value (%) =

The physiologically based extraction test (PBET) used here followed the procedures
described by Kelley et al. (2002): The extraction solution consisted of 30 g/L glycine (0.4
M) with the pH adjusted to 1.5 using HCl. An equivalent to 0.1 g of a sediment sample
was placed in a 15 mL Teflon centrifuge bottle. Then 10 mL of 37 °C simulated gastric
solution was poured in each bottle. After capping, each bottle was rotated in a
temperature-controlled water bath at 37 ±2 °C for 1 h. After 1 h, the bottles were
immediately removed and stood up right for approximately 5 min before taking a portion
of the supernatant, which was then filtered with 0.45-µm filter. The dissolved metal
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concentration in the filtrate was measured with the fraction of metal dissolved representing
the bioaccessibility. Similarly, the bioaccessibility of Cu was calculated in the following
manner (Eqn.3.2):

( Cu concentration in extract , mg / L)(0.01 L)
× 100
(Cu concentration in soil , mg / g )(0.1 g )
…………………………………. (3.2).
The bioaccessibility value (%) =

2.5. SEQUENTIAL EXTRACTION PROCEDURES
The procedures employed in this study were based on those developed by Tessier et al.
(1979) and Shuman (1985). Procedures for measurement of exchangeable, carbonate,
residual Cu were modified according to Han et al. (2001). The Cu bound with Mn/Fe
oxides was determined using hydroxylamine hydrochloride (Peltier, 2005). Table 3.2.
shows the reagents and procedures used for each of the five extraction steps. For each
step, a certain amount of extractant was added to the sediment sample, which was the
equivalent of 1g dry weight, in a 50 mL Teflon centrifuge tube. After being treated with a
procedure listed in table 2, the mixture was then centrifuged at 5000 x g for 10 min. The
supernatant was decanted and filtered through a 0.45-µm filter. The filtrate was stored for
Cu analysis. The sediment residue was retained for the next step. The same
centrifugation–decantation procedure was used after each of the listed extractions. All the
procedures were conducted in the anaerobic atmosphere. Iron and manganese
concentration in the step 3 extract were also measured to estimate the amorphous iron
oxides and manganese oxides contents in the samples. Those two components were
supposed to be released in this step (Hettiarachchi, 2003).
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2. 6. ANALYSIS OF CHEMICALS
Copper, iron, and manganese in water or in acid extracts were analyzed using either a
flame atomic absorption spectrophotometer (FLAAS) (Varian SpectrAA 2220FS) or a
graphite furnace atomic absorption spectrophotometer (GFAAS) (Perkin Elmer 3110),
depending on the concentration. The detection limit is 0.02 mg /L for the FLAAS, and
0.002 mg/ L for the GFAAS. An Orion 520A pH meter was used to measure the pH of
water or soil suspension. Alkalinity of the pond water was determined through the
titration method (Clesceri et al., 1998).

TABLE 3.2.
Experimental conditions for sequential extraction procedures

Step
1

Extractant
12.5 mL, 1 M NH4NO3 , pH 7.0, 0.5 h
shaking.

2

12.5 mL, 1 M Na-acetate, pH 5.0, 6 h shaking.

3

12.5 mL, 0.04 M hydroxylamine
hydrochloride in 25% acetic acid, 6 h at 95 oC
in water bath.
1.5 mL of 0.01 M HNO3 and 2.5 mL of 30%
H2O2, 5 h at 85 °C in water bath, followed by
an additional 1 mL of H2O2, 1 h at 85 °C in
water bath, then 7.5 ml of 1 M NH4NO3 , 10
min shaking at room temperature.
12.5 mL, 4 M HNO3, 16 h at 80 °C in water
bath.

4

5
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Target
Water soluble /
exchangeable fraction
(WE)
Carbonate-bound fraction
(CB)
Fe/Mn oxide-bound fraction
(OX)
Organic matter/sulfidebound fraction (OS)

Residual fraction (RS)
(forms in lattices of primary
and secondary minerals)

3. Results and Discussions
3.1. CHARACTERISTICS OF SEDIMENTS
The redox potential (Eh) and pH distributions in sediments of three commercial
catfish ponds are shown in Table 3.3. Data showed that the redox potential in the
sediment of those ponds ranged from about -0.15 to +0.35 volts with the lowest potential
in the P-25 pond and the highest in the P-5 pond. According to Patrick et al. (2002), P-5
sediment was under a moderately reduced environment (Eh around +0.1~+0.35 V) while
P-1 and P-25 were under reduced conditions (Eh about -0.15~ +0.1V). Highly reduced
environments (Eh< -0.15 V), under which the reaction of reducing of sulfate to sulfides is
dominant (Boyd, 1995), were not observed in those ponds. The sediment pH values were
around 5.7 to 8.5, largely depending on the native soil pH, with minor fluctuations (less
than 1 pH unit) along the depth. The redox potential and pH are important parameters to
determine the speciation of soil components. According to the Eh-pH diagram for SO42/S2- redox boundary provided by Morse and Rickard (2004), the theoretical redox
potential to reduce SO42- to S2- was below -0.3 V for P-1 (pH 8.3~8.5), below -0.18~ 0.23 V for P-5 (pH 6.7-8.0) and below-0.1~-0.15 V for P-25 (pH 5.9~6.4). These results
agreed with Boyd’s conclusion mentioned above (1995) that Eh< -0.15 V for sulfate
reduction. Comparing these theoretical values with the measured redox potential in those
ponds (Table 3.3), a conclusion can be made that significant amount of AVS should be
observed only in P-25.

51

Table 3.3 also exhibits the profiles of some major sediment compositions which are
relevant to Cu speciation according to Tessier’s method (1979). Data show that the P-1

TABLE 3.3
Chemical characteristics of the sediments at different sites and depths
segment
Carbonates
(% CaCO3)

Organic
Matter (%
Organic C)

Am.FeOxides (%
Fe2O3)

MnOxides
(% MnO2)

cm

pH

Redox
(Eh, volt)

P-1
0-2
2-4
4-6
6-8
8-10
10-12
12-14

8.35
8.31
8.40
8.30
8.28
8.45
8.35

0.12
0.17
0.15
0.15
0.17
-0.13
-0.14

52.31
54.20
49.25
52.43
49.93
47.56
48.83

0.23
0.23
0.49
0.26
0.31
0.25
0.23

0.12
0.18
0.16
0.12
0.20
0.16
0.30

0.01
0.01
0.01
0.01
0.01
0.01
0.02

P-5
0-2
2-4
4-6
6-8
8-10
10-12
12-14
14-16

7.89
7.91
7.77
7.32
7.14
7.06
6.70
6.85

0.31
0.33
0.32
0.32
0.32
0.32
0.27
0.15

11.28
9.29
9.35
7.76
6.20
4.46
2.60
3.50

0.57
0.79
0.63
0.61
0.51
0.45
0.31
0.39

0.80
0.77
0.65
0.72
0.55
0.59
0.38
0.17

0.06
0.09
0.09
0.13
0.07
0.10
0.02
0.04

P-25
0-2
2-4
4-6
6-8
8-10
10-12
12-14
14-16
16-18

5.86
5.88
5.84
5.73
5.88
6.35
6.33
6.37
6.40

-0.08
-0.13
-0.09
-0.13
-0.09
-0.11
-0.14
-0.14
-0.17

0.34
0.74
0.84
0.75
0.76
0.68
0.76
0.58
0.76

0.69
0.29
0.29
0.41
0.21
0.48
0.35
0.42
0.32

0.15
0.16
0.11
0.08
0.07
0.08
0.12
0.08
0.07

0.02
0.04
0.02
0.02
0.01
0.01
0.01
0.01
0.01
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had highest carbonate contents in the sediment while the P-5 was highest in organic
matter, amorphous iron oxides and manganese oxides contents. According to Yu et al.
(2001), Fe oxides could be considered as the main binding phase for metals in slightly
anoxic sediments (Eh was as low as -0.13 v) although those are redox sensitive. The P-25
also contained the high organic in the top 2 cm of the sediment. Among those
components, only organic matter exhibited a wide variation along the sediment depth in
those three ponds, suggesting that there was an external source of organics while iron,
manganese and carbonate were basically from the native soils. The organic matter
originated from the fish food, fish manure and the plant debris.
Cu concentration profiles (Figure 3.1) showed that the Cu added as an algaecide
mostly concentrated in the top 10 cm layer of the sediment. The P-5 pond had the highest
Cu content in its sediment with peak concentration as high as 200 mg/kg (Figure 3.1a).
The P-25 and P-1 pond shared the relatively low sediment Cu with respective peak
concentrations of 25 and 11 mg/kg, which are almost 1-order of magnitude less than that
in the P-5 (Figure 3.1b). The peak concentration for the newly built P-1 fell into the
reported background concentration range of 4-18 mg/kg in typical U.S. soils (Thornton,
1976), possibly indicating that no copper has yet been applied to the pond. The copper
concentration in the more aged P-25 is much lower than that in the 5-year-old P-5
because the sediment has been replaced at least once in this pond. Cu concentration
profile in P-25 (Figure 3.1a) displayed a sudden decrease from 5 cm deep to the
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sediment surface following a constant increase from ~15cm to 5 cm, which contradicts
the constantly increasing trend of Cu from 15 cm to the surface in P-5 (Figure 3.1b).
This observation suggests that the replaced sediment in the P-25 was about 5 cm deep.
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Figure 3.1a. Spatial distributions of Cu in the 5-year pond sediment.
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Figure 3.1b. Spatial distributions of Cu in the 1-year pond and 25-year pond sediments.
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Figure 3.2 exhibits the acid volatile sulfide (AVS) and simultaneously extracted Cu
(SEMCu) profiles in those three ponds. Within our expectation, the concentrations of AVS
in the sediments were as low as less than 0.1 µ mole/ g dry soil for the P-1 and P-5 ponds
and for top 10 cm of the P-25 pond. And about 0.4 µ mole/ g dry soil was present in P-25
sediment below a depth of 10 cm. Those observed levels of AVS were lower than those
in the lake, river or other sediments reported by a few authors. For example, Ankley et al.
(1993) reported that the AVS levels in two lake sediments (one in Washington and the
other in Michigan) were about 0.3 ~ 4 µ mole/ g dry soil and 0 ~11.6 µ mole/ g dry soil.
The sediments in West Bearskin Lake of Minnesota were observed containing 1.4~ 20.4

µ mole/ g AVS (Leonard et al., 1999). And AVS concentration of 4~13 µ mole/ g was
believed to be the normal AVS range for unpolluted freshwater lakes (Leonard et al.,
1993; Nriagu and Soon, 1985).
As a matter of fact, one of the best management practices in pond aquaculture is to
maintain oxidized conditions at the pond bottom because the reduced environment may
develop ferrous ions, nitrites, sulfides and partly decomposed organics which are toxic to
the fish and other aquatic animals (Boyd, 1995). Avnimelech and Zohar (1986) also
found that fish growth was inhibited when anaerobic zones existed at the sediment water
interface. In addition to frequent aeration, practices such as water circulator usage,
chemical oxidants (i.e. nitrate) application (Boyd, 1995) and pond bottom drying and
tilling are the commonly used methods to enhance the dissolved oxygen concentrations at
the pond bottom. Meanwhile, bioturbation is also a notable process to introduce oxygen
to the deeper sediment (Boyd, 1995), resulting in the oxidation of metal sulfides in
sediment (Peterson et al., 1996, Van Den Berg et al., 1998).
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Figure 3.2a. Spatial distributions of acid volatile sulfide (AVS) and simultaneously
extracted Cu (SEMCu) in the 1-year pond sediment.
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Figure 3.2b. Spatial distributions of acid volatile sulfide (AVS) and simultaneously
extracted Cu (SEMCu) in the 5-year pond sediment.
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Figure 3.2c. Spatial distributions of acid volatile sulfide (AVS) and simultaneously
extracted Cu (SEMCu) in the 25- year pond sediment.
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Figure 3.2 displays that simultaneously extracted Cu ranged from 0.01~ 0.3 µmole/g dry
soils for P-25, 0.03~0.1 µmole /g dry soil for P-1 and 0.10~2.6 µmole /g dry soil for P-5,
largely depending on the total Cu concentration in the sediments. At most cases, pond
sediments contained AVS / SEMCu < 1; except in deeper layers such as below 8 cm for P1, below15 cm for P-5, and below10 cm for P-25. But the absolute concentration of
SEMCu was highest in P-5.
In summary, from the redox potential viewpoint, sediments in aquaculture ponds
were not so reduced as those in other fresh water bodies such as lakes, rivers, and
reservoirs since the former is subject to much of human’s interference. Therefore AVS
concentration is expectedly much lower at the fishpond bottom than other water bodies,
resulting in the molar ration of AVS to SEMCu less than 1 in most cases, which was also
observed by other authors (Leonard et al., 1999; Yu et al., 2001). Those authors
concluded that AVS/SEM was less than 1, implying that acid volatile sulfide was not a
major binding phase for metals in the sediments. They believed that the AVS/SEM value
did not support the idea that sediment metals were toxic to the benthic organisms because
other binding phases such as carbonates, iron oxides and organic matter existed to reduce
the toxicity of those metals.

3.2. TCLP AND PBET EXTRACTION RESULTS

Figure 3.3 showed the TCLP leachability of Cu in those three pond sediments. The
leachable Cu was low with the concentration in TCLP extract about 0.0 ~0.6 mg/L and
the leachable fraction only accounted for < 10% of soil-bound Cu. P-1 exhibited the
lowest Cu leachability among the three ponds and showed a uniform leachability of about
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2% throughout the sediment depth, still reflecting the Cu source was from the original
soils. The P-25 pond sediment showed the highest leachability of 3%~9% of the Cu,
suggesting the soil acidity was responsible for the higher Cu leaching. P-5 showed an
intermediate leachability of 1~3%. The calcareous soil leached less Cu because the high
carbonate content consumed partly the TCLP extract acidity, resulting in less hydrogen
ions remaining to replace the soil-bound Cu. About 1.0 ~1.5 increase in pH value of the
TCLP extract from the initial 5.00 was observed in TCLP test for P-1 sediment samples.
For P-5 samples, final pHs were about 5.0~ 5.5. Accordingly, acidic soil leached more
Cu due to all protons in the TCLP solution participating in Cu leaching so that the final
pHs of TCLP extract were identified with or even lower than the initial value in the
leaching test on P-25 samples. The P-5 pond and P-25 pond showed decreased tendency
of Cu leachability with the increase of the sediment depth.
Generally speaking, the TCLP leachable Cu in those ponds sediments was lower than
the Maximum Contamination Level (MCL) of Cu for the drinking water (1.3 mg/L) set
by U.S.EPA (2002). This implied that the aquaculture pond sediments were
environmentally safe with extremely low possibility of contaminating the surface or
ground water bodies even if the Cu concentration was as high as more than 200 mg/kg
and the pond had been actively managed for 5 years. The 25-year pond was difficult to
evaluate because the sediment had been partly removed.
Tack et al. (1999) studied the potential leachability of heavy metals in land-disposed
dredged sediment using diluted nitric acid (pH 4), finding that only 5% of the Cu in the
sediment (210 mg/kg) was potentially leachable. Based on their research, the authors
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Figure 3.3. Spatial variations of the TCLP leachable Cu in the pond sediments
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10

made a similar conclusion that contamination of the surrounding soils and waters by
leachable metals (Cu and Pb) in the sediments was minimal. However, careful
environmental impact assessment is still necessary before the Cu-laden sediment is
disposed in the field at a large scale because besides pH change, other environment
factors such as redox changes, presence of organic complex agents, microbial activity and
plant growth may increase the availability of sediment-bound heavy metals as well
(Förstner, 1981).
PBET test was based on the gastrial condition of higher animals such as human and
cattle and the PBET leachable fraction of soil-bound chemicals were defined as
bioaccessible metals in the soils by Ruby et al. (1996). This method has been applied to
measure the bioaccessibility of Pb, As and Cr in soils (Ruby et al., 1996; Stewart et al.,
2003; Yang et al., 2002). Experimental data (Figure 3.4.) indicated that a significant
percentage of soil-bound Cu was released from the sediment under PBET test, resulting
in the Cu concentration in the PBET solution as high as 1.7 mg/L. P-5 pond sediment
contained the highest Cu and released 55~85% bound Cu with Cu strength in the extract
of 0.1~1.7 mg/L, 25-year pond sediment showed the similar behaviors with 50%~65% of
bound Cu bioaccessible, resulting in a maximum 0.15 mg/L Cu in the extract. The
percentage of bioaccessible Cu also exhibited a decreasing tendency with the increase of
the sediment depth for those two ponds. The 1-year pond contained a relative lower
percentage of (38~60%) bioaccessible Cu. Those results suggested that major Cu could
be leached out in humans or animal stomachs and the acute or chronic health problems
may occur when the individual keeps taking in the Cu-loaded sediment. For instance,
some Cu-sensitive animals such as sheep and young calves (Bremner, 1979) may be
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harmed by Cu when they are feeding on the ranch where the disposed pond sediment was
applied as fertilizer. It was reported a long time ago that Cu poisoning occurred in sheep
under natural grazing conditions in some parts of Australia, where Cu-bearing rocks have
resulted in high Cu content in soils and plants (Bremner, 1979).
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Figure 3.4. Spatial variations of bioaccessible Cu (PBET leachable) in the pond
sediments.

64

3.3. CU SPECIATION IN THE SEDIMENT
In order to probe the relationship between Cu availability and Cu binding mode
(speciation) in the sediment, sequential extraction procedures were conducted on those
sediment samples. Figure 3.5 shows the related results. In the 13-cm-deep sediment of P1 (Figure 3.5a), the residual phase (RS) was observed as the major binding phase,
accounting for 53~63% of total copper, and the next one was carbonate-bound fraction
(CB) ranging from 15~22%, Cu bound in the Fe/Mn oxides (OX) and soil organic matter/
sulfides (OS) exhibited a similar percentage, about 7~17%; only a very small fraction
(about 1~5%) of Cu was present in the water soluble/ exchangeable form (WE), implying
the high affinity of Cu with soil. It is prominent that the distribution of Cu fractions
exhibited an even fashion along the sediment depth in this pond, again confirming our
previous observation that Cu in P-1 sediment basically originated from the native soil and
thus its content and speciation did not show much spatial variation. Sequential extraction
procedure was also conducted on a sample of native soil (Bt horizon) in the vicinity of P1. The result (Figure 3.5a, bottom) showed that Cu speciation in the native soil was
similar to that in the sediment (with high percentage of RS), further supporting the
conclusion that the origin of the Cu in the P-1 was the native soil. Similar results were
also found in two field sediment samples of Spain by Sáenz et al. (2003) and they also
attributed the observed higher percentage (> 60%) of RS Cu to the mineralogical origin
of the metal in those sampling sites.
In contrast, significant variation of each Cu fraction with sediment depth was
observed in the 5-year pond (Figure 3.5b): Within the top 5 cm of sediment layer, the
major phases were soil carbonate-bound (CB) and organics/sulfides bound phases (OS),
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Figure 3.5a. Spatial variations of Cu speciation in the 1-year pond sediment. (WE: water
soluble/ exchangeable fraction; CB: carbonate -bound fraction, OX: iron/manganese
oxide - bound fraction; OS: organic matter/ sulfide bound-fraction; RS: residual fraction)
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Figure 3.5b. Spatial variations of Cu speciation in the 5-year pond sediment. (WE: water
soluble/ exchangeable fraction; CB: carbonate -bound fraction, OX: iron/manganese
oxide - bound fraction; OS: organic matter/ sulfide bound-fraction; RS: residual fraction)
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together accounting for about 60% of total Cu where 31~36% attributed to CB and
23~29% to OS. Then the residual phase shared a percentage of about 18% with the
Fe/Mn oxides phase. In the deeper layer of 7-11 cm, significant decrease of CB fraction
and simultaneous increase of the RS were observed where CB reduced by 50% to about
18% and the RS increased by 80% to 32%. Meanwhile a small percentage growth in the
OS fraction was also found, implying the transformation of the CB to the OS and RS
occurred in the deeper sediment. A reduction of OX fraction was found as well, but not
until in the layer below 9 cm. The WE fraction, although not a major binding phase, also
showed a lessening tendency in the shared percentage along the depth. Below 13 cm, RS
became the major phase in the sediment accounting for more than 60% of total Cu, which
increased by 96% from layers 5-7 cm and by 260% from the layers 1-3 cm. In summary,
this 5-year-old pond, which was actively operated, showed a decreased tendency of the
easily-available phases and increased the refractory phases of Cu along depth in the
sediment.
As a matter of fact, in catfish pond aquaculture, Cu is applied periodically to the
fishponds in soluble form as CuSO4•5H2O and nearly 100% of added Cu was then
absorbed on the sediment particles which finally settle down on the pond bottom (Liu et
al., 2006). Although the downwards migration of Cu with soil particles in the sediment
column may occur due to particle-facilitated transport such as mechanical mixing and
bioturbation, generally speaking, Cu in the deeper layers was applied earlier than that in
the surface. Therefore, the spatial change of Cu speciation in the sediment actually
reflected the aging effects on the Cu speciation in the solid phase. In other words, freshly
applied Cu, which accumulates on the top sediment layers, is primarily bound with the
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easily-available phases such as the WE, CB and OX phases while the Cu residing in the
deeper sediment layers, which was applied earlier and experienced aging, bound more
with the RS, suggesting a transformation of the easily-available forms of Cu to the
residual forms with time because the latter is more thermodynamically stable in the
natural environment. As a result, significant transformation was observed in the lower
layers, i.e. with longer aging (Figure 3.5b).
The SEP result of the native soil near P-5 exhibited a similar distribution of Cu
fractions to that in the 15-cm-deep sediment layer of P-5 (Figure 3.5b) with more than
60% of RS, suggesting that this layer and below was bottom soil (i.e. native soil) due to
their similar Cu speciation patterns. Higher percentage of RS Cu in the native soil
reflected the geological time of aging. Similarly results and conclusions also found for
the relationship between bottom sediment layers (13-17 cm) in P-25 and the native soil
near this pond (Figure 3.5c). Likewise, aging effect is also a good explanation for Cu
speciation observed in P-1 sediment and the native soil (Figure 3.5a).
Effects of aging on the speciation and availability of heavy metals in soil/sediments
has been observed and studied by many authors. For example, Fendorf et al. (2004)
ascribed the bioaccessibility of the soil-bound lead, arsenic and chromium decreasing
with aging to the temporal changes of binding styles of these contaminants in the soils.
Another noteworthy work was done by Peng et al. (2004): they studied the bioavailability
of Cd and Zn in a radiotracers (109Cd and
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Zn)-spiked sediment sample using digestive

fluid extraction method, finding that a higher percent of spiked metals (40% for 109Cd and
8% for

56

Zn) was extracted than the native metals (2.2% for Cd and 0% for Zn). The

authors suggested that the spiked metals were bound with the more easily available
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fraction than the native metals and aging probably was the cause. Fan and Wang (2003)
also provided evidence that fraction of Zn in the CB phase gradually decreased and
increased in the OX phase in 56Zn–spiked samples as sediment aging increased. Although
several mechanisms have been proposed for the temporal changes of the binding modes
of heavy metals in soil, sediment and other geomedia (Fendorf et al., 2004), it has been
widely accepted that aging increases the binding strength and decreased the availability
of the absorbates. The apparently spatial changes of Cu speciation in P-5 provided
another evidence for this conclusion.
For the 25-year pond sediment, the major fractions in the entire sediment column
were OX and RS accounting for 80~90% where RS about 60~70%. Such a high amount
of RS fraction, according the hypothesis above, was due to the longer time aging than in
the 5-year pond. The WE, CB and OS fractions were minor and each only accounted for
less than 10%. Even so, the fractions also showed the shift of the active phases to the
refractory ones from the top layer to the bottom layer. The RS fraction increased from
60% at the surface to 71% at 17 cm deep, while other fractions, except the CB, exhibited
reduced percentages at greater sediment depths. The CB did not change much with the
sediment depth. Pond management information showed that the sediment in this pond
had been removed at least once, which suggested that the copper found in the sediment
surface had undergone aging for a few years and thus RS was the major binding phase for
Cu in this sediment.
Besides aging, Cu concentration in soil may also affect its speciation. Yu et al. (2004)
reported that increase of Cu amendment levels resulted in a linear increase of the mobile
fraction of Cu in two soil samples after a 7-week incubation. This conclusion may not be
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applicable to explain our results because Cu in each sediment sample in our research was
subject to different aging time which was mostly longer than 1 year. Moreover, their
results showed the residual fraction only accounted for less than 5% of total Cu
regardless of the initial Cu concentrations, which suggests the aging time (50 days) was
not long enough for Cu to reach equilibrium with each binding phase. Fan et al. (2002)
also reported Cu speciation was affected by the total concentration through study on 14
surface marine sediment samples. They concluded that the organic fraction of Cu in the
sediment increased while the OX and RS fractions decreased, with increasing total Cu
concentration. Aging effect was not considered in this paper, either.
Additionally, geochemical composition was also reported affecting the speciation of
metals in soils/sediments. Fan et al. (2002) found in the marine sediments that significant
correlations between the organic matter content and the metal concentrations in the
organic matter phase existed for Cu and Pb. In our case, however, highest carbonates
content in P-1 did not result in the highest CB fraction of Cu present in this pond,
suggesting that aging effects also played a significant role in the metal speciation and
more research is needed to elucidate the effects of initial Cu concentration and sorption
phase level on the Cu speciation with controlled aging time.

3.4. CORRELATION BETWEEN CU SPECIATION AND ITS LEACHABILITY
AND BIOACCESSIBILITY
Through careful comparison of the Cu speciation profiles with those of the TCLP and
PBET in three fishponds, respectively, it can be observed that TCLP leachable Cu
fraction was approximately equal to (P-1 and P-5) or slightly larger than (P-25) the water
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soluble/exchangeable fraction of Cu in the sediment while PBET leachable fraction was
equal to or slightly larger than the sum of the first 4 fractions (WE + CB+ OX + OS).
This finding suggested that TCLP procedure can leach all exchangeable Cu and part of
the carbonate-bound fraction and PBET can dissolve all the first 4 fractions and part of
the residual fraction, implying that Cu leachability or bioaccessibility are highly
correlated to the Cu speciation in the sediment. i.e. exchangeable Cu is the leachable
fraction in the natural environment and all the first four fractions are bioaccessible
fractions which could be dissolved in the animal stomachs. Similar results were also
reported for Cd in spiked sediment that there was a significant relationship between the
extractable metal and its distribution in the exchangeable phase (Fan and Wang, 2003).
Marschner et al. (2006) found that the relative bioavailabilities of Pb in liver, kidney, and
total uptake were highly correlated to Pb in the easily reducible Mn oxides through
conducting an experiment on in vivo bioavailability of soil-bound Pb using the minipig
dosing study. They concluded that reductive processes in the intestine might be more
relevant for Pb bioavailability than the initial solubilization in the acidic stomach.
Moreover, the decreasing tendency of Cu leachability and bioaccessibility along the
sediment depth (Figure 3.3 and 3.4) can be well explained by the spatial decrease of
mobile phases (WE and CB) and increase of inert fractions (RS) (Figure 3.5) with the
increase of the sediment depth in those three ponds. As discussed earlier, the Cu in
deeper sediment layers experienced longer aging than that in the shallower layers, which
permitted more Cu to convert from the easily available fractions to the more stable ones
(Figure 3.5), resulting in the lower Cu leachability and bioaccessibility in the bottom
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sediment. Therefore, aging can effectively reduce the availability of Cu in the sediment
through changing the Cu speciation.

4. Conclusions

In order to evaluate the environmental impact of Cu application in aquaculture,
distribution, speciation, and availability of Cu in the sediment of three commercial catfish
pond were studied using various extraction methods. Experiment data showed that AVS
was not a major binding phase for sediment Cu due to deepened oxidizing layer in the
pond bottom caused by the aquaculture activities, and thus resulting in the AVS/SEMCu <
1 in most cases.
TCLP extracted less than 10% of sediment Cu, suggesting that release of Cu in the
natural environment is not significant. However, bioaccessible fraction Cu may amount
up to 40~85% of Cu in the sediment, implying hazardous effects may occur if the
sediment particle were taken up by domestic animals, especially Cu-sensitive species
such as sheep and young calves and care should be taken in disposing of the dredged
sediment.
Sequential extraction procedure provided evidence that Cu is mostly bound with
residual phase for the 1- and 25- year ponds and CB, OX, OS and RS are the major
species in the 5-years pond. Although aging, total Cu concentration and content of the
binding phases may all have impacts on the Cu speciation, only the aging effect can
successfully explain all the speciation changes with different pond sediments or with
different sediment layers. Comparing the TCLP results and PBET results with sequential
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extraction data, it was found that TCLP leachable Cu was primarily in the water
soluble/exchangeable fraction plus a small portion of carbonate-bound fraction, while
except for the residual fraction, the PBET extracted nearly all the Cu species out. This
information revealed leachability and bioaccessibility of soil-bound Cu was governed by
the Cu speciation in the soil, and reduction in leachability of heavy metals in soil (e.g. by
liming) may not result in simultaneous reduction in bioaccessibility.
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CHAPTER IV
INFLUENCES OF VARIOUS SOIL FRACTIONS ON THE LEACHABILITY
AND BIOACCESSIBILITY OF CU(II) IN SOILS

1. Introduction

Copper (Cu) is one of the most commonly detected heavy metals in soil and water.
Anthropogenic sources of copper include applications of Cu-containing compounds such
as pesticides, algaecide, or preservatives in agricultural and industrial practices, and,
direct discharge of Cu-laden wastes from mining, farming, and manufacturing operations.
Copper has been found in more than 906 of the 1,647 sites on the National Priority Lists
(ATSDR, 2004). The accumulation of Cu in the environment threatens ecological and
human health (Scheinberg, 1991).
Sorption and desorption in soils play an important role in the physical-chemical and
biological availabilities of heavy metals including Cu in the natural environment. It has
been well recognized that soil sorption reduces the biological availability, and thus,
mitigates the associated environmental and health risks. In addition, desorption process is
also extremely important in assessing toxicity of heavy metals sorbed in soils (Sparks,
1995; Scheidegger and Sparks, 1996). However, detailed information pertaining to
sorption and desorption mechanisms as associated soil compositions is lacking.
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It is well recognized that availabilities of heavy metals adsorbed on soils can be
impacted by solution chemistries such as pH (Scheidegger and Sparks, 1996; Haughey et
al., 2000). For example, it as reported that soil-sorbed metals became more mobile under
the conditions of acid rain (pH = 4.0) (Park, 1987) or leachate produced in the municipal
landfills (pH = 5.0) (Ghosh et al., 2004). However, despite the known heterogeneities of soils, our
knowledge on the impacts of individual soil compositions remains very limited.
To measure the physical-chemical availability or leachability of soil-bound heavy
metals including Cu, two standard leaching procedures are typically employed: the SPLP
(Synthetic precipitation leaching procedure; USEPA Method 1312, 1994) and TCLP
(Toxicity characteristic leaching procedure; USEPA Method 1311, 1992). The SPLP
extraction simulates acid precipitation (rain or snow) conditions. USEPA recommended
this method for estimating the potential in situ leachability of soil-bound metals in the
field and assess the risk of groundwater contamination by contaminated soils (USEPA,
2001). The SPLP was also used to assess the potential leachability of heavy metals in the
landfill environments (Townsend et al., 2004). TCLP is also a widely applied method in
estimating the leachability of heavy metals and/or other contaminants in soils or solid
wastes. TCLP employs an extracting fluid mimicking the conditions in municipal solid
waste landfills where high levels of organic compounds are present. For copper, it was
reported that TCLP may overestimate the leachability because of the high complexation
ability of Cu with the organic acid of the TCLP fluid (Townsend et al., 2004). Based on
studies on lead extraction from soils, Cao et al. (2005) concluded that compared to TCLP,
SPLP offered better agreement with modeling predictions over a wide range of soil pH
and contaminant concentrations, and is considered more realistic. Others proposed to
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replace TCLP with SPLP for testing leachability of contaminants in solid wastes (Cao et
al., 2005, Kingham and Semenak, 2000). In this study, SPLP was used to quantify the
leachability of Cu in soils.
To measure the so-called bioaccessibility of heavy metals, an in vitro physiologically
based extraction test (PBET) method has been used (Ruby et al., 1996). The
bioaccessibility is defined as the maximum fraction of the dose orally ingested that
becomes available for absorption into the human body. Therefore, PBET reflects an
extreme exposure scenario where Cu-contaminated soils find their way to invade into
human or animal digestion systems where harsh environmental conditions (e.g. pH less
than 2.0) may cause substantial desorption of sorbed metals. Different from other
leaching tests such as TCLP and SPLP, PBET incorporates physiological parameters
from the target species, and thus, is more suitable for toxicity assessment (Furman et al.,
2006). PBET-based bioaccessibility of soil-bound lead, arsenic, and chromium has been
studied by a number of researchers (Ruby et al., 1996, 1999; Yang et al., 2002, 2003,
2005; Stewart et al., 2003a, b; Fendorf et al., 2004). There has been no reported study on
the bioaccessibility of soil-bound Cu.
In addition to solution chemistry, many other factors such as soil type, soil particle
size, soil compositions (Furman et al., 2006; Stewart et al., 2003a, b; Yang et al., 2002;
Zhang et al., 2003) can alter the leachability and bioaccessibility of soil-sorbed heavy
metals. Although it is well recognized that the ubiquitous metal-sequestering properties
of soils may significantly lower the bioaccessibility of heavy metals, current action levels
set by state regulators concerning the bioaccessibility of heavy metals in soils do not
consider effects of specific soil properties (Stewart et al., 2003a).
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The overall goal of this study was to investigate the effects of different soil fractions
(sand, silt and clay) and chemical compositions (soil carbonates, Fe/Mn oxides, organic
matter and clay minerals) on the leachability and bioaccessibility of the soil-sorbed
copper and to elucidate the sorption/desorption mechanisms. The results may facilitate
prediction of availabilities of metals in soils. The specific objectives of this study were to
1. Test and compare the SPLP-leachability of Cu(II) bound to various soil fractions;
2. Evaluate the bioaccessibility of Cu(II) sorbed in various soil fractions via PBET;
and
3. Identify major factors governing the leachability and bioaccessibility of Cu(II) in
soils.

2. Materials and Methods

2.1 MATERIALS

All chemicals (analytical or higher grade) were purchased from Fisher Scientific
Company (Pittsburgh, PA, USA). Solutions were prepared with deionized water (18 MΩcm) from a Milli-QTM Water System. Three top soils (up to ~25 cm) representing acidic
(AS), neutral (NS) and calcareous soils (CS) were collected at three sites in western
Alabama, USA, where catfish aquaculture has been widely practiced and copper sulfate
has been applied as algaecide for decades. The soil samples were first air-dried and
passed through a 2-mm sieve. Sieved samples were then analyzed for some salient
physical and chemical properties as shown in Table 4.1. Soil pH was measured in 0.01 M
CaCl2 in a 1:1 soil: solution (g: mL) suspension (Thomas, 1996). Elemental analysis was
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conducted following USEPA method 3050B (USEPA, 1996) and using an inductively
coupled plasma-optical emission spectrometer (Varian, Vista-MPX, Palo Alto, CA, USA).
The content of sand, silt and clay was determined following the pipette method (Gee and
Or, 2002). Total nitrogen and total carbon were analyzed following the Dumas method

TABLE 4.1
Salient physical and chemical properties of soils used in study

a

4.36
10.77
8.41
0.57
0.013
0.6
0.0065
0.04
0.34
0.15
69
4
27

Neutral soil
(NS)
6.93
18.17
30.39
0.374
0.055
0.9
0.0090
0.06
0.52
1.15
18
28
54

Calcareous
soil (CS)
7.85
34.85
11.15
0.161
0.023
1.2
0.0208
0.11
0.70
48.5
15
29
56

0.15

1.20

47.00

0.20

1.30

49.68

0.10

3.45

55.98

K(2.8) M(39.0)
Q(39.5) S(18.7)

K(33.9)
M(19.1 )
Q(18.8)
S(28.2)

K(22.4)
M(38.8)
Q(21.7)
S(17.1)

items

Acidic soil (AS)

pH
CEC7 (meq/100g soil)
Fe (g/kg)
Mn (g/kg)
Cu (g/kg)
OM (%)
S (%)
N (%)
C (%)
CaCO3 equiv. (%)
Sand (%)
Silt (%)
Clay (%)
CaCO3 equiv. (%) in
sand
CaCO3 equiv. (%) in
silt
CaCO3 equiv. (%) in
clay
b

Clay minerals (%)
Mineral in sand
fraction (%)

Quartz (100%)

a. cation exchange capacity at pH 7.0
b. K= kaolinite, M=micas, Q=quartz, S= smectite
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with a LECO CN-2000 combustion unit (LECO Corp., Joseph, MI, USA) at 1050 °C, and
organic carbon was measured using the same method except that the soil samples were
first treated with 4 N H2SO4 to dissolve free carbonates before the dry combustion.The
content of carbonates was calculated from the difference between total carbon and
organic carbon. Soil sulfur was determined using a LECO SC-432 sulfur analyzer (LECO
Corp., Joseph, MI, USA). Soil clay minerals were identified with the XRD method using
X-ray diffraction unit (Siemens D5000 x-ray diffractometer) after the soil samples were
treated following the procedure by Kunze and Dixon (1986). The content of clay minerals
was estimated by the respective intensity of diffracted X-ray. The cation exchange
capacity (CEC) was determined with 1 N NH4OAc buffered at pH 7.0 following the
method described in the Soil Survey Laboratory Methods Manual (USDA et al., 1996).

2.2. SOIL FRACTIONATION
To investigate the effects of soil properties on the availabilities of soil-bound Cu, soil
samples were fractionated physically and chemically. Figure 4.1 shows the schematic of
the steps in fractionating the soils. The physical or size-based fractionation of each soils
was carried out following the procedure used by Whittig and Allardice (1996). First, 10 g
of an air-dried soil sample was added into 50 ml of DI water in a 90 ml polyethylene
centrifuging tube. The slurry was then shaken overnight on a shaker at 120 oscillations
per minute. Then, the slurry was centrifuged at 157×g for 3.5 min (25°C). The colloids in
the supernatant were collected by drying the supernatant, and defined as the clay fraction
with a size of <2 µm. These procedures were repeated 6 times to achieve complete
separation of the clay fraction. Then, a #270 sieve (opening, 0.053 mm) was used to
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separate the silt (2-53 µm) and sand (>53 µm) fractions from the slurry remaining in the
centrifuge bottle. The three fractions were then air-dried and stored for subsequent
adsorption/desorption tests.

Total soils

Selective
dissolution

Separation by
particle size
Sand

Silt

Clay
Carbonate removed
(-CO3)

Iron/Manganese
oxide removed
(-CO3-Fe/Mn)

Cu (II) –spiking

Organic matter
removed
(-CO3-Fe/Mn-OM)

SPLP &
PBET

Figure 4.1. Schematic of soil fractionation.
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The chemical fractionation of soils consists of a series of selective dissolution steps,
each of which removes an operationally defined class of compositions including
carbonates, Fe and/or Mn oxides, and soil organic matter (SOM). Soil carbonates in the
soils were removed using 1 M NaOAc at pH 5.0 and at a soil-to-solution ratio of 1 g to 40
mL for a period of 5 h under continuous agitation (Tessier et al., 1979). For the
calcareous soil, the treatment was repeated five times because of its much higher content
of carbonates. After the treatment, the slurry was centrifuged at 3000 g and the
supernatant decanted. The residual soils were then washed three times with 0.01 M CaCl2,
and then air-dried for subsequent sorption/desorption experiments or for further
dissolution treatments.
Samples of the de-carbonated soils were further treated with 0.04 M NH2OH·HCl in
25% (w/w) HOAc to remove Fe and Mn oxides at a soil to solution ratio of 1 g to 20 mL
(Tessier, et al., 1979). For each soil, the soil-solution mixture was digested for 6 hours in
a hot water bath kept at 96±3°C with intermittent mixing. Upon cooling, the mixture was
centrifuged at 3000 g and the supernatant discarded. The treated soil was then washed 3
times with 0.01 M CaCl2 and air-dried for subsequent experimental uses. While the
treatment was proven to be effective for extracting Mn from soils (Shuman, 1982) and for
amorphous Fe oxides (Frampton and Reisenauer, 1978), it was found to be less effective
for extracting crystal Fe oxides or Fe associated with clay minerals (Hettiarachchi et al.,
2003).
Portions of the above treated soils were further treated with sodium hypochlorite
(NaOCl) to remove SOM (Shuman, 1983). One of the advantages of using NaOCl instead
of other oxidizing agents such as H2O2 is that NaOCl can not only effectively remove
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SOM, but also cause minimal destruction to the soil inorganic phases (Anderson, 1963).
Each soil sample was mixed with 0.7 M NaOCl (adjusted to pH 8.5 with HCl) at a soilto-solution ratio of 1 g to 20 mL. The mixtures were then digested at 90±3 °C in a water
bath for 2 h with intermittent mixing. Upon cooling, each mixture was centrifuged at
3,000 g and the supernatant removed. The residual soils were washed twice with 30 mL
(each) 0.01 M CaCl2 to remove the residual NaOCl in the sample, and then air-dried for
subsequent experimental uses.
For typographical convenience, the following notations are used for denoting the soil
fractions in this work:
Total Soil = untreated original soil;
Soil-CO3 = soil with carbonates removed;
Soil-CO3-Fe/Mn = soil with carbonates and Fe/Mn oxides removed; and
Soil-CO3-Fe/Mn-SOM = soil with carbonates, Fe/Mn oxides and SOM removed.

2.3. LOADING CU(II) TO SOILS
Cu(II) solutions with various concentrations (5 to 30 mg L-1) were prepared in 10-3 M
CaCl2 solution at an initial pH of 6.0±0.1. Various soil samples or fractions were added to
the Cu(II) solutions separately at a soil-to-solution ratio of 1 g/L in a set of 50-mL glass
vials with Teflon-lined screw caps. The mixtures were shaken and equilibrated for ~4
days at 25 ± 2 °C, and then centrifuged for 10 min at 3000 g. The supernatant was filtered
using a 0.45-µm membrane filter, and the copper concentration (Ce) in the filtrate was
analyzed using an atomic absorption spectrophotometer. The amount of copper adsorbed
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(Q) was calculated from the difference between the initial and final solution concentration.
All the experiments were performed in triplicates to assure data quality.

2.4. COPPER LEACHABILITY AND BIOACCESSIBILITY TESTS
To test the leachability and bioaccessibility of copper in various soil fractions, copper
leaching tests were carried out following the SPLP (USEPA Method 1312) and the PBET
procedure, respectively. The SPLP extraction fluid was prepared by adding a mixture
containing 60% (w/w) of sulfuric acid and 40% (w/w) of nitric acid to DI water until the
pH was 4.20 ± 0.05. The same method was employed by USEPA (1994) to determine the
leachability of Cu(II) in soils from a site in western Alabama. Typically, the leaching test
was initiated by adding 0.5 g of a Cu-loaded soil sample into 10 mL of the extraction
fluid in a centrifuging tube. Then, the slurry was mixed on an end-to-end rotator operated
at 30 rpm for ~20 h, and then centrifuged at 3000 g for ~10 min. The supernatant was
then removed, filtered using 0.45-µm membrane filters, and analyzed for Cu(II). The
percentage of Cu leached was then calculated with eqn (1),
% Cu leached by SPLP =

( Cu Concentration in extract , C e , mg L−1 )( 0.01L )
× 100%
( Initial Cu Concentration in soil , Q , mg g −1 )( 0.5 g )

(1)
In addition, a more biochemically oriented method, i.e. PBET, was employed to
evaluate the in vitro bioaccessibility of soil-sorbed Cu(II). This method employs an
extraction solution of glycine with pH 1.5 to mimic the conditions in the gastric system
and small intestines. PBET was conducted following the procedures described by Kelley
et al. (2002). First, 0.1 g of air-dried soil sample was mixed with 10 mL of the extracting
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liquid in 15 mL high-density polyethylene vials placed on an end-to-end rotator in an
incubator at 37 ± 2°C. After 1 h, the vials were centrifuged, supernatant filtered with
0.45-µm membrane filter, and analyzed for Cu(II) with an atomic absorption
spectrophotometer. The bioaccessibility of Cu(II) was then calculated by:
Bioaccessibility (%) =

( Cu Concentration in extract , C e , mg L−1 )( 0.01L )
× 100
( Initial Cu Concentration in soil , Q , mg g −1 )( 0.1g )

(2)
All leachability and bioaccessibility tests were performed in triplicates to ensure data
quality.

3. Results and Discussions
3.1. SPLP LEACHABILITY OF COPPER IN VARIOUS SOILS OR SOIL
FRACTIONS

Figures 4.2 and 4.3 show that there exists a linear correlation between the Cu
concentration in the SPLP fluid and the initial concentration of Cu in the soils. McBride
et al. (2000) also observed that Cu distribution between an extractant (0.01M KNO3) and
agricultural soils that were subjected to sewage sludge application followed a linear
relationship. Table II summarizes the results of the linear regressions. These correlation
equations may facilitate estimation of the relative leachability of Cu(II) (in percentage of
Cu leached) for a given soil. USEPA (2001) recommended applying SPLP results to
estimate the concentration of the contaminants in the groundwater. Therefore, the
correlation equations may provide a simple means for estimating the possible Cu levels in
the affected groundwater.
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Figure 4.2a. SPLP-leachable Cu concentration (Ce) as a function of total copper initially
loaded in calcareous soil or its sub-soils fractionated on particle size (sand, silt and clay).
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Figure 4.2b. SPLP-leachable Cu concentration (Ce) as a function of total copper initially
loaded in neutral soil or its sub-soils fractionated on particle size (sand, silt and clay).

88

7

2c
6

ay
cl

Ce (mg L-1)

5

4

fr

t
ac

n
io

ta
to

l
oi
s
l

3

2

san

on
acti
r
f
d

1

silt fra

ction

0
0

2

4

6

8

10

Cs (mg g-1)

Figure 4.2c. SPLP-leachable Cu concentration (Ce) as a function of total copper initially
loaded in acidic soil or its sub-soils fractionated on particle size (sand, silt and clay).
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TABLE 4.2
Correlating SPLP-leachable Cu concentration with total Cu in soils

Soils

Neutral soil
(NS)

Acidic soil
(AS)

Calcareous
soil (CS)

Fractions
Total
Sand
Silt
Clay
-CO3
-Fe/Mn - CO3
-Fe/Mn - CO3OM
Total
Sand
Silt
Clay
-CO3
-Fe/Mn - CO3
-Fe/Mn - CO3OM
Total
Sand
Silt
Clay
-CO3
-Fe/Mn - CO3
-Fe/Mn - CO3OM

Ce=0.12Q+0.07, R2=0.996
Ce=0.29Q+0.04,R2=0.993
Ce=0.11Q+0.04, R2=0.994
Ce=0.01Q+0.03, R2=0.955
Ce=0.15Q+0.09, R2=0.993
Ce=0.49Q-0.07, R2=0.952

% Cu leached at
1mg g-1 Cu in
soil
0.36
0.66
0.29
0.10
0.48
0.85

Ce=0.11Q-0.07, R2=0.934

0.08

Lineal regression result

2

Ce=0.65Q-0.04, R =0.995
Ce=0.45Q+0.10, R2=0.997
Ce=0.18Q+0.2, R2=0.977
Ce=0.71Q+0.07, R2=0.996
Ce=0.72Q-0.21, R2=0.975
Ce=0.72Q+0.08, R2=0.998

1.22
1.11
0.83
1.56
1.01
1.60

Ce=0.01Q+0.01, R2=0.902

0.03

Ce=0.04Q+0.10, R2=0.986
Ce=0.32Q+0.04, R2=0.999
Ce=0.14Q+0.02, R2=0.999
Ce=0.02Q-0.01, R2=0.998
Ce=0.20Q+0.18, R2=0.995
Ce=0.13Q+0.09, R2=0.971

0.29
0.71
0.31
0.01
0.76
0.44

Ce=0.04Q+0.09, R2=0.916

0.25
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Table 4.2 shows that the slopes of the correlation equations for total soils are in an
order of CS (0.04) <NS (0.12) < AS (0.65), suggesting that the CS and NS leached less
Cu(II) than the AS. Calculation based on the 1.0 mg g-1 initial soil Cu (Q) indicated that
1.12% of Cu leached from the AS under the SPLP, 0.36% and 0.29 % from the NS and
CS, respectively (Table 4.2). Those numbers agree with observations reported by others
that Cu had high affinity with soil and desorption from soil under natural environment
was minor (e.g. Hogg, et. al., 1993; Itami and Yanai, 2006). The CS and NS leached less
Cu(II) than the AS because of their relatively higher pH , which inhibited the Cu(II)
leaching power of the SPLP liquid.
The calcareous soil is characterized with high alkalinity and high carbonates content
(primarily calcium carbonate) (Deng and Dixon, 2002). Cu can be chem-sorbed to the
soil in the form of hydroxycarbonate (Cu2(OH)2CO3, malachite) and/or through
formation of

a surface-solid solution of

CuxCa1-xCO3 on the surface of calcium

carbonate (Papadopoulos and Rowell, 1989; Madrid and Diaz-Barrientos, 1992). A recent
study (Lee et al., 2005) revealed that surface-bound humic acids had little influence on
Cu(II) uptake by calcite, suggesting that surface-bound organic matter played a less
important role in sorption of Cu(II) when calcite is present. In contrast, for soils of low
carbonates content (e.g. the NS and AS), iron/manganese oxides, organic matter and clay
minerals play a more profound role in metals uptake (Förstner, 1981). In addition, the pH
buffering capacity of NS and AS is also much lower than that of CS. As a result, the Cu
leachability for NS and AS is greater than for CS. Due to the different pH buffering
capacity for the three soils, the final pH of the soil-SPLP solution mixtures was 7.36 ±
0.10 for CS, 6.23± 0.16 for NS and 4.05±0.23 for AS.
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Regarding the particle size effect (Figure 4.2), the Cu leachability follows the order
of Sand > Silt > Clay for NS and CS. For AS, however, the leachability order was
changed to: clay > sand> silt. Although there has been no report on the effects of soil
particle size on the SPLP leachability of Cu, researchers have observed that there exists a
certain correlation between soil-bound Cu extractable by weak extracting solutions and
the particle size. For example, through examining the water-soluble heavy metals
including Cu in a sandy soil, Zhang et al. (2003) found that silt and clay fractions
released 2~4 times less water soluble Cu than sand fraction. Similar results were also
observed for Cd, Co, Cr, Pb and Zn. In addition, others (Yu and Klarup, 1994) also
reported that for AS the leachability in the clay and silt fractions was greater than that in
the sand fraction. However, the ultimate mechanism governing the SPLP leachability of
Cu appears to be the carbonates content in each fraction (Table 1). Evidently, soil
fractions containing higher carbonates showed a lower SPLP leachability for all cases
regardless of the particle size. This observation suggested that chemical composition
especially carbonates content rather than particle size is the key factor governing in the
SPLP leachability of Cu.
For the de-carbonated fraction and the original soil (Figure 4.3), the leachability
change was much less profound for the NS compared to that for CS, and almost intact for
AS. This observation again reveals the strong correlation between soil carbonate content
and the SPLP leachability of Cu. Because of the different carbonates content, the removal
of carbonates resulted in the greatest change in Cu leachability for CS, and least for AS.
Rodriguez-Rubio et al. (2003) compared the desorption rate of Cu bound in a calcareous

92

-C
O
3

1.0

Ce (mg L-1)

0.8

O
-C

0.6

3

M
e/
F
-

n

al s
Tot

oil

0.4

0.2

-C

Fe/M
O3 -

M
n -O

3a

0.0
0

2

4

6

8

10

12

Cs (mg g-1)

Figure 4.3a. SPLP-leachable Cu concentration (Ce) as a function of total copper initially
loaded in calcareous soil or its chemically fractionated sub-soils.
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Figure 4.3b. SPLP-leachable Cu concentration (Ce) as a function of total copper initially
loaded in neutral soil or its chemically fractionated sub-soils.
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Figure 4.3c. SPLP-leachable Cu concentration (Ce) as a function of total copper initially
loaded in acidic soil or its chemically fractionated sub-soils.
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soil before and after the soil carbonates were removed and found that the equilibrium
concentration of the Cu in the solution phase (0.01 M Ca2+) dramatically increased from
less than 0.1 mg L-1 to 6.8~9.7 mg L-1 after the removal. Madrid and Diaz-Barrientos
(1992) reported that removal of carbonates caused a strong decrease in retention of Cu,Zn
and Cd by various calcareous soils, but the treatment had little effect on the metal uptake
for soils with lower carbonates content.
For non-calcareous soils or decarbonated fractions such as AS, NS, CS-CO3, NS-CO3
and AS-CO3, the fractions of iron/manganese oxides and soil organic matter play
important roles in heavy metals retention. As a result, the SPLP leachability of Cu was all
greater for these soils compared to the calcareous soil. However, in all cases, the SPLP
leachable Cu accounted for only less than 2% of total Cu initially in the soils, indicating
that iron/manganese oxides and soil organic matter also offered a strong affinity towards
Cu.
After the fraction of Fe/Mn oxides was further removed, the Cu leachability was
increased for the fractions of NS-CO3-Fe/Mn and AS NS-CO3-Fe/Mn, indicating the
important role of Fe/Mn oxides for sorption of Cu when high concentrations of
carbonates are absent (Figures 4.3b and 4.3c). However, for CS, the Cu leachability
decreased upon removal of the carbonates and iron/manganese fractions. This difference
suggests that the Fe/Mn fraction plays different roles in sorption of Cu for the three
different classes of soils. Nonetheless, for all the three 3 soils, in the Cu leachability
were reduced after soil organics were subsequently removed, the residual soil minerals
offered the greatest affinity for Cu. This observation also indicates that Cu is preferably
retained by soil fractions such as carbonates and Fe/Mn oxides that are more easily
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accessible for metals sorption but may not necessarily offer the strongest affinity. In other
words, the leachability or availability of Cu is controlled by the accessibility of the
sorption sites and by sorption kinetics rather then thermodynamics. However, for more
aged contaminated soils, sorbed Cu ions may be transferred from relatively weaker sites
to the interior stronger sites, resulting in much reduced leachability. The preferable
uptake of metals by carbonates was also reported by Lee et al. (2005).
Similar phenomenon was also observed by other investigators. For example, Hinz and
Selim (1999) researched sorption-desorption kinetics of Zn and observed that the removal
of organic matter and iron oxides resulted in quadrupling Zn retention compared with the
untreated soil. Researchers claimed that the removal of organic matter and iron coating
on the clay mineral renders more reactive sites of minerals available, resulting in
increased sorption capacity and affinity (Ghabru et al., 1990, Hinz and Selim, 1999,
Young and MacDonald, 1998).
Kaolinite, micas, quartz and smectite comprised the major clay mineral fraction of the
three soils used (Table 4.1). These minerals serve as the key sorbents for binding with Cu
after other soil components were removed. Although kaolinite, micas and quartz were
widely known as minerals with relatively low cation exchange capacity, they can offer
great affinity towards heavy metals especially Cu ions, for which sorption process
involves both ion pairing and specific interactions such as inner sphere complexation.
According to a study by Itami and Yanai (2006), kaolinite offered a similar Cu adsorption
capacity compared with montmorillonite at pH 6.0; however, the Cu desorption rate for
kaolinite was much slower. Benjamin and Leckie (1980) demonstrated that at pH > 7.0
and at an initial Cu concentration of 3.1 mg L-1, Cu in solution can be effectively
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precipitated on α-SiO2 as Cu hydroxides. Spectroscopic studies of metal ion uptake on
quartz and amorphous silica suggested that metal ions interact strongly with oxygen
atoms of the Si tetrahedral through innersphere complexation (O’Day et al., 1996).
Evidently, the clay minerals may play important roles in Cu sorption and leachability
when they are exposed for Cu binding. However, the specific compositions of clay
minerals may vary with different source soils (Table 4.1). As shown in Figure 4.3, the
residual fraction of AS showed the greatest affinity compared to the other two soils,
which may be attributed to the much greater quartz content for AS (Table 4.1).
3.2. PBET BIOACCESSIBILITY OF COPPER IN VARIOUS SOIL FRACTIONS

3.2.1. Cu bioaccessibility and initial Cu concentration
According to the definition given by Ruby et al. (1999), the oral bioaccessibility of soilbound Cu is the fraction desorbed from soil matrix at pH about 1.5 simulating in vitro
gastric functions and having the potential to cross the intestinal wall (Hamel et al., 1998).
Experimental data in Figure 4.4 reveal that that the bioaccessible Cu (Ce) was
linearly related to the total Cu (Q) for all three soils. Yang et al. (2003) also observed
similar relationship between the bioaccessible Pb and the total Pb concentration in soils,
with a constant ~80% bioaccessibility independent of the total Pb concentration. Stewart
et al. (2003b) observed that the bioaccessibility of Cr(III) and Cr(V) was barely affect by
their total solid phase concentrations.

Table 4.3 summarizes the best-fitted linear equations that correlate the bioaccessible
Cu (Ce) and total Cu content (Q) in the form of Ce = aQ + b (a, b: constants). Accordingly,
the Cu bioaccessibility (Ce/Q) can be expressed as a + b /Q, which implies soil Cu
bioaccessibility may be regarded as a constant (a) and being independent of the total Cu
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concentration only when the term b/Q is negligible i.e., when the initial total
concentration (Q) is high enough.
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Figure 4.4a. PBET-leachable Cu concentration (Ce) as a function of total copper initially
loaded in calcareous soil or its sub-soils fractionated on particle size.
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Figure 4.4b. PBET-leachable Cu concentration (Ce) as a function of total copper initially
loaded in neutral soil or its sub-soils fractionated on particle size.
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Figure 4.4c. PBET-leachable Cu concentration (Ce) as a function of total copper initially
loaded in acidic soil or its sub-soils fractionated on particle size.
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TABLE 4.3
Correlating PBET-leachable Cu concentration with total Cu in soils
Soils

Neutral
soil (NS)

Acidic soil
(AS)

Calcareous
soil (CS)

Fractions

Lineal regression result

Total
Sand
Silt
Clay
-CO3
-Fe/Mn CO3
-Fe/Mn CO3- OM
Total
Sand
Silt
Clay
-CO3
-Fe/Mn CO3
-Fe/MnCO3- OM
Total
Sand
Silt
Clay
-CO3
-Fe/Mn CO3
-Fe/Mn CO3- OM

Ce=9.57Q-1.25, R2=0.990
Ce=9.97Q-0.68, R2=0.999
Ce=10.32Q-0.92, R2=0.999
Ce=6.65Q-2.75, R2=0.955
Ce=6.87Q-0.65, R2=0.995

% Cu leached at 1
mg g-1 Cu in soil
83.30
92.94
93.95
39.04
62.21

Ce=8.66Q-1.41, R2=0.9906

72.503

Ce=6.87Q-2.42, R2=0.9805

44.46

Ce=8.31Q-0.62,R2=0.9960
Ce=8.80Q+2.46, R2=0.9897
Ce=8.60Q+0.57, R2=0.9990
Ce=8.91Q-5.12, R2=0.9998
Ce=8.10Q-1.44, R=0.9909

76.87
100.00
91.64
37.85
66.61

Ce=9.99Q-0.73, R2=0.9991

92.63

Ce=2.43Q +0.56, R2=0.9714

29.93

Ce=9.79Q+0.12, R2=0.9998

100.00

Ce=7.98Q+0.05, R2=0.9995

80.28

2

C=8.34Q, R =0.9999

83.37

Ce=7.16Q+0.14, R2=0.9961

72.99
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Results from Table 4.3 indicate that the bioaccessibility of Cu is in general dependent on
the initial total Cu concentration in the soils although the dependence lessens as the total
Cu concentration increases.

3.2.2. Effects of soil compositions on Cu bioaccessibility
Based on data in Figure 4.4 and Table 4.3, the PBET-based bioaccessibility of Cu in CS
was nearly 100%, compared to 73% for NS, and 68% for AS. These results agreed with
the observation by Ruby et al. (1999) that mineral phases formed under acidic conditions
tend to be more stable under the acidic conditions of stomach and hence less
bioaccessible. In contrast, mineral phases formed under alkaline conditions are more
prone to dissolution under the acidic conditions of stomach. This is reasonable
considering that Cu in the calcareous soil exists predominantly in malachite and/or
azurite precipitations and/or surface-solid solution on the surface of calcite
(Papadopoulos and Rowell, 1989; Madrid and Diaz-Barrientos, 1992), and these Cu
species are easily dissolved under the extremely acidic conditions (also see section 3.3).
For soils with low carbonate contents, Cu was bound with soil iron/manganese oxides,
organic matter, and silicates minerals, which are more resistant to acid dissolution than
Cu carbonates or hydroxides. As a result, the bioaccessibility of Cu bound in NS and AS
was much lower. Note that the final pH in all PBET tests was in the range of 1.5~2.0.
Cu in sand, silt, and clay fractions of CS was nearly 100% bioaccessible (Figure

4.4a), indicating that Cu in those fractions also bound with soil carbonates or carbonatehydroxyls. This is not surprising again considering the preferential binding of Cu with
soil carbonates over other soil compositions (Lee et al., 2005). The bioaccessibility was
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Figure 4.5a. PBET-leachable Cu concentration (Ce) as a function of total copper initially
loaded in calcareous soil or its chemically fractionated sub-soils.
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Figure 4.5b. PBET-leachable Cu concentration (Ce) as a function of total copper initially
loaded in neutral soil or its chemically fractionated sub-soils.
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Figure 4.5b. PBET-leachable Cu concentration (Ce) as a function of total copper initially
loaded in acidic soil or its chemically fractionated sub-soils.
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reduced after the soil carbonates were removed from CS (Figure 4.5a), as reflected by a
reduction in the slope from 9.57 for the original soil to 6.87 for the de-carbonated fraction
(Table 4.3). When the soil Fe/Mn oxides were subsequently removed, the
bioaccessibility was increased slightly (the slope was increased from 6.87 to 8.66),
implying that unlike soil carbonates the presence of soil Fe/Mn oxides tends to reduce the
Cu bioaccessibility. Cu bound in the soil minerals showed the least bioaccessibility. It
was well-known that Cu sorbed tightly in silicate minerals such as quartz which is rather
resistant to acid dissolution (Tikhomolova and Urakova, 2002).
The bioaccessibility of Cu from the NS also showed the similar trend when the soil
carbonates, Fe/Mn oxides, and organic matter were sequentially removed, indicating the
similar effects of soil components under the extremely acidic environment. For AS, the
carbonates content was so low that the Cu bioaccessibility remained nearly unchanged
after the soil was treated with the carbonate dissolution procedure.
The bioaccessibility of Cu bound in various fractions of CS and in the original soil
was nearly identical (Figure 4a). In contrast, the bioaccessibility of Cu bound in the clay
fraction of NS and AS was lower in the silt and in sand (Figure 4b-4c). . These
observations indicate that in the absence of high concentrations of carbonates small-sized
soil fractions offer greater affinity for Cu. Studies by Schmidt and Kögel-Knabner (2002)
showed that a major part of organic matter in predominantly inorganic soils is usually
found in the silt and clay fractions, suggesting that the Cu might be strongly bound by
organic matter in the finer fractions. These results confirmed that chemical compositions
rather than particle size are the key factors governing the chemical and biological
availabilities of Cu in various fractions of soils.
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Compared to SPLP, PBET applies a much stronger leaching agent with a much lower
pH (<2.0) and a 5-times smaller soil-to-solution ratio (1g: 100 ml for PBET and 1g: 20
ml for SPLP). The experimental data showed that the PBET-based bioaccessibility of
soil-bound Cu was more than 60 times higher than the potential leachability under the
conditions of acid precipitation. This observation indicates that ingestion of metalcontaminated soils, especially calcareous soils, is likely the primary health treat.
It should be noted that the commonly used pH 1.5 used in PBET tests reflects the
lowest pH value in human stomach (Yang et al., 2002, 2003, 2005; Stewart et al., 2003a,
b). The actual pH in human stomach varies diurnally, ranging from approximately 2
(fasting) to 4 to 5 after a meal (Ruby et al., 1996). Yang et al. (2003) observed that the
bioaccessibility of soil-bound Pb decreased from 81.1% at pH 1.5 to only 11.1% at pH 4,
indicating the strong effect of pH on the bioaccessibility. Therefore, the bioaccessibility
of Cu in this study reflects the worst-case scenario.

3.3 DISSOLUTION OF VARIOUS SOIL COMPOSITIONS UNDER SPLP AND PBET
CONDITIONS
Natural soils are composed of various minerals, which may behave differently in sorption
of metals. In addition, these minerals may undergo dissolution under the SPLP and PBET
conditions and may alter the solution chemistry (e.g. pH). To probe the relative chemical
stability of common soil minerals and to elucidate the associated effects on Cu
availabilities, equilibrium calculations were performed using Visual Minteq (version 2.32)
under the SPLP and PBET conditions. For SPLP, the following input parameters were
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assumed: H+ = 10-4.2 M, and mineral-to-solution ratio = 1 g: 20 mL; while for PBET, pH
= 1.5, and mineral-to-solution ratio = 1 g: 100 mL.

Table 4.4 lists the minerals considered and gives the equilibrium pH and
percentage of a mineral dissolved under the SPLP or PBET conditions. Cupric ferrite
(CuFe2O4) was also included in Table because it can be a possible form of soil-bound
copper (Lindsay, 1979). Under the SPLP conditions, the dissolution loss of all minerals
was negligible (<0.012), and only 0.24% of the cupric ferrite was dissolved. In contrast,
only Goethite (or crystal Fe) and quartz survived the PBET conditions, with all other
minerals being completely dissolved by the PBET liquid. With respect to pH, the
presence of carbonates increased the pH of the SPLP solution from ~4 to 9.56, thereby
greatly diminishing its Cu extracting power. However, pH for the PBET solution
remained intact for all cases.
These results reveal that the reduced SPLP leachability of Cu in the calcareous
soil was attributed to the elevated pH in the SPLP extracting solution resulting from the
high content of soil carbonates. However, this pH effect became absent under the PBET
conditions. In fact, 100% of soil carbonates was dissolved under the PBET conditions,
which accounts for the much greater bioaccessibility of Cu in the calcareous soil
compared to the other two carbonates-deficient soils. In other words, carbonates would
not offer any sorption capacity for Cu under the PBET conditions. While all soil
components may play a role in retaining Cu under the SPLP conditions, only quartz and
crystal Fe oxides can serve as the effective sinks for Cu under the PBET conditions.
Because of the complex nature of SOM, no calculations were performed for SOM.
However, it is well known that some members of SOM such as humic acids and humins
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TABLE 4.4
Dissolution of various soil minerals under SPLP and PBET conditions and their effects on final pH

Representative
Soil
components minerals

Malachite

Malachite

Azurite

Azurite
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Cupric
ferrite
Carbonates
Amorphous
Fe
Crystal Fe
Kaolinite
Macas
Smectite
Quartz

Cupric ferrite
Calcite
Ferrihydrite
(aged)
Goethite
Kaolinite
a
Muscovite

Formulas

Cu2(OH)2CO3
Cu2(OH)2
(CO3 )2
CuFe2O4

CaCO3
Fe5HO8*4H2O
(aged)
FeOOH
Al2Si2O5(OH)4
Si3Al3KO10(OH)2
Mg 0.2
a
Mg(Si3.81Al1.71
montmorillonite Fe(III)0.22
Mg0.29)O10(OH)2
Quartz
SiO2

SPLP solution
Conc’n
(M)
0.226

PBET solution

Dissolved. Conc’n
(%)
(M)
6.14 0.012
0.045

Dissolved.
(%)
1.50 100

0.178

6.36 0.012

0.036

1.50 100

0.209

5.38 0.24

0.042

1.5

0.500

9.56 0.033

0.100

1.50 100

0.104

4.00 0.000

0.021

1.50 100

0.562
0.194
0.126

4.00 0.000
4.71 0.002
4.78 0.001

0.112
0.039
0.025

1.50 3.014
1.50 100
1.50 100

0.135

7.83 0.007

0.027

1.50 100

0.8335

6.81 0.012

0.167

1.50 0.210

pHf

pHf

100

a. minerals were not included in Visual Minteq database, and calculations were carried out using methods by Lindsay
(1979)
b. only mineral dissolution were considered in the geochemical modeling. All the calculations were based on the
assumption that various minerals maintain thermodynamic equilibrium with fluids
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are insoluble in acid solutions and can strongly complex with metal ions (Deng and
Dixon, 2002). Thus a fraction of Cu complexed with those SOM may not be leachable or
bioaccessible. Based on experimental studies of influence of soil properties on the Cr(III)
bioaccessibility, Stewart et al. (2003a) observed that the Cr(III) bioaccessibility was
generally lower in soils with high SOM content, and they claimed that organic
mattercould form strong bonds with Cr(III) enough to resist dissolution under the PBET
conditions.
The results in Table 4.4 may also provide some useful guidelines for remediation of
soils contaminated with heavy metals. For example, organic matter, iron/manganese, lime,
clay minerals, and phosphates have been applied as a soil amending agent to immobilize
heavy metals in soils or sediments (Basta et al., 2001). While most of these materials are
able to offer strong affinity for copper uptake, the materials themselves must be resistant
to acid dissolution if they are used to reduce the bioaccessibility. For example, lime may
reduce the SPLP leachability of heavy metals, but may not be effective for decreasing the
PBET bioaccessibility.

4. Conclusions

This study investigated different roles of various soil compositions (carbonates, Fe/Mn
oxides, SOM, and residual soil minerals) in sorption of copper in three soils (calcareous,
neutral and acidic). The results revealed that soil chemical compositions rather than
particle size are the key factors governing the chemical leachability and bioaccessibility
of Cu in soils.
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The presence of carbonates in soils was able to increase the pH of the SPLP
solution, and thus, diminished its extracting power. As a result, carbonates can greatly
reduce the SPLP leachability of Cu. However, while carbonates can bind with Cu more
favorably than other soil compositions, carbonates themselves are vulnerable to complete
dissolution under the PBET conditions. As a result, Cu in soils of high carbonates is
much more bioaccessible than in soils of low carbonates content.
In all cases, the residual soil minerals showed the greatest affinity for Cu, i.e. the
lowest leachability and bioaccessibility regardless of soil types. However, these strongest
binding sites appeared to be least available compared to those of other soil compositions
such as carbonates and Fe/Mn oxides. The effects of Fe/Mn oxides and organic matter
varied depending on types of soils and the extracting procedures. For CS, removal of
Fe/Mn oxides resulted in a decrease in the SPLP leachability but little change in PBET
bioaccessibility. For NS and AS, however, removal of Fe/Mn oxides increased both
SPLP leachability and PBET bioaccessibility. Between these two fractions, the SOM
appears to offer stronger affinity, and the presence of these two fractions prevented Cu
from accessing to the stronger sites in the residual soil minerals. Overall, the copper
accessibility of the four soil fractions follows the following sequence: carbonates >
Fe/Mn oxides > SOM > residual minerals; however, in terms of copper affinity, the
sequence is just reversed, i.e. residual minerals > SOM > Fe/Mn oxides > carbonates.
The information gained from this study may be useful for evaluating long term
environmental fate and availabilities of heavy metals in various soils. Knowledge on the
effects of various soil compositions may also facilitate engineered processes for
immobilization of heavy metals in soils.
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CHAPTER V
REDUCING LEACHABILITY AND BIOACCESSIBILITY OF LEAD IN SOILS
USING A NEW CLASS OF STABILIZED IRON PHOSPHATE
NANOPARTICLES

1. Introduction
Lead is a widespread contaminant in soils and groundwater (Wittmann, 1981; Ewers and
Schlipköter, 1991). Lead has been ranked the second most hazardous substance in the
U.S. by the Agency for Toxic Substances and Disease Registry (ATSDR) and the U.S.
Environmental Protection Agency (USEPA) (ATSDR, 2005). In 1999, lead was
identified as a major hazardous chemical at 47% of the 1,219 Superfund sites on the
USEPA’s National Priorities List (USEPA, 1999). Current remediation technologies for
contaminated soil remediation are rather costly (Berti and Cunningham, 1997) and/or
often environmentally disruptive. Consequently, innovative remediation technologies for
controlling lead-poisoning are urgently needed.
In recent years, in situ immobilization of Pb2+ in contaminated soils with phosphatebased amendments has elicited a great deal of attention (Ma et al., 1995; Zhang and Ryan,
1998; Cao et al., 2002; Sonmez and Pierzynski, 2005). This approach reduces the Pb2+
mobility, and thus toxicity, by transforming the labile form of Pb2+ in soils to the
geochemically much more stable pyromorphites (Pb5(PO4)3X, where X = F, Cl, Br, OH)
by amending contaminated soils with soluble phosphate salts or solid phosphate minerals
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such as apatite. Pyromorphites are considered as the most stable forms of Pb2+ under a
wide range of environmental conditions, and are over 44 orders of magnitude less soluble
than other common Pb2+ minerals in contaminated soils such as galena (PbS), anglesite
(PbSO4), cerussite (PbCO3), and litharge (PbO) (Ruby et al., 1994; Laperche et al., 1996).
For in situ immobilization of Pb2+ in soils, phosphate has been commonly applied to soils
in its soluble forms such as phosphoric acid (Eighmy et al., 1997; Yang et al., 2001),
NaH2PO4 (Stanforth and Qiu, 2001) or KH2PO4 (Berti and Cunningham, 1997), or in
solid forms such as synthetic apatite (Ma et al., 1993; Zhang and Ryan, 1998), natural
phosphate rocks (Ma and Rao, 1999), and even fishbone (with apatite being the effective
composition) (Admassu and Breese, 1999; USEPA, 2001a). Among those additives,
phosphoric acid was regarded as the most effective amendment (USEPA, 2001a) for its
easy delivery and superior ability to dissolve Pb2+ from existing minerals and transform it
to pyromorphites. Amendment dosage of 3% PO43- by weight for soils has been proposed
and applied by USEPA and other government agencies (USEPA, 2001a).
However, adding large amounts (e.g. the 3% PO43- dosage) of highly soluble
phosphoric acid or phosphate salts into the subsurface is limited by not only the material
cost but the secondary contamination problems. Due to the high solubility of phosphate,
groundwater and surface waters in the affected area may be contaminated by excessive
nutrient input (Cotter-Howells and Caporn, 1996). To avoid phosphate leaching, solid
phosphate (e.g. rock phosphate) was also studied (Ma et al., 1993; 1995; Ma and Rao,
1999). However, effectiveness of solid phosphate is hindered by the large size of the
particles. In fact, even fine-ground solid phosphate particles are not mobile in soils,
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which prevents solid phosphate from being delivered to the lead-affected zone and from
reaching and reacting with Pb2+ sorbed in soils.
In recent years, environmental application of nanoscale zero-valent iron (ZVI) has
attracted considerable interests. In addition to reductive dechlorination uses (e.g. Zhang,
2003; He and Zhao, 2005), ZVI nanoparticles have been studied for transformation of
inorganic contaminants such as chromate (CrO42−) (Astrup et al., 2000), arsenate (AsO43−)
(Su and Puls, 2001), perchlorate (ClO4−) (Moore et al., 2003), and nitrate (NO3−) (Ginner
et al., 2004). Compared to conventional powder or granular iron particles, nanoscale ZVI
particles offer improved reactivity. However, ZVI nanoparticles can form micron-scale
agglomerates rapidly, resulting in loss in soil mobility and reduced reactivity. To prevent
nanoparticle agglomeration, He et al. (2006) developed a strategy to stabilize ZVInanoparticles using low-cost and environmentally friendly cellulose (CMC) as a stabilizer.
The stabilized ZVI nanoparticles displayed much improved reactivity as well as soil
mobility compared to non-stabilized counterparts. In addition, iron-oxide and iron sulfide
nanoparticles were also studied for environmental uses. For instance, Chang and Chen
(2005) used chitosan-bound Fe3O4 nanoparticles to remove Cu2+ from water, showing
that the nanoparticles had a maximum capacity of 21.5 mg/g when applied to removal of
Cu2+ at pH > 2. Xiong et al (2006) have observed a 99% reduction of the Hg leachability
in soil using stabilized FeS nanoparticles. However, there have been no studies reported
on the in situ immobilization of Pb2+ using nanoparticles.
The overall goal of this study is to prepare and test a new class of CMC-stabilized
iron phosphate nanoparticles for immobilizing Pb2+ in soils and/or solid and hazardous
wastes. The specific objectives are to: 1) prepare a new class of iron phosphate
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nanoparticles with CMC as a stabilizer; 2) test effectiveness of the nanoparticles for
reducing the leachability of Pb2+ in three representative soils; and 3) determine the effects
of soil type, treatment contact time (aging), and chloride on Pb2+ immobilization
efficiency; and 4) probe speciation of soil-bound Pb2+ before and after the nanoparticle
amendment. 5) test the effects of iron sulfide and iron oxide nanoparticle on soil Pb
leachability as a comparison.

2. Materials and Methods
2.1 MATERIALS
All chemicals used in this study were of analytical or higher grade. The sodium form of
carboxymethyl cellulose (molecular weight = 90,000), iron sulfate heptahydrate
(FeSO4·8H2O) and sodium chloride (NaCl) were purchased from Acros Organics, (Morris
Plains, NJ, USA), all other chemicals were purchased from Fisher Scientific (Pittsburgh,
PA, USA). All solutions were prepared with deionized water (18 MΩ-cm) from a MilliQTM Water System.
Three top soils (up to ~25 cm) designated as acidic, neutral and calcareous soils (or
AS, NS, and CS, respectively) based on the soil pH were collected from a farm in
western Alabama, USA. Table 5.1 gives salient physical and chemical properties for the
soil samples. Before use, the soils were air-dried and passed through a 2-mm sieve. Soil
pH was measured in 0.01 M CaCl2 in a 1:1 soil:solution (g:mL) suspension (Thomas,
1996). Elemental analysis of the soils was conducted following EPA method 3050B and
using an inductively coupled plasma optical emission spectrometer (Vista-MPX, Varian
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TABLE 5.1
Salient physical and chemical properties of soils used in study.

Items

Acidic soil (AS)

pH
CEC7 (meq/100g soil)
Pb (g/kg)
OM (%)
CaCO3 equiv. (%)
Sand (%)
Silt (%)
Clay (%)

4.36
10.77
0.024
1.2
0.15
69
4
27
K(2.8)
M(39.0)
Q(39.5)
S(18.7)

*

**

Clay minerals (%)

Neutral soil
(NS)
6.93
18.17
0.139
0.9
1.15
18
28
54
K(33.9)
M(19.1 )
Q(18.8)
S(28.2)

Calcareous
soil (CS)
7.85
34.85
0.062
0.6
48.5
15
29
56
K(22.4)
M(38.8)
Q(21.7)
S(17.1)

* cation exchange capacity at pH 7.0
**K= kaolinite, M=micas, Q=quartz, S= smectite

Inc., Palo Alto, CA, USA). The content of sand, silt and clay was determined following
the pipette method (Gee and Or, 2002). Total nitrogen and total carbon were analyzed
following the Dumas method with a LECO CN-2000 combustion unit (LECO Corp.,
Joseph, MI, USA) at 1050 °C, and organic carbon was measured using the same method
except that soils were treated with 4 N H2SO4 to dissolve free carbonates before the dry
combustion. The content of carbonates was then calculated from the difference between
total carbon and organic carbon. Soil sulfur content was determined using a LECO SC432 sulfur analyzer (LECO Corp., Joseph, MI, USA). Soil clay minerals were analyzed
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with an X-ray diffraction unit (Siemens D5000 X-ray diffractometer) after the soil
samples were treated following the procedure by Kunze and Dixon (1986). The content
of each clay mineral was estimated by the respective intensity of diffracted X-ray. The
cation exchange capacity (CEC) was determined with 1 N NH4OAc buffered at pH 7.0
following the method described in the Soil Survey Laboratory Methods Manual (USDA
et al., 1996).
2.2. SOIL SPIKING WITH PB2+
The three soils were first spiked with known concentrations of Pb2+ following the
procedure described by Yang et al. (2003). In brief, a known mass of an air-dried soil was
mixed with a solution containing ~70 mg/L Pb2+ and 10–3 M CaCl2 and at a solution-tosolid ratio of 10:1 (mL/g) and at an initial pH 5.50. After mixing for 96 h, the mixture
was centrifuged and supernatant decanted. The Pb-loaded soil was then washed twice
with deionized water to remove water-soluble Pb2+. The decanted supernatant and rinse
water were filtered through 0.45-µm membrane filter, and analyzed for Pb using an
atomic absorption spectrophotometer. The final Pb2+ uptake by each soil was calculated
by mass balance calculations. The resultant Pb2+ uptake was 599 mg/kg for CS, 696
mg/kg for NS, and 640 mg/kg for AS, all of which were above the EPA action level of
400 mg/kg. These numbers were further verified with USEPA Method 3050B (1996), and
the difference was < 5% in all cases. The Pb-loaded soils were then air-dried for
subsequent experimental uses.
2.3. PREPARATION OF CMC-STABILIZED IRON PHOSPHATE NANOPARTICLES
A 1% (w/w) CMC solution, a 1.05 g/L PO43- solution, and a 1.19 g/ L Fe2+ solution were
prepared separately and then purged with nitrogen gas for ~4 hours to remove dissolved
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oxygen (DO). The nanoparticle preparation was then carried out in an anaerobic chamber
(Model 10, Sheldon Manufacturing Inc., Oregon, USA), where 25 mL of the Fe2+
solution was dropwise added to 50 mL of the 1% CMC solution under mixing. After the
mixture was stirred for 30 min, 25 mL of the phosphate solution was added to the mixture
dropwise and under mixing. The molar ratio of Fe2+-to-PO43- was 3:2 in accord with the
stoichiometry given in Eqn.5.1, through which the Fe3(PO4)2·8H2O (vivianite)
nanoparticles are formed,

3Fe 2+ + 2 PO43− + 8H 2 O ⇔ Fe3 ( PO4 ) 2 • 8H 2O

log K = 36.0

(5.1)

The final pH of the resultant nanoparticle suspension was measured to be 6.56, and the
resultant nanoparticle suspension included: 0.5% CMC, 4.7 mM or 263 mg/L Fe and 3.1
mM or 298 mg/L PO43-.
For TEM imaging, a drop of the vivianite nanoparticle suspension was placed on a
carbon coated copper grid and then dried for 12 hours in the anaerobic chamber. The
dried grid was then placed under a JEOL JEM-200CX transmission electron microscope.
The images were taken at an acceleration voltage of 120 kV. The size of the stabilized
nanoparticles was determined by measuring the size of a total of 450 nanoparticles from
five representative TEM images.
2.4. SOIL TREATMENT WITH FE3(PO4)2 NANOPARTICLES
Each Pb-spiked soil sample was amended by mixing 0.5 g (dry weight) of a soil with 1
mL of the nanoparticle suspension in 15 mL centrifuging tubes with screw caps, which
resulted in a suspension-to-soil ratio of 2:1 (mL/g). The mixtures were sealed and shaken
for 5 min, and then placed still in the hood at room temperature (21±2 oC) for aging. For
comparison, the same amendment procedure was also conducted at a higher suspension119

to-soil ratio of 10:1 (mL/g). For typographical convenience, the treatment at a
suspension-to-soil ratio of 2:1 is denoted as Case 1, and that at 10:1 as Case 2. For the
three soils, the Phosphate-to-Pb molar ratio ranged from 1.8 to 2.2 for Case 1, and from 9
to 11 for Case 2. To test the effect of contact/reaction time on Pb-immobilization, the
soil-nanoparticle contact time was varied from 1 to 56 days. To ensure data quality, all
soil treatment tests were performed in duplicates.
To determine the effect of chloride on Pb2+ immobilization, additional tests were
carried out following the same experimental protocol but in the presence of 100 mg/L and
300 mg/L Cl- (added as NaCl), respectively. The reaction time for these tests was set for
1 week.
Additionally, parallel experiments were conducted to compare the phosphate
leachability when the soils were amended with the nanoparticle suspension or a soluble
phosphate salt (300 mg/L PO43- solution as NaH2PO4 at pH 6.7) following the same
treatment procedures. The reaction time was set for 1 week for these tests. The phosphate
concentrations in the supernatants were measured using a DX-120 Ion Chromatograph
(Dionex Corporation, CA, USA) after the soil slurries were centrifuged at 3000×g for 10
min.
2.5. TCLP TESTS
TCLP tests were performed to quantify the Pb2+ leachability of the untreated and the
nanoparticle-amended soils following EPA Method 1311 (USEPA, 1992). The TCLP
fluid consisted of 0.1 M glacial acetic acid and 0.0643 M NaOH, which resulted in a pH
of 4.93. At predetermined aging times, the soil-nanoparticle mixtures were centrifuged at
3000×g for 10 min. Upon decanting the supernatant, 10 mL of the TCLP fluid was added
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to each tube containing the treated soils. The mixture was then agitated on a shaker for 18
h at 21±2 oC and then centrifuged at 3000×g for 10 min. The supernatant was then passed
through a 0.45 µm Ampore-size polycarbonate filter. The filtrate was then acidified using
1% HNO3, and analyzed for Pb. For comparison, the same TCLP tests were also carried
out on the untreated Pb-spiked soils. All tests were duplicated. The TCLP leachability of
Pb was quantified via Eqn. 5.2.
Leachability of Pb in soil =

( CTCLP ,Pb , mg / L)(0.01L)
(QPb , mg / g )(0.5 g )

× 100%

(5.2)

where CTCLP,Pb is the Pb concentration in the TCLP extract and QPb is the Pb content in
the soil sample before the TCLP treatment. To assure mass balance, the TCLP-extracted
soil residues were further extracted and analyzed for residual Pb following EPA Method
3050B (USEPA, 1996).
2.6. PBET TESTS
In addition to the TCLP tests, a biochemically oriented method, PBET, was employed to
evaluate the in vitro bioaccessibility of soil-sorbed Pb (Ruby et al., 1996; 1999). PBET
employs an extraction solution of 30 g/L glycine (0.4 M) with a pH adjusted to ~2.3 with
HNO3 to mimic the conditions in the gastric system and small intestines. PBET tests were
conducted following the procedures described by Kelley et al. (2002). Typically, 0.1 g of
an air-dried soil sample (untreated or nanoparticle treated) was mixed with 10 mL of the
extracting liquid in 15 mL high-density polyethylene vials. The mixtures were then
mixed on an end-to-end rotator placed in an incubator at 37 °C. After 1 h, the vials were
centrifuged at 3000×g for 10 min, supernatant filtered with 0.45-µm membrane filters,
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and then filtrate analyzed for Pb2+ with an atomic absorption spectrophotometer. The
bioaccessibility of Pb2+ was quantified by
Bioaccessibility of Pb (%) =

( C PBET , Pb , mg / L )( 0.01L )
( QPb , mg / g )( 0.1g )

× 100

(5.3)

where CPBET, Pb is the Pb concentration in the PBET solution and QPb is the Pb content in
the soil sample before the PBET extraction. All tests were performed in triplicate to
ensure data quality.
2.7. SEQUENTIAL EXTRACTION OF SOIL-SORBED PB2+
To probe the change in Pb speciation in the soils before and after the nanoparticle
treatment, a sequential extraction procedure developed by Tessier et al. (1979) and then
modified by others (Shuman, 1985; Han et. al 2001; Peltier, 2005) was employed to
quantify the relative availability of Pb2+ based on fractions of various operationally
defined Pb2+ species. Table 5.2 shows the reagents and procedures used for each of the
five sequential extraction steps. For each step, a given volume of a prescribed extractant
was mixed with a soil sample (equivalent to 0.5 g dry weight) in a 15 mL Teflon
centrifuge tube. At predetermined times (Table 5.2), the mixtures were centrifuged at
3000×g for 10 min. The supernatant was decanted, filtered through a 0.45-µm membrane
filter, and then filtrate analyzed for Pb. All tests were carried out in an anaerobic
atmosphere to mimic the subsurface redox condition. All extractions were duplicated to
assure data quality.
2.8. PREPARATION AND TEST OF IRON SULFIDE AND IRON OXIDE
NANOPARTICLES
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Similar to the procedures for iron phosphate nanoparticles preparation, solutions used for
iron sulfide nanoparticle synthesis were prepared in the anaerobic chamber using
degassed DI water and all procedures for the preparation were also conducted in the
chamber where 20 mL 7.20 mM FeSO4·7H2O was mixed with 50 mL 1% CMC solution
for 30 min. Then 20 mL 7.20 mM Na2S·9H2O was added to the mixture dropwise. 0.1 M

TABLE 5.2
Experimental conditions for sequential extraction of Pb from soils.
Step
1
2
3

4

5

Extractant
12.5 mL, 1 M NH4NO3 , pH 7.0, 0.5 h
shaking.
12.5 mL, 1 M Na-acetate, pH 5.0, 6 h shaking.
12.5 mL, 0.04 M hydroxylamine
hydrochloride in 25% acetic acid, 6 h at 95 oC
in water bath.
1.5mL of 0.01 M HNO3 and 2.5 mL of 30%
H2O2, 5 h at 85 °C in water bath, followed by
an additional 1 mL of H2O2, 1h at 85 °C in
water bath, then 7.5 ml of 1 M NH4NO3 , 10
min shaking at room temperature.
12.5 mL, 4 M HNO3 16 h at 80 °C in water
bath.

Target
Water soluble /
exchangeable fraction (EX)
Carbonate-bound fraction
(CB)
Fe/Mn oxides-bound
fraction (OX)
Organically Bound
fraction(OM)

Residual fraction (RS)

NaOH was used to keep final pH of the solution at 7.3 (Osseo-Asare and Wei, 1993) and
the final volume of the prepared solution was about 100 mL.
The magnetite (Fe3 O4) nanoparticles were prepared following a method described by
Si et al, 2004. The major procedures were introduced as follows: An aqueous solution of
FeSO4·7H2O (50 mL, 0.1 M) was added dropwise to a 50 mL aqueous solution of 1%
(w/v) NaCMC with continuous stirring. The final concentration of the polymer in the
medium was 0.5% (w/v). The mixture was stirred for 30 min to complete the formation
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of the iron-polymer complex. The pH of the solution was then increased slowly to higher
than 10 by adding 0.1 M NaOH solution. The reaction mixture (150 mL in volume) was
subsequently aged for 1 h with constant stirring. The final concentration of Fe in the
solution was about 0.03 M and the final pH was 12.0.
Soil samples tested, soil amendment procedures, TCLP procedure used in researching
the effects of FeS and Fe3O4 nanopartilces on soil Pb leachability were respectively
identical to those introduced in Section 2.2, section 2.4 and section 2.5 except that an
anaerobic hood was not used for iron oxide nanoparticle study.

3. Results and Discussions
3.1. CHARACTERIZATION OF IRON PHOSPHATE NANOPARTICLES

Figure 5.1a shows the suspension of the vivianite nanoparticle suspension in the
presence of 0.5% (w/w) CMC. For comparison, Figure 5.1b shows the vivianite prepared
following the same procure except that CMC was absent. While the CMC-stabilized
vivianite nanoparticles remain fully suspended and the suspension appeared as a
transparent solution for weeks, the non-stabilized counterparts agglomerated and
precipitated in minutes. Figure 5.1c shows a representative TEM image of the CMCstabilized vivianite nanoparticles (nitrogen-dried), which reveals that the particles were
present as discrete nanoparticles. Based on 450 particles from five similar TEM images,
the mean size of the iron phosphate nanoparticles was estimated to be 8.4±2.9 nm
(standard deviation). Evidently, the presence of CMC effectively prevented the vivianite
nanoparticles from agglomerating. Preliminary column tests with the acidic soil showed
that the stabilized nanoparticles can easily pass the soil bed under gravity, while the
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agglomerated vivianite flocs were completely caught on top of the soil bed. The greater
soil mobility enables the nanoparticles to be delivered to targeted contaminant source
zones in the subsurface (i.e. applied in situ) and to access to and react with soil-sorbed
Pb2+ ions.

a

b

Figure 5.1a. Freshly prepared vivianite (Fe3(PO4)2·8H2O) nanoparticle suspension (1.56

mM) in the presence of 0.5% (w/w) NaCMC as a stabilizer; b. Vivianite precipitates
(1.56 mM) in the absence of a stabilizer.
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Figure 5.1c. TEM images of CMC-stabilized vivianite (Fe3(PO4)2 ·8H2O) nanoparticles.
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Earlier, Si et al. (2004) and He et al. (2006) attributed the nanoparticle stabilization by
poly-electrolytes to encapsulation of the nanoparticles with a thin layer of negative
charges from the stabilizer such as CMC. They also reported that the size of the
nanoparticles can be controlled by varying the concentration of a polyelectrolyte. In
addition, Kim et al. (2003) claimed that the formation of a polymer layer on the surface
of magnetite nanoparticles may prevent oxidation of the nanoparticles.
The solubility product value for vivianite was reported to be ~10-36 (Nriagu, 1972).
Therefore, dissolution of vivianite is thermodynamically rather unfavorable. Ignoring the
influence of CMC in the nanoparticle suspension on the dissolution, Visual MINTEQ
(Version 2.32) calculations showed that the equilibrium aqueous concentrations of Fe2+
(the predominant aqueous form of Fe) and total P (predominantly in H2PO4- at pH 6.56)
in the nanoparticle suspension were 0.027 mM and 0.015 mM, respectively, i.e. >99.4%
of Fe2+ and phosphate added to the solution were converted to vivianite precipitates
during the nanoparticle synthesis.
3.2. TCLP LEACHABILITY OF SOIL-BOUND PB2+
To test the effectiveness of the CMC-stabilized vivianite nanoparticles for enhancing
Pb2+ immobilization, the TCLP leachability of Pb2+ in untreated and nanoparticleamended soils was measured and compared. Figure 5.2 shows the TCLP leachability of
soil-sorbed Pb2+ for the three soils before and after the soils were treated with the
nanoparticles under Case 1 (a) and Case 2 (b) conditions and at various treatment times.
As usually is the case, the acidic soil displayed the greatest Pb2+ leachability (~44% for
the untreated soil) than the other two soils (~6.6% for the neutral soil and ~1.5% for the
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Figure 5.2a Reduction of TCLP-based leachability of soil-bound Pb with treatment time
when soils were amended with 1.56 mM of CMC-stabilized vivianite nanoparticle
suspension in Case 1 (suspension-to-soil ratio = 2 : 1 mL/ g)
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calcareous soil). When the soils were amended with the vivianite nanoparticle suspension
for 1 day in Case 1 (Figure 5.2a), the Pb2+ leachability for the acidic soil was decreased
from its original 44% to 20%, i.e. a 56% reduction. The Pb2+ leachability was further
reduced as the contact time was increased for all cases. For example, the leachability in
the acidic soil was lowered to ~15% after 14 days of aging in Case 1. However, after 14
days, the aging effect became less conspicuous. For the acidic soil, the leachability from
the 14th to 56th day was reduced by only 1%, resulting in a 74% of overall reduction in
Pb2+ leachability in Case 1. From the standpoint of nanoparticle mass transfer and
reaction kinetics, the observation revealed that the Pb2+ immobilization was kinetically
most effective within one day and equilibrium was nearly reached in 14 days.
For the neutral soil in Case 1 (Figure 5.2a), the 1 day-treatment lowered the leachability
from 6.6% to 4.6% (i.e. a 30% reduction). The leachability was further reduced to 2.8%
after 14 days of treatment. The leachability for the untreated calcareous soil was quite
low (~1.5%), which nonetheless was lowered to 0.5% after 14 days of treatment (a 65%
reduction) although the Pb content in this soil was comparable to that for the other two
soils. The calcareous soil contained a much higher level (48.5%) of carbonates than the
other two soils (Table 5.1), which granted the calcareous soil a much greater alkalinity.
Consequently, the final pH of the TCLP extracts was 6.0~6.5 for CS, 5.1~5.5 for NS and
4.8~5.0 for AS although all the TCLP tests were carried out under identical conditions
and the initial TCLP fluid pH was 4.9. As a result, the extracting power of the TCLP fluid
was diminished by the elevated pH so that the TCLP leachability of Pb2+ in the
calcareous soil was much lower than that in the neutral or acidic soils although the three
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TABLE 5.3
Changes of Pb concentrations in TCLP extracts with treatment time after soils were
amended with vivianite nanoparticles in Case 1 (nanoparticle suspension-to-soil ratio=
2:1 mL/g).
Pb concentration in TCLP extracts (mean ± standard deviation, mg/L)
Soil
Untreated
Treatment time (days)
soil
1
3
7
14
28
56
Calcareous
0.46
0.34
0.38
0.31
0.16
0.14
0.15
soil (CS)
±0.01
±0.09
±0.03
±0.03
±0.02
±0.03
±0.01
Neutral
2.29
1.60
1.54
1.24
0.99
1.00
0.91
soil (NS)
±0.17
±0.08
±0.06
±0.09
±0.06
±0.04
±0.03
Acidic soil
14.13
6.26
5.04
5.07
4.14
3.90
3.71
(AS)
±1.06
±0.39
±0.59
±0.34
±0.40
±0.24
±0.24

soils contained comparable amounts of Pb. Accordingly, after those soils were amended
with the nanoparticles, the reduction of the Pb2+ leachability was much more distinctive
for the acidic soil (56% reduction in 1 day amendment) than for the neutral (30%
reduction in 1 day) and the calcareous soil (26% reduction in 1 day). This observation
also suggested that the nanoparticle treatment is likely more suitable for immobilizing
Pb2+ sorbed in acidic soils.

Table 5.3 gives the Pb concentrations in the TCLP extracts corresponding to those in
Figure 5.2a (Case 1). The Pb concentration for the untreated acidic soil was nearly three
times the EPA TCLP limit of 5 mg/L for identifying hazardous wastes (USEPA, 2006).
Upon the nanoparticle treatment, the Pb concentration in the TCLP extracts was reduced
to 3.7 mg/L.

Figure 5.2b shows that much greater reduction in Pb leachability was achieved when
the soils were treated in Case 2, where a five times greater volume of the nanoparticle
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Figure 5.2b Reduction of TCLP-based leachability of soil-bound Pb with treatment time
when soils were amended with 1.56 mM of CMC-stabilized vivianite nanoparticle
suspension: in Case 2 (suspension-to-soil ratio = 10:1 mL/g).
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suspension was used to amend the soils (i.e. vivianite:Pb molar ratio = 8.6:1). Again,
after two weeks of the treatment, the leaching equilibrium was reached and Pb
leachability was decreased by 94%, 95% and 70%, for the AS, NS and CS, respectively.

Table 5.4 indicates that in Case 2 Pb in the TCLP extracts was reduced to ~0.12
mg/L for NS and 0.06 mg/L for CS after 56-day reaction time. For AS, the TCLP
leachable Pb concentration was about 0.89 mg/L after 14 days of treatment, and
displayed a slow decreasing trend as the reaction time further increased. At day 56, the
Pb concentration reached 0.80±0.05 mg/L.

TABLE 5.4
Changes of Pb concentration in TCLP extracts with treatment time after soils were
amended with vivianite nanoparticles in Case 2 (nanoparticle suspension-to-soil ratio =
10:1 mL/g).
Pb concentration in TCLP extracts (mean ± standard deviation, mg/L)
Treatment time (days)
Untreated
soil
1
3
7
14
28
56
Calcareous
0.46
0.37
0.32
0.19
0.14
0.07
0.06
soil (CS)
±0.01
±0.03
±0.02
±0.01
±0.02
±0.01
±0.01
Neutral
2.29
1.02
0.61
0.22
0.20
0.16
0.12
soil (NS)
±0.17
±0.09
±0.05
±0.02
±0.02
±0.01
±0.01
Acidic soil
14.13
5.53
3.88
1.26
0.89
0.84
0.80
(AS)
±1.06
±0.50
±0.29
±0.15
±0.08
±0.05
±0.06
Soil type

Prior findings by others who applied various phosphate-based agents to immobilize
the soil-bound lead provided some important insights into the mechanistic processes.
Laperche et al. (1996) reacted hydroxyapatite with litharge/massicot (PbO) and cerussite
(PbCO3) in the pH range 5-8 for 2 days and found that the formation of
hydroxypyromorphite was the fastest at the lower end pH of 5. The researchers also
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claimed that at pH <8, hydroxypyromorphite formation appeared to be limited by kinetic
rather than thermodynamic constraints. Ma and Rao (1999) found that phosphate rocks
were less effective at higher soil pH for Pb2+ immobilization. Ryan et al. (2001) and
Yang et al. (2001) asserted that dissolution of soil-sorbed Pb2+ is the rate-limiting step for
formation of pyromorphite-like minerals when sufficient soluble phosphate is provided.
Apparently, when solid phosphate (e.g. rock phosphate) is used, dissolution of the
phosphate source is also important. Since lower pH favors dissolution of both Pb2+ and
phosphate, improved Pb2+ immobilization is expected at a lower pH. Thus, the observed
rapid and substantial reduction in the TCLP leachability for the acidic soil (Figure 5.2) is
attributed to the relatively easy availability of soil-sorbed Pb2+ and the lower soil pH. In
contrast, the immobilization rate for NS (pH =6.93) and especially CS (pH=7.85) was a
relatively slower process, and thus, was not as effective as for AS.
The fact that the equilibrium was almost reached in ~14 days also revealed that the
vivianite nanoparticles provide a relatively easily available source of phosphate for Pb2+
immobilization. Compared to macron-scale or granular phosphate sources, the
nanoparticles offer much greater soil mobility, greater surface area, and reactivity toward
soil-sorbed Pb2+. Chen et al. (2005) studied the effect of grain size of rock phosphate on
Pb2+ immobilization in various contaminated soils, and concluded that the rock phosphate
with small grain size (<35 µm) performed much better than with larger grain size.
Stanforth and Qiu (2001) reported that high dosages of solid phosphate such as
hydroxyapatite (Ca5(PO4)3(OH) ) or rock phosphate were not effective for reducing the
TCLP leachable Pb to <0.75 mg/L, which is the targeted level of Pb in treating Pb-laden
hazardous waste, due to the slow dissolution of the phosphate minerals.
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To enhance phosphate availability, various soluble phosphate sources were tested for
immobilization of Pb in soils. Theodoratos et al. (2002) evaluated the efficiency of
calcium monobasic phosphate (Ca(H2PO4)2·H2O) for heavy metals immobilization in
contaminated soils, and observed that TCLP-leachable Pb2+ was reduced by 87% by
applying >7% (w/w) PO43- to soil samples for 2 month. Wang et al. (2001) reported that a
combination of 6.25% Ca(H2PO4)2·H2O (4.7% as PO43-) and 6.25% CaCO3 was able to
decrease TCLP-leachable Pb2+ by 99% in a contaminated surface soil. Evidently, these
soluble phosphate sources were able to offer comparable reduction of Pb2+ leachability to
that with the nanoparticles. However, the reported treatment dosage of these soluble
phosphate sources was typically more than one order of magnitude greater than that of
the CMC-stabilized nanoparticles. In addition, application of large quantities of soluble
phosphate is critically confined by the subsequent release of excessive amounts of
phosphate in the affected environment.
Evidently, to achieve effective stabilization of Pb2+ in soils, an amending agent must
be kinetically easily available, and yet, any release of excessive phosphate should be
minimized. Compared to macro-scale phosphate source materials, the stabilized
nanoparticles offer not only much improved soil mobility (i.e. they can be much more
easily delivered to the targeted locations), but also much faster reaction kinetics, and thus,
much improved effectiveness. Compared to soluble phosphate sources, the stabilized
nanoparticles offer better controlled kinetics to sustain a sound formation rate of
pyromorphite, yet result in much reduced phosphate leaching from the process as to be
demonstrated in Section 3.6.
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3.3. BIOACCESSIBILITY OF SOIL-BOUND PB
In vitro bioaccessibility of soil-bound Pb2+ has been evaluated by several authors using
the PBET method, in which a much harsher solution of pH 2.3 and at a much higher
liquid-to-soil ratio (100:1) are employed to simulate the gastrointestinal conditions.

Figure 5.3 shows the PBET-based bioaccessibility of Pb2+ in the three soils that were
either untreated or treated for 56 days at the two doses of the nanoparticles. First of all, it
was interesting that under the harsh PBET conditions, the Pb bioaccessibility for all three
untreated soils ranged from 72% for NS to 98% for CS and followed a sequence of
CS>AS>NS, which differed markedly from that for the TCLP leachability (Figure 5.2).
This observation was consistent with the study by Ruby et al. (1999), who stated that Pbladen mineral phases formed under acidic conditions tend to be more stable in the acidic
conditions of the stomach and hence less bioaccessible than mineral phases formed under
alkaline conditions. In fact, Pb2+ in calcareous soils is predominantly present in the form
of PbCO3 (Doner and Grossl, 2002), which will resist leaching by moderately acidic
solutions such as the TCLP liquid due to the greater acid buffering capacity. However,
under PBET conditions, the soil buffer capacity is exhausted, and as carbonate is
dissolved, Pb2+ is released. In contrast, for acidic soils, Pb2+ is typically sorbed by
iron/manganese oxides, organic matter, and clay minerals or even in pyromorphite form
(Buatier et al., 2001), all of which are less available than the carbonate-bound form.

Figure 5.3 shows that ~14% of pre-loaded Pb in original AS was not bioaccessible.
However, the bioaccessibility of Pb was effectively lowered when the soils were treated
with the nanoparticles for 56 days. In Case 1, the bioaccessibility was reduced by 25%
for CS, 33% for NS, and 21% for AS. When the dose was increased 5 times (Case 2), the
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Figure 5.3. Reduction of PBET-based bioaccessibility of soil-bound Pb when soils were
amended with 1.56 mM of vivianite nanoparticles for 56 days.
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bioaccessibility was reduced by 47% for CS, 45% for NS, and 31% for AS compared to
the untreated soils. Yang et al. (2001) reported that bioaccessible Pb in a smeltercontaminated soil (soil pH=7.1) was reduced by 60% after the soil was amended for 70
days with H3PO4 at 10 mg-P/g-soil, which was over 3 times greater than the highest dose
used in our case. The Pb concentration in the PBET extracts is given in Table 5.5.

TABLE 5.5
Pb concentration (mean ± standard deviation, mg/L) in PBET extracts for three soils
before and after nanoparticle treatments.

Soil type
Calcareous
soil
Neutral soil
Acidic soil

Untreated soils

Amended with iron phosphate nanoparticles for 56
days
Case 1 (suspension to
Case 2 (suspension to
soil ratio =2:1 mL/g)
soil ratio =10:1 mL/g)

5.50 ± 0.09

4.15±0.42

2.93±0.08

5.02±0.37
5.47±0.50

3.37±0.17
4.18±0.79

2.76±0.22
3.76±0.66

3.4. EFFECT OF CHLORIDE ON PB IMMOBILIZATION
A number of researchers have reported direct evidence for the formation of
pyromorphites in phosphate-amended Pb-contaminated soils through X-ray diffraction
(XRD), scanning electron microscopy (SEM), atomic force microscopy (AFM), and
extended X-ray absorption fine structure spectroscopy (EXAFS) measurements
(Laperche et al., 1996; Lower et al., 1998; Traina and Laperche, 1999; Ryan et al., 2001;
Cao et al, 2002). Based on work by others (Lindsay, 1979; Laperche et al., 1996; Yang et
al., 2001), the following reaction stoichiometry is considered to be responsible for the
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enhanced Pb2+ immobilization when the soils are treated with vivianite nanoparticles
under acidic conditions:
Fe3 ( PO 4 ) 2 ⋅ 8H 2 O + 4 H + ⇔ 3Fe 2+ + 2 H 2PO4− +8H 2 O
5Pb 2+ ( aq ) + 3H 2 PO4− ( aq ) + X − ⇔ Pb5 ( PO4 )3 X ( s ) + 6 H + ( aq )

(5.4)
(5.5)

where X-= F-, Cl-, Br- or OH-.
At pH >7.20, the following reactions become predominant pathways:
Fe3 ( PO 4 )2 ⋅ 8 H 2 O + 2 H + ⇔ 3Fe 2+ + 2 HPO42− +8 H 2O
5Pb 2+ ( aq ) + 3HPO42− ( aq ) + X − ⇔ Pb5 ( PO4 )3 X ( s ) + 3H + ( aq )

(5.6)
(5.7)

The solubility product value (Ksp) for vivianite is 10-36. However, the Ksp value for
chloro-, bromo-, hydroxy- and fluoro-pyromorphites is 10-84.4, 10-78.1, 10-76.8, and 10-71.6,
respectively (Ruby et al., 1994). In the absence of halogen or sufficient hydroxyl ions, it
is possible that Pb3(PO4)2 (Ksp = 8.0x10-43) will be formed. Although Pb3(PO4)2 is also a
fairly stable compound, the presence of halogen ions (such as chloride as commonly
found in natural waters) can result in the much more stable halo-pyromorphites, thereby
greatly enhancing Pb2+ immobilization. In addition, Eqns 5.4-5.7 also reveal that the
treatment pH can also strongly affect the equilibrium and kinetics of pyromorphite
formation process, and thus, the Pb immobilization effectiveness.
The effect of chloride ions on immobilization of lead was investigated. Table 5.6
presents the concentration of TCLP-leachable Pb2+ in the three soils amended with the
two different doses (Case 1 and Case 2) of nanoparticles for one week and in the presence
of 0, 100, and 300 mg/L of Cl-, respectively.
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For AS, the presence of 100 mg/L Cl- decreased the TCLP leachability of Pb from
5.07 to 3.55 mg/L in Case 1 and 1.26 to 0.89 mg/L in Case 2, i.e. a reduction of ~30% for
both cases.

TABLE 5.6
Effects of chloride on TCLP leachable Pb in soils amended with stabilized vivianite
nanoparticles (data given as mean ± standard deviation).
Acidic soil
Neutral Soil
Calcareous Soil
Chloride in
Nanoparticle suspension-to-soil ratio (mL/g)
Nanoparticle
Suspension
2:1
10:1
2:1
10:1
2:1
10:1
(mg/L)
Pb concentration in TCLP extracts (mg/L)
0
5.07±0.34 1.26±0.15 1.24±0.09 0.22±0.02 0.31±0.03 0.19±0.01
100
3.55±0.20 2.39±0.15 0.75±0.02 0.34±0.01 0.24±0.01 0.22±0.01
300
4.46±0.32 2.27±0.10 0.77±0.02 0.32±0.01 0.23±0.02 0.19±0.01

For NS, the presence of 100 mg/L Cl- reduced the leachability of Pb by 40% in Case 1,
but a modest 14% in Case 2. For CS, the presence of 100 mg/L Cl- reduced the TCLP
leachability of Pb by ~23% in both cases. In all cases, the effect of Cl- appears more
profound at the lower nanoparticle dose (Case 1), and it did not enhance the
immobilization any further as the concentration of Cl- was tripled from 100 to 300 mg/L.
These observations suggest that promoting the formation of the highly stable chloropyromorphite can further enhance immobilization of Pb2+; however, this positive effect
can be limited by the relative availability of phosphate and Pb2+ in soils.
Earlier, Stanforth and Qiu (2001) studied effects of various anions including chloride
on immobilization of soil-bound lead using sodium phosphate and concluded that
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presence of chloride can reduce the TCLP leachability of soil-bound Pb by up to 57~60%,
whereas the effects of other anions such as F- and SO42- were less profound (37%
reduction with F-, 19% with SO42-).
The fact that Cl- addition showed more impact on AS and NS than CS also indicates
that OH- (or pH) also plays an important role as revealed by Eqns. 5.4-5.7. At alkaline
pH, OH- may compete with Cl- and result in competitive formation of hydroxylpyromorphite and chloro-pyromorphite. Stanforth and Qiu (2001) also observed that the
effect of chloride on lead leachability was more profound at pH < 7.0.
3.5. EFFECT OF NANOPARTICLE TREATMENT OF PB SPECIATION IN SOILS
Sequential extraction procedures have been often applied to identifying the relative
availability/leachability of soil-sorbed metals by revealing the operationally defined
speciation of a metal in the solid phase (Tessier et al., 1979; Shuman, 1985; Han et al.,
2001; Scheckel et al., 2003; Peltier et al., 2005). Earlier, Ryan et al. (2001) employed the
procedure to studying effects of phosphate amendments on Pb speciation in soils. They
found that phosphate treatments resulted in significant shift in soil-bound Pb species from
more easily extractable Pb to the least available form (the residual Pb). They also
confirmed the formation of chloro-pyromorphite (Pb5(PO4)3Cl) via Extended X-ray
Absorption Fine Structure (EXAFS) spectroscopic studies. Similar results were also
observed by Cao et al. (2002), who studied the soil Pb speciation in various types of soils
treated with phosphate. Figure 5.4 shows the changes in fractions of five operationally
defined Pb species in the three soils untreated or treated with two different doses of the
vivianite nanoparticles. The five Pb species are defined as Exchangeable (EX),
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Carbonate-Bound (CB), Fe/Mn Oxides-Bound (OX), Organic Matter-Bound (OM), and
Residual (RS) Pb. The relative availability follows the sequence of
EX > CB > OX > OM > RS

(5.8)

Figure 5.4a shows that Pb in the untreated calcareous soil was bound to the soil
predominantly in the forms of CB (63%) and OX (33%). The least available RS form
accounted for only 2.1%, whereas the EX and OM fractions were negligible in this
untreated soil. The observation is expected given the known high carbonate and Fe/Mn,
but low organic contents of the soil (Table 5.1). It also agrees with the observed low
TCLP leachability but high PBET bioaccessibility of Pb in this soil. When the soil was
mixed with the nanoparticles in Case 1 and Case 2, Pb leached into the aqueous phase
was less than 1% Pb initially in the soil. However, the treatments resulted in a substantial
shift in Pb speciation from the more easily available CB species to much less available
RS and OM species. After the soils were treated in Case 1 and 2, the CB fraction was
reduced from 63% to 40% (a 36 % reduction) and to 22% (a 65% reduction), respectively.
Accordingly, the RS fraction was increased from 2.1% to 22% (>10 times) and 32% (>15
times), respectively. Meanwhile, the OX fraction was also increased from 33% to 36%
(Case 1) and 42% (Case 2), and OM fraction from 0.7% to 1.9% (Case 1) and 3.1% (Case
2). The distinctive alteration in Pb speciation, especially the substantial increase in the RS
fraction, accounts for the reduced leachability and bioaccessibility of Pb by the vivianite
nanoparticles. Based on eqns (5.4)-(5.5) and work by others (Cao et al., 2002; Chen et al.,
2003; Melamed et al., 2003; Chen et al., 2005), the elevated RS Pb fraction is largely
attributed to the formation of the highly stable pyromorphite. The transformation of more
easily available Pb species to the less available pyromorphite was also revealed when the
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Figure 5.4a. Changes in Pb speciation after the calcareous soil was amended with 1.56
mM vivianite nanoparticle for 56 days (CS: the calcareous soil; WE: water soluble/
exchangeable fraction; CB: carbonate-bound fraction; OX: Fe/Mn oxides-bound fraction;
OM-organically bound fraction; RS: residual fraction; Case 1: solution to soil ratio=2:1;
Case 2: solution to soil ratio=10:1).
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Figure 5.4b. Changes in Pb speciation after the acidic soil was amended with 1.56 mM
vivianite nanoparticle for 56 days (AS: the acidic soil; WE: water soluble/ exchangeable
fraction; CB: carbonate-bound fraction; OX: Fe/Mn oxides-bound fraction; OMorganically bound fraction; RS: residual fraction; Case 1: solution to soil ratio=2:1; Case
2: solution to soil ratio=10:1).
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Figure 5.4c. Changes in Pb speciation before and after the neutral soil was amended with
1.56 mM vivianite nanoparticles for 56 days (NS: the neutral soil; WE: water soluble/
exchangeable fraction; CB: carbonate-bound fraction; OX: Fe/Mn oxides-bound fraction;
OM-organically bound fraction; RS: residual fraction; Case 1: solution to soil ratio=2:1;
Case 2: solution to soil ratio=10:1).
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AS and NS soils were treated. Figure 5.4b shows that unlike the calcareous soil, the
primary Pb species for the untreated acidic soil were split among EX (45%), OX (21%),
OM (18%), and RS (10%). Because of the rather great EX fraction, ~3.5% and 5.2% of
Pb initially in the soil were released into the aqueous phase when the soil was treated in
Case 1 and Case 2, respectively. However, the EX Pb fraction was reduced by 35% in
Case 1 and nearly 100% when the dose was pentupled (Case 2). It is evident from Figure

5.4b that the EX fraction was primarily converted to RS (increased by 90%, 210% in
Case 1 and Case 2, respectively), OM (33% and 96%, respectively), and OX (4.2% and
42.2%, respectively). Figure 5.4 c shows that the distribution of various Pb species for
the neutral soil lies between that for the calcareous and acidic soils. The nanoparticle
treatments leached <1% Pb initially in the neutral soil. The conversion of the more easily
available Pb (EX or CB) to the less available RS and OM species was consistently
evident, and thus, is held responsible for the enhanced stability of Pb upon the
nanoparticle treatment for all the soils.
3.6. POTENTIAL ENVIRONMENTAL IMPACTS OF IRON PHOSPHATE
NANOPATILCE APPLICATION
Iron phosphate exists in natural soils, peat deposits and lake sediments often in the form
of Fe3(PO4)2*8H2O (vivianite) (Harris, 2002). There have been no data available on any
toxic impacts on the environmental and human health for this mineral (Ralph and Chau,
2006). However, our knowledge on the environmental consequences of synthetic
nanoparticles is rather rudimentary, and thus, the long-term environmental fate of the
vivianite nanoparticles is yet to be explored. It is also well known that phosphate is a
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TABLE 5.7
Phosphate leached from soils after being amended with vivianite nanoparticle suspension
or sodium phosphate (NaH2PO4) solution for 7 days (data given as mean ± standard
deviation)

Soil type

Calcareous
soil (CS)
Neutral
soil (NS)
Acidic soil
(AS)

Phosphate (PO43-) concentration (C) in solution or mass % leached
Vivianite nanoparticle suspension
Sodium phosphate solution
3(300 mg/L as PO4 )
(300 mg/L as PO43-)
Suspension-toSuspension-toSolution-to-soil
Solution-to-soil
soil ratio = 2:1
soil ratio = 10:1
ratio = 2:1
ratio = 10:1
(mL/g)
(mL/g)
(mL/g)
(mL/g)
C
C
C
C
%
%
%
%
(mg/L)
(mg/L)
(mg/L)
(mg/L)
6.19
2.08
1.01
0.34 ±
14.64
4.88
193.23 64.41
±0.65
±0.22
±0.24
0.08
±1.68
±2.56 ±12.62 ± 5.54
9.08
3.05
1.55
0.52 ±
1.98
0.66
149.01 49.67
±1.22
±0.23
±0.30
0.10
±0.24
±0.08 ±10.62 ±3.45
8.42
2.83
21.02
7.06
4.68
1.56
146.01 48.67
±0.98
± 0.33
±3.63
±0.58
±0.33
± 0.11 ±15.63 ± 5.21

nutrient that often causes eutrophication problem in surface waters; and soluble
phosphate is known to be more bioavailable than in its solid forms (Reynolds and Davies,
2001). To address the phosphate leachability, parallel experiments were conducted
whenthe equivalent amount (based on PO43- concentration) of the CMC-stabilized
nanoparticles or a soluble phosphate (NaH2PO4 ) was applied to the treat the three soils in
the batch reactors. Table 5.7 gives the amount of phosphate remained in the supernatant
solution after the soils were treated with the two different forms of phosphate for 7 days.
Evidently, when the phosphate dosage was low (Case 1), the aqueous phosphate
concentration was low and accounted for less than 5% of total phosphate applied for both
forms of phosphate and for all the three soils. However, when the phosphate dosage was
pentupled (Case 2), nearly 50% of the soluble phosphate applied remained in the aqueous
phase compared to less than 1% for CS and NS and ~7% for AS when the vivianite
146

nanoparticles were applied. This observation indicates that the stabilized nanoparticles
not only offer great Pb immobilization, but may potentially produce much less leachable
phosphate than soluble forms of phosphate. Earlier, Yang et al (2001) also studied Pb
immobilization in a smelter-contained urban soil using phosphoric acid, and observed
that about 150 mg/L PO4 (or 38% of phosphate added) remained in the solution after the
soil samples were treated with 4 mg/g-soil phosphoric acid for 16 days, and the aqueous
phosphate was increased to 460 mg/L PO4 (i.e. 58% of phosphate added) when the
amendment dosage was increased to 8 mg/g-soil.
In order to compare the soil Pb immobilization effectiveness of vivianite
nanoparticles and that of soluble phosphate, experiments were also conducted using the
same three soil samples to test the effectiveness of soil Pb leachability reductions by
NaH2PO4 amendment at suspension to soil ratio of 2:1 and 10:1 for 7 days. Figure 4.5
shows the temporal changes of TCLP leachable Pb in three soils after those samples were
amended with 300 mg/L soluble NaH2PO4, which contained the same amount of PO4 as
in the nanoparticles. For comparison purpose, the Pb immobilization through
nanoparticles amendment results (Tables 5.3 and 5.4) are also plotted in the same figure.
Experimental results showed that TCLP leachable Pb in the calcareous soil decreased
from an initial 0.26 mg/L to 0.0 mg/L after 7-day amendment using NaH2PO4 for both
suspension to soil ratios, resulting in a 100% Pb immobilization in 1 week (Figure 5.5a).
However, using the nanoparticle amendment, only 32.6% and 58.7% of Pb were
immobilized in a week, although higher reductions were observed for nanoparticles in 2
month (Tables 5.3 and 5.4). For the neutral soil, the reduction of TCLP leachable Pb by
10:1 nanoparticles was observed (90.3%) much close to those using 2:1 (72.6%) and 10:1
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Figure 5.5a. A comparison of nanoparticles and NaH2PO4 amendment on Pb
immobilization in calcareous soil.
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Figure 5.5b A comparison of nanoparticles and NaH2PO4 amendment on Pb
immobilization in neutral soil.
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Figure 5.5c. A comparison of nanoparticles and NaH2PO4 amendment on Pb
immobilization in acidic soil.
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NaH2PO4 (100 %) while 2:1 nanoparticles achieved only 45.9% of Pb leachability
reduction (Figure 5.5b). Not much difference was observed in Pb immobilization rate in
the acidic soil between nanoparticle and NaH2PO4 amendment with 64.7% and 91.1% for
the former and 23.4% and 81.5% for the latter. The nanoparticles even exhibited a better
immobilization effect than the soluble phosphate. Those results show that the vivianite
nanoparticle exhibits a similar Pb immobilization effectiveness with the soluble
phosphate for the acidic soil, and higher soil pH inclined to inhibit nanoparticles
immobilization process, resulting in lower Pb immobilization effectiveness of
nanoparticles than that of the soluble phosphate for the neutral soil and calcareous soil.
These results further confirmed that dissolution of the nanoparticle is the controlling step
for Pb immobilization as shown in equations 5.4 and 5.6, and higher pH hinders the
process and thus the immobilization effectiveness. Accordingly NaH2PO4 immobilization
results were not affected much by soil pH.

3.7. EFFECTS OF IRON SULFIDE NANOPARTICLES ON THE LEACHABILITY OF
SOIL-BOUND PB
3.7.1 Characterization of the iron sulfide nanoparticles

Figure 5.6 shows that CMC stabilized iron sulfide precipitant was present as discrete
particles with average size about 40±28 nm (a) while the non-stabilized counterpart
showed as agglomerated flocs in morphology (b). Therefore stabilized iron sulfide should
have higher transportability than the non-stabilized one, suggesting the promising
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.

(a)

(b)
Figure 5.6 TEM images of iron sulfide (FeS) a. with CMC stabilizer; b without CMC
stabilizer (by courtesy of Mr. Z. Xiong).
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application of the iron sulfide nanoparticles in remediating the heavy metal contaminants
in subsurface.
Minteq calculation indicated that the 99.3 % of added Fe2+ and S2+ in the solution
precipitated with 0.01 mM the iron and sulfide remained in the solution and 1.43 mM
FeS solid (Mackinawite) was produced as nanosized particles. The following reaction
(Eqn 5.9) reveals the process of FeS formation:
Fe 2 + + S 2 − ⇔

FeS ↓

(5.9)

3.7.2 Effects of FeS nanoparticles on Pb leachability

Figure 5.7a shows the changes of Pb leachability in three soils with time after the soil
samples were amended with FeS nanoparticles in case 1 where the ratio of the
nanoparticle to soil was 2:1 and the molar ratio of FeS to Pb in soils was about 1:1.
Results indicated that the nanoparticle showed a prominent impact by decreasing the Pb
leachability for acidic soil. Pb leachbility deceased from 44% to 28% after 1 M with a
reduction of 36.4%. The Pb concentrations in the TCLP extract reduced from 14 mg/L to
9.00 mg/L (Table 5.8). For the neural soil and calcareous soil, the Pb leachability in the
exhibited a slower but also obvious tendency of reduction: one-month reduction was 21%
and 40% for the NS and CS, respectively.
Increased reduction rate of Pb leachability was observed (Figure 5.7b) when the
amendment ratio increased for 2:1 to 10:1 where the molar ratio of FeS to soil Pb was 5:1.
In this case, the 1-month reduction rates were 52.3% for acidic soil, 28.8% for the neutral
soil and 53.3% for the calcareous soil. The changes of Pb concentration in the TCLP
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Figure 5.7a. Reduction of Pb leachability in soils with treatment time when the soils
were amended with 1.43 mM FeS nanoparticle suspension at a ratio of 2:1(mL/g)
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Figure 5.7b. Reduction of Pb leachability in soils with treatment time when the soils
were amended with 1.43 mM FeS nanoparticle suspension at a ratio of 10:1(mL/g)
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TABLE 5.8
Changes of Pb concentrations in the TCLP extracts with treatment time after soils were
amended with 1.43 mM FeS nanoparticle suspension
Aging
time
(day)
Untreated
1
7
14
30

Solution to soil ratio 2:1

Solution to soil ratio 10:1

CS

NS

AS

CS

NS

AS

0.46±0.01
0.42±0.04
0.40±0.04
0.30±0.05
0.26±0.04

2.29±0.17
2.21±0.22
2.17±0.21
2.05±0.16
1.83±0.22

14.13±1.06
11.47±1.44
10.64±1.12
9.77±0.80
8.96±0.75

0.46±0.01
0.33±0.04
0.30±0.05
0.25±0.02
0.21±0.02

2.29±0.17
2.20±0.18
2.17±0.27
1.79±0.12
1.63±0.11

14.13±1.06
8.34±1.12
7.99±0.65
7.73±0.46
6.76±0.35

extract could be found in Table 5.8. The following equation (Eqn 5.10) may be
responsible for the Pb leachability changes with FeS amendment.

FeS

+

Pb 2 + ⇔ PbS

+

Fe 2 +

(5.10)

Where Ksp for FeS and PbS are 8×10-19 and 3×10-28

3.8. EFFECTS OF IRON OXIDE (MAGNETITE, FE3O4) ON THE LEACHABILITY
OF SOIL-BOUND PB
3.8.1. Characterization of the iron oxide nanoparticles
Si et al (2004) indicated that the TEM particle size of the magnetite nanoparticle prepared
with 0.5% NaCMC was 14.4±0.92 nm (standard deviation). The authors suggested the
following reaction (Eqn 5.11) may be responsible for the formation of magnetite in this
study although the detailed mechanism is still unclear (Si et al, 2004).
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Fe 2 +

+ O2

+ OH − ⇔ Fe3 O4

+

H+

(5.11)

3.8.2. Effects of magnetite (Fe3O4) nanoparticles on Pb leachability
Changes of soil Pb leachability with magnetite nanoparticle amendments were shown in

Figures 5.8a and 5.8b. As lower amendment ratio (solution to soil=2:1, Fe:Pb molar ratio
= 20~23) was applied, Pb leachability exhibited a moderate decreases with aging time
(Figure 5.8a). For example, the acidic soil reduced by 54.5% in Pb leachability in a
month while the neutral soil and calcareous soil showed 43.5% and 60% reductions,
respectively. Significant Pb immobilization was observed for those three soils when the
amendment rate increased to 10:1 where Fe:Pb molar ratio=98~114 (Figure 5.8b): TCLP
leachability of Pb in the acidic soil decreased by 93.4 in a month from the initial 44% to
the final 20% and 86.4% reduction was observed for the neutral soil after 1 month aging.
For the calcareous soil, the reduction was 73.3%. Table 5.9 shows the changes of Pb
concentrations in the TCLP extracts of the three soils with time.
Magnetite nanoparticles operate in reducing the TCLP leachability of soil-bound Pb. The
mechanisms might include the adsorption of Pb on the magnetite surface or in the lattice,
or just due to the increased soil pH caused by the nanoparticle solution with a pH of 12.
Soil pH changes due to nanoparticle amendment was shown in Figure 5.9.
Overall, experimental data showed that iron phosphate nanoparticles exhibited better
results in reducing the leachability of soil-bound Pb than iron sulfide or iron oxide
nanoparticles. But the latter may pose less risk in surface water eutrophication and iron
oxide nanoparticles were rather stable in the oxidizing environment. Detailed study is
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Figure 5.8a. Reduction of Pb leachability in soils with treatment time when the soils
were amended with 30 mM magnetite nanoparticles suspension at a ratio of 2:1(mL/g)
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Figure 5.8b. Reduction of Pb leachability in soils with treatment time after the soils were
amended with 30 mM magnetite nanoparticle suspension at a ratio of 10:1(mL:g)
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needed to probe the mechanics and feasibility of application of iron sulfide and iron oxide
nanoparticles to immobilize soil-bound heavy metals

TABLE 5.9
Changes of Pb concentrations in the TCLP extracts with treatment time after soils were
amended with 30 mM magnetite nanoparticle suspension
Aging
time
(day)
Untreated
7
14
30

Solution to soil ratio 2:1

Solution to soil ratio 2:1

CS

NS

AS

CS

NS

AS

0.46±0.01
0.36±0.09
0.24±0.04
0.18±0.03

2.29±0.17
2.26±0.28
1.81±0.26
1.59±0.11

14.13±1.06
8.43±0.93
7.76±0.64
6.47±0.51

0.46±0.01
0.32±0.09
0.16±0.02
0.12±0.04

2.29±0.17
1.13±0.21
0.37±0.09
0.31±0.07

14.13±1.06
3.38±0.73
0.97±0.19
0.89±0.10

Conclusions
This work reports a new class of iron phosphate nanoparticles prepared using low
concentrations of a modified food-grade cellulose (CMC) as a stabilizer. Compared to
soluble phosphate or granular solid phosphate sources, the stabilized nanoparticles
displayed some unique properties such as improved control of soil mobility, deliverability
and reactivity. When used for in situ immobilization of Pb in soils, the nanoparticles
offered both fast reaction kinetics and minimal phosphate leachability.
Batch experimental data showed that relatively low dosages (P:Pb molar ratio = 1.811) of the stabilized vivianite nanoparticles can effectively decrease the TCLP
leachability and PBET bioaccessibility of Pb in three representative soils (calcareous,
neutral and acidic). The significant decrease of Pb availability in the soils is attributed to
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Figure 5.9 Changes of soil pH due to magnetite nanoparticle amendment
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the formation of pyromorphite minerals through the iron phosphate nanoparticle
amendment.
Lead leachability in the acidic soil was reduced by 56% after the soil was treated with
the nanoparticles at a P:Pb molar ratio of 1.8-2.2 for 1 day compared to a 30% and 26%
reduction for the neutral soil and the calcareous soil, respectively. At a higher P:Pb molar
ratio of 9.0 -11, the 1-day treatment reduced Pb leachability by 61% for the acidic soil,
55% for the neutral soil and 19% for the calcareous soil. Faster kinetics of Pb
immobilization was observed in the acidic soil samples, confirming that the lead
immobilization is facilitated by the formation of pyromorphites and is affected by the
availability of both Pb2+ and PO43- in soils.
Addition of chloride (Cl-) further decreased the TCLP leachability of Pb2+ in the soils,
which supports the assertion that formation of the least soluble chloro-pyromorphite is
responsible for enhanced immobilization of soil-bound Pb. The presence of 100 mg/L of
chloride was able to reduce the TCLP leachability of Pb by 30% for the acidic soils, 40%
for the neutral soil, and 23% for the calcareous soil.
Results from a sequential extraction procedure showed that the nanoparticle treatment
of the soils converted large fractions of water soluble/exchangeable and carbonate-bound
Pb2+ to the most stable form of the residual Pb2+, i.e. the highly stable pyromorphite
minerals, resulting in the enhanced Pb2+ immobilization. The stabilized iron phosphate
nanoparticles produce much less phosphate leachate compared to soluble phosphate salts,
especially when greater dosage of phosphate is needed, which substantially reduces the
risk of secondary contamination (i.e. eutrophication). The newly prepared nanoparticles
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and the proposed technology may offer a useful alternative for in situ remediation of Pbcontaminated soils or solid wastes.
Iron sulfide and iron oxide nanoparticles also exhibited apparent effects in
immobilizing the soil-bound Pb, but less significant than iron phosphate nanoparticles.
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CHPATER VI
OVERALL CONCLUSIONS AND FUTURE WORK

1. Summary
The general conclusions of this dissertation are as follows,
1.

All Cu added to the catfish pond transferred to the pond bottom in 2 days after
each application and the remaining Cu concentration in the water was less than
30 µg/L.

2.

Copper became associated with particles as soon as it was applied to the pond
water through absorption and precipitation processes, which suggested that
transport of Cu in the catfish pond was primarily in particulate form (particlefacilitated transport).

3.

Application of Cu in the catfish pond did not result in significant Cu
accumulation in the catfish meat. Contamination of the ground water and
surface water by the application of Cu in the catfish pond aquaculture also
seemed insignificant

4.

Care should be taken in disposal of the Cu -laden pond sediment and the pond
effluent because the bioaccessibility of the sediment-bound Cu is still very high.
Hazardous effects may occur when the Cu-sensitive species keep feeding on the
sediments.
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5.

The residual phase is an important Cu phase in the commercial catfish pond
sediments, suggesting Cu was bound strongly with the sediment particles.
However, AVS (acid volatile sulfide) was not observed as a significant binding
phase for Cu in the sediments.

6.

The synthetic precipitation leaching procedure (SPLP), which simulates the acid
rain, released less than 1% of the sediment-bound Cu, and the toxic
characteristic leaching procedure (TCLP), which resembles the landfill
environment, leached about 1~8% of the Cu while the physiological based
extraction test (PBET), mimicking the gastrointestinal conditions, could
dissolve up to 100% of the sediment-bound Cu.

7.

Availability of Cu in the sediment was highly correlated to the speciation of the
metal in the solid phase.

8.

Aging and higher content of certain soil iron oxides, organic matter and clay
minerals could decrease the Cu bioaccessibility in the soils but soil carbonates
have little effect.

9.

Vivianite (Fe3(PO4)2·8H2O) nanoparticles were successfully synthesized using
carboxymethylcellulose as a stabilizer. The average particle size was 8.4 nm

10.

Immobilization of soil-bound Pb using the iron phosphate nanoparticles showed
a promising technology in heavy metal remediation with easy delivery and low
phosphate leaching.
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2. Recommendations for Future Work
Overall the dissertation researched and discussed the interactions of heavy metals (Cu
and Pb) with soil composition through various leaching procedures. The results and
conclusions of this dissertation might be useful to environmental scientists and engineers,
soil scientists, limnologist, and those concerned in legal and management aspects of
surface and groundwater. More research is needed to study the heavy metal interaction
with soil using spectroscopic methods. Study and modeling on the particle-facilitated
transport of heavy metals seems also necessary. Moreover, practical application of the
nanotechnology of heavy metal immobilization requires additional research on the
nanoparticle transport in the subsurface and effect of iron phosphate nanoparticle on
stabilization of other heavy metals. The specific recommendations were made as follows:
1.

Investigate Cu speciation in the sediment using spectroscopic methods such as
X-ray diffraction spectroscopy (XRD) and X-ray absorption spectroscopy (XAS)
and find the correlation between Cu speciation based on the spectroscopic
methods and that based on sequential extraction method.

2.

Model the Cu transport in the subsurface environment in particulate form and
validate the models using experimental research and field investigations. The
model (s) can facilitate in understanding the behaviors of some contaminants
which are tightly absorbed by soil particles such as Cu, Pb, and nuclides.

3.

Provide the spectroscopic evidence of formation of pyromorphite after the Pbcontaminated soil (or pure Pb minerals) reacts with the vivianite nanoparticles
to further support the conclusions on Pb immobilization.
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4.

Study and model the transport of the vivianite nanoparticles in the subsurface
and field test (e.g. in a shooting range) the efficiency of Pb immobilization
using the nanoparticles.

5.

Investigate the effects of oxygen on Pb immobilization using the nanoparticles.

6.

Research the immobilization of other heavy metals in soils such as Cu, Cd, Zn
and Ni using the vivianite nanoparticles.

7.

Vivianite nanoparticles contain not only the ligand to sequester heavy metals
(PO43-) but also a reductive component (Fe(II)). The optimum detoxifying result
may be achieved if the nanoparticles are applied to treat some contaminants
whose toxicity could be lessened by reduction reaction and whose solubility
could be greatly deceased by phosphate sequestration such as uranium.
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Figure A1 XRD pattern of clay fraction in the calcareous soil (CS)
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Figure A2 XRD pattern of clay fraction in of the neutral soil (NS)
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Figure A3 XRD pattern of the clay fraction in the acidic soil (AS)
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Figure A4 XRD pattern of sand fraction of the neutral soil (NS). Similar results were
also observed for those in the calcareous and acidic soils
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Figure A5 copper distributions in selected layers of the experimental pond sediment
before the copper application season (a)
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Figure A5 copper distributions in selected layers of the experimental pond sediment
before the copper application season (b)
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Figure A5 copper distributions in selected layers of the experimental pond sediment
before the copper application season (c)
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Figure A5 copper distributions in selected layers of the experimental pond sediment
before the copper application season (d)
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Figure A6. Copper distribution in selected layers of the experimental pond sediment after
the copper application season (a)
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Figure A6. Copper distribution in selected layers of the experimental pond sediment after
the copper application season (b)
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Figure A6. Copper distribution in selected layers of the experimental pond sediment after
the copper application season (c)
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Figure A6. Copper distribution in selected layers of the experimental pond sediment after
the copper application season (d)
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Figure A7. More TEM images of the iron phosphate nanoparticles (a)
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Figure A7. More TEM images of the iron phosphate nanoparticles (b)
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Figure A7. More TEM images of the iron phosphate nanoparticles (c)
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Figure A7. More TEM images of the iron phosphate nanoparticles (d)
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