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Abstract 

 

 

Uranium is one of the most detected radionuclides in aquatic systems. Reductive 

immobilization and adsorption have been commonly practiced to remove uranium from 

water. In this study, CMC-stabilized iron sulfide (FeS) nanoparticles and FeS- modified 

zero-valent iron (FeS@Fe0) nanoparticles were synthesized to remove U(VI)  from water 

through concurrent reduction and adsorption. Both types of nanoparticles exhibited high 

reduction reactivity towards U(VI) . A retarded first-order kinetic model was able to 

interpret the kinetic data. The materials were able to perform well under simulated 

groundwater chemistry conditions. Spectroscopic and extraction studies revealed that the 

main removal mechanism of U(VI) was due to concurrent reductive conversion of U(VI) 

into U(IV) and adsorption of uranyl cations onto the nanoparticles. The immobilized 

uranium remained stable over prolonged periods of time under simulated groundwater 

conditions. 

Activated carbon fiber supported titanate nanotubes (TNTs@ACF) was prepared based 

on commercial activated carbon fiber and TiO2. TNTs@ACF combines the merits of TNTs 

and ACF, and was able to simultaneously remove U(VI) cations and 2-chlorophenol (2-

CP). TNTs@ACF exhibited synergistic adsorption towards U(VI) and 2-CP when both 

contaminants were co-present. The synergistic effect is attributed to concurrent surface 

complexation and ˊ-cation interactions of U(VI) and 2-CP on the material surface. 

CMC-FeS, FeS@Fe0, and TNTs@ACF hold the potential to facilitate reductive 

removal of U(VI) and simultaneous removal of metals/radionuclides and organic pollutants 

in contaminated water and soil.  
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Chapter 1. Background and Introduction 

1.1. Uranium contamination in water and soil 

Uranium, as a primary radionuclide, occurring both naturally and anthropogenically. 

The major sources of anthropogenic radionuclides are uranium mining and refining, 

nuclear energy power plants, nuclear weapon production and testing, radioactive wastes 

disposal, and nuclear accidents (Hu et al., 2010). A survey of 18 Department of Energy 

(DOE) facilities reported that uranium concentration in groundwater can reach up to 

1.7*106 (Riley and Zachara, 1992), while uranium concentration in soil varies from 0.3 to 

11.7 mg/kg based on an effects of atomic radiation study conducted by United Nations 

Scientific Committee(UNSC) (UNSC, 1993). The maximum contamination level (MCL) 

for drinking water of uranium was regulated to be 30 µg/L by the United States 

Environmental Protection Agency (USEPA) in 2000 (Gallegos et al., 2013).  

1.2. Reductive immobilization of U(VI)  

Toxicity and mobility of uranium are closely associated with its valent state. 

Hexavalent uranium is mobile and more toxic in the environment, while tetravalent 

uranium is less toxic due to the sparing solubility and formation of precipitate, for example, 

uraninite (Bi et al., 2013). Thus, the redox conditions of subsurface environment has great 

impact on the uranium transport and fate and reductive immobilization of U(VI) to sparsely 

soluble U(IV) is widely considered as a promising and effective uranium remediation 

technology in groundwater (Liu et al., 2018; Shao et al., 2015; Veeramani et al., 2013). 

Zero valent iron (ZVI) nanoparticle is proven to be one of the most effective reductants for 

uranium clean-up due to its large specific surface area, strong reducing power, low cost 
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and easy magnetic separation (Li et al., 2015; Zhao et al., 2016). However, ZVI tends to 

aggregate into larger-scale particles due to the inter-particle van der Waals forces and 

magnetic dipolar interactions (Zhao et al., 2016); in addition, ZVI is not 

thermodynamically stable in water and easily oxidized by water and dissolved oxygen 

(Henderson and Demond, 2013, Fan et al., 2016). The aggregation and rapid loss of ZVI 

lower its reactivity and selectivity for uranium reduction. Iron sulfide (FeS) is another 

effective nanoparticle for the uranium remediation through sorption and reduction in the 

past decade (Hua and Deng, 2008; Hyun et al., 2012; Shao et al., 2016).  

Compare to ZVI, FeS does not necessarily undergo anoxic corrosion in water and can 

provide redox buffer capacity for reduced uranium (Carpenter and Hayes, 2015; Henderson 

and Demond, 2013). It has higher electronegativity (5.02 eV) (Xu and Schoonen, 2000) 

than that of Fe0 (4.04 eV) (Pearson, 2008) and good electron conductivity resulting from 

low bandgap (Eg = 0.1 eV) (Du et al., 2016). FeS is also reported to have a lower pH of 

point of zero charge (pHPZC) (as low as 2.9) (Widler and Seward, 2002) than that of Fe0 

(7.5) (Su et al., 2015), which can facilitate the metal cationic sorption through electrostatic 

attraction forces. 

Recently, sulfidation of nZVI (S-nZVI), which inherits the merits of both Fe0 and FeS, 

is reported to be a promising technique for Fe0 improvement with higher reactivity, 

selectivity towards contaminants over water and less Fe0 aggregation; meanwhile, S-nZVI 

possibly retains the magnetic property of Fe0 and provide oxidation buffer capacity (Fan et 

al., 2014; Fan et al., 2017; Gong et al., 2017; Li et al., 2017). The synthesis methods of S-

nZVI can be divided into two categories: one-step and two-step methods, while the main 

sulfur source is sulfide or dithionite (Li et al., 2017). In the common two-step method, 



3 

 

before the second sulfidation step, synthesized Fe0 was first collected after washed with 

water and then freeze-dried or vacuum-dried. This process would probably waste a 

considerable portion of reducing power of Fe0, and is also not practical for field-scale 

application due to the complexity of the synthesis process. Moreover, the subsequent 

sulfidation process depends on the corrosion of Fe0 by water to produce Fe2+ and then react 

with S2- to form FeS precipitation, which is a slow process and also not practical. Therefore, 

it is imperative to establish a new class of synthesis method that can facile synthesize the 

core-shell structured S-nZVI particles without wasting the reducing power and the 

complexity of the method. 

Nanoparticle aggregation limits its reactivity, mobility, and deliverability into the target 

contaminant zone (Fan et al., 2016; Zhao et al., 2016). The nanoparticle aggregation can 

be greatly improved with the application of stabilizer. For example, polysaccharides, such 

as starch and carboxymethyl cellulose (CMC) were found highly effective in stabilizing 

zero-valent iron (ZVI) and offer both greater reactivity and soil deliverability (He and Zhao 

2007; He et al., 2007). However, the application of stabilized iron sulfide for U(VI) 

removal is yet to be studied. 

1.3. Adsorption of U(VI) by titanate nanomaterials 

Among the studied remediation technologies for uranium removal from water, 

adsorption is often preferred for its easy operation and lower cost, and adsorbents of rapid 

kinetics and high capacity have been consistently sought (Liu et al., 2016). Titanate 

nanotubes (TNTs) is intensively studied for heavy metal remediation due to the unique 

adsorption properties, such as high adsorption capacity, pH tolerance, easy separation, and 
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regeneration. Liu et al. (2016a) studied the adsorption of U(VI) by TNTs and found the 

adsorption capacity can reach to 333 mg/g. 

In some contamination sites, radionuclides coexist with other chemical pollutants. 

Riley and Zachara (1992) studied the chemical contaminations on DOE lands and found 

that chlorinated hydrocarbons are one of the most coexisted pollutants with radionuclides. 

Thus, technologies for simultaneous removal of radionuclides and chlorinated 

hydrocarbons are highly needed. Recently, Liu et al (2016b) modified the TNTs with 

activated charcoal (AC), which is composed of an activated charcoal core and a shell of 

carbon-coated titanate nanotubes, and showed excellent adsorption capacity and photo 

regeneration for phenanthrene (model petroleum hydrocarbons). Therefore, it is promising 

that activated carbon modified TNTs could achieve simultaneous removal of U(VI) and 

chlorinated hydrocarbons from wastewater. 

1.4 Factors affecting uranium removal 

Geochemical constituents, pH, dissolved oxygen (DO), complex substances, and iron 

content can control the mobility of uranium (Nolan and Weber, 2015).  

1.4.1. pH 

Solution pH is a simple but of great importance property that masters several aspects 

related to uranium immobilization and mobilization process. First, pH controls the 

speciation and solubility of uranium. Fig. 1-1 depicts the uranium speciation as a function 

of pH. At different pH, U(VI) exists as different species and uranyl ions carry different 

charges when the pH increases from acid to basic, which would affect the affinity of U(VI) 

to particles surface (Liu et al., 2016). Meanwhile, pH also controls the solubility of uranium 
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as depicted in Fig. 1-2 (data obtained from MINTEQ 3.0). Uranium has relative higher 

solubility at acidic and basic pH, while the lowest solubility occurs around neutral pH. 

 

Fig 1-1. Distribution of U(VI) species as a function of pH in the absence of carbonate. 

(Initial U(VI) concentration = 10 mg/L, Temperature =25 ).  

 

Fig 1-2. Solubility of U(VI) species as a function of pH. 

Second, soil minerals and organic matter always carry a surface charge and the charge 

is also pH-dependent. The pH at which surface positive and negative charge canceled out 

is called the point of zero charge (pHpzc). When pH below pHpzc, minerals or SOM would 
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be positively charged; when pH above pHpzc, the surface charge would become negative. 

The different surface charge will ultimately affect the interaction between uranium ion and 

soil, either attraction or repulsion (Mamindy-Pajany et al., 2009) 

Third, redox reactions are always accomplished with H+/OH- production or 

consumption, and change pH will favor or inhibit the reaction. For example, Eq. (1-1) 

represents the U(VI) reduction to U(IV) and higher pH will favor the formation of sparsely 

soluble U(IV) and immobilize uranyl ions. 

 UO2
2+ + 2e- + 4H+  U4+ + 2H2O (1-1) 

Last, microbial activities, especially under anaerobic conditions, are an important 

pathway to naturally reduce U(VI) to U(IV). While the growth of microorganisms requires 

an appropriate pH range, an extreme pH will affect the uranium immobilization process 

via inhibiting the microbial activities. He et al. (2008) studied the effect of pH on the 

electricity generation from a microbial fuel cell (MFC) and found the MFC works best 

between pH 8 and 10, and lower or higher pH would inhibit the rate of the reaction. Thus, 

a proper pH needs to be maintained to maximize the biotic reduction/immobilization of 

uranium.  

1.4.2. Redox reaction 

As mentioned above, uranium mainly exists as IV and VI valent state, while U(VI) is 

more mobile and toxic and U(IV) readily precipitates as sparingly soluble minerals, such 

as UO2. Therefore, the redox reactions that govern the valent state of uranium could 

directly affect the immobilization/mobilization process. Here, the redox reactions from 

biotic and abiotic sources are separately discussed. 
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1.4.2.1 Biotic 

Under anaerobic conditions, U(VI) can be reduced by microorganisms, such as sulfate-

reducing bacteria, to form UO2·xH 2O (Abdelouas et al., 2002). In another situation, 

bacterial will not directly reduce U(VI) ; instead, Fe(III) and SO42- would be reduced first 

and finally form iron sulfide according to Eqs. (1-2) ï (1-4). It is reported that U(VI) could 

be reductively immobilized by iron sulfide and the excess iron sulfide can serve as a redox 

buffer to control the uranium remobilization process (Abdelouas et al., 1999; Abdelouas et 

al., 2000; Zhao et al., 2013). However, the subsurface conditions keep changing and 

anaerobic conditions could not be kept all the time, so under oxic conditions biotic 

reduction is limited and reduced form uranium are exposed to reoxidation and 

remobilization. 

Fe3+ + e-  Fe2+  (1-2) 

SO4
2- + 8e- + 8 H+  S2- + 4H2O (1-3) 

Fe2+ + S2-  FeS (1-4) 

1.4.2.1 Abiotic 

In abiotic redox reactions, O2 is one of the most important subsurface components that 

remarkably affects the uranium immobilization/remobilization. A study about the effect of 

dissolved oxygen (DO) on the long-term in situ oxidation of uraninite (UO2) indicated that 

near-complete oxidation of uraninite occurred at DO > 0.6 mg/L, followed by the 

dissolution of uranium as uranium complexes. However, at low DO concentration, no 

measurable uranium was detected in the solution, which means the reduced uranium could 

be very stable if DO access is limited (Lezama et al., 2015). 
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Another abiotic factor in the subsurface is Mn redox cycling. As depicted in Fig. 1-3, 

Mn (II) is oxidized to MnO2 by O2, then product MnO2 is capable of rapid oxidizing U(IV) 

to U(VI) (Plathe et al., 2013). Mn(III) is reported as an important redox-active intermediate 

in Mn biogeochemical cycling and can lead to faster U(IV) dissolution than the comparable 

concentration of DO (Wang et al., 2013). 

 

Fig. 1-3. U and Mn subsurface redox cycling (Plathe et al., 2013). 

The above two factors are the naturally occurred process that controls the subsurface 

uranium fate. In recent decades, in situ remediations of uranium contamination by injecting 

zerovalent metal, especially zerovalent iron (ZVI) into contaminated soil becomes a new 

trend to control the uranium immobilization process (Liu et al., 2015). ZVI with high 

reduction potential could rapidly reduce U(VI) to U(IV), and provide a local reducing 

environment for an extended period of time (Xu and Zhao, 2007). Fan et al. (2014) stated 

that ZVI transformed by sulfide could even provide a longer protective effect towards 

oxidation, owing to the redox buffer capacity of iron sulfide formation. 

1.4.3. Complex agents 

Uranium can form complex with several complex agents, such as carbonates, natural 

organic matter, phosphate, and acetate. While in the complex agents, carbonates and 

organic matter play an important role in affecting the uranium immobilization/mobilization. 
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1.4.3.1. Carbonates 

In presence of carbonates, U(VI) speciation is dominated by a series of strong anionic 

carbonate complexes at near-neutral and basic higher pH, which significantly enhance the 

mobilization of uranium by two means: 1) higher solubility of uranium-carbonates 

complexes; 2) negatively charged ion decrease the sorption between uranium ion and 

mineral surface, which is usually negatively charged (Krupka and Serne, 2002). Fig. 1-4 

illustrated the speciation of U(VI) as a function of pH in the presence of carbonate, and it 

could clearly tell that U(VI) carbonates complexes will be negative when pH > 6 (Liu et 

al., 2016). Zhou and Gu (2005) studied the effects of carbonate concentration on the 

oxidation of reduced form uranium from contaminated soil, and suggested that the presence 

of small quantities of carbonate/bicarbonate could result in a rapid and greatly increased 

leaching and the mobilization of U(VI) from the contaminated soil. 

 

Fig. 1-4. Distribution of U(VI) species as a function of pH in the presence of 5 mM CO3
2-. 

(Initial U(VI) concentration = 10 mg L-1, Temperature =25 °C).  
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1.4.3.2. Natural organic matter 

Uranium could also form relatively strong complexes with natural organic matter 

(NOM) in the subsurface. It was reported that even at low concentrations, soluble NOM 

can prevent U sorption and lead to increased mobility attributed to the formation of large 

complexes molecule (Cumberland et al., 2016). Long-term studies proved that natural 

organic matter could potentially influence the long-term stability of reduced U(IV) by 

slowly dissolving U-bearing minerals even under strongly reducing environment (Luo and 

Gu 2008; Luo and Gu, 2011). 

1.5. Objectives 

The key objectives were to 1) prepare iron-based nanoparticles (CMC-FeS, FeS@Fe0) 

for reductively immobilizing U(VI) from water; 2) synthesize a new type of activated 

carbon fiber supported titanate nanotubes and test its application for the simultaneous 

adsorption of U(VI) and 2-CP from water; 3) elucidate the underlining mechanism of U(VI) 

removal by various nanomaterials. The specific objectives were to: 

¶ Determine the optimal CMC-to-FeS molar ratio that facilitates both nanoparticle 

stability and U(VI) removal efficiency; 

¶ Investigate the optimal synthesis conditions for FeS@Fe0 particles so as to achieve 

better reactivity and reoxidation resistance;  

¶ Develop a new class of activated carbon fibers supported titanate nanotubes 

(TNTs@ACFs) and the application for simultaneous removal of U(VI) and 2-CP; 

¶ Examine the effects of water chemistry on the U(VI) removal by CMC-FeS and 

FeS@Fe0; 
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¶ Explore the underlying mechanisms of U(VI) reductively immobilization by CMC-

FeS and FeS@Fe0, and synergistic effect of U(VI) and 2-CP co-adsorption.  

1.6 Organizations 

The dissertation includes five chapters, each chapter is formatted as a standalone paper 

in the style of Water Research except for Chapter 1 (Background and Introduction) and 

Chapter 5 (Conclusions and Suggestions for Future Research). Chapter 1 introduces the 

background uranium contamination in water and soil, the prevailing technologies for 

uranium removal and the critical environmental factors affecting transport and fate of 

uranium. Chapter 2 studies the factors affecting the reductive immobilization of U(VI) by 

CMC stabilized FeS and discusses the mechanism of U(VI) removal by CMC-FeS and 

long-term stability of U(VI) of immobilized U(VI) by CMC-FeS nanoparticles under oxic 

and anoxic conditions. Chapter 3 prepares and optimizes a new-type of FeS coated Fe0 in 

one-pot and tests its performance for U(VI) removal under various water chemistry 

conditions, and investigates the mechanism of enhanced U(VI) removal by FeS@Fe0 than 

FeS and Fe0. Chapter 4 synthesizes a new class of activated carbon fiber supported titanate 

nanotubes for the simultaneous removal of U(VI) and 2-CP in complex wastewater, and 

explores the mechanism for synergistic enhancement of U(VI) and 2-CP adsorption in the 

binary system. Chapter 5 summarizes the major conclusions of all researches and suggests 

the potential area for future works.  
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Chapter 2. Immobilization of U(VI) by Stabilized Iron Sulfide Nanoparticles: Water 

Chemistry Effects, Mechanisms, and Long-Term Stability  

2.1. Introduction  

Uranium (U) is one of the most detected radionuclides in groundwater and soil due to 

its widespread uses in nuclear weapon manufacturing and testing and nuclear energy 

production, and uranium mining and processing (Bi et al., 2013; Ma et al., 2018). Because 

of the serious public health risk associated with U exposure, EPA revised the radionuclides 

rule in 2000 and set the maximum contaminant level (MCL) to 30 µg/L in drinking water 

(Gallegos et al., 2013).  

The mobility of uranium is highly related to the oxidation states. Under oxidizing 

conditions, hexavalent uranium in the form of UO2
2+ is the most predominant species, 

which is soluble and mobile in soil and groundwater, while under reducing conditions, 

tetravalent uranium, such as uraninite (UO2) (log Ksp = -54.6), is the favorable species, 

which is sparingly soluble and immobile (Bi and Hayes, 2014; Spycher et al., 2011). Thus, 

the reductive conversion of mobile U(VI) to immobile U(IV) has been considered one of 

the most promising approaches for curing uranium exposure (Duan et al., 2019; Shao et al., 

2015).  

In uranium-contaminated aquifers, iron sulfides are known to play an important role in 

reductive immobilization of U(VI) (Spycher et al., 2011; Veeramani et al., 2013). Sulfate-

reducing bacteria (SRB) can use sulfate as the electron acceptor and produce sulfide, which 

reacts with Fe(II) and/or Fe(III) to form iron sulfides (Bi and Hayes, 2014). Mackinawite 

(FeS) is typically the first ferrous sulfide solid formed under sulfate-reducing conditions, 
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which is the precursor of other iron sulfide minerals, such as greigite (Fe3S4) and pyrite 

(Hyun et al., 2012). Besides natural mackinawite mineral, synthetic mackinawite was also 

reported to be able to reduce U(VI) into uraninite, a desirable end-point that is more stable 

and resistant to oxidation compared to non-uraninite species (Bi et al., 2013; Carpenter et 

al., 2015; Gallegos et al., 2013; Hyun et al., 2012). 

Compared to bulk FeS, nanoscale FeS particles provide a larger specific surface area 

and potentially greater reactivity and soil deliverability. Researchers have demonstrated 

that synthetic FeS nanoparticles are effective in treating various contaminants in soil and 

groundwater, including heavy metals, oxyanions, radionuclides, chlorinated organic 

compounds, nitroaromatic compounds, and polychlorinated biphenyls (Gong et al., 2016). 

To facilitate soil delivery and enhance reactivity, stabilized FeS nanoparticles have 

been developed and tested. Among stabilizers tested, carboxymethyl cellulose (CMC) has 

shown to be most effective in preparing highly dispersible and transportable FeS 

nanoparticles (mean size = 34.3 nm) for soil remediation (Gong et al., 2014). Moreover, 

CMC stabilized FeS (CMC-FeS) nanoparticles have been found effective for the removal 

of U(VI) in water (Shao et al., 2016). However, effects various water chemistry parameters, 

such as pH, coexisting ions and natural organic matter (NOM), on the removal efficacy 

have not been examined, and the underlying reaction mechanisms remain unclear. 

Moreover, the long-term stability of immobilized U under oxic or anoxic conditions has 

not been investigated. 

Solution pH is a key parameter that not only affects the reactivity of CMC-FeS but also 

governs the speciation and solubility of U(VI) (Descostes et al., 2010; Hua and Deng, 2008). 

In groundwater, various coexisting cations may also impede the reaction by competing for 
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the reactive sites. Uranium can form stable complexes with bicarbonate and natural organic 

matter (NOM), which can alter the particle stability and reactivity towards U(VI) (Crane 

et al., 2015; Liu et al., 2016). While UO2 is the desired product, it is thermodynamically 

unstable in the presence of oxygen and may be re-oxidized and re-solubilized (Bi et al., 

2013; Bi and Hayes, 2014). Therefore, there is a need to investigate the long-term stability 

or re-oxidization rate of U(IV) under oxic and anoxic conditions. 

The overall goal of this study was to investigate the effectiveness of CMC-FeS for 

U(VI) removal under various water chemistry conditions and to determine the re-oxidation 

potential of reduced U. The specific objectives were to: (1) determine the optimal CMC-

to-FeS molar ratio that facilitates both nanoparticle stability and U(VI) removal efficiency; 

(2) explore the effects of solution pH, coexisting cations (Na+ and Ca2+), bicarbonate, 

humic acid and the combination thereof on U(VI) removal by CMC-FeS; (3) elucidate the 

underlying U(VI) removal mechanisms under various conditions by means of FTIR, XRD, 

and XPS analyses; and (4) examine the long-term stability of immobilized U(VI) by CMC-

FeS nanoparticles under oxic and anoxic conditions. 

2.2. Materials and methods 

2.2.1. Materials 

All chemicals were of analytical grade or higher. The chemicals included ferrous 

sulfate heptahydrate (FeSO4Å7H2O) and sodium sulfide nonahydrate (Na2SÅ9H2O) from 

Alfa Aesar (MA, USA); CMC in sodium form, sodium hydroxide (NaOH), uranyl acetate 

dihydrate (UO2(CH3COO)2·2H 2O with 238U) from International Bio-Analytical Industrial 

Inc. (FL, USA); hydrochloric acid (HCl) and sodium bicarbonate (NaHCO3) from Fisher 
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Scientific (NJ, USA); calcium chloride dihydrate (CaCl2Å2H2O) and humic acid (HA, 

Leonardite Humic Acid Standard, 64% of total organic carbon (TOC) from Sigma Aldrich 

(MO, USA); Tris (hydroxymethyl) aminomethane (Tris buffer) from Acros Organics (NJ, 

USA); and 2-Morpholinoethanesulfonic acid (MES buffer) from TCI America (OR, USA). 

2.2.2. Preparation of CMC-FeS nanoparticles 

CMC-FeS nanoparticles were prepared following the method by Gong et al. (2014). 

Briefly, 5 mL of a 1% (w/w) CMC stock solution was added into 75 mL Millipore DI water 

(18.2 Mɋ cm) in a 150-mL flask, and purged with high purity N2 for 30 min to remove 

dissolved oxygen (DO). Then, solutions of 0.057M FeSO4 (40 mL) and 0.057M Na2S (40 

mL) were prepared with N2 pre-purged DI water. Under N2 purging, the FeSO4 solution 

(10 mL) was added into the CMC solution and purged for another 10 min to assure the 

complete formation of CMC-Fe2+ complex. Then, the Na2S solution (10 mL) was 

introduced into the mixture solution dropwise under continuous shaking at 170 rpm and 

vacuum in 10 min. The resulting 100 mL suspension contained 500 mg/L of FeS and 0.05 

wt.% CMC (i.e. CMC-to-FeS molar ratio of 0.0010). For comparison, bare FeS particles 

were also prepared following the same procedure but without CMC. The suspensions were 

sealed and aged for 24 h before use. 

2.2.3. Characterizations 

The hydrodynamic diameter and zeta potential (ɕ) of CMC-FeS were measured by the 

use of a Malvern Zetasizer Nano ZS (Malvern Instrument, Worcestershire, UK). The 

crystal phase of the nanoparticle samples was acquired using a Dmax/2400 X-ray 

diffractometer (XRD, Rigaku, Japan) using the Cu KŬ radiation (ɚ = 1.5418 ¡) and at a 
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scanning rate (2ɗ) of 4º/min. The XRD patterns were processed using the MDI Jade 5.0 

with the ICDD database (Materials Data Inc., Livermore, CA, USA). Fourier transform 

infrared (FTIR) spectroscopy analysis was conducted on a Tensor 27 FTIR spectrometer 

(Bruker, Germany) through the KBr pellet method to obtain the functional groups binding 

information. Element compositions and oxidation states were analyzed on an AXIS-Ultra 

X-ray photoelectron spectroscopy (XPS, Kratos, England) using the Al ȾŬ X-ray at 15 kV 

and 15 mA. The C 1s peak (binding energy, Eb = 284.80 eV) was used to eliminate the 

static charge effects, and the results were analyzed using the software package Casa-XPS 

2.3. The solid samples were obtained by filtering a particle suspension through a 50 nm 

cellulose acetate membrane under N2 protection and dried under gentle nitrogen blowing, 

and then stored in a nitrogen-filled glovebox before the characterizations. For U-laden 

samples, the nanoparticles were first reacted with U(VI) for 24 h following the procedure 

as described in Section 2.4 before the filtration. 

2.2.4. Effect of CMC concentration on U(VI) removal by CMC-FeS 

To test the effect of CMC concentration on U(VI) removal, CMC-FeS suspensions 

were prepared at various CMC-to-FeS molar ratio (0.0006, 0.0010, 0.0016, and 0.0025) 

with a fixed FeS concentration of 500 mg/L following the method in Section 2.2. Then, 

100 mL of a CMC-FeS suspension was mixed with 400 mL of a deoxygenated U(VI) 

solution (U(VI) = 12.5 mg/L) in a 500 mL polycarbonate bottle under anoxic conditions. 

The resultant solution contains 100 mg/L of CMC-FeS and 10 mg/L of U(VI), and the pH 

was kept at 7.0 ± 0.2 using the Tris buffer (10 mM). The bottles were tightly sealed and 

placed on a shaker operated at 170 rpm. After 24 h of equilibration, 10 mL of the 

suspension was sampled, filtered via the 50 nm cellulose acetate membrane under N2 
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protection, and then the filtrate was analyzed to determine the U(VI) concentration in the 

solution.  

2.2.5. Batch experiments 

Batch experiments were carried out to test the effect of water chemistry conditions on U(VI) 

removal by CMC-FeS, including solution pH, coexisting ions (Na+, Ca2+, and HCO3
-), HA, 

and synthetic groundwater. Typically, 100 mL of the CMC-FeS suspension (500 mg/L as 

FeS, CMC-to-FeS ratio of 0.0010) was added into 400 mL of a deoxygenated U(VI) 

solution (U(VI) = 12.5 mg/L) in 500 mL polycarbonate bottles under anoxic conditions 

and various water chemistry conditions. The pH was controlled at 7.0 ± 0.2 the Tris buffer 

(10 mM). Then, the mixture was transferred into 50 mL polycarbonate vials with zero 

headspace and placed on an end-to-end rotator at 40 rpm at room temperature (22 ± 1C̄). 

At predetermined times, duplicate vials were sacrificially sampled in the same manner 

described in Section 2.4.  

To test the pH effect, the batch kinetic tests were carried out in the pH range from 6.0 

to 9.0, where the MES buffer (10 mM) and Tris buffer (10 mM) were used to keep pH at 

the desired values. To test the effects of coexisting ions, the tests were conducted in the 

presence of 1 mM of Na+ or Ca2+or a range of HCO3
- (1 to 5 mM), with pH kept at 7.0 

using the Tris buffer (10 mM). Similarly, the effect of HA was tested with the HA 

concentration varied from 1 to 10 mg/L as TOC. To examine the combined effects, the 

U(VI) tests were further tested using synthetic groundwater (SGW). The SGW was 

prepared following a modified recipe from a previous study (Yan et al., 2010), with the 

following components: HA = 3 mg/L as TOC, Ca(NO3)2 = 0.286 mM, CaCl2 = 0.312 mM, 
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MgSO4 = 0.529 mM, Na2SO4 = 0.451 mM, Na2CO3 = 0.0111 mM, NaHCO3 = 0.604 mM, 

KHCO3 = 0.43 mM, and pH = 7.0 ¤0.2 . 

Extractable U(VI) on the nanoparticles was determined per an anoxic 

bicarbonate/carbonate (CARB) extraction method (Hyun et al., 2012; Duan et al., 2019). 

Briefly, 25 mL of a suspension after the reaction was transferred to a 50 mL polycarbonate 

bottle pre-loaded with 25 mL of a CARB solution consisting of sodium carbonate (28.8 

mM) and sodium bicarbonate (5.6 mM) under N2 purging. The mixture was vortexed for 1 

min and then allowed to react for 1h on an end-over-end rotator. Upon filtration through a 

50 nm cellulose acetate membrane, U(VI) in the filtrate was measured. Then, U(VI) 

extracted from the particles was calculated by the difference in soluble U(VI) before and 

after the extraction. Consequently, U(IV), which is not CARB-extractable, was quantified 

per mass balance calculations. 

2.2.6. Remobilization test: effects of anoxic and oxic conditions 

Remobilization tests were carried out under anoxic and oxic conditions to investigate 

the long-term stability of reductively immobilized uranium. Immobilized U was prepared 

following the same procedure described in Section 2.4 under the following conditions: FeS 

= 500 mg/L, CMC = 0.05%, and pH = 7.0 ± 0.2. Following the reaction equilibrium, the 

suspensions of immobilized U were transferred in 50 mL polycarbonate vials and aged for 

180 days under oxic (open to air) or anoxic (sealed in a N2-filled glove box) conditions. 

After predetermined time intervals, duplicate vials were sacrificially sampled and analyzed 

for soluble U in the aqueous phase.  
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2.2.7. Analytical methods 

Aqueous uranium and iron concentrations were analyzed on a 710-ES inductively 

coupled plasma-optical emission spectroscopy (ICP-OES, Varian, CA, USA). The 

detection limits of uranium and iron were 0.07 mg/L and 0.05 mg/L, respectively. TOC 

was determined using a Tekmar Dohrmann Pheonix 8000 UV-Persulfate TOC analyzer 

(Mason, OH, USA) with a detection limit of 0.1 mg/L. 

2.3. Results and discussion 

2.3.1. Effect of CMC-to-FeS molar ratio 

Previous work indicated that fully stabilize FeS nanoparticles can be obtained at a 

CMC-to-FeS molar ratio of 0.0006 (Gong et al., 2014), and the stabilized nanoparticles 

hold the potential to be directly delivered in the soil to facilitate in situ soil remediation of 

target contaminants (Gong et al., 2012). Depending on the physico-chemical properties of 

the contaminants, the CMC coatings on FeS may alter (enhance or inhibit) the reactivity of 

FeS particles. Therefore, it is necessary to investigate the effects of CMC on U(VI) removal 

by the fully stabilized FeS nanoparticles, namely, CMC-FeS prepared at or above the 

minimum stabilizing CMC-to-FeS molar ratio of 0.0006. Fig. 2-1 shows the equilibrium 

removal of U(VI) by FeS particles prepared at various CMC concentrations. In the absence 

of the stabilizer, 99.2% of initial U(VI) was removed. The removal remained about the 

same for bare FeS and CMC-FeS prepared at the CMC-to-FeS molar ratios of 0.0006 and 

0.0010. Further increasing the ratio to 0.0016 and 0.0025 decreased the removal to 92.6% 

and 75.0%, respectively. 
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Modifying FeS particles with CMC could have several competing effects on the 

reactivity towards U(VI). First, CMC could inhibit the agglomeration of FeS nanoparticles 

via electrostatic repulsion and steric hindrance (He and Zhao, 2007). The hydrodynamic 

diameter of CMC-FeS was decreased from 1632 nm for bare FeS particles to 253, 223, and 

166 nm, respectively, for CMC-FeS prepared at CMC-to-FeS ratios of 0.0006, 0.0010, and 

0.0025 (Gong et al., 2014). The smaller particle size results in larger surface area and more 

reaction sites, and thus enhanced adsorption capacity and reductive reactivity (He and Zhao, 

2008). Second, the CMC coating can provide additional adsorption capacity by 

coordination between U(VI) and the carboxyl groups of CMC and form UO2(CMC-COO-)2 

complex (Popescu et al., 2013), which, however, is subject to competition from the same 

complexation effect by the soluble CMC in the solution phase. Third, the CMC coating 

renders a more negative surface potential, which favors adsorption of the uranyl oxycations. 

Fourth, from a kinetic viewpoint, the CMC coating can partially passivate the particles by 

forming a semi-permeable barrier on the particle surface, which can inhibit the mass 

transfer of U(VI) or render some sites inaccessible ( He and Zhao, 2007; Tratnyek et al., 

2011). The overall effects would depend on the competition of the promotive and inhibitive 

effects and the specific operating conditions. In this work, the effects of CMC leveled off 

at when the CMC-to-FeS molar ratio was Ò 0.0010, but CMC became increasingly 

inhibitive when the ratio was ² 0.0016, which is attributed to the increased blockage of the 

surface reactive sites due to elevated density of CMC on the surface.  

After 6 months of aging, the hydrodynamic diameter of the nanoparticles grew to 1779, 

359, 246, and 234 nm, respectively, for particles prepared at CMC-to-FeS molar ratios of 

0, 0.0006, 0.0010, and 0.0025. The results indicate that FeS nanoparticles prepared at 
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CMC-to-FeS molar ratios of 0.0010 or higher could remain stable over prolonged periods 

of time. Taken together the capability for U(VI), long-term physical stability and soil 

deliverability, and CMC need, the optimal CMC-to-FeS molar ratio was determined to be 

0.0010, and thus, the corresponding CMC-FeS was further tested in detail. 

 

Fig. 2-1. Equilibrium U(VI) removal percentiles by FeS nanoparticles prepared at various 

CMC-to-FeS molar ratios. Experimental conditions: initial U(VI) = 10 mg/L, FeS = 100 

mg/L, Tris buffer = 10 mM, pH = 7.0 ± 0.2, reaction time = 24 h, and temperature = 22 ± 

1 C̄. 

2.3.2. U(VI) removal kinetics and the effect of pH 

Fig. 2-2 presents the U(VI) removal rates at four constant pH levels (6.0, 7.0, 8.0, and 

9.0). In all cases, U(VI) was rapidly removed from the aqueous phase, with over 90% of 

removal within the first one hour except for pH 6.0 where 87% removal was achieved. 
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After 24 h reaction, the total U(VI) removal efficiency was ~98% at pH 7-9, and 95.1% at 

pH 6.0. The conventional pseudo-first-order model was first tested to fit the kinetic data, 

but the model failed to catch the data after the initial 5 min, which is likely due to the 

decreasing reaction rates as reactions proceed (Lin et al., 2009). Consequently, a retarded 

first-order model with a ñslidingò factor Ŭ incorporated in the reaction rate constant was 

employed to accommodate the gradual deviation of the retarded reaction rates (Lin et al., 

2009): 

 
dCt

dt
 =
1 + Ŭt
Ct or Ct=C0(1 + Ŭt)

/Ŭ
 (2-1) 

where C0 and Ct are U(VI) concentrations (mg/L) at time 0 (initial) and time t (min), 

respectively, and kinit is the initial rate constant (min-1), which is analogous to a pseudo-

first-order rate constant. Fig. 2-2 shows that the model was able to adequately fit the entire 

kinetic data in all cases with the correlation coefficient (R2) being > 0.97 (Table 2-1). 

According to Eq. (2-1), the initial half-life t1/2, init can be calculated as: 

 ὸȾȟ
Ⱦ

 (2-2) 

Table 2-1 gives the best-fitted values of kinit and Ŭ, and the corresponding t1/2, init. The 

fastest U(VI) removal was observed at pH 7.0, with a peak kinit value of 29.89 h-1 and a t1/2, 

init of 0.035 h. Lowering the solution pH to 6.0 decreased kinit to 15.55 h-1. Conversely, 

increasing the pH to 8.0 and 9.0 decreased kinit to 16.66 and 14.71 h-1, respectively.  
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Fig. 2-2. Effect of pH on removal kinetics of U(VI) by CMC-FeS. Experimental conditions: 

initial U(VI) = 10 mg/L, FeS = 100 mg/L, CMC-to-FeS molar ratio = 0.0010, MeS buffer 

= 10 mM, Tris buffer = 10 mM, and temperature = 22 ± 1C̄. Symbols: experimental data; 

Lines: retarded first-order model fittings.  

Solution pH can affect the stability, surface potential and reactivity of CMC-FeS and 

affect the speciation of U(VI) (Duan et al., 2019; Lyu et al., 2017). First, the lower reaction 

rate at pH 6.0 could be owing to partial dissolution of the nanoparticles, and thus partial 

loss of the reaction sites (Gong et al., 2014). Fig. 2-3 shows that the particle dissolution 

was negligible at pH ů 7.0, while 24.1% of Fe was dissolved at pH 6.0. Despite the lower 

total U(VI) removal efficiency at pH 6.0 (95.1%), a similar U(VI) reduction percentage 

was reached (87.2%) when compared to pH 7 (Fig. 2-4). Second, at the alkaline pH, the 

dominant U(VI) species shifted from positively charged (UO2)3(OH)5
+ and (UO2)4(OH)7

+ 
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to negatively charged (UO2)3(OH)7
-, UO2(OH)3

-, and UO2(OH)4
2- (Fig. 2-5a). Meanwhile, 

increasing the solution pH from 6.0 to 9.0 turned the zeta potential of CMC-FeS more 

negative from -27.5 to -38.9 mV (Fig. 2-6). Thus, adsorption or reduction of U(VI) by 

CMC-FeS became increasingly unfavorable due to escalated electrostatic repulsion 

between anionic U(VI) species and an increasingly more negative nanoparticle surface. 

Third, at alkaline pH, more iron (hydr)oxides can form, which precipitate on the surface of 

CMC-FeS, blocking the adsorption/reaction sites and hindering the electron transfer 

process (Li et al., 2017). After 24 h reaction, the total U(VI) removal remained at ~98% at 

pH 6.0-9.0, however, the portion of U(VI) removed through reductive conversion of U(VI) 

into U(IV) was decreased from 86.6% at pH 7 to 80.2% for pH 8.0 and 63.3% for pH 9.0, 

suggesting increasing site blockage with increasing pH. The findings are consistent with 

those reported when amorphous iron sulfide and hydrogen sulfide were used for U(VI) 

removal (Hua et al., 2006; Hua and Deng, 2008). 
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Fig. 2-3. Dissolution of CMC-FeS measured as soluble Fe as a function of pH. 

Experimental conditions: FeS dosage = 100 mg/L as FeS, MES buffer = 10 mM, Tris buffer 

= 10 mM, and temperature = 22 ± 1 °C. Mdisolved is the mass of Fe in the aqueous phase, and 

M0 is the total mass of Fe. 
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Fig. 2-4. Effect of pH on equilibrium U(VI) adsorption and reduction by CMC-FeS. 

Experimental conditions: initial U(VI) = 10 mg/L, FeS = 100 mg/L, CMC-to-FeS molar 

ratio = 0.0010, MeS buffer = 10 mM, Tris buffer = 10 mM, reaction time = 24 h, and 

temperature = 22 ± 1̄C. 
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Fig. 2-5. U(VI) speciation as a function of solution pH calculated using the software 

MEDUSA: (a) in the absence of carbonate, and (b) in the presence of 5 mM CO3
2-. Initial 

U(VI) = 10 mg/L (42 µM), Temperature = 25 °C. 

 

Fig. 2-6. Zeta potential of CMC-FeS as a function of solution pH. 
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Table 2-1. Best-fitted parameters of the retarded first-order model and estimated initial 

half-life under various experimental conditions. 

Experimental conditions 
Retarded first-order model 

t1/2, init, (h) 
kinit, (h-1) Ŭ (h-1) R2 

pH 6.0 15.55 26.72 0.99 0.086 

pH 7.0 29.89 32.72 0.99 0.035 

pH 8.0 16.66 16.26 0.99 0.059 

pH 9.0 14.71 16.37 1.00 0.071 

pH 7.0, 1 mM Na+ 26.19 35.81 0.99 0.044 

pH 7.0, 1 mM Ca2+ 18.51 46.71 0.99 0.10 

pH 7.0, 1 mM HCO3
- 3.14 4.45 0.99 0.38 

pH 7.0, 5 mM HCO3
- 0.17 0.12 0.97 5.18 

pH 7.0, 1 mg/L HA as TOC  55.78 65.36 1.00 0.019 

pH 7.0, 5 mg/L HA as TOC  23.13 59.20 0.99 0.083 

pH 7.0, 10 mg/L HA as TOC 8.32 24.66 0.99 0.28 

pH 7.0, Synthetic groundwatera 0.35 0.058 0.99 2.10 

a Synthetic groundwater recipe: 0.286 mM Ca(NO3)2, 0.312 mM CaCl2, 0.529 mM MgSO4, 
0.451 mM Na2SO4, 0.0111 mM Na2CO3, 0.604 mM NaHCO3, 0.43 mM KHCO3 and 3 mg/L 
HA as TOC. 

2.3.3. Effect of Na+ and Ca2+ 

Fig. 2-7a shows the effects of coexisting Na+ and Ca2+ on U(VI) removal by CMC-FeS. 

The presence of 1 mM Na+ only slightly degreased the kinit value from 29.89 h-1 to 26.19 h-

1, while the addition of 1 mM Ca2+ lowered the kinit by a factor of 1.62 (to 18.51 h-1), and 

diminished the U removal efficiency from 98.2% to 89.8%. The presence of cations in the 

solution can partially suppress the negative surface potential, thereby reducing the 

electrostatic repulsion and weakening the stability of the nanoparticles. In this case, the 

surface potential of the CMC-FeS nanoparticles was suppressed from -30.8 mV without 

the addition of Na+ or Ca2+ to -25.8 and -17.4 mV with the addition of 1 mM Na+ or 1 mM 
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Ca2+; and accordingly, the hydrodynamic diameter of the nanoparticles increased from 253 

to 331 and 642 nm, respectively. The partial aggregation of the nanoparticles resulted in 

lowered site accessibility and reactivity for U(VI) removal. In addition, cations, especially 

multivalent cations, can compete with the uranyl oxycations for the adsorption sites 

through competitive electrostatic ion pairing (Duan et al., 2019). Moreover, in the presence 

of carbonate ions, Ca2+ is known to complex with UO2+ to form negatively charged or 

electro-neutral uranyl carbonate complexes through Eqs. (2-3) and (2-4) (Liu et al., 2016), 

which are hardly adsorbable to the negative nanoparticle surface.  

 UO2
2+
+ Ca

2+
+ 3CO3

2-
= CaUO2(CO3)3

2-
 (2-3) 

 UO2
2+
+ 2Ca

2+
+ 3CO3

2-
= CaUO2(CO3)3 (aq) (2-4) 
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Fig. 2-7. Effects of (a) Na+ and Ca2+ (1 mM), (b) bicarbonate (1-5 mM), (c) humic acid (1-

10 mM as TOC), and (d) matrix of synthetic groundwater on removal kinetics of U(VI) by 

CMC-FeS. Experimental conditions: initial U(VI) = 10 mg/L, FeS = 100 mg/L, CMC-to-

FeS molar ratio = 0.0010, Tris buffer = 10 mM, pH = 7.0 ± 0.2, , and temperature = 22 ± 

1 C̄. Synthetic groundwater : 0.286 mM Ca(NO3)2, 0.312 mM CaCl2, 0.529 mM MgSO4, 

0.451 mM Na2SO4, 0.0111 mM Na2CO3, 0.604 mM NaHCO3, 0.43 mM KHCO3, and 3 

mg/L humic acid as TOC. Symbols: experimental data; Lines: retarded first-order model 

fittings.  

2.3.4. Effect of bicarbonate 

Bicarbonate is the key alkalinity component in natural waters and is ubiquitous in 

groundwater. Bicarbonate is prone to complexing with uranium under neutral-basic 

conditions (Li et al., 2015). Up to 1 mM of bicarbonate has been reported in groundwater 
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at some U-contaminated sites (Hua et al., 2006; Nguyen et al., 2012). Fig. 2-7b shows that 

the presence of 1 mM of bicarbonate notably hindered the U removal rate and decreased 

the kinit from 29.89 h-1 to 3.138 h-1, though the removal efficiency remained at 92.6%. To 

further gauge the limit, the tests were carried out at an unusually high bicarbonate 

concentration (5 mM). Fig. 2-7b shows that the high concentration of bicarbonate 

decreased U(VI) removal from 98.2% to 68.6% after 8 h of reaction, and diminished the 

kinit to 0.172 h-1. The inhibitive effect is mainly due to the formation of stable uranyl-

carbonate complexes. Fig. 2-5b presents the speciation of U(VI) in the presence of 

bicarbonate. At neutral pH, (UO2)2CO3(OH)3
-, UO2(CO3)2

2-, and UO2(CO3)3
4- are the 

prevalent species, which are subject to electrostatic repulsion by the negative surface of 

CMC-FeS (Fig. 2-6). In addition to hindered adsorption, uranium-carbonate complexes are 

less efficient electron acceptors, and it was reported that only uranium-hydroxyl species 

was reduced by hydrogen sulfide in a carbonate-containing system (Hua et al., 2006). 

2.3.5. Effect of humic acid 

Humic acid is another common groundwater constituent that complexes with U(VI) in 

the forms of binary UO2HA(II) and the ternary UO2(OH)HA(I) complexes at pH > 3 

(KŚepelov§ et al., 2006). However, unlike bicarbonate, HA showed some contrasting 

effects on the U(VI) removal, depending on the HA concentration. With the addition of 1 

mg/L HA as TOC, the kinit was almost doubled (from 29.89 h-1 to 55.78 h-1) and the half-

time was shortened by 1.84 times (from 0.019 to 0.035) compared to the HA-free system 

Fig. 5c and Table 1). The enhanced U(VI) uptake is attributed to the adsorption of HA on 

CMC-FeS, which provided additional binding sites for U(VI) coming from the adsorbed 

HA macromolecules. The competitive adsorption of HA by FeS was evidenced by the DLS 
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measurements. The mean hydrodynamic size of CMC-FeS decreased from 253 nm 

(without HA) to 220, 154, and 149 nm in the presence of 1, 5 and 10 mg/L of HA as TOC, 

respectively. The molecular weight (number-average) of the Leonardite HA was reported 

to be 3730 (Backett et al., 1987), which is 24 times smaller than that of CMC (90,000). 

Because the DLS-based size reflects both the core of the FeS particles and sorbed 

macromolecules (Gong et al., 2014), the decreased DLS size indicates that a notable 

fraction of sorbed CMC molecules were replaced by the smaller HA molecules. Moreover, 

the adsorbed HA contains 4.76 and 1.47 µmol/g of carboxyl and phenolic groups, 

respectively (Fujii et al., 2014), and these soft basic sites provide a higher affinity for 

binding with the soft uranyl cations. In addition to the enhanced adsorption, the sorbed HA 

may potentially facilitate the U(VI) reduction by serving as an electron-transfer mediator 

(Tratnyek et al., 2011). Then prove or disprove this statement. A similar phenomenon was 

also observed in a study on the effect of HA on U(VI) adsorption by attapulgite (Tan et al., 

2017).  

However, when the HA concentration was elevated to 5 and 10 mg/L, the kinit was 

reduced to 23.13 and 8.32 h-1, and the U(VI) removal efficiency was decreased to 89.0% 

and 83.1%, respectively. At high concentrations of HA, the sorbed HA molecules became 

denser on the surface, which may block and diminish the accessibility of surface sites 

towards U(VI) (Gong et al., 2014; Ho and Miller, 1985). In addition, excessive replacement 

of CMC molecules from the surface may compromise the particle stability because HA is 

a less effective stabilizer than CMC, resulting in some aggregation of the particles. 

Moreover, at elevated concentrations, the dissolved HA molecules tend to keep more 
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uranium in the solution phase through competitive complexation (Ho and Miller, 1985; 

Tan et al., 2017).  

2.3.6. U(VI) removal in simulated groundwater 

To gauge the potential effects of groundwater matrix, the U(VI) removal was tested 

with simulated groundwater containing various potential inhibitors. Fig. 2-7d shows that 

the kinit value was dropped from 29.89 h-1 in the DI water system to 0.35 h-1 in the 

groundwater system, with t1/2, init prolonged from 0.035 h to 2.10 h. The rate constant was 

also lower than those in the systems containing individual inhibitors (1 mM sodium, 

calcium or bicarbonate, or 5 mg/L HA) (Figs. 2-7aï2-7c), indicating the combined effects 

of the groundwater matrix. Because these co-solutes may not compete for electrons with 

U(VI), the inhibitive effects are attributed to competitive adsorption, the formation of less 

absorbable or less reducible U-species, and less favorable surface conditions. For instance, 

both Ca2+ and Mg2+ can complex with U(VI) to form MUO2(CO3)3
2- and M2UO2(CO3)3

0 

(M = Ca2+ or Mg2+) (Dong and C, 2008), which are less absorbable or reducible at neutral 

pH. Likewise, the formation of mixed-ligand complex (UO2CO3)HA also inhibits the 

adsorption, mass transfer, and reduction of U(VI) (Glaus et al., 1995). Despite the retarded 

reaction rate, ~87% of U(VI) removal was still reached at 8 h.  

2.3.7. Mechanism of U(VI) removal by CMC-FeS 

To elucidate the underlying reaction mechanism for U(VI), FTIR, XRD, and XPS 

analyses were carried out to characterize CMC-FeS before and after reaction with U(VI) 

at pH 7. Fig. 2-8 presents the FTIR spectra of neat CMC powder, CMC-FeS, and U-laden 

CMC-FeS. For neat CMC, five peaks were observed at 3459, 2924, 1616, 1419, and 1053 

cm-1, respectively, corresponding to the ïOH stretching, asymmetric ïCH stretching of ï
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CH2 groups, asymmetric and symmetric vibrations of COO- groups and CïO stretching of 

RCH2OH (Dong et al., 2016; Gong et al., 2014). When coated on FeS, the ïOH stretching 

shifted from 3459 cm-1 to 3387 cm-1, indicating enhanced intermolecular hydrogen bonding 

between CMC and FeS (He et al., 2007). Similarly, the asymmetric and symmetric 

vibrations of COO- groups and the CïO bond stretching showed a blue shift from 1616, 

1419, and 1053 cm-1 for neat CMC to 1603, 1384, and 1021 cm-1 for CMC-FeS, 

respectively, confirming the important roles of COO- and CïO in binding CMC on FeS 

(Lyu et al., 2017). The broad new peak at 470 cm-1 can be attributed to the sulfide groups 

(ChiriŞ¼ et al., 2008; Du et al., 2016). After reaction with U(VI), all peaks for CMC-FeS 

remained, except that the ïOH band shifted from 3387 cm -1 for CMC-FeS to 3419 cm-1 

for U-laden CMC-FeS, and the IR frequency was remarkably enhanced, which can be due 

to the uptake of uranyl hydroxide complexes (Fig. 2-5a) (Du et al., 2016). The peak for 

sulfide decreased after reaction with U(VI), suggesting the consumption of sulfide during 

the reaction with U(VI). In addition, four new peaks at 1114, 901, 790, and 612 cm -1 

appeared on the U-laden CMC-FeS spectra. The first two peaks were assigned to S=O 

vibrations of sulfate and the O=U=O stretching vibration of uranyl (UO2
2+), respectively, 

while the peaks at 790 and 612 cm 1 could be due to the FeïO and FeïOïH stretching 

vibrations from FeOOH (Du et al., 2016; Ma et al., 2018; Mesquita et al., 2016). Based on 

the FTIR results, the direct adsorption of uranyl (UO2
2+) may occur via Eqs. (2-5) ï (2-8) 

(Descostes et al., 2010; Duan et al., 2019), 

 ſFe++ H2O ź ſFeïOH + H+ (2-5) 

 UO2
2+
 + 2(ſFeïOH) ź (ſFeïO)

2
UO2+ 2H

+
 (2-6) 
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 ſS
-
 + H2O ź ſSïH+ OH- (2-7) 

 UO2
2+
 + 2ſSïH ź (ſS)

2
UO2 + 2H

+
 (2-8) 

where ŭFe+ and ŭSī are surface exposed functional groups, whose charges are 

governed by solution pH. Both ŭFeïOH and ŭSïH are possible sites for UO2
2+adsorption. 

Based on the hard-soft acid-base (HSAB) theory, the soft basic sites ŭSī should have a 

relatively higher affinity for soft UO2
2+ ions (Ma et al., 2018). The predominance of 

reaction (6) over (4) was indicated by the observation that pH was increased in the first 20 

minutes of U(VI) removal by CMC-FeS without a pH buffer (Fig. 2-9) (Descostes et al., 

2010). In terms of abundance, the XPS survey spectra of neat CMC-FeS (Fig. 2-11a) 

revealed that the nanoparticle surface contained 17.7% of S but only 7.7% of Fe.  
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Fig. 2-8. FTIR spectra of neat CMC powder, CMC-FeS nanoparticles, and U-laden CMC-

FeS. 

 

Fig. 2-9. The pH history during U(VI) removal by CMC-FeS in the absence of a pH buffer. 

Fig. 2-10 compares the XRD patterns of CMC-FeS before and after reaction with U(VI). 

For neat CMC-FeS, the diffractions at 18.2°, 30.0°, 39.7°, 49.1°, and 60.4° are assigned to 

the (001), (101), (111), (200), and (103) planes of mackinawite (FeS) (JCPDS No. 15-0037) 

(Chen et al., 2015). Besides, six peaks at 14.2°, 23.0°, 26.9°, 36.6°, 46.8°, and 52.4° were 

also observed. The peak at 23.0° is attributed to elemental sulfur (S0) (JCPDS No. 42-1278) 

(B. Li et al., 2015), while the other five peaks are indexed to the (020), (120), (031), (200), 

and (151) planes of lepidocrocite (ɔ-FeOOH) (JCPDS 08-0098) (Xing et al., 2016). The 

presence of elemental sulfur and lepidocrocite indicate the sample was partially oxidized 
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during the unavoidable exposure to air during the characterization process according to Eq. 

(2-9) (Bi et al., 2013; Veeramani et al., 2013): 

 FeS(s) + 
3

4
O2 + 

1

2
H2O = 

1

8
S8
0
(s) + FeOOH(s) (2-9) 

Compared to neat CMC-FeS, all the characteristic peaks of FeS remained for the U-

laden CMC-FeS, and in addition, five new peaks were identified at 25.9, 27.4, 31.7, 45.5, 

68.8°. Except for the first peak at 25.9° that was attributed to elemental sulfur (JCPDS No. 

42-1278) (B. Li et al., 2015), the rest four peaks belong to the (111), (200), (220), and (400) 

planes of uraninite (UO2) (JCPDS No. 65-0288) (Frazier et al., 2005). Meanwhile, the 

mackinawite peaks decreased while the lepidocrocite peaks increased after reaction with 

U(VI) (Fig. 2-10). The XRD results provide direct evidence of reductive conversion 

soluble U(VI) into UO2 precipitates, with the oxidation of FeS to FeOOH and S0, namely, 

with both Fe2+ and S2- serving as the electron donors. 
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Fig. 2-10. X-ray diffraction patterns of neat CMC-FeS nanoparticles and U-laden CMC-

FeS. 

XPS analysis (Fig. 2-11) was further conducted to examine the surface elemental 

compositions and oxidation states before and after the reaction with U(VI). The survey 

spectra (Fig. 2-11a) indicate that neat CMC-FeS contained C (38.1%), O (36.5%), S 

(17.7%), and Fe (7.7%), which were changed to C (27.1%), O (58.1%), S (6.8%), Fe (7.4%) 

and U (0.6%) after the reaction. The remarkable decrease of the S content signifies the 

important role of S2- in the reduction of U(VI), and the great increase of O is owing to the 

uptake of uranyl hydroxide complexes at pH 7 (Fig. 2-5a) and partial oxidation of FeS. For 

neat CMC-FeS, deconvolution of the high-resolution spectra of Fe 2p 3/2 (Fig. 2-11b) 

reveals three peaks at 707.6, 709.5, and 711.7 eV, which are attributed to Fe(II)-S, Fe(II)-

O/Fe(III)-S, and Fe(III)-O, respectively (Han and Gao, 2008; Mullet et al., 2002). Likewise, 












































































































































