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Abstract 

 

 

Uranium is one of the most detected radionuclides in aquatic systems. Reductive 

immobilization and adsorption have been commonly practiced to remove uranium from 

water. In this study, CMC-stabilized iron sulfide (FeS) nanoparticles and FeS- modified 

zero-valent iron (FeS@Fe0) nanoparticles were synthesized to remove U(VI) from water 

through concurrent reduction and adsorption. Both types of nanoparticles exhibited high 

reduction reactivity towards U(VI). A retarded first-order kinetic model was able to 

interpret the kinetic data. The materials were able to perform well under simulated 

groundwater chemistry conditions. Spectroscopic and extraction studies revealed that the 

main removal mechanism of U(VI) was due to concurrent reductive conversion of U(VI) 

into U(IV) and adsorption of uranyl cations onto the nanoparticles. The immobilized 

uranium remained stable over prolonged periods of time under simulated groundwater 

conditions. 

Activated carbon fiber supported titanate nanotubes (TNTs@ACF) was prepared based 

on commercial activated carbon fiber and TiO2. TNTs@ACF combines the merits of TNTs 

and ACF, and was able to simultaneously remove U(VI) cations and 2-chlorophenol (2-

CP). TNTs@ACF exhibited synergistic adsorption towards U(VI) and 2-CP when both 

contaminants were co-present. The synergistic effect is attributed to concurrent surface 

complexation and π-cation interactions of U(VI) and 2-CP on the material surface. 

CMC-FeS, FeS@Fe0, and TNTs@ACF hold the potential to facilitate reductive 

removal of U(VI) and simultaneous removal of metals/radionuclides and organic pollutants 

in contaminated water and soil.  
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Chapter 1. Background and Introduction 

1.1. Uranium contamination in water and soil 

Uranium, as a primary radionuclide, occurring both naturally and anthropogenically. 

The major sources of anthropogenic radionuclides are uranium mining and refining, 

nuclear energy power plants, nuclear weapon production and testing, radioactive wastes 

disposal, and nuclear accidents (Hu et al., 2010). A survey of 18 Department of Energy 

(DOE) facilities reported that uranium concentration in groundwater can reach up to 

1.7*106 (Riley and Zachara, 1992), while uranium concentration in soil varies from 0.3 to 

11.7 mg/kg based on an effects of atomic radiation study conducted by United Nations 

Scientific Committee(UNSC) (UNSC, 1993). The maximum contamination level (MCL) 

for drinking water of uranium was regulated to be 30 µg/L by the United States 

Environmental Protection Agency (USEPA) in 2000 (Gallegos et al., 2013).  

1.2. Reductive immobilization of U(VI) 

Toxicity and mobility of uranium are closely associated with its valent state. 

Hexavalent uranium is mobile and more toxic in the environment, while tetravalent 

uranium is less toxic due to the sparing solubility and formation of precipitate, for example, 

uraninite (Bi et al., 2013). Thus, the redox conditions of subsurface environment has great 

impact on the uranium transport and fate and reductive immobilization of U(VI) to sparsely 

soluble U(IV) is widely considered as a promising and effective uranium remediation 

technology in groundwater (Liu et al., 2018; Shao et al., 2015; Veeramani et al., 2013). 

Zero valent iron (ZVI) nanoparticle is proven to be one of the most effective reductants for 

uranium clean-up due to its large specific surface area, strong reducing power, low cost 
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and easy magnetic separation (Li et al., 2015; Zhao et al., 2016). However, ZVI tends to 

aggregate into larger-scale particles due to the inter-particle van der Waals forces and 

magnetic dipolar interactions (Zhao et al., 2016); in addition, ZVI is not 

thermodynamically stable in water and easily oxidized by water and dissolved oxygen 

(Henderson and Demond, 2013, Fan et al., 2016). The aggregation and rapid loss of ZVI 

lower its reactivity and selectivity for uranium reduction. Iron sulfide (FeS) is another 

effective nanoparticle for the uranium remediation through sorption and reduction in the 

past decade (Hua and Deng, 2008; Hyun et al., 2012; Shao et al., 2016).  

Compare to ZVI, FeS does not necessarily undergo anoxic corrosion in water and can 

provide redox buffer capacity for reduced uranium (Carpenter and Hayes, 2015; Henderson 

and Demond, 2013). It has higher electronegativity (5.02 eV) (Xu and Schoonen, 2000) 

than that of Fe0 (4.04 eV) (Pearson, 2008) and good electron conductivity resulting from 

low bandgap (Eg = 0.1 eV) (Du et al., 2016). FeS is also reported to have a lower pH of 

point of zero charge (pHPZC) (as low as 2.9) (Widler and Seward, 2002) than that of Fe0 

(7.5) (Su et al., 2015), which can facilitate the metal cationic sorption through electrostatic 

attraction forces. 

Recently, sulfidation of nZVI (S-nZVI), which inherits the merits of both Fe0 and FeS, 

is reported to be a promising technique for Fe0 improvement with higher reactivity, 

selectivity towards contaminants over water and less Fe0 aggregation; meanwhile, S-nZVI 

possibly retains the magnetic property of Fe0 and provide oxidation buffer capacity (Fan et 

al., 2014; Fan et al., 2017; Gong et al., 2017; Li et al., 2017). The synthesis methods of S-

nZVI can be divided into two categories: one-step and two-step methods, while the main 

sulfur source is sulfide or dithionite (Li et al., 2017). In the common two-step method, 
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before the second sulfidation step, synthesized Fe0 was first collected after washed with 

water and then freeze-dried or vacuum-dried. This process would probably waste a 

considerable portion of reducing power of Fe0, and is also not practical for field-scale 

application due to the complexity of the synthesis process. Moreover, the subsequent 

sulfidation process depends on the corrosion of Fe0 by water to produce Fe2+ and then react 

with S2- to form FeS precipitation, which is a slow process and also not practical. Therefore, 

it is imperative to establish a new class of synthesis method that can facile synthesize the 

core-shell structured S-nZVI particles without wasting the reducing power and the 

complexity of the method. 

Nanoparticle aggregation limits its reactivity, mobility, and deliverability into the target 

contaminant zone (Fan et al., 2016; Zhao et al., 2016). The nanoparticle aggregation can 

be greatly improved with the application of stabilizer. For example, polysaccharides, such 

as starch and carboxymethyl cellulose (CMC) were found highly effective in stabilizing 

zero-valent iron (ZVI) and offer both greater reactivity and soil deliverability (He and Zhao 

2007; He et al., 2007). However, the application of stabilized iron sulfide for U(VI) 

removal is yet to be studied. 

1.3. Adsorption of U(VI) by titanate nanomaterials 

Among the studied remediation technologies for uranium removal from water, 

adsorption is often preferred for its easy operation and lower cost, and adsorbents of rapid 

kinetics and high capacity have been consistently sought (Liu et al., 2016). Titanate 

nanotubes (TNTs) is intensively studied for heavy metal remediation due to the unique 

adsorption properties, such as high adsorption capacity, pH tolerance, easy separation, and 
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regeneration. Liu et al. (2016a) studied the adsorption of U(VI) by TNTs and found the 

adsorption capacity can reach to 333 mg/g. 

In some contamination sites, radionuclides coexist with other chemical pollutants. 

Riley and Zachara (1992) studied the chemical contaminations on DOE lands and found 

that chlorinated hydrocarbons are one of the most coexisted pollutants with radionuclides. 

Thus, technologies for simultaneous removal of radionuclides and chlorinated 

hydrocarbons are highly needed. Recently, Liu et al (2016b) modified the TNTs with 

activated charcoal (AC), which is composed of an activated charcoal core and a shell of 

carbon-coated titanate nanotubes, and showed excellent adsorption capacity and photo 

regeneration for phenanthrene (model petroleum hydrocarbons). Therefore, it is promising 

that activated carbon modified TNTs could achieve simultaneous removal of U(VI) and 

chlorinated hydrocarbons from wastewater. 

1.4 Factors affecting uranium removal 

Geochemical constituents, pH, dissolved oxygen (DO), complex substances, and iron 

content can control the mobility of uranium (Nolan and Weber, 2015).  

1.4.1. pH 

Solution pH is a simple but of great importance property that masters several aspects 

related to uranium immobilization and mobilization process. First, pH controls the 

speciation and solubility of uranium. Fig. 1-1 depicts the uranium speciation as a function 

of pH. At different pH, U(VI) exists as different species and uranyl ions carry different 

charges when the pH increases from acid to basic, which would affect the affinity of U(VI) 

to particles surface (Liu et al., 2016). Meanwhile, pH also controls the solubility of uranium 
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as depicted in Fig. 1-2 (data obtained from MINTEQ 3.0). Uranium has relative higher 

solubility at acidic and basic pH, while the lowest solubility occurs around neutral pH. 

 

Fig 1-1. Distribution of U(VI) species as a function of pH in the absence of carbonate. 

(Initial U(VI) concentration = 10 mg/L, Temperature =25 ℃).  

 

Fig 1-2. Solubility of U(VI) species as a function of pH. 

Second, soil minerals and organic matter always carry a surface charge and the charge 

is also pH-dependent. The pH at which surface positive and negative charge canceled out 

is called the point of zero charge (pHpzc). When pH below pHpzc, minerals or SOM would 
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be positively charged; when pH above pHpzc, the surface charge would become negative. 

The different surface charge will ultimately affect the interaction between uranium ion and 

soil, either attraction or repulsion (Mamindy-Pajany et al., 2009) 

Third, redox reactions are always accomplished with H+/OH- production or 

consumption, and change pH will favor or inhibit the reaction. For example, Eq. (1-1) 

represents the U(VI) reduction to U(IV) and higher pH will favor the formation of sparsely 

soluble U(IV) and immobilize uranyl ions. 

 UO2
2+ + 2e- + 4H+ ⟷ U4+ + 2H2O (1-1) 

Last, microbial activities, especially under anaerobic conditions, are an important 

pathway to naturally reduce U(VI) to U(IV). While the growth of microorganisms requires 

an appropriate pH range, an extreme pH will affect the uranium immobilization process 

via inhibiting the microbial activities. He et al. (2008) studied the effect of pH on the 

electricity generation from a microbial fuel cell (MFC) and found the MFC works best 

between pH 8 and 10, and lower or higher pH would inhibit the rate of the reaction. Thus, 

a proper pH needs to be maintained to maximize the biotic reduction/immobilization of 

uranium.  

1.4.2. Redox reaction 

As mentioned above, uranium mainly exists as IV and VI valent state, while U(VI) is 

more mobile and toxic and U(IV) readily precipitates as sparingly soluble minerals, such 

as UO2. Therefore, the redox reactions that govern the valent state of uranium could 

directly affect the immobilization/mobilization process. Here, the redox reactions from 

biotic and abiotic sources are separately discussed. 



7 

 

1.4.2.1 Biotic 

Under anaerobic conditions, U(VI) can be reduced by microorganisms, such as sulfate-

reducing bacteria, to form UO2·xH2O (Abdelouas et al., 2002). In another situation, 

bacterial will not directly reduce U(VI); instead, Fe(III) and SO42- would be reduced first 

and finally form iron sulfide according to Eqs. (1-2) – (1-4). It is reported that U(VI) could 

be reductively immobilized by iron sulfide and the excess iron sulfide can serve as a redox 

buffer to control the uranium remobilization process (Abdelouas et al., 1999; Abdelouas et 

al., 2000; Zhao et al., 2013). However, the subsurface conditions keep changing and 

anaerobic conditions could not be kept all the time, so under oxic conditions biotic 

reduction is limited and reduced form uranium are exposed to reoxidation and 

remobilization. 

Fe3+ + e- ⟷ Fe2+  (1-2) 

SO4
2- + 8e- + 8 H+ ⟷ S2- + 4H2O (1-3) 

Fe2+ + S2- ⟷ FeS (1-4) 

1.4.2.1 Abiotic 

In abiotic redox reactions, O2 is one of the most important subsurface components that 

remarkably affects the uranium immobilization/remobilization. A study about the effect of 

dissolved oxygen (DO) on the long-term in situ oxidation of uraninite (UO2) indicated that 

near-complete oxidation of uraninite occurred at DO > 0.6 mg/L, followed by the 

dissolution of uranium as uranium complexes. However, at low DO concentration, no 

measurable uranium was detected in the solution, which means the reduced uranium could 

be very stable if DO access is limited (Lezama et al., 2015). 
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Another abiotic factor in the subsurface is Mn redox cycling. As depicted in Fig. 1-3, 

Mn (II) is oxidized to MnO2 by O2, then product MnO2 is capable of rapid oxidizing U(IV) 

to U(VI) (Plathe et al., 2013). Mn(III) is reported as an important redox-active intermediate 

in Mn biogeochemical cycling and can lead to faster U(IV) dissolution than the comparable 

concentration of DO (Wang et al., 2013). 

 

Fig. 1-3. U and Mn subsurface redox cycling (Plathe et al., 2013). 

The above two factors are the naturally occurred process that controls the subsurface 

uranium fate. In recent decades, in situ remediations of uranium contamination by injecting 

zerovalent metal, especially zerovalent iron (ZVI) into contaminated soil becomes a new 

trend to control the uranium immobilization process (Liu et al., 2015). ZVI with high 

reduction potential could rapidly reduce U(VI) to U(IV), and provide a local reducing 

environment for an extended period of time (Xu and Zhao, 2007). Fan et al. (2014) stated 

that ZVI transformed by sulfide could even provide a longer protective effect towards 

oxidation, owing to the redox buffer capacity of iron sulfide formation. 

1.4.3. Complex agents 

Uranium can form complex with several complex agents, such as carbonates, natural 

organic matter, phosphate, and acetate. While in the complex agents, carbonates and 

organic matter play an important role in affecting the uranium immobilization/mobilization. 
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1.4.3.1. Carbonates 

In presence of carbonates, U(VI) speciation is dominated by a series of strong anionic 

carbonate complexes at near-neutral and basic higher pH, which significantly enhance the 

mobilization of uranium by two means: 1) higher solubility of uranium-carbonates 

complexes; 2) negatively charged ion decrease the sorption between uranium ion and 

mineral surface, which is usually negatively charged (Krupka and Serne, 2002). Fig. 1-4 

illustrated the speciation of U(VI) as a function of pH in the presence of carbonate, and it 

could clearly tell that U(VI) carbonates complexes will be negative when pH > 6 (Liu et 

al., 2016). Zhou and Gu (2005) studied the effects of carbonate concentration on the 

oxidation of reduced form uranium from contaminated soil, and suggested that the presence 

of small quantities of carbonate/bicarbonate could result in a rapid and greatly increased 

leaching and the mobilization of U(VI) from the contaminated soil. 

 

Fig. 1-4. Distribution of U(VI) species as a function of pH in the presence of 5 mM CO3
2-. 

(Initial U(VI) concentration = 10 mg L-1, Temperature =25 °C).  



10 

 

1.4.3.2. Natural organic matter 

Uranium could also form relatively strong complexes with natural organic matter 

(NOM) in the subsurface. It was reported that even at low concentrations, soluble NOM 

can prevent U sorption and lead to increased mobility attributed to the formation of large 

complexes molecule (Cumberland et al., 2016). Long-term studies proved that natural 

organic matter could potentially influence the long-term stability of reduced U(IV) by 

slowly dissolving U-bearing minerals even under strongly reducing environment (Luo and 

Gu 2008; Luo and Gu, 2011). 

1.5. Objectives 

The key objectives were to 1) prepare iron-based nanoparticles (CMC-FeS, FeS@Fe0) 

for reductively immobilizing U(VI) from water; 2) synthesize a new type of activated 

carbon fiber supported titanate nanotubes and test its application for the simultaneous 

adsorption of U(VI) and 2-CP from water; 3) elucidate the underlining mechanism of U(VI) 

removal by various nanomaterials. The specific objectives were to: 

• Determine the optimal CMC-to-FeS molar ratio that facilitates both nanoparticle 

stability and U(VI) removal efficiency; 

• Investigate the optimal synthesis conditions for FeS@Fe0 particles so as to achieve 

better reactivity and reoxidation resistance;  

• Develop a new class of activated carbon fibers supported titanate nanotubes 

(TNTs@ACFs) and the application for simultaneous removal of U(VI) and 2-CP; 

• Examine the effects of water chemistry on the U(VI) removal by CMC-FeS and 

FeS@Fe0; 
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• Explore the underlying mechanisms of U(VI) reductively immobilization by CMC-

FeS and FeS@Fe0, and synergistic effect of U(VI) and 2-CP co-adsorption.  

1.6 Organizations 

The dissertation includes five chapters, each chapter is formatted as a standalone paper 

in the style of Water Research except for Chapter 1 (Background and Introduction) and 

Chapter 5 (Conclusions and Suggestions for Future Research). Chapter 1 introduces the 

background uranium contamination in water and soil, the prevailing technologies for 

uranium removal and the critical environmental factors affecting transport and fate of 

uranium. Chapter 2 studies the factors affecting the reductive immobilization of U(VI) by 

CMC stabilized FeS and discusses the mechanism of U(VI) removal by CMC-FeS and 

long-term stability of U(VI) of immobilized U(VI) by CMC-FeS nanoparticles under oxic 

and anoxic conditions. Chapter 3 prepares and optimizes a new-type of FeS coated Fe0 in 

one-pot and tests its performance for U(VI) removal under various water chemistry 

conditions, and investigates the mechanism of enhanced U(VI) removal by FeS@Fe0 than 

FeS and Fe0. Chapter 4 synthesizes a new class of activated carbon fiber supported titanate 

nanotubes for the simultaneous removal of U(VI) and 2-CP in complex wastewater, and 

explores the mechanism for synergistic enhancement of U(VI) and 2-CP adsorption in the 

binary system. Chapter 5 summarizes the major conclusions of all researches and suggests 

the potential area for future works.  
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Chapter 2. Immobilization of U(VI) by Stabilized Iron Sulfide Nanoparticles: Water 

Chemistry Effects, Mechanisms, and Long-Term Stability 

2.1. Introduction 

Uranium (U) is one of the most detected radionuclides in groundwater and soil due to 

its widespread uses in nuclear weapon manufacturing and testing and nuclear energy 

production, and uranium mining and processing (Bi et al., 2013; Ma et al., 2018). Because 

of the serious public health risk associated with U exposure, EPA revised the radionuclides 

rule in 2000 and set the maximum contaminant level (MCL) to 30 µg/L in drinking water 

(Gallegos et al., 2013).  

The mobility of uranium is highly related to the oxidation states. Under oxidizing 

conditions, hexavalent uranium in the form of UO2
2+ is the most predominant species, 

which is soluble and mobile in soil and groundwater, while under reducing conditions, 

tetravalent uranium, such as uraninite (UO2) (log Ksp = -54.6), is the favorable species, 

which is sparingly soluble and immobile (Bi and Hayes, 2014; Spycher et al., 2011). Thus, 

the reductive conversion of mobile U(VI) to immobile U(IV) has been considered one of 

the most promising approaches for curing uranium exposure (Duan et al., 2019; Shao et al., 

2015).  

In uranium-contaminated aquifers, iron sulfides are known to play an important role in 

reductive immobilization of U(VI) (Spycher et al., 2011; Veeramani et al., 2013). Sulfate-

reducing bacteria (SRB) can use sulfate as the electron acceptor and produce sulfide, which 

reacts with Fe(II) and/or Fe(III) to form iron sulfides (Bi and Hayes, 2014). Mackinawite 

(FeS) is typically the first ferrous sulfide solid formed under sulfate-reducing conditions, 
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which is the precursor of other iron sulfide minerals, such as greigite (Fe3S4) and pyrite 

(Hyun et al., 2012). Besides natural mackinawite mineral, synthetic mackinawite was also 

reported to be able to reduce U(VI) into uraninite, a desirable end-point that is more stable 

and resistant to oxidation compared to non-uraninite species (Bi et al., 2013; Carpenter et 

al., 2015; Gallegos et al., 2013; Hyun et al., 2012). 

Compared to bulk FeS, nanoscale FeS particles provide a larger specific surface area 

and potentially greater reactivity and soil deliverability. Researchers have demonstrated 

that synthetic FeS nanoparticles are effective in treating various contaminants in soil and 

groundwater, including heavy metals, oxyanions, radionuclides, chlorinated organic 

compounds, nitroaromatic compounds, and polychlorinated biphenyls (Gong et al., 2016). 

To facilitate soil delivery and enhance reactivity, stabilized FeS nanoparticles have 

been developed and tested. Among stabilizers tested, carboxymethyl cellulose (CMC) has 

shown to be most effective in preparing highly dispersible and transportable FeS 

nanoparticles (mean size = 34.3 nm) for soil remediation (Gong et al., 2014). Moreover, 

CMC stabilized FeS (CMC-FeS) nanoparticles have been found effective for the removal 

of U(VI) in water (Shao et al., 2016). However, effects various water chemistry parameters, 

such as pH, coexisting ions and natural organic matter (NOM), on the removal efficacy 

have not been examined, and the underlying reaction mechanisms remain unclear. 

Moreover, the long-term stability of immobilized U under oxic or anoxic conditions has 

not been investigated. 

Solution pH is a key parameter that not only affects the reactivity of CMC-FeS but also 

governs the speciation and solubility of U(VI) (Descostes et al., 2010; Hua and Deng, 2008). 

In groundwater, various coexisting cations may also impede the reaction by competing for 
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the reactive sites. Uranium can form stable complexes with bicarbonate and natural organic 

matter (NOM), which can alter the particle stability and reactivity towards U(VI) (Crane 

et al., 2015; Liu et al., 2016). While UO2 is the desired product, it is thermodynamically 

unstable in the presence of oxygen and may be re-oxidized and re-solubilized (Bi et al., 

2013; Bi and Hayes, 2014). Therefore, there is a need to investigate the long-term stability 

or re-oxidization rate of U(IV) under oxic and anoxic conditions. 

The overall goal of this study was to investigate the effectiveness of CMC-FeS for 

U(VI) removal under various water chemistry conditions and to determine the re-oxidation 

potential of reduced U. The specific objectives were to: (1) determine the optimal CMC-

to-FeS molar ratio that facilitates both nanoparticle stability and U(VI) removal efficiency; 

(2) explore the effects of solution pH, coexisting cations (Na+ and Ca2+), bicarbonate, 

humic acid and the combination thereof on U(VI) removal by CMC-FeS; (3) elucidate the 

underlying U(VI) removal mechanisms under various conditions by means of FTIR, XRD, 

and XPS analyses; and (4) examine the long-term stability of immobilized U(VI) by CMC-

FeS nanoparticles under oxic and anoxic conditions. 

2.2. Materials and methods 

2.2.1. Materials 

All chemicals were of analytical grade or higher. The chemicals included ferrous 

sulfate heptahydrate (FeSO4•7H2O) and sodium sulfide nonahydrate (Na2S•9H2O) from 

Alfa Aesar (MA, USA); CMC in sodium form, sodium hydroxide (NaOH), uranyl acetate 

dihydrate (UO2(CH3COO)2·2H2O with 238U) from International Bio-Analytical Industrial 

Inc. (FL, USA); hydrochloric acid (HCl) and sodium bicarbonate (NaHCO3) from Fisher 
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Scientific (NJ, USA); calcium chloride dihydrate (CaCl2•2H2O) and humic acid (HA, 

Leonardite Humic Acid Standard, 64% of total organic carbon (TOC) from Sigma Aldrich 

(MO, USA); Tris (hydroxymethyl) aminomethane (Tris buffer) from Acros Organics (NJ, 

USA); and 2-Morpholinoethanesulfonic acid (MES buffer) from TCI America (OR, USA). 

2.2.2. Preparation of CMC-FeS nanoparticles 

CMC-FeS nanoparticles were prepared following the method by Gong et al. (2014). 

Briefly, 5 mL of a 1% (w/w) CMC stock solution was added into 75 mL Millipore DI water 

(18.2 MΩ cm) in a 150-mL flask, and purged with high purity N2 for 30 min to remove 

dissolved oxygen (DO). Then, solutions of 0.057M FeSO4 (40 mL) and 0.057M Na2S (40 

mL) were prepared with N2 pre-purged DI water. Under N2 purging, the FeSO4 solution 

(10 mL) was added into the CMC solution and purged for another 10 min to assure the 

complete formation of CMC-Fe2+ complex. Then, the Na2S solution (10 mL) was 

introduced into the mixture solution dropwise under continuous shaking at 170 rpm and 

vacuum in 10 min. The resulting 100 mL suspension contained 500 mg/L of FeS and 0.05 

wt.% CMC (i.e. CMC-to-FeS molar ratio of 0.0010). For comparison, bare FeS particles 

were also prepared following the same procedure but without CMC. The suspensions were 

sealed and aged for 24 h before use. 

2.2.3. Characterizations 

The hydrodynamic diameter and zeta potential (ζ) of CMC-FeS were measured by the 

use of a Malvern Zetasizer Nano ZS (Malvern Instrument, Worcestershire, UK). The 

crystal phase of the nanoparticle samples was acquired using a Dmax/2400 X-ray 

diffractometer (XRD, Rigaku, Japan) using the Cu Kα radiation (λ = 1.5418 Å) and at a 
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scanning rate (2θ) of 4º/min. The XRD patterns were processed using the MDI Jade 5.0 

with the ICDD database (Materials Data Inc., Livermore, CA, USA). Fourier transform 

infrared (FTIR) spectroscopy analysis was conducted on a Tensor 27 FTIR spectrometer 

(Bruker, Germany) through the KBr pellet method to obtain the functional groups binding 

information. Element compositions and oxidation states were analyzed on an AXIS-Ultra 

X-ray photoelectron spectroscopy (XPS, Kratos, England) using the Al Κα X-ray at 15 kV 

and 15 mA. The C 1s peak (binding energy, Eb = 284.80 eV) was used to eliminate the 

static charge effects, and the results were analyzed using the software package Casa-XPS 

2.3. The solid samples were obtained by filtering a particle suspension through a 50 nm 

cellulose acetate membrane under N2 protection and dried under gentle nitrogen blowing, 

and then stored in a nitrogen-filled glovebox before the characterizations. For U-laden 

samples, the nanoparticles were first reacted with U(VI) for 24 h following the procedure 

as described in Section 2.4 before the filtration. 

2.2.4. Effect of CMC concentration on U(VI) removal by CMC-FeS 

To test the effect of CMC concentration on U(VI) removal, CMC-FeS suspensions 

were prepared at various CMC-to-FeS molar ratio (0.0006, 0.0010, 0.0016, and 0.0025) 

with a fixed FeS concentration of 500 mg/L following the method in Section 2.2. Then, 

100 mL of a CMC-FeS suspension was mixed with 400 mL of a deoxygenated U(VI) 

solution (U(VI) = 12.5 mg/L) in a 500 mL polycarbonate bottle under anoxic conditions. 

The resultant solution contains 100 mg/L of CMC-FeS and 10 mg/L of U(VI), and the pH 

was kept at 7.0 ± 0.2 using the Tris buffer (10 mM). The bottles were tightly sealed and 

placed on a shaker operated at 170 rpm. After 24 h of equilibration, 10 mL of the 

suspension was sampled, filtered via the 50 nm cellulose acetate membrane under N2 
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protection, and then the filtrate was analyzed to determine the U(VI) concentration in the 

solution.  

2.2.5. Batch experiments 

Batch experiments were carried out to test the effect of water chemistry conditions on U(VI) 

removal by CMC-FeS, including solution pH, coexisting ions (Na+, Ca2+, and HCO3
-), HA, 

and synthetic groundwater. Typically, 100 mL of the CMC-FeS suspension (500 mg/L as 

FeS, CMC-to-FeS ratio of 0.0010) was added into 400 mL of a deoxygenated U(VI) 

solution (U(VI) = 12.5 mg/L) in 500 mL polycarbonate bottles under anoxic conditions 

and various water chemistry conditions. The pH was controlled at 7.0 ± 0.2 the Tris buffer 

(10 mM). Then, the mixture was transferred into 50 mL polycarbonate vials with zero 

headspace and placed on an end-to-end rotator at 40 rpm at room temperature (22 ± 1C). 

At predetermined times, duplicate vials were sacrificially sampled in the same manner 

described in Section 2.4.  

To test the pH effect, the batch kinetic tests were carried out in the pH range from 6.0 

to 9.0, where the MES buffer (10 mM) and Tris buffer (10 mM) were used to keep pH at 

the desired values. To test the effects of coexisting ions, the tests were conducted in the 

presence of 1 mM of Na+ or Ca2+or a range of HCO3
- (1 to 5 mM), with pH kept at 7.0 

using the Tris buffer (10 mM). Similarly, the effect of HA was tested with the HA 

concentration varied from 1 to 10 mg/L as TOC. To examine the combined effects, the 

U(VI) tests were further tested using synthetic groundwater (SGW). The SGW was 

prepared following a modified recipe from a previous study (Yan et al., 2010), with the 

following components: HA = 3 mg/L as TOC, Ca(NO3)2 = 0.286 mM, CaCl2 = 0.312 mM, 
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MgSO4 = 0.529 mM, Na2SO4 = 0.451 mM, Na2CO3 = 0.0111 mM, NaHCO3 = 0.604 mM, 

KHCO3 = 0.43 mM, and pH = 7.0 ±0.2 . 

Extractable U(VI) on the nanoparticles was determined per an anoxic 

bicarbonate/carbonate (CARB) extraction method (Hyun et al., 2012; Duan et al., 2019). 

Briefly, 25 mL of a suspension after the reaction was transferred to a 50 mL polycarbonate 

bottle pre-loaded with 25 mL of a CARB solution consisting of sodium carbonate (28.8 

mM) and sodium bicarbonate (5.6 mM) under N2 purging. The mixture was vortexed for 1 

min and then allowed to react for 1h on an end-over-end rotator. Upon filtration through a 

50 nm cellulose acetate membrane, U(VI) in the filtrate was measured. Then, U(VI) 

extracted from the particles was calculated by the difference in soluble U(VI) before and 

after the extraction. Consequently, U(IV), which is not CARB-extractable, was quantified 

per mass balance calculations. 

2.2.6. Remobilization test: effects of anoxic and oxic conditions 

Remobilization tests were carried out under anoxic and oxic conditions to investigate 

the long-term stability of reductively immobilized uranium. Immobilized U was prepared 

following the same procedure described in Section 2.4 under the following conditions: FeS 

= 500 mg/L, CMC = 0.05%, and pH = 7.0 ± 0.2. Following the reaction equilibrium, the 

suspensions of immobilized U were transferred in 50 mL polycarbonate vials and aged for 

180 days under oxic (open to air) or anoxic (sealed in a N2-filled glove box) conditions. 

After predetermined time intervals, duplicate vials were sacrificially sampled and analyzed 

for soluble U in the aqueous phase.  
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2.2.7. Analytical methods 

Aqueous uranium and iron concentrations were analyzed on a 710-ES inductively 

coupled plasma-optical emission spectroscopy (ICP-OES, Varian, CA, USA). The 

detection limits of uranium and iron were 0.07 mg/L and 0.05 mg/L, respectively. TOC 

was determined using a Tekmar Dohrmann Pheonix 8000 UV-Persulfate TOC analyzer 

(Mason, OH, USA) with a detection limit of 0.1 mg/L. 

2.3. Results and discussion 

2.3.1. Effect of CMC-to-FeS molar ratio 

Previous work indicated that fully stabilize FeS nanoparticles can be obtained at a 

CMC-to-FeS molar ratio of 0.0006 (Gong et al., 2014), and the stabilized nanoparticles 

hold the potential to be directly delivered in the soil to facilitate in situ soil remediation of 

target contaminants (Gong et al., 2012). Depending on the physico-chemical properties of 

the contaminants, the CMC coatings on FeS may alter (enhance or inhibit) the reactivity of 

FeS particles. Therefore, it is necessary to investigate the effects of CMC on U(VI) removal 

by the fully stabilized FeS nanoparticles, namely, CMC-FeS prepared at or above the 

minimum stabilizing CMC-to-FeS molar ratio of 0.0006. Fig. 2-1 shows the equilibrium 

removal of U(VI) by FeS particles prepared at various CMC concentrations. In the absence 

of the stabilizer, 99.2% of initial U(VI) was removed. The removal remained about the 

same for bare FeS and CMC-FeS prepared at the CMC-to-FeS molar ratios of 0.0006 and 

0.0010. Further increasing the ratio to 0.0016 and 0.0025 decreased the removal to 92.6% 

and 75.0%, respectively. 
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Modifying FeS particles with CMC could have several competing effects on the 

reactivity towards U(VI). First, CMC could inhibit the agglomeration of FeS nanoparticles 

via electrostatic repulsion and steric hindrance (He and Zhao, 2007). The hydrodynamic 

diameter of CMC-FeS was decreased from 1632 nm for bare FeS particles to 253, 223, and 

166 nm, respectively, for CMC-FeS prepared at CMC-to-FeS ratios of 0.0006, 0.0010, and 

0.0025 (Gong et al., 2014). The smaller particle size results in larger surface area and more 

reaction sites, and thus enhanced adsorption capacity and reductive reactivity (He and Zhao, 

2008). Second, the CMC coating can provide additional adsorption capacity by 

coordination between U(VI) and the carboxyl groups of CMC and form UO2(CMC-COO-)2 

complex (Popescu et al., 2013), which, however, is subject to competition from the same 

complexation effect by the soluble CMC in the solution phase. Third, the CMC coating 

renders a more negative surface potential, which favors adsorption of the uranyl oxycations. 

Fourth, from a kinetic viewpoint, the CMC coating can partially passivate the particles by 

forming a semi-permeable barrier on the particle surface, which can inhibit the mass 

transfer of U(VI) or render some sites inaccessible ( He and Zhao, 2007; Tratnyek et al., 

2011). The overall effects would depend on the competition of the promotive and inhibitive 

effects and the specific operating conditions. In this work, the effects of CMC leveled off 

at when the CMC-to-FeS molar ratio was ≤ 0.0010, but CMC became increasingly 

inhibitive when the ratio was  0.0016, which is attributed to the increased blockage of the 

surface reactive sites due to elevated density of CMC on the surface.  

After 6 months of aging, the hydrodynamic diameter of the nanoparticles grew to 1779, 

359, 246, and 234 nm, respectively, for particles prepared at CMC-to-FeS molar ratios of 

0, 0.0006, 0.0010, and 0.0025. The results indicate that FeS nanoparticles prepared at 
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CMC-to-FeS molar ratios of 0.0010 or higher could remain stable over prolonged periods 

of time. Taken together the capability for U(VI), long-term physical stability and soil 

deliverability, and CMC need, the optimal CMC-to-FeS molar ratio was determined to be 

0.0010, and thus, the corresponding CMC-FeS was further tested in detail. 

 

Fig. 2-1. Equilibrium U(VI) removal percentiles by FeS nanoparticles prepared at various 

CMC-to-FeS molar ratios. Experimental conditions: initial U(VI) = 10 mg/L, FeS = 100 

mg/L, Tris buffer = 10 mM, pH = 7.0 ± 0.2, reaction time = 24 h, and temperature = 22 ± 

1C. 

2.3.2. U(VI) removal kinetics and the effect of pH 

Fig. 2-2 presents the U(VI) removal rates at four constant pH levels (6.0, 7.0, 8.0, and 

9.0). In all cases, U(VI) was rapidly removed from the aqueous phase, with over 90% of 

removal within the first one hour except for pH 6.0 where 87% removal was achieved. 



22 

 

After 24 h reaction, the total U(VI) removal efficiency was ~98% at pH 7-9, and 95.1% at 

pH 6.0. The conventional pseudo-first-order model was first tested to fit the kinetic data, 

but the model failed to catch the data after the initial 5 min, which is likely due to the 

decreasing reaction rates as reactions proceed (Lin et al., 2009). Consequently, a retarded 

first-order model with a “sliding” factor α incorporated in the reaction rate constant was 

employed to accommodate the gradual deviation of the retarded reaction rates (Lin et al., 

2009): 

 −
dCt

dt
 =

𝑘init

1 + αt
Ct or Ct=C0(1 + αt)

−𝑘init/α
 (2-1) 

where C0 and Ct are U(VI) concentrations (mg/L) at time 0 (initial) and time t (min), 

respectively, and kinit is the initial rate constant (min-1), which is analogous to a pseudo-

first-order rate constant. Fig. 2-2 shows that the model was able to adequately fit the entire 

kinetic data in all cases with the correlation coefficient (R2) being > 0.97 (Table 2-1). 

According to Eq. (2-1), the initial half-life t1/2, init can be calculated as: 

 𝑡1/2,𝑖𝑛𝑖𝑡 =
2𝛼/𝑘init−1

𝛼
 (2-2) 

Table 2-1 gives the best-fitted values of kinit and α, and the corresponding t1/2, init. The 

fastest U(VI) removal was observed at pH 7.0, with a peak kinit value of 29.89 h-1 and a t1/2, 

init of 0.035 h. Lowering the solution pH to 6.0 decreased kinit to 15.55 h-1. Conversely, 

increasing the pH to 8.0 and 9.0 decreased kinit to 16.66 and 14.71 h-1, respectively.  
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Fig. 2-2. Effect of pH on removal kinetics of U(VI) by CMC-FeS. Experimental conditions: 

initial U(VI) = 10 mg/L, FeS = 100 mg/L, CMC-to-FeS molar ratio = 0.0010, MeS buffer 

= 10 mM, Tris buffer = 10 mM, and temperature = 22 ± 1C. Symbols: experimental data; 

Lines: retarded first-order model fittings.  

Solution pH can affect the stability, surface potential and reactivity of CMC-FeS and 

affect the speciation of U(VI) (Duan et al., 2019; Lyu et al., 2017). First, the lower reaction 

rate at pH 6.0 could be owing to partial dissolution of the nanoparticles, and thus partial 

loss of the reaction sites (Gong et al., 2014). Fig. 2-3 shows that the particle dissolution 

was negligible at pH ≥ 7.0, while 24.1% of Fe was dissolved at pH 6.0. Despite the lower 

total U(VI) removal efficiency at pH 6.0 (95.1%), a similar U(VI) reduction percentage 

was reached (87.2%) when compared to pH 7 (Fig. 2-4). Second, at the alkaline pH, the 

dominant U(VI) species shifted from positively charged (UO2)3(OH)5
+ and (UO2)4(OH)7

+ 
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to negatively charged (UO2)3(OH)7
-, UO2(OH)3

-, and UO2(OH)4
2- (Fig. 2-5a). Meanwhile, 

increasing the solution pH from 6.0 to 9.0 turned the zeta potential of CMC-FeS more 

negative from -27.5 to -38.9 mV (Fig. 2-6). Thus, adsorption or reduction of U(VI) by 

CMC-FeS became increasingly unfavorable due to escalated electrostatic repulsion 

between anionic U(VI) species and an increasingly more negative nanoparticle surface. 

Third, at alkaline pH, more iron (hydr)oxides can form, which precipitate on the surface of 

CMC-FeS, blocking the adsorption/reaction sites and hindering the electron transfer 

process (Li et al., 2017). After 24 h reaction, the total U(VI) removal remained at ~98% at 

pH 6.0-9.0, however, the portion of U(VI) removed through reductive conversion of U(VI) 

into U(IV) was decreased from 86.6% at pH 7 to 80.2% for pH 8.0 and 63.3% for pH 9.0, 

suggesting increasing site blockage with increasing pH. The findings are consistent with 

those reported when amorphous iron sulfide and hydrogen sulfide were used for U(VI) 

removal (Hua et al., 2006; Hua and Deng, 2008). 
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Fig. 2-3. Dissolution of CMC-FeS measured as soluble Fe as a function of pH. 

Experimental conditions: FeS dosage = 100 mg/L as FeS, MES buffer = 10 mM, Tris buffer 

= 10 mM, and temperature = 22 ± 1 °C. Mdisolved is the mass of Fe in the aqueous phase, and 

M0 is the total mass of Fe. 
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Fig. 2-4. Effect of pH on equilibrium U(VI) adsorption and reduction by CMC-FeS. 

Experimental conditions: initial U(VI) = 10 mg/L, FeS = 100 mg/L, CMC-to-FeS molar 

ratio = 0.0010, MeS buffer = 10 mM, Tris buffer = 10 mM, reaction time = 24 h, and 

temperature = 22 ± 1C. 
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Fig. 2-5. U(VI) speciation as a function of solution pH calculated using the software 

MEDUSA: (a) in the absence of carbonate, and (b) in the presence of 5 mM CO3
2-. Initial 

U(VI) = 10 mg/L (42 µM), Temperature = 25 °C. 

 

Fig. 2-6. Zeta potential of CMC-FeS as a function of solution pH. 
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Table 2-1. Best-fitted parameters of the retarded first-order model and estimated initial 

half-life under various experimental conditions. 

Experimental conditions 
Retarded first-order model 

t1/2, init, (h) 
kinit, (h-1) α (h-1) R2 

pH 6.0 15.55 26.72 0.99 0.086 

pH 7.0 29.89 32.72 0.99 0.035 

pH 8.0 16.66 16.26 0.99 0.059 

pH 9.0 14.71 16.37 1.00 0.071 

pH 7.0, 1 mM Na+ 26.19 35.81 0.99 0.044 

pH 7.0, 1 mM Ca2+ 18.51 46.71 0.99 0.10 

pH 7.0, 1 mM HCO3
- 3.14 4.45 0.99 0.38 

pH 7.0, 5 mM HCO3
- 0.17 0.12 0.97 5.18 

pH 7.0, 1 mg/L HA as TOC  55.78 65.36 1.00 0.019 

pH 7.0, 5 mg/L HA as TOC  23.13 59.20 0.99 0.083 

pH 7.0, 10 mg/L HA as TOC 8.32 24.66 0.99 0.28 

pH 7.0, Synthetic groundwatera 0.35 0.058 0.99 2.10 

a Synthetic groundwater recipe: 0.286 mM Ca(NO3)2, 0.312 mM CaCl2, 0.529 mM MgSO4, 
0.451 mM Na2SO4, 0.0111 mM Na2CO3, 0.604 mM NaHCO3, 0.43 mM KHCO3 and 3 mg/L 
HA as TOC. 

2.3.3. Effect of Na+ and Ca2+ 

Fig. 2-7a shows the effects of coexisting Na+ and Ca2+ on U(VI) removal by CMC-FeS. 

The presence of 1 mM Na+ only slightly degreased the kinit value from 29.89 h-1 to 26.19 h-

1, while the addition of 1 mM Ca2+ lowered the kinit by a factor of 1.62 (to 18.51 h-1), and 

diminished the U removal efficiency from 98.2% to 89.8%. The presence of cations in the 

solution can partially suppress the negative surface potential, thereby reducing the 

electrostatic repulsion and weakening the stability of the nanoparticles. In this case, the 

surface potential of the CMC-FeS nanoparticles was suppressed from -30.8 mV without 

the addition of Na+ or Ca2+ to -25.8 and -17.4 mV with the addition of 1 mM Na+ or 1 mM 
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Ca2+; and accordingly, the hydrodynamic diameter of the nanoparticles increased from 253 

to 331 and 642 nm, respectively. The partial aggregation of the nanoparticles resulted in 

lowered site accessibility and reactivity for U(VI) removal. In addition, cations, especially 

multivalent cations, can compete with the uranyl oxycations for the adsorption sites 

through competitive electrostatic ion pairing (Duan et al., 2019). Moreover, in the presence 

of carbonate ions, Ca2+ is known to complex with UO2+ to form negatively charged or 

electro-neutral uranyl carbonate complexes through Eqs. (2-3) and (2-4) (Liu et al., 2016), 

which are hardly adsorbable to the negative nanoparticle surface.  

 UO2
2+

+ Ca
2+

+ 3CO3
2-

= CaUO2(CO3)
3

2-
 (2-3) 

 UO2
2+

+ 2Ca
2+

+ 3CO3
2-

= CaUO2(CO3)
3
 (aq) (2-4) 
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Fig. 2-7. Effects of (a) Na+ and Ca2+ (1 mM), (b) bicarbonate (1-5 mM), (c) humic acid (1-

10 mM as TOC), and (d) matrix of synthetic groundwater on removal kinetics of U(VI) by 

CMC-FeS. Experimental conditions: initial U(VI) = 10 mg/L, FeS = 100 mg/L, CMC-to-

FeS molar ratio = 0.0010, Tris buffer = 10 mM, pH = 7.0 ± 0.2, , and temperature = 22 ± 

1C. Synthetic groundwater : 0.286 mM Ca(NO3)2, 0.312 mM CaCl2, 0.529 mM MgSO4, 

0.451 mM Na2SO4, 0.0111 mM Na2CO3, 0.604 mM NaHCO3, 0.43 mM KHCO3, and 3 

mg/L humic acid as TOC. Symbols: experimental data; Lines: retarded first-order model 

fittings.  

2.3.4. Effect of bicarbonate 

Bicarbonate is the key alkalinity component in natural waters and is ubiquitous in 

groundwater. Bicarbonate is prone to complexing with uranium under neutral-basic 

conditions (Li et al., 2015). Up to 1 mM of bicarbonate has been reported in groundwater 
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at some U-contaminated sites (Hua et al., 2006; Nguyen et al., 2012). Fig. 2-7b shows that 

the presence of 1 mM of bicarbonate notably hindered the U removal rate and decreased 

the kinit from 29.89 h-1 to 3.138 h-1, though the removal efficiency remained at 92.6%. To 

further gauge the limit, the tests were carried out at an unusually high bicarbonate 

concentration (5 mM). Fig. 2-7b shows that the high concentration of bicarbonate 

decreased U(VI) removal from 98.2% to 68.6% after 8 h of reaction, and diminished the 

kinit to 0.172 h-1. The inhibitive effect is mainly due to the formation of stable uranyl-

carbonate complexes. Fig. 2-5b presents the speciation of U(VI) in the presence of 

bicarbonate. At neutral pH, (UO2)2CO3(OH)3
-, UO2(CO3)2

2-, and UO2(CO3)3
4- are the 

prevalent species, which are subject to electrostatic repulsion by the negative surface of 

CMC-FeS (Fig. 2-6). In addition to hindered adsorption, uranium-carbonate complexes are 

less efficient electron acceptors, and it was reported that only uranium-hydroxyl species 

was reduced by hydrogen sulfide in a carbonate-containing system (Hua et al., 2006). 

2.3.5. Effect of humic acid 

Humic acid is another common groundwater constituent that complexes with U(VI) in 

the forms of binary UO2HA(II) and the ternary UO2(OH)HA(I) complexes at pH > 3 

(Křepelová et al., 2006). However, unlike bicarbonate, HA showed some contrasting 

effects on the U(VI) removal, depending on the HA concentration. With the addition of 1 

mg/L HA as TOC, the kinit was almost doubled (from 29.89 h-1 to 55.78 h-1) and the half-

time was shortened by 1.84 times (from 0.019 to 0.035) compared to the HA-free system 

Fig. 5c and Table 1). The enhanced U(VI) uptake is attributed to the adsorption of HA on 

CMC-FeS, which provided additional binding sites for U(VI) coming from the adsorbed 

HA macromolecules. The competitive adsorption of HA by FeS was evidenced by the DLS 
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measurements. The mean hydrodynamic size of CMC-FeS decreased from 253 nm 

(without HA) to 220, 154, and 149 nm in the presence of 1, 5 and 10 mg/L of HA as TOC, 

respectively. The molecular weight (number-average) of the Leonardite HA was reported 

to be 3730 (Backett et al., 1987), which is 24 times smaller than that of CMC (90,000). 

Because the DLS-based size reflects both the core of the FeS particles and sorbed 

macromolecules (Gong et al., 2014), the decreased DLS size indicates that a notable 

fraction of sorbed CMC molecules were replaced by the smaller HA molecules. Moreover, 

the adsorbed HA contains 4.76 and 1.47 µmol/g of carboxyl and phenolic groups, 

respectively (Fujii et al., 2014), and these soft basic sites provide a higher affinity for 

binding with the soft uranyl cations. In addition to the enhanced adsorption, the sorbed HA 

may potentially facilitate the U(VI) reduction by serving as an electron-transfer mediator 

(Tratnyek et al., 2011). Then prove or disprove this statement. A similar phenomenon was 

also observed in a study on the effect of HA on U(VI) adsorption by attapulgite (Tan et al., 

2017).  

However, when the HA concentration was elevated to 5 and 10 mg/L, the kinit was 

reduced to 23.13 and 8.32 h-1, and the U(VI) removal efficiency was decreased to 89.0% 

and 83.1%, respectively. At high concentrations of HA, the sorbed HA molecules became 

denser on the surface, which may block and diminish the accessibility of surface sites 

towards U(VI) (Gong et al., 2014; Ho and Miller, 1985). In addition, excessive replacement 

of CMC molecules from the surface may compromise the particle stability because HA is 

a less effective stabilizer than CMC, resulting in some aggregation of the particles. 

Moreover, at elevated concentrations, the dissolved HA molecules tend to keep more 
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uranium in the solution phase through competitive complexation (Ho and Miller, 1985; 

Tan et al., 2017).  

2.3.6. U(VI) removal in simulated groundwater 

To gauge the potential effects of groundwater matrix, the U(VI) removal was tested 

with simulated groundwater containing various potential inhibitors. Fig. 2-7d shows that 

the kinit value was dropped from 29.89 h-1 in the DI water system to 0.35 h-1 in the 

groundwater system, with t1/2, init prolonged from 0.035 h to 2.10 h. The rate constant was 

also lower than those in the systems containing individual inhibitors (1 mM sodium, 

calcium or bicarbonate, or 5 mg/L HA) (Figs. 2-7a–2-7c), indicating the combined effects 

of the groundwater matrix. Because these co-solutes may not compete for electrons with 

U(VI), the inhibitive effects are attributed to competitive adsorption, the formation of less 

absorbable or less reducible U-species, and less favorable surface conditions. For instance, 

both Ca2+ and Mg2+ can complex with U(VI) to form MUO2(CO3)3
2- and M2UO2(CO3)3

0 

(M = Ca2+ or Mg2+) (Dong and C, 2008), which are less absorbable or reducible at neutral 

pH. Likewise, the formation of mixed-ligand complex (UO2CO3)HA also inhibits the 

adsorption, mass transfer, and reduction of U(VI) (Glaus et al., 1995). Despite the retarded 

reaction rate, ~87% of U(VI) removal was still reached at 8 h.  

2.3.7. Mechanism of U(VI) removal by CMC-FeS 

To elucidate the underlying reaction mechanism for U(VI), FTIR, XRD, and XPS 

analyses were carried out to characterize CMC-FeS before and after reaction with U(VI) 

at pH 7. Fig. 2-8 presents the FTIR spectra of neat CMC powder, CMC-FeS, and U-laden 

CMC-FeS. For neat CMC, five peaks were observed at 3459, 2924, 1616, 1419, and 1053 

cm-1, respectively, corresponding to the –OH stretching, asymmetric –CH stretching of –
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CH2 groups, asymmetric and symmetric vibrations of COO- groups and C–O stretching of 

RCH2OH (Dong et al., 2016; Gong et al., 2014). When coated on FeS, the –OH stretching 

shifted from 3459 cm-1 to 3387 cm-1, indicating enhanced intermolecular hydrogen bonding 

between CMC and FeS (He et al., 2007). Similarly, the asymmetric and symmetric 

vibrations of COO- groups and the C–O bond stretching showed a blue shift from 1616, 

1419, and 1053 cm-1 for neat CMC to 1603, 1384, and 1021 cm-1 for CMC-FeS, 

respectively, confirming the important roles of COO- and C–O in binding CMC on FeS 

(Lyu et al., 2017). The broad new peak at 470 cm-1 can be attributed to the sulfide groups 

(Chiriţǎ et al., 2008; Du et al., 2016). After reaction with U(VI), all peaks for CMC-FeS 

remained, except that the –OH band shifted from 3387 cm -1 for CMC-FeS to 3419 cm-1 

for U-laden CMC-FeS, and the IR frequency was remarkably enhanced, which can be due 

to the uptake of uranyl hydroxide complexes (Fig. 2-5a) (Du et al., 2016). The peak for 

sulfide decreased after reaction with U(VI), suggesting the consumption of sulfide during 

the reaction with U(VI). In addition, four new peaks at 1114, 901, 790, and 612 cm -1 

appeared on the U-laden CMC-FeS spectra. The first two peaks were assigned to S=O 

vibrations of sulfate and the O=U=O stretching vibration of uranyl (UO2
2+), respectively, 

while the peaks at 790 and 612 cm 1 could be due to the Fe–O and Fe–O–H stretching 

vibrations from FeOOH (Du et al., 2016; Ma et al., 2018; Mesquita et al., 2016). Based on 

the FTIR results, the direct adsorption of uranyl (UO2
2+) may occur via Eqs. (2-5) – (2-8) 

(Descostes et al., 2010; Duan et al., 2019), 

 ≡Fe++ H2O ↔ ≡Fe–OH + H+ (2-5) 

 UO2
2+

 + 2(≡Fe–OH) ↔ (≡Fe–O)
2
UO2+ 2H

+
 (2-6) 
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 ≡S
-
 + H2O ↔ ≡S–H+ OH- (2-7) 

 UO2
2+

 + 2≡S–H ↔ (≡S)
2
UO2 + 2H

+
 (2-8) 

where ≡Fe+ and ≡S− are surface exposed functional groups, whose charges are 

governed by solution pH. Both ≡Fe–OH and ≡S–H are possible sites for UO2
2+adsorption. 

Based on the hard-soft acid-base (HSAB) theory, the soft basic sites ≡S− should have a 

relatively higher affinity for soft UO2
2+ ions (Ma et al., 2018). The predominance of 

reaction (6) over (4) was indicated by the observation that pH was increased in the first 20 

minutes of U(VI) removal by CMC-FeS without a pH buffer (Fig. 2-9) (Descostes et al., 

2010). In terms of abundance, the XPS survey spectra of neat CMC-FeS (Fig. 2-11a) 

revealed that the nanoparticle surface contained 17.7% of S but only 7.7% of Fe.  
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Fig. 2-8. FTIR spectra of neat CMC powder, CMC-FeS nanoparticles, and U-laden CMC-

FeS. 

 

Fig. 2-9. The pH history during U(VI) removal by CMC-FeS in the absence of a pH buffer. 

Fig. 2-10 compares the XRD patterns of CMC-FeS before and after reaction with U(VI). 

For neat CMC-FeS, the diffractions at 18.2°, 30.0°, 39.7°, 49.1°, and 60.4° are assigned to 

the (001), (101), (111), (200), and (103) planes of mackinawite (FeS) (JCPDS No. 15-0037) 

(Chen et al., 2015). Besides, six peaks at 14.2°, 23.0°, 26.9°, 36.6°, 46.8°, and 52.4° were 

also observed. The peak at 23.0° is attributed to elemental sulfur (S0) (JCPDS No. 42-1278) 

(B. Li et al., 2015), while the other five peaks are indexed to the (020), (120), (031), (200), 

and (151) planes of lepidocrocite (γ-FeOOH) (JCPDS 08-0098) (Xing et al., 2016). The 

presence of elemental sulfur and lepidocrocite indicate the sample was partially oxidized 
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during the unavoidable exposure to air during the characterization process according to Eq. 

(2-9) (Bi et al., 2013; Veeramani et al., 2013): 

 FeS(s) + 
3

4
O2 + 

1

2
H2O = 

1

8
S8

0
(s) + FeOOH(s) (2-9) 

Compared to neat CMC-FeS, all the characteristic peaks of FeS remained for the U-

laden CMC-FeS, and in addition, five new peaks were identified at 25.9, 27.4, 31.7, 45.5, 

68.8°. Except for the first peak at 25.9° that was attributed to elemental sulfur (JCPDS No. 

42-1278) (B. Li et al., 2015), the rest four peaks belong to the (111), (200), (220), and (400) 

planes of uraninite (UO2) (JCPDS No. 65-0288) (Frazier et al., 2005). Meanwhile, the 

mackinawite peaks decreased while the lepidocrocite peaks increased after reaction with 

U(VI) (Fig. 2-10). The XRD results provide direct evidence of reductive conversion 

soluble U(VI) into UO2 precipitates, with the oxidation of FeS to FeOOH and S0, namely, 

with both Fe2+ and S2- serving as the electron donors. 
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Fig. 2-10. X-ray diffraction patterns of neat CMC-FeS nanoparticles and U-laden CMC-

FeS. 

XPS analysis (Fig. 2-11) was further conducted to examine the surface elemental 

compositions and oxidation states before and after the reaction with U(VI). The survey 

spectra (Fig. 2-11a) indicate that neat CMC-FeS contained C (38.1%), O (36.5%), S 

(17.7%), and Fe (7.7%), which were changed to C (27.1%), O (58.1%), S (6.8%), Fe (7.4%) 

and U (0.6%) after the reaction. The remarkable decrease of the S content signifies the 

important role of S2- in the reduction of U(VI), and the great increase of O is owing to the 

uptake of uranyl hydroxide complexes at pH 7 (Fig. 2-5a) and partial oxidation of FeS. For 

neat CMC-FeS, deconvolution of the high-resolution spectra of Fe 2p 3/2 (Fig. 2-11b) 

reveals three peaks at 707.6, 709.5, and 711.7 eV, which are attributed to Fe(II)-S, Fe(II)-

O/Fe(III)-S, and Fe(III)-O, respectively (Han and Gao, 2008; Mullet et al., 2002). Likewise, 
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the S 2p spectra (Fig. 2-11c) reveal four distinct peaks, namely, S2- at 161.2 eV, S2
2- at 

162.2 eV, Sn
2- at 163.12 eV and SO4

2- at 168.4 eV (Descostes et al., 2010; Duan et al., 

2019). Note that elemental S0 was not detected by XPS, which may have sublimated under 

vacuum conditions (Descostes et al., 2010). The existence of Fe(III) and higher valence 

sulfur species in the virgin FeS sample indicates partial oxidation of the material during 

characterization, which is in agreement with the XRD results (Fig. 2-10). 

Upon reaction with U(VI), the Fe 2p 3/2 peaks slightly shifted to 708.2, 709.1 and 

710.1 eV. Meanwhile, the percentiles of Fe(II)-S and Fe(II)-O/Fe(III)-S decreased from 

20.5% and 45.9% for neat CMC-FeS to 8.8% and 28.5% for U-laden CMC-FeS, 

respectively, while Fe(III)-O increased from 33.6% to 62.7% (Fig. 2-11b). This 

observation indicates the important role of Fe(II) as an electron donor in the reduction of 

U(VI). Accordingly, from the S 2p spectra (Fig. 2-11c), S2-, S2
2- and Sn

2- decreased from 

30.7%, 35.0% and 23.8% to 6.4%, 18.8%, and 0%, respectively, while SO3
2-/SO4

2- 

increased from 10.5% to 74.8% after reaction with U(VI), indicating that the low valence 

sulfur species (S2-, S2
2- and Sn

2-) also served as electron donors in the U(VI) reduction. The 

results are in agreement with a prior report that the reduction of U(VI) by pyrite was 

coupled with the oxidation of S to form elementary S and subsequently sulphoxyanions 

(Descostes et al., 2010). Based on the XRD and XPS results and studies by others 

(Descostes et al., 2010; Duan et al., 2019; Gallegos et al., 2013; Hua and Deng, 2008; Hyun 

et al., 2012), the reductive conversion of sorbed U(VI) into U(IV) is described as follows: 

 ≡UO2
2+

 + 2Fe
2+

Sorbed or Structural + 4H2O → UO2(s) + 2FeOOH + 6H+ (2-10) 

 ≡UO2
2+

 + ≡HS
-
→ UO2(s) + S

0
+H+ (2-11) 
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 3≡UO2
2+

 + ≡HS
-
 + 3H2O → 3UO2(s) + SO3

2-
 + 7H+ (2-12) 

 4≡UO2
2+

 + ≡HS
-
+ 4H2O → 4UO2(s) + SO4

2-
 + 9H+ (2-13) 

 ≡UO2
2+

 + ≡S2
2-

 → UO2(s) + 2S
0
 (2-14) 

 5≡UO2
2+

 + ≡S2
2-

+ 6H2O → 5UO2(s) + 2SO3
2-

+ 12H+ (2-15) 

 7≡UO2
2+

 + ≡S2
2-

+ 8H2O → 7UO2(s) + 2SO4
2-

 + 16H+ (2-16) 

Regarding the relative contributions of the two electron donors (Fe2+ and S2-), the 

literature has been inconsistent. While the results can vary with different reaction 

conditions, the general notion has been that both reductants are likely involved in iron 

sulfide systems as is the case of this study (Hua and Deng (2008). Some researchers 

claimed that sorbed and structural Fe2+ played a primary role in reducing U(VI) using 

montmorillonite, magnetite or vivianite (Ehrhardt et al., 2010; Veeramani et al., 2011), 

while others asserted that Fe(II) was inert toward U(VI) reduction in a biogenic 

mackinawite system (Veeramani et al., 2013). From the thermodynamic aspect, S2- is the 

more favored reductant than Fe2+ based on the standard reduction potential (+0.771 V for 

Fe3+/Fe2+, +0.144 V for S(s)/S2-, -0.659 V for SO3
2-/S(s), and -0.751 V for SO4

2-/S(s). In 

terms of e-donor capacity, S2- is also a more efficient donor with 8 electrons donated from 

S2- to SO4
2- compared to only 1 electron from Fe2+ to Fe3+. This is supported by the XPS 

data that upon reaction with U(VI), the SO3
2-/SO4

2- percentile increased by 64.3%, while 

Fe(III)-O increased by only 29.1%. Fe2+ may contribute much less when the FeS dosage is 

high or when S2- is abundant. For instance, the work by Veeramani et al. (2013) used a 
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dosage of 4390 mg/L of FeS to treat 23.8 mg/L of U(VI) (mass ratio = 184.5:1), while only 

100 mg/L of FeS was used in this study to treat 10 mg/L U(VI) (mass ratio of 10:1). As a 

result, the role of Fe2+ was nearly negligible in the former case. Thus, it is plausible that in 

the FeS system, S2- was the predominant reductant, whereas Fe2+ played a supplementary 

role. Yet, further study is needed to quantify the relative contributions of the two reductants 

in various forms of iron sulfide. 

Deconvolution of the U 4f 7/2 spectra (Fig. 2-11d) resulted in two peaks at 379.9 and 

382.6 eV, which were assigned to U(IV) (90.1%) and U(VI) (9.9%) (Duan et al., 2019; 

Shao et al., 2016). This result is in line with the extraction data at pH 7.0 (Fig. 2-4), 

confirming that the reductive immobilization was the predominant mechanism. 
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Fig. 2-11. XPS spectra of CMC-FeS before and after reaction with U(VI): (a) survey XPS, 

(b) high resolution of Fe 2p, (c) high resolution of S 2p, and (d) high resolution of U 4f. U-

laden FeS samples were prepared under the following conditions: CMC-FeS dosage = 100 

mg/L, initial U(VI) = 10 mg/L, solution volume = 500 mL, pH = 7.0  0.2. 

Based on the foregoing analyses, Fig. 2-12 presents a schematic depiction of the U(VI) 

removal mechanism by CMC-FeS under various influencing factors. U(VI) removal 

involves several concurrent processes: 1) rapid adsorption onto the surface of the 

nanoparticles via electrostatic attraction and/or surface complexation between uranyl 

cations and the surface ≡FeO- and ≡S− groups, 2) irreversible reduction of sorbed U(VI) 

predominantly by S2-, Fe(II), and S2
2-, resulting in stable UO2(s), and 3) oxidation of FeS 

to γ-FeOOH, S0, SO3
2-, and SO4

2-. In the presence of Ca2+ and/or CO3
2-, binary or ternary 

soluble anionic or electroneutral complexes including U(VI)-CO3
2- and Ca2+-U(VI)-CO3

2- 
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are formed, hindering both adsorption and reduction of U(VI). Adsorption of HA on FeS 

may facilitate U(VI) adsorption and enhance the electron transfer for U(VI) reduction, 

while high concentrations of HA inhibit the U(VI) removal due to blockage of the reactive 

sites and/or formation of soluble U(VI)-HA complexes. 

 

Fig. 2-12. Schematic representation of the reaction mechanism of U(VI) removal by CMC-

FeS under various influencing factors. 

2.3.8. Stability of immobilized uranium 

From the remediation standpoint, it is critical to keep immobilized U in the solid phase 

without remobilizing into the aqueous phase, i.e., desorption of adsorbed U(VI) or 

oxidative dissolution of UO2(s). Fig. 2-13 shows the concentration histories of U in the 

aqueous phase under anoxic and oxic conditions following the reductive immobilization 

treatment, which immobilized ~98% of U in the system. Under the anoxic condition, the 

soluble U remained at ~2% after aging for 180 days, indicating that the immobilized U 

remained highly stable. The CARB extraction of the samples aged for 180 days proved that 

85.1% of the uranium still existed in the tetravalent state, which was about the same as at 
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Day 1 (86.6%). The results also indicate the strong physical-chemical integrity of the FeS 

nanoparticles in the anoxic environment and support the assertion that FeS does not 

necessarily undergo anoxic corrosion in water (Henderson and Demond, 2013). However, 

further study is still needed to elucidate the evolution of the FeS and retention mechanism 

of U(VI). When exposed to air, no U(VI) dissolution was observed in the first 5 days, but 

gradually increased thereafter, with the aqueous U(VI) concentration reached 12.8% after 

30 days and finally 25.8% after the 6-month aging. The CARB extraction showed that 

nearly all U(IV) was re-oxidized back to U(VI) after the 180 days of exposure, of which 

~74% remained associated with the FeS oxidation products. The initial lag stage could be 

attributed to scavenging of DO by FeS, which preferentially reacted with oxygen and thus 

shielded U(IV) from being oxidized (Bi et al., 2013; Bi and Hayes, 2014). In addition, the 

formation of uraninite upon reacting with CMC-FeS (Fig. 2-10) may also inhibit the 

remobilization of U, as uraninite has been known to be more stable and resistant to 

oxidation compared to non-uraninite species (Bi et al., 2016; Carpenter et al., 2015). In an 

oxidizing environment, the oxidation of uraninite is considered thermodynamically 

favorable. Yet, the extent to which uraninite oxidizes depends on the structure and 

chemistry Namely, namely thermodynamic stability and the oxidation rate will depend on 

the ability of the structure to accommodate additional oxygen and on its chemical 

compositions including the intermingled oxidation products of FeS. In addition to the 

oxidative dissolution, the ingress of atmospheric CO2 may also remobilize U(VI) via the 

formation of soluble uranyl-carbonate complexes (Crane et al., 2015). However, under 

ambient conditions, soluble U(VI)-carbonate complexes tend to be adsorbed by iron 

oxyhydroxides (i.e., lepidocrocite, Fig. 2-10) formed from FeS oxidation (Bi et al., 2013). 
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As a result, the majority (~74%) of U remained in the solid phase upon the long-term 

atmospheric exposure. 

 

Fig. 2-13. Evolution of immobilized U during the remobilization test under anoxic and oxic 

conditions. Experimental conditions: initial U(VI) = 10 mg/L, FeS = 100 mg/L as FeS, 

CMC-to-FeS molar ratio = 0.0010, Tris buffer = 10 mM, pH = 7.0 ± 0.2, and temperature 

= 22 ± 1C. Mt is the mass of U in the aqueous phase at time t, and M0 is the total mass of 

U in the system. 

2.4. Conclusions 

This study systematically investigated the effects of various water chemistry 

parameters on the adsorptive and reductive removal of U(VI) in water using CMC-FeS, the 
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stability of the immobilized U, and the underlying removal mechanism. The key findings 

are recapped as follows: 

1) The optimal CMC-to-FeS molar ratio was determined to be 0.0010, where CMC-

FeS exhibited both high physical stability and high reactivity towards U(VI). 

2) The retarded first-order kinetic model not only adequately fits the kinetic data of 

U(VI) removal, but represents a mechanistically sounder model for heterogeneous 

reactants with decaying reactivity. 

3) CMC-FeS was able to achieve rapid removal of U(VI) over the broad pH range of 

6.0-9.0 through primary reduction of U(VI) into U(IV), with the fastest removal 

rates observed at pH 7.0 and 8.0. More U(VI) reduction occurred at lower pH, for 

instance, 87.2% U(VI) removal at pH 6.0 was due to reduction, compared to 63.3% 

at pH 9.0. 

4) Na+ ions at normal groundwater concentrations (~1 mM) may not affect the 

performance of CMC-FeS, while co-existing cations Ca2+(1 mM) may inhibit the 

removal due to competitive ion exchange and complexation with uranyl oxycations. 

Bicarbonate at 1 mM didn’t cause significant inhibitive effect, bicarbonate at 5 mM 

decreased to U(VI) removal from 98.2 to 68.3%. 

5) The presence of low concentrations of HA (e.g., 1 mM as TOC) enhanced the U(VI) 

removal rate from 29.89 h-1 to 55.78 h-1, while higher concentrations of HA (5-10 

mg/L as TOC) impeded the reaction. CMC-FeS was able to perform well under 

synthetic groundwater conditions. 
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6) Both adsorption and reductive conversion of UO2
2+ to UO2(s) were responsible for 

U(VI) removal by CMC-FeS, though reductive immobilization played a primary 

role (accounting for >90% of U(VI) removed). While S2- and S2
2- were the primary 

electron donors, sorbed Fe(II) and structural Fe(II) acted as supplementary electron 

donors for U(VI) reduction.  

7) The immobilized U remained highly stable under anoxic condition after 180 days 

of aging, while ~26% immobilized U was remobilized when exposed to air for 180 

days. The long-term stability is attributed to the reductive protecting potential of 

CMC-FeS, the formation of uraninite and the associated structural resistance to 

oxidation, and the high affinity of the FeS oxidation products toward U(VI). 
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Chapter 3. Enhanced immobilization of U(VI) using a new type of FeS-modified Fe0 

core-shell particles 

3.1. Introduction 

Uranium (U) is a common radionuclide in soil and groundwater. Uranium 

contamination often results from uranium mining and processing, nuclear energy power 

plants, nuclear weapon tests and nuclear accidents (Hu et al. 2010). Due to its toxicity, 

bioaccumulation and very long half-life (4.5×109 years for 238U) (Cai et al. 2017), uranium 

contamination of soil and groundwater has been a major environmental concern over the 

last half-century (Domingo 2001). To mitigate human exposure, EPA revised the 

radionuclides regulation in 2000 and set a maximum contaminant level of 30 g/L in 

drinking water (Liu et al. 2017). Typically, U exists in the aquatic systems primarily in two 

oxidation states, i.e., U(VI) and U(IV), with the chemical forms UO2
2+ and UO2. 

Hexavalent uranium (uranyl) is water-soluble, mobile and more of toxic concern in the 

environment, while tetravalent uranium is only sparingly soluble (Ksp = 2.5×10-53) and 

immobile (Bi et al. 2013). Adsorption of U(VI) and other radionuclides by various 

adsorbents has been investigated, including carbon-based materials (Cai et al. 2017, Linghu 

et al. 2017, Chang et al. 2017, Li et al. 2018, Zhu et al. 2018), metal oxides (Song et al. 

2019, Yin et al. 2018, Huang et al. 2018), and metal-organic frameworks (MOFs) (Liu et 

al. 2017, Chen et al. 2017, Zheng et al. 2017, Wang et al. 2015, Sheng et al. 2017, Zhu et 

al. 2017). Yet, reductive immobilization of U(VI) to U(IV) has been widely considered as 

a promising and effective strategy to immobilize U(VI) in water (Liu et al. 2018, Shao et 

al. 2015). 
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Zero valent iron (ZVI) has been one of the most widely studied reductants for U(VI) 

reduction due to effective reducing power, low cost and non-toxic characteristics (Li et al. 

2015, Zhao et al. 2016). Fiedor et al. (Fiedor et al. 1998) reported that ZVI can effectively 

reduce U(VI) and both U(VI) and U(IV) were observed on the surface of spent ZVI, 

indicating that both reductive precipitation and adsorption of U(VI) were taking place. 

Under anoxic conditions, U(VI) is reduced by ZVI via: 

1/2Fe2+ + e-  1/2Fe0   E0 = -0.44 V                                        (3-1) 

Fe3+ + e-  Fe2+ E0 = 0.77 V                                             (3-2) 

1/2UO2
2+ + 2H+ + e-  1/2U4+ + H2O

    E0 = 0.327 V        log K= 9.02                (3-3) 

U4+ + 2H2O   UO2
  + 4H+      log Ksp= -4.67                                         (3-4) 

Under conditions of environmental interest, the overall reductive precipitation process 

for either Fe0 or Fe2+ (in acidic condition) as the reducing agent is thermodynamically 

favorable. 

However, ZVI is not thermodynamically stable in water and is prone to oxidation by 

water and dissolved oxygen (DO) (Fan et al. 2016, Henderson and Demond 2013). The 

corrosion reactions compete for the electrons with the target contaminants, resulting in 

diminished reactive life and less effective use of the electrons (or loss of selectivity). In 

addition, due to the quick loss in ZVI’s reducing power, the material also loses its ability 

to prevent the reduced U(IV) from being re-oxidized.  
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Reduction and speciation of U(VI) by ZVI depends on a number of factors, including 

reactivity and specific surface area of ZVI particles, presence of carbonate, ionic strength, 

dissolved organic matter (DOM), and structure, composition, and reactivity of iron 

corrosion products (Noubactep et al. 2003). 

Over the last decade or so, iron sulfide (FeS) particles have been found effective for 

uranium sorption and reduction (Hua and Deng 2008, Hyun et al. 2012). Compared to ZVI, 

FeS offers weaker but longer-lasting reducing power, which is governed by the following 

reactions: 

 FeS  Fe2+ + S2-  log Ksp = -17.3                                       (3-5) 

 S0(s) + 2e-  S2- E0 = -0.41              (3-6) 

 S0(s) + H+ + 2e-  HS-  E0 = -0.06                                          (3-7) 

   S0(s) + 2H+ + 2e-  H2S(g) E0 = 0.14                                           (3-8) 

  H2SO3 + 4H+ + 4e-  S + 3H2O E0 = -0.94                                          (3-9) 

   SO4
2- + H2O + 2e-  SO3

- + 2OH- E0 = 0.45                                          (3-10) 

Moreover, FeS does not undergo anoxic corrosion in water and can provide redox 

buffering capacity to prevent reduced uranium from being re-oxidized (Henderson and 

Demond 2013, Carpenter et al. 2015). FeS has a higher absolute electronegativity (5.02 eV) 

(Xu and Schoonen 2000) than that of Fe0 (4.04 eV) (Pearson 1988), and it is a 

semiconductor with good electron conductivity resulting from its low band gap (Eg = 0.1 

eV) (Du et al. 2016). FeS is also reported to has a lower pH of point of zero charge (pHPZC) 
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(2.9) (Widler and Seward 2002) than that of Fe0 (7.5) (Su et al. 2015), which can facilitate 

sorption of cations through electrostatic attraction forces. 

Researchers have tested various ways to suppress the water corrosion rate. For instance, 

researchers have developed so-called sulfidated ZVI (S-ZVI), which inherited the merits 

of both Fe0 and FeS, with improved reactivity and selectivity towards target contaminants; 

in addition, S-ZVI retained the magnetic property of Fe0 and displayed prolonged oxidation 

buffering capacity (Fan et al. 2014, Fan et al. 2017, Gong et al. 2017, Li et al. 2017). 

Typically, S-ZVI is prepared using sulfide or dithionite as the sulfur source (Li et al. 2017). 

Kim et al. (Kim et al. 2011) prepared S-ZVI by directly reducing Fe3+ with a mixture of 

borohydride and dithionite solution, where sulfide is supplied by decomposition of 

dithionite. In this case, the resulting S-ZVI particles are essentially a mixture of randomly 

distributed FeS and Fe0 phases. Because of the complex reactions involved, it is difficult 

to control the formation and structure of S-ZVI (e.g., phase distribution and S:Fe0 ratio). 

To preserve the reactivity of ZVI, the core-shell structure appears more rational as the 

sulfidated shell can shield the core Fe0 from being corroded by water or other side reactions. 

To this end, a two-step process has been reported. First, ZVI was prepared through the 

conventional borohydride reduction approach with or without a stabilizer; then Na2S or 

Na2S2O4 was added as the sulfide source to allow FeS shell to grow on the surface of the 

mature Fe0 (Fan et al. 2016). In this case, however, the source of Fe2+ was from the 

corrosion of the pre-synthesized Fe0, i.e., the formation of the FeS shell is at the expense 

of Fe0 core, which would cause the loss of the reducing power of the core ZVI. In addition, 

as the shell builds up, longer reaction time is needed. Therefore, it is desirable to modify 
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these methods to minimize the reactivity loss of ZVI during the preparation and to 

maximize the reactive longevity. 

To demonstrate the advantages of S-ZVI, researchers have tested the performances in 

reductive dechlorination of chlorinated solvents (e.g., trichloroethylene) (Kim et al. 2011, 

Dong et al. 2018, Han and Yan 2016), and reductive sequestration of heavy metals or 

radionuclides (e.g., Cr and Tc) (Du et al. 2016, Gong et al. 2017, Fan et al. 2013). However, 

to our knowledge, there has been no report on the application of sulfidated ZVI for 

reductive immobilization of uranium. 

The overall goal of this study was to prepare a new type of FeS-modified ZVI 

(FeS@Fe0), and test the material for immobilization of U(VI) in water. The specific 

objectives were to: 1) prepare FeS@Fe0 through a facile one-pot, two-step reaction process, 

and optimize the synthesis conditions; 2) test the material for enhanced reactivity, 

selectivity, and reactive longevity when used for reductive immobilization of U(VI); 3) 

examine the effects of water chemistry on the performance of FeS@Fe0, and 4) elucidate 

the underlying reaction mechanisms. 

3.2. Materials and methods 

3.2.1. Chemicals 

The following chemicals (analytical grade or higher) were used in this study: ferrous 

chloride tetrahydrate (FeCl2∙4H2O, Alfa Aesar, Ward Hill, MA, USA), sodium borohydride 

(NaBH4, TCI America, Portland, OR, USA), sodium sulfide nonahydrate (Na2S∙9H2O, 

Alfa Aesar, Ward Hill, MA, USA), uranyl acetate dihydrate (UO2(CH3COO)2·2H2O, U in 

the form of 238U, International Bio-Analytical Industrial Inc., FL, USA), 2-
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Morpholinoethanesulfonic acid (MES buffer, TCI America, Portland, OR, USA), Tris 

(hydroxymethyl) aminomethane (Tris buffer, Acros Organics, Morris Plains, NJ, USA), 

sodium bicarbonate (NaHCO3, Fisher Scientific, Fair Lawn, NJ, USA), humic acid (HA, 

Leonardite Humic Acid Standard, 64% of total organic carbon (TOC), St. Paul, MN, USA), 

sodium chloride (NaCl), calcium chloride (CaCl2) and copper (II) chloride (CuCl2) (Sigma-

Aldrich, St. Louis, MO, USA).  

3.2.2. Preparation of FeS@Fe0, Fe0, and FeS 

FeS@Fe0 particles were prepared via a facile two-step reaction process in one pot. First, 

each 10 mL of a FeCl2∙4H2O solution (2 g/L as Fe) was added into each 70 mL of Millipore 

deionized water (18.2 MΩ cm) in three 250-mL flasks, which was pre-purged with high 

purity nitrogen for 30 min. The mixtures were mixed for 10 min. Then, 10 mL of a NaBH4 

solution (0.9, 1.35 and 1.8 g/L as NaBH4) was injected into the three Fe2+ solutions under 

vacuum and shaking (200 rpm) to reduce, respectively, 1/3, 1/2 and 2/3 of the total Fe2+ into 

Fe0 according to Eq. (3-11). The flasks were shaken for 10 min to achieve full growth of 

the Fe0 core. Subsequently, 10 mL of a Na2S∙9H2O solution (5.71, 4.29 and 2.86 g/L as 

Na2S∙9H2O) was dropwise added to the three Fe0 suspensions, which would precipitate the 

remaining 2/3, 1/2 and 1/3 of Fe2+, respectively, according to Eq. (3-12). The FeS 

precipitates are expected to in situ coat the Fe0 core, resulting in the desired Fe0-core and 

FeS-shell structure. The resulting particles are denoted as FeS@Fe0-2/1, FeS@Fe0-1/1, and 

FeS@Fe0-1/2, with the numbers indicating the theoretical FeS/Fe0 molar ratios. The total 

Fe was kept at 0.2 g/L as Fe in all cases. 

 Fe2+ + 2BH4
- + 6H2O = Fe0(s) + 2B(OH)3 + 7H2 (3-11) 
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 Fe2+ + S
2+

 = FeS(s) (3-12) 

For comparison, plain ZVI or FeS particles were also prepared at the same 

concentration (0.2 g/L as Fe) through complete borohydride reduction or FeS precipitation 

following the stoichiometry of Eqs. (3-11) and (3-12). All prepared particle suspensions 

were purged with nitrogen and tested freshly. 

3.2.3. Characterizations 

The particles were characterized with aspects to various physical-chemical properties. 

The zeta potential (ζ) was determined by the use of a Malvern Zetasizer Nano ZS (Malvern 

Instrument, Worcestershire, UK). The morphology of particles was analyzed using a Zeiss 

EM10 transmission electron microscope (TEM, Zeiss, Thornwood, NJ, USA) operated at 

60 kV. High angle annular dark-field (HAADF) images were collected using a spherical 

aberration corrected scanning transmission electron microscopy (CS-STEM, Hitachi HD-

2700, Japan) with a cold field emission gun operated at 200 kV. X-ray energy dispersive 

spectroscopy (XEDS) analysis was conducted on a Bruker Quantax 400 with an XFlash 

6T|60 silicon drift detector (SDD) to map the surface elements. For TEM and STEM 

imaging, samples were prepared by placing a drop of a dilute nanoparticle suspension on a 

200-mesh holey carbon-coated copper grid (Electron Microscopy Sciences, Hatfield, PA, 

USA) in a nitrogen-filled glovebox and then dried under nitrogen protection. The crystal 

structure of the particles was analyzed on Bruker D2 PHASER X-ray diffractometer (XRD, 

Bruker AXS, Germany) using Cu Kα radiation (λ = 1.5418 Å) and at a scanning rate (2θ) 

of 3º/min. The magnetic properties of the particles were measured by a Physical Property 

Measurement System (PPMS DynaCool-VSM, Quantum Design, USA). Fourier transform 
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infrared spectroscopy (FTIR) analysis was carried out on a Nicolet iS50 FTIR spectrometer 

(Thermal Fisher Scientific, Madison, WI, USA) to obtain the functional groups with a 

scanning range of 4000−400 cm-1. The surface elemental compositions and oxidation states 

before and after reaction with U(VI) were analyzed obtained by an AXIS-Ultra X-ray 

photoelectron spectroscopy (XPS, Kratos, England) using Al Κα X-ray at 15 kV and 15 

mA. The standard C 1s peak (binding energy, Eb = 284.80 eV) was used to calibrate all the 

peaks and eliminate the static charge effects, and the results were analyzed using the 

CasaXPS 2.3 software. To get powder samples of the particles, the neat particles were 

prepared as suspension (0.2 g/L as Fe) and then collected by centrifuging (8000 rpm). The 

particles were rinsed three times with nitrogen purged DI water, dried under nitrogen 

blowing, and stored in a nitrogen-filled glovebox before the characterizations. For U-laden 

samples, the particles were first allowed to react with U(VI) for 24 h following the 

procedure as described in Section 2.5 before the centrifugation. 

3.2.4. Resistance to oxidation 

To test the anti-oxidation capabilities of different types of particles, suspensions of Fe0, 

FeS, and FeS@Fe0 were tested under vigorous aeration, and variation in oxidation-

reduction potential (ORP) was measured over time. Briefly, each 100 mL of freshly 

prepared Fe0, FeS, FeS@Fe0-2/1, FeS@Fe0-1/1, or FeS@Fe0-1/2 suspensions (0.2 g/L as 

Fe) was diluted with 300 mL of deoxygenated DI water in 500 mL polycarbonate bottles, 

with the suspension pH buffered at 6.5 ± 0.2 by 10 mM of the MES buffer. Then, the bottles 

were placed on a shaker (200 rpm) with the suspensions open to the air. The ORP of the 

suspensions was then followed for 2 h. 
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3.2.5. Reductive immobilization of U(VI): Batch kinetic tests 

Effect of FeS:Fe0 molar ratio. Batch kinetic tests were conducted in duplicate in 500 

mL polycarbonate bottles at 22 ± 1 ºC under anoxic conditions. The kinetic tests were 

initiated by adding 100 mL of a freshly prepared Fe0, FeS, FeS@Fe0-2/1, FeS@Fe0-1/1 or 

FeS@Fe0-1/2 suspension (0.2 g/L as Fe) into 300 mL of a deoxygenated U(VI) solution 

(U(VI) = 6.67 mg/L, with a proper pH buffer). The resulting experimental conditions were: 

initial U(VI) = 5 mg/L, particle dosage = 0.05 g/L as Fe, and pH buffer (MES) = 10 mM. 

Similar U(VI) concentration was detected in groundwater of the 300 and 200-BP areas at 

the Hanford site (5.6 mg/L) (Energy 2015) and was used by several researchers (Liu et al. 

2017, Zheng et al. 2017). The bottles were then placed on a shaker (200 rpm) with nitrogen 

purging. After predetermined time intervals, each 5 mL of the suspension was sampled and 

immediately filtered through a polyethersulfone membrane (PES, 0.22 µm), and the filtrate 

was analyzed for U(VI) remaining in the aqueous phase. To determine U(VI) and U(IV) 

that were adsorbed on the particles, a widely used anoxic bicarbonate/carbonate (CARB) 

extraction method was followed (Liu et al. 2018, Hyun et al. 2012). Briefly, 25 mL of a 

suspension (which was thoroughly mixed) after the reaction was transferred to a 50 mL 

polycarbonate bottle pre-loaded with 25 mL of CARB extraction solution consisting of 

sodium carbonate (28.8 mM) and sodium bicarbonate (5.6 mM) under N2 atmosphere. The 

mixture was vortexed for 1 min and then allowed to react for 1h on an end-over-end rotator. 

Upon filtration through 0.22 µm PES membrane, the U(VI) in the filtrate was measured, 

which includes both the aqueous U(VI) and extractable U(VI) from the particles. 

Consequently, U(IV), which is not CARB-extractable, was quantified per mass balance 

calculations. 
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Effects of water chemistry on U(VI) removal. To test the effects of water chemistry 

conditions on U(VI) removal, FeS@Fe0-1/1 was further tested for U(VI) immobilization 

under various solution pH, bicarbonate, DOM, and cation (Na+, Ca2+, and Cu2+) 

concentrations. The pH effect was tested by varying the solution pH from 5.5 to 9.0, where 

the MES buffer (10 mM) was used to keep the pH at 5.5 or 6.5, and the Tris buffer (10 

mM) was used at pH 8.0 and 9.0. Control tests indicated that both buffers had no significant 

effect on the U(VI) removal. To gauge the effects of bicarbonate, DOM or coexistent 

cations, the kinetic tests were also carried out in the presence of 1 to 5 mM of HCO3
-, 1 to 

10 mg/L as TOC of HA or 1 mM of Na+, Cu2+, and Ca2+. Bicarbonate was found at ~1 mM 

in the groundwater of the Hanford site (a major uranium-contaminated site) (Nguyen et al., 

2012, Qafoku et al., 2005), and dissolved organic carbon (DOC) in the range from 1.8 to 

32.3 mg/L at the site (Moser et al., 2003). Na+ and Ca2+ were reported to be major cations 

in U(VI)-contaminated groundwater with concentrations ranging from 0.5 to 1.5 mM 

(Nguyen et al., 2012, Qafoku et al., 2005). In addition, Cu(II) was reported to be disposed 

together with U(VI) in the North Process Pond (NPP) in the 300 area of the Hanford site 

(Arai., et al., 2007), and researchers have tested the effect of Cu(II) (0.25-0.50 mM at pH 

5.0) on the removal of U(VI) in wastewater (Li et al., 2018, Zhu et al., 2018). Thus, the 

effects of these cations were also tested (Ca2+ = Na+ = 1 mM, Cu2+ = 0.04 mM, pH = 6.5). 

To assess the effect of particle aging or water corrosion on the reactivity of the particles, 

the Fe0 and FeS@Fe0-1/1 suspensions (0.2 g/L as Fe) were aged for up to 21 days in the 

bottles tightly sealed with rubber stoppers and stored in a nitrogen-filled glovebox. The 

aged particles were then tested for U(VI) removal following the same procedure as 

described above. 
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3.2.6. Analytical methods 

Aqueous U and Fe were determined on an inductively coupled plasma optical emission 

spectrometer (ICP-OES, Varian 710-ES, Palo Alto, CA, USA) and the detection limit was 

0.08 mg/L for U and 0.05 mg/L for Fe. Solution pH, ORP and DO were measured by an 

Oakton benchtop pH 510 meter, a 2700 ORP meter, and a DO 700 meter (Oakton, CA, 

USA), respectively. TOC was determined using a Tekmar Dohrmann Pheonix 8000 UV-

Persulfate TOC analyzer (Mason, OH, USA) with a detection limit of 0.1 mg/L.  

3.3. Results and discussion 

3.3.1. Material characterizations 

Fig. 3-1 displays XRD patterns of Fe0, neat FeS@Fe0-1/1 and U-laden FeS@Fe0-1/1. 

For Fe0, the peak at 44.7° is ascribed to phase (110) of α-Fe0 (Li et al. 2015, Du et al. 2016, 

Hu et al. 2017a). For FeS@Fe0-1/1, the same α-Fe0 peak was observed; in addition, two 

new peaks at around 16.4° and 49.8° were evident, which are attributed to phases (001) 

and (200) of mackinawite (Wolthers et al. 2003). Hyun et al. (Hyun et al. 2012) reported 

that mackinawite is the first FeS phase to form under sulfate-reducing conditions. The XRD 

results indicate that Fe0 and FeS co-existed in the synthesized FeS@Fe0-1/1. 
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Fig. 3-1. X-ray diffraction patterns of Fe0, neat FeS@Fe0-1/1, and U-laden FeS@Fe0-1/1. 

Fig. 3-2a presents a representative TEM image of FeS@Fe0-1/1 and Fig. 3-2b shows 

the STEM-HAADF image. Both images reveal the core-shell structure, i.e., a solid Fe0 core 

with a flaky FeS shell (Gong et al. 2012). Based on TEM images of 60 primary particles, 

the mean particle size was calculated to be 114.8 ± 26.7 nm (mean ± SD) (with a core size 

of ~86 nm and shell thickness of ~27 nm). A similar core-shell structure was reported for 

particles prepared through other methods (Gong et al. 2017, Cao et al. 2017, Song et al. 

2017), though the extent of the FeS coating varied. The line scan profiles (Fig. 3-2c) show 

that the Fe content was much higher in the core than in the shell, whereas the S content 

remained uniform. The Fe profile also suggested a shell thickness of ~25 nm. The elemental 

mappings (Figs. 3-2d-2f) further confirmed the core-shell structure of the composite 

material. 
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Compared to the dithionite method (Kim et al. 2011), our two-step reaction method 

offers improved control of the formation and the core-shell structure (e.g., phase 

distribution and S:Fe0 ratio); and compared to the Fe0-sacrificial method (Fan et al. 2016), 

our method may better preserve the reducing power of the core ZVI. 

 

Fig. 3-2. (a) TEM image of FeS@Fe0-1/1 (FeS:Fe molar ratio = 1:1); (b) STEM-HAADF 

image of FeS@Fe0-1/1; (c) XEDS line scan profiles of Fe and S of (b); (d) STEM-HAADF 

image of representative FeS@Fe0-1/1, and (e) and (f) XEDS mapping data of (d). 

Magnetic characterization (Fig. 3-3) indicated that FeS@Fe0-1/1 exhibited a much 

lower saturation magnetization (Ms) value (57.1 emu/g) than that of Fe0 (144.7 emu/g). 

This is reasonable because FeS is an antiferromagnetic material, which is much weaker 

than the ferromagnetic Fe0. Moreover, as ferromagnetic materials undergo much stronger 

magnetic dipolar interactions, the resulting Fe0 core showed a much higher atomic density 

than the FeS shell. The antiferromagnet-ferromagnet coupling interactions also account for 

the attachment of FeS on Fe0, for instance, through a mechanism known as exchange bias, 

https://en.wikipedia.org/wiki/Ferromagnetism
https://en.wikipedia.org/wiki/Exchange_bias
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where the surface atoms of the antiferromagnet align with the surface atoms of the 

ferromagnet (Forrester and Kusmartsev 2014). Moreover, compared to pristine Fe0 

particles, the coating of weaker magnetic FeS on Fe0 is expected to diminish aggregation 

of the resulting FeS@Fe0 particles due to the steric stabilization effect (Song et al. 2017). 

The reduced aggregation of FeS@Fe0 was confirmed by comparing TEM images of 

FeS@Fe0 and Fe0 particles. Another practically useful attribute of FeS@Fe0-1/1 is that it 

retained the magnetic property, and thus the particles can be easily separated from water 

through an external magnetic field. This differs from S-ZVI prepared by other methods. 

For instance, Gong et al. (Gong et al. 2017) reported that S-ZVI particles prepared by 

dithionite reduction of Fe3+ lost magnetic property when the S/Fe molar ratio was above 

0.207., and Fan et al. (Fan et al. 2016) found that dithionite converted most ZVI to non-

magnetic FeS.  

 

https://en.wikipedia.org/wiki/Ferromagnetism
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Fig. 3-3. Magnetization curves of Fe0 and FeS@Fe0-1/1.  

Taken together, the two-step method in this work has the following advantages over 

the dithionite reduction method: 1) it can produce the desired core-shell structure, 2) it is 

easier to control the compositions of resulting FeS@Fe0 (i.e., FeS:Fe0 ratio), and 3) it may 

better preserve the magnetic and redox properties of the core ZVI even at higher S/Fe molar 

ratios.  

Fig. 3-4 shows zeta potential profiles of Fe0 and FeS@Fe0-1/1 in the solution pH range 

of 4.0 to 9.0. While the pristine Fe0 particles displayed a pHPZC of 7.3, the FeS-coated Fe0 

showed a much lower pHPZC of 5.1, which is due to the coating of FeS, which has a much 

lower pHPZC (2.9) (Widler and Seward 2002). The much more negative surface potential 

of FeS@Fe0-1/1 than Fe0 in the normal pH range is conducive to interacting with cationic 

contaminants such as UO2
2+ and other cationic U(VI) species (Fig. 3-5). 
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Fig. 3-4. Zeta potential of pristine Fe0 and FeS@Fe0-1/1 as a function of solution pH. 

 

 

Fig. 3-5. U(VI) speciation as a function of solution pH calculated using the software 

MEDUSA: (a) in the absence of carbonate, and (b) in the presence of 5 mM CO3
2-. (Initial 

U(VI) = 5 mg/L (21 µM), Temperature = 25 °C). 

 

3.3.2. Resistance to oxygen oxidation and reactive lifetime 

For immobilization of redox-active contaminants such as U(VI) in water or soil, the 

following features are desired: 1) the reactive material must offer strong reactivity to 
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achieve the desired redox conversion, 2) it can provide prolonged reactive lifetime to 

facilitate maintaining an anoxic environment and preventing the reduced species from 

being re-oxidized, and 3) the reactivity loss due to side reactions (e.g., water corrosion) 

should be minimized. It is postulated that such apparently paradoxical criteria may be well 

balanced by a combination of two or more materials. For FeS@Fe0, the less reactive FeS 

shell is expected to shield the highly reactive core Fe0 from being consumed by side 

reactions (e.g., corrosion by water and oxygen), and the residual reactivity is expected to 

be long-lasting and can help inhibit re-oxidation of sequestered U. Fig. 3-6a compares the 

evolution of redox potential of Fe0, FeS, and FeS@Fe0-1/1 on the basis of equal Fe (50 

mg/L) when the suspensions were exposed to air. The initial ORP value followed the 

sequence: Fe0 (-587 mV) < FeS@Fe0-1/1 (-338 mV) < FeS (-153 mV). Although Fe0 

showed the strongest initial reducing power, its redox potential diminished much faster 

than the other two materials. The ORP turned to positive after around 50 min for Fe0, 

compared to 60 min for FeS and 90 min for FeS@Fe0. In fact, the stronger reducing 

potential of Fe0 lasted only for 30 min, and then FeS@Fe0 became the most reactive 

material. It is well known that Fe0 particles undergo rapid corrosion by DO (Eqs. 3-13−14) 

and water (Eq. 3-15) (He and Zhao 2008, Jin et al. 2018). In contrast, FeS does not undergo 

anoxic corrosion by water, thereby exhibiting a much slower corrosion rate (due to DO, 

Eq. 3-16) (Henderson and Demond 2013). FeS@Fe0-1/1 took advantage of the merits of 

Fe0 and FeS, resulting in much greater reactivity and longevity than either Fe0 or FeS alone. 

At the end of the experiments (120 min), the redox potential sequence was changed to: 

FeS@Fe0-1/1 (49 mV) < FeS (76 mV) < Fe0 (172 mV). 

 Fe0 + 2H2O + O2→ 2Fe2+ + 4OH
-
 (3-13) 
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 Fe2+ + 5/2H2O + 1/4O2→ Fe(OH)
3
 (s) + 2H

+
 (3-14) 

 Fe0 + 2H2O → Fe2+ + H2 + 2OH
-
 (3-15) 

 3FeS + 2O2 → 3S + Fe3O4 (3-16) 
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Fig. 3-6. Evolution of oxidation-reduction potential (ORP) of various reductants: (a) 
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FeS@Fe0-1/1, Fe0 and FeS, (b) FeS@Fe0-1/1 prepared through different procedures (“BH4
- 

and S2- mixture” means BH4- and S2- were added at the same time; the Fe0:FeS molar ratio 

was 1:1 in all cases), and (c) FeS@Fe0-1/1 prepared at different Fe0:FeS molar ratio. 

Material concentration = 50 mg/L as Fe in all cases. 

Fig. 3-6b compares the ORP histories of FeS-Fe0 binary particles prepared in three 

different ways: 1) FeS@Fe0-1/1 as discussed above, i.e., Fe0 core with FeS shell; 2) 

Fe0@FeS-1/1, i.e., reverse the core-shell to give FeS core with Fe0 shell (prepared by first 

precipitating 50% Fe2+ by S2-, and then borohydride reduction of the remaining Fe2+), and 

3) Fe0-FeS-1/1 without distinct core-shell structure (prepared by adding borohydride and 

S2- at the same time). While the initial ORP values were comparable (-350 mV to -325 

mV), the reversed core-shell structure lost its reduction power rapidly (zero ORP time = 

~35 min), while FeS@Fe0 displayed not only strongest reduction potential but longest 

reactive longevity (zero ORP time = ~90 min). It is noteworthy that the FeS-Fe0 binary 

particles also showed much-improved reactivity (zero ORP time = ~80 min). In this case, 

the reduction of Fe2+ by BH4
- occurred competitively with FeS precipitation, resulting in 

blended Fe0-FeS binary phases. Evidently, such a mixed-phase structure can also well 

preserve the reducing activity of Fe0, though not as good as the FeS@Fe0 core-shell 

structure. 

Fig. 3-6c compares performances of FeS@Fe0 prepared at various Fe0/FeS molar ratios. 

FeS@Fe0-1/1 outperformed FeS@Fe0-2/1 and FeS@Fe0-1/2 in terms of both reduction 

potential and reductive lifetime. At an FeS/Fe0 ratio of 1/2, the higher Fe0 content gave the 

lower initial ORP (-432 mV), which, however, quickly rose up to zero at ~65 min. In 

contrast, at an FeS/Fe0 of 2/1, the thicker FeS was able to extend the negative ORP till ~80 
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min. The results indicate that the core/shell molar ratio of 1/1 optimizes both reductive 

reactivity and longevity. In practice, the particles are expected to be used in the subsurface 

without significant exposure to oxygen. As such, the reductive lifetime is expected to be 

much longer than that in Fig. 3-6, which was obtained under vigorous aeration. 

3.3.3. Reductive sequestration of U(VI) 

Building upon the preliminary findings from the ORP measurements, reductive 

immobilization rates of U(VI) were examined through batch kinetic tests. Fig. 3-7 

compares the U(VI) removal rates by plain Fe0, FeS, and FeS@Fe0 prepared at various 

FeS/Fe0 molar ratios. The retarded first-order model is applied to interpret the kinetic data 

(Lin et al. 2009): 

 -
dCt

dt
 =

ka

1 + αt
Ct or Ct=C0∙(1 + αt)

-ka/α
 (3-17) 

where C0 and Ct are U(VI) concentration (mg/L) at time 0 and t (min), respectively, ka is 

the apparent rate constant (min-1), which is analogous to the initial pseudo-first-order rate 

constant, and retardation factor α describes the decline of the reaction rate with time. Fig. 

3-7 shows that the model was able to adequately fit the entire kinetic data in all cases (R2 

= 0.994-1.000). For comparison, the conventional pseudo-first-order model was also tested, 

but the model failed to catch the data after the initial 2 min (Table 3-1).  
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Table 3-1. First-order and retarded first-order rate model parameters under various experimental conditions. 

Particles Dosage (mg/L as Fe) Experimental conditions 
First-order model Retarded first-order model 

k1 (min-1) R2 ka (min-1) α (min-1) R2 

FeS@Fe0-1/1 35 pH 5.5 0.225 0.901 0.416 0.106 1.000 

FeS@Fe0-1/1 35 pH 6.5 0.376 0.919 1.025 0.615 0.999 

FeS@Fe0-1/1 35 pH 8.0 0.681 0.949 1.301 0.470 1.000 

FeS@Fe0-1/1 35 pH 9.0 0.808 0.889 2.348 1.155 1.000 

FeS@Fe0-1/1 50 pH 6.5, initial U(VI)=2 mg/L 1.207 1.000 1.902 0.299 1.000 

FeS@Fe0-1/1 50 pH 6.5, initial U(VI)=10 mg/L 0.476 0.935 0.969 0.318 1.000 

FeS@Fe0-1/1 50 pH 6.5, 1 mM HCO3
-  0.592 0.891 1.733 1.193 1.000 

FeS@Fe0-1/1 50 pH 6.5, 5 mM HCO3
- 0.322 0.926 0.731 0.435 1.000 

FeS@Fe0-1/1 50 pH 6.5, 5 mg/L HA as TOC  0.463 0.963 0.853 0.463 1.000 

FeS@Fe0-1/1 50 pH 6.5, 10 mg/L HA as TOC  0.325 0.990 0.584 0.545 0.994 

FeS@Fe0-1/1 50 pH 6.5, 1 mM Na+ 0.966 0.966 1.700 0.407 1.000 

FeS@Fe0-1/1 50 pH 6.5, 0.04 mM Cu2+ 0.789 0.969 1.441 0.483 1.000 

FeS@Fe0-1/1 50 pH 6.5, 1 mM Ca2+ 0.351 0.874 1.188 0.895 0.999 

FeS@Fe0-1/1 50 pH 6.5, particles aged 1 day 0.969 0.961 1.784 0.457 1.000 

FeS@Fe0-1/1 50 pH 6.5, particles aged 2 days 0.965 0.967 1.743 0.432 1.000 

FeS@Fe0-1/1 50 pH 6.5, particles aged 7 days 0.070 0.971 0.172 0.161 0.989 

FeS@Fe0-1/1 50 pH 6.5, particles aged 21 days 0.009 0.507 0.070 1.051 0.975 

Fe0 50 pH 6.5, particles aged 1 day 0.632 0.952 1.363 0.706 1.000 

Fe0 50 pH 6.5, particles aged 2 days 0.367 0.837 1.116 0.724 1.000 

Fe0 50 pH 6.5, particles aged 7 days 0.025 0.857 0.071 0.730 0.988 

Fe0 50 pH 6.5, particles aged 21 days 0.001 0.934 0.006 0.195 0.975 
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Table 3-2 gives the best-fitted model parameters. The ka values of FeS@Fe0-1/2 and 

FeS@Fe0-1/1 were 1.640 and 1.805 min-1, respectively, which are 1.19 and 1.31 times 

higher than that of Fe0 (1.375 min-1), which again indicates the important role of the FeS 

shell in preserving the reactivity of the core Fe0. This is of practical significance as the cost 

of synthetic Fe0 is over 35 times higher than that of FeS. Increasing the FeS/Fe0 ratio to 2/1 

resulted in a much lower ka of 0.858 min-1, indicating the key role of the core Fe0 as the 

electron source. FeS alone showed a much slower removal rate (0.280 min-1) (Fig. 3-7), 

which is related to the much lower ORP value of FeS (-153 mV) than that of Fe0 (-587 mV) 

(Fig. 3-6a). 

The promoting role of FeS in FeS@Fe0 can be ascribed to following reasons: 1) the 

FeS coating can effectively inhibit water corrosion of the core Fe0 by poisoning the 

hydrogen recombination, which favors the reduction by atomic hydrogen, and thus 

enhances the selectivity of Fe0 towards target contaminants (Fan et al. 2017, Han and Yan 

2016); and 2) the FeS coating facilitates the electron transfer from the Fe0 core to the 

acceptor U(VI) cations owing to the higher electronegativity of FeS and good electron 

conductivity (Li et al. 2016). However, excessive FeS coating would block the electron 

transfer from the core Fe0 (Li et al. 2017); and at a given total Fe mass, an elevated FeS:Fe0 

ratio results in decreased electron source (Fe0). 
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Fig. 3-7. U(VI) removal rates by ZVI (Fe0), FeS, and FeS@Fe0 prepared at various Fe0/FeS 

molar ratios. Experimental conditions: initial U(VI) = 5 mg/L, particles dosage = 50 mg/L 

as Fe, MeS buffer = 10 mM, pH = 6.5 ± 0.1, and temperature = 22 ± 1 °C. Symbols: 

experimental data; Lines: retarded first-order model fittings. The inset shows the initial 

removal rates. 

Table 3-2. Best-fitted parameters of the retarded first-order kinetic model. 

Materials 
 Retarded first-order model 

  ka (min-1) α (min-1) R2 

Fe0   1.375 0.449 1.000 

FeS   0.280 0.444 0.994 

FeS@Fe0-1/2   1.640 0.444 1.000 

FeS@Fe0-1/1   1.805 0.469 1.000 

FeS@Fe0-2/1   0.858 0.154 1.000 
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3.3.4. Effects of water chemistry on U(VI) removal 

3.3.4.1. Effect of pH 

Solution pH can affect iron corrosion rate, electron conductivity, and reactivity of FeS, 

and U speciation, thereby affecting the U(VI) reduction and removal. Plain ZVI is very 

sensitive to solution pH and is more reactive under acidic conditions due to hydrogen 

reduction and the passivation effect at alkaline pH (Xiong et al. 2009). The FeS coating in 

FeS@Fe0 is expected to enhance electron transfer and mitigate the passivation effect (Dong 

et al. 2018, Han and Yan 2016). Fig. 3-8 shows that FeS@Fe0-1/1 was able to highly 

effectively remove U(VI) throughout the pH range of 5.5-9.0. Again, the retarded first-

order model was able to adequately fit the rate data in all cases (R2 = 0.999-1.000) (Table 

3-1). Increasing pH from 5.5 to 9.0 modestly, but progressively, increased the ka value from 

0.416 to 2.348 min-1. The presence of the FeS coating greatly buffered the pH sensitivity 

of the ZVI core. FeS@Fe0-1/1 appears much less sensitive to pH than the dithionite-

sulfidated ZVI reported by Dong et al. (Dong et al. 2018), though the trend of pH effect 

appears similar. The elevated removal rate of U(VI) with increasing pH could be attributed 

to two factors. First, at higher pH, the FeS surface is more deprotonated and the 

deprotonated ligands (i.e., ≡FeO− and ≡S−) are more favorable for electron donation (Kim 

et al. 2013). This was supported by a cyclic voltammetry study conducted with iron sulfides 

(FeS2 and Fe1-xS), where the peak currents increased with increasing pH (Conway et al. 

1980). Second, more FeS was dissolved at more acidic pH. At the end of the reaction, the 

soluble iron concentration was measured to be 21.4%, 13.8%, 9.6%, and 2.7% at pH 5.5, 

6.5, 8.0, and 9.0, respectively, resulting in partial loss of the reactive sites (Gong et al. 2014) 

and the protective role of the FeS shell. 
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Fig. 3-8. Effects of pH on removal of U(VI) by FeS@Fe0-1/1 at a dosage of 35 mg/L as 

Fe. Experimental conditions: initial U(VI) = 5 mg/L, MeS buffer = 10 mM, Tris buffer = 

10 mM, pH = 5.5−9.0. Symbols: experimental data; Lines: retarded first-order model 

fittings. 

3.3.4.2. Effect of common water ligands 

Fig. 3-9 presents the effects of bicarbonate and humic acid (HA) on U(VI) removal by 

FeS@Fe0-1/1. In the presence of 1 mM HCO3
-, the ka was only slightly decreased from 

1.805 to 1.733 min-1. The removal remained strong when the HCO3
- concentration was 

raised to 5 mM (ka = 0.731 min-1) (Fig. 3-9a and Table 3-1). Likewise, nearly complete 

U(VI) removal was achieved within 45 min in the presence of 5 mg/L of HA as TOC, 

though the ka was lowered by a factor of 2.12 (to 0.853 min-1). In the more extreme case, 
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when the HA concentration as elevated to 10 mg/L as TOC, >98% U(VI) removal was still 

achieved within 45 min (ka = 0.584 min-1) (Fig. 3-9b and Table 3-1). 
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Fig. 3-9. Effects of (a) bicarbonate, and (b) humic acid on removal of U(VI) by FeS@Fe0-

1/1. Experimental conditions: particles dosage = 50 mg/L as Fe, initial U(VI) = 5 mg/L, 

MeS buffer = 10 mM, pH = 6.5 ± 0.1, bicarbonate = 1-5 mM, humic acid = 5-10 mg/L as 

TOC. Symbols: experimental data; Lines: retarded first-order model fittings. 

Bicarbonate can complex with various U(VI) species, and thus affect interactions 

between FeS@Fe0 and U(VI). Fig. 3-5 shows U(VI) speciation in the absence or presence 

of carbonate as a function of pH. At alkaline pH, CO3
2-/HCO3

- can complex with UO2
2+ to 

form stable complexes, such as UO2(CO3)3
4-, UO2(CO3)2

2-, and (UO2)2CO3(OH)3
- (Fig. 3-

5b). These anionic uranyl complexes will hinder their adsorption onto the negatively 

charged FeS@Fe0-1/1 (Fig. 3-4–3-5) due to electrostatic repulsion (Li et al. 2018). In 

addition, dissolved carbonate species can accelerate the corrosion of Fe0, whereas elevated 

precipitation of FeCO3 may passivate the reactive sites (Agrawal et al. 2002). Evidently, 
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the FeS coating in FeS@Fe0-1/1 remarkably mitigated the inhibitive effect of bicarbonate, 

which is more impeding for bare ZVI. 

HA can pose several contrasting effects on U(VI) uptake by FeS@Fe0-1/1. First, HA 

can complex with U(VI) to form binary UO2HA(II) and ternary UO2(OH)HA(I) complexes, 

thereby enhancing U(VI) solubility and reducing U(VI) adsorption (Křepelová et al. 2006). 

Second, HA can be adsorbed by FeS or Fe0 (Giasuddin et al. 2007), which diminishes the 

accessibility of reactive sites and impedes the electron transfer. Third, immobilized HA on 

the FeS@Fe0 surface may provide additional sorption sites for U(VI) via surface 

complexation, facilitating U(VI) sorption. While HA or DOM has been known to inhibit 

the reactivity of plain ZVI particles (Xie and Shang 2007), the inhibition effect on 

FeS@Fe0 was much alleviated due to the FeS coating. 

3.3.4.3. Effects of coexisting cations 

Fig. 3-10 shows the effect of coexistent Na+, Ca2+, and Cu2+ on the removal of U(VI) 

by FeS@Fe0. The effect of Na+ (1 mM) was statistically insignificant (p = 0.211) with a ka 

value of 1.701 min-1 (Table 3-1). Likewise, the effect of 0.04 mM of Cu2+ (the maximal 

solubility at pH 6.5) was also insignificant (p < 0.101) (ka = 1.441 min-1). The presence of 

1 mM of Ca2+ caused a tailing in the kinetic profile (ka = 1.188 min-1), though nearly 

complete U(VI) removal was still achieved in 45 min. At the experimental pH (6.5), U(VI) 

is present as various cationic species (Fig. 3-4a). As such, the co-existing cations may 

compete for the adsorption sites. Since bivalent cations are more favorably adsorbed, Cu2+ 

and Ca2+ showed more effect than Na+ (note the less notable effect Cu2+ was due to its 

much lower concentration). Moreover, Ca2+ can form calcium uranyl carbonate complexes 
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according to Eqs. (3-18) and (3-19), and FeS@Fe0-1/1 particles are unfavorable for these 

anionic and electron neutral complexes (Yin et al. 2018, Liu et al. 2016). 

 UO2
2+

+ Ca
2+

+ 3CO3
2-

= CaUO2(CO3)
3

2-
 (3-18) 

 UO2
2+

+ 2Ca
2+

+ 3CO3
2-

= CaUO2(CO3)
3
 (aq) (3-19) 

 

Fig. 3-10. Effects of coexisting cations on the removal of U(VI) by FeS@Fe0-1/1. 

Experimental conditions: particle dosage = 50 mg/L as Fe, initial U(VI) = 5 mg/L, MeS 

buffer = 10 mM, pH = 6.5 ± 0.1, Na+ = Ca2+ = 1 mM, Cu2+ = 0.04 mM. Symbols: 

experimental data; Lines: retarded first-order model fittings. 
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3.3.5. Effect of material aging 

As stated earlier, the key purpose to modify the core ZVI was to preserve the reactivity 

and to extend the reactive lifetime by shielding the core from the background corrosions. 

Fig. 3-11 compares the effects of aging time (i.e., particle storage time in aqueous solution) 

on the U(VI) removal rate by FeS@Fe0-1/1 and Fe0. It was evident that water corrosion has 

almost no distinctive effect on the U(VI) removal by FeS@Fe0-1/1 after 2 days of aging, 

where ka still kept at 1.743 min-1 (nearly the same as that of fresh FeS@Fe0-1/1) (Fig. 3-

11a and Table 3-1). In contrast, the 2-day aging reduced the ka value for bare Fe0 to 1.116 

min-1 (by a factor of 1.23) (Fig. 3-11b and Table 3-1). The difference became even more 

distinctive as the aging time was extended. After 7 days of aging, the ka value for FeS@Fe0-

1/1 was lessened by 10.49 times, but 19.37 times for plain Fe0; and the 45-minute U(VI) 

removal reached 93.7% by FeS@Fe0-1/1, but only 27.3% for the Fe0 particles. While the 

Fe0 particles were almost exhausted after 21 days of aging (with only 6.4% of U(VI) 

removed), FeS@Fe0-1/1 still removed 25.3% of U(VI). The results are in line with those 

by Fan et al. (Fan et al. 2016), who reported that sulfidation at S/Fe molar ratios ≥ 0.3 can 

effectively suppress the reaction with water, and preserve the reducing power towards TCE. 

Dong et al. (Dong et al. 2018) found that the aging of S-nZVI for 10 and 20 days only 

decreased the dechlorination efficiency of TCE by 1.04 and 1.13 times, respectively, and 

they claimed that the FeS coating was able to alleviate the surface passivation of Fe0. 

Nonetheless, extensive exposure to water or DO should be avoided in practical applications 

to make the most use of the reactivity of FeS@Fe0. 
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Fig. 3-11. Effects of material aging on the removal of U(VI) by: (a) FeS@Fe0-1/1, and (b) 
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Fe0. Experimental conditions: particles dosage = 50 mg/L as Fe, initial U(VI) = 5 mg/L, 

MeS buffer = 10 mM, pH = 6.5 ± 0.1. Symbols: experimental data; Lines: retarded first-

order model fittings. 

3.3.6. Mechanism for U(VI) removal by FeS@Fe0 

To gain deeper insight into the underlying mechanism for U(VI) removal, FeS@Fe0-

1/1 before and after the reaction with U(VI) at pH 6.5 was further characterized by XRD, 

FTIR, and XPS analyses. The XRD patterns in Fig. 3-1 shows that upon U loading, two 

new weak peaks appeared at around 28.5° and 58.1°, corresponding to phases (111) and 

(222) of uraninite (UO2), respectively (Valdivieso et al. 2001). The XRD results provide 

direct evidence on the reductive conversion of soluble U(VI) into UO2 precipitates. 

Fig. 3-12 shows the FTIR spectra of FeS@Fe0-1/1 before and after the reaction. In both 

cases, the peaks at 2160, 2020, and 1980 cm-1 are ascribed to the stretching vibrations of 

B−H bonds (Yang et al. 2015), which resulted from the reaction with borohydride. The 

peaks at 1360 cm-1 and 1320 cm-1 are assigned to S=O vibrations from sulfate (Abdulhamid 

et al. 2006), and the enhanced peak intensity upon reacting with uranium indicates an 

increase of sulfate content. The peaks between 622 and 465 cm-1 are assigned to stretching 

vibrations of typical Fe−S and Fe−O bonds (Du et al. 2016, Dong et al. 2018), resulting 

from iron sulfides and iron oxides. Upon reaction of with U(VI), a new peak at 822 cm-1 

was observed, which is ascribed to the O=U=O bond vibration from uranyl (UO2
2+) 

(Gorman-Lewis et al. 2008), suggesting direct adsorption of UO2
2+ via ion pairing (Eqs. 3-

20−22) (Li et al. 2015, Hyun et al. 2012), 

 ≡Fe+ + H2O ↔ ≡FeOH + H+ (3-20) 
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 UO2
2+

 + 2(≡FeOH) ↔ (≡FeO)
2
UO2+ 2H

+
 (3-21) 

 UO2
2+

 + ≡FeS ↔ ≡S
2-

-UO2
2+

+ Fe2+ (3-22) 

 

Fig. 3-12. FTIR spectra of Neat and U-laden FeS@Fe0-1/1. 

The surface elemental compositions and oxidation states of neat and U-loaded 

FeS@Fe0-1/1 were characterized by XPS (Fig. 3-13). The survey XPS spectra (Fig. 10a) 

indicate that the surface elements of neat FeS@Fe0-1/1 include O (61.6%), S (20.4%), and 

Fe (18.0%). Upon reaction with U(VI), the elemental compositions were changed to O 

(68.9%), S (19.1%), Fe (9.8%), and U (2.3%). The remarkable decrease in Fe and rise in 

O are in line with the direct UO2
2+ adsorption mechanism (Eqs. 3-20−22). For neat 

FeS@Fe0-1/1, the peaks at 707.5, 710.5, and 713.4 eV in the high-resolution spectra of Fe 

2p (Fig. 10b) represent Fe0 (Gong et al. 2015), Fe(II)-S (Hua and Deng 2008, Hu et al. 
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2017b), and Fe(III)-O (Jin et al. 2018, Thomas et al. 1998), respectively. After reaction 

with U(VI), the surface Fe0 decreased from 12.7% for virgin FeS@Fe0-1/1 to 9.5%, Fe(II) 

in Fe(II)-S decreased from 73.5% to 49.9%, and Fe(III) increased from 13.8% to 40.6%. 

The changes in Fe oxidation states indicate that both Fe0 and Fe(II) may act as electron 

donors in the reduction of U(VI) by ZVI, as illustrated by Eqs. (3-23) and (3-24) (Li et al. 

2015): 

 ≡UO2
2+

 + Fe0 → UO2(s) + Fe2+ (3-23) 

 ≡UO2
2+

 + 2Fe(II)
Sorbed or Structural

 + 2H2O → UO2(s) + 2Fe(III) + 4OH
-
 (3-24) 

Fe(II) ions at the solid-solution interface are often classified as sorbed Fe(II) and 

structural Fe(II) ions. Charlet et al. (Charlet et al. 1998) reported that reduction of UVI) by 

ZVI was coupled with oxidation of Fe(II) ions sorbed on iron corrosion products such as 

hematite, with Fe0 serving as the source of Fe(II). The assertion was evidenced by the 

equilibrium Eh values measured during U immobilization reaction with ZVI. Moreover, the 

researchers observed that the U(VI) reduction rate was proportional to the sorbed 

concentrations of Fe(II) and U(VI). Kang et al. (Kang et al. 2011) reported that electron 

transfer mediated by surface-associated Fe(II) ions was responsible for the reduction of 

aqueous Se(IV) by pyrite. And Huo et al. (Huo et al. 2017) reported that sorbed Fe(II) ions 

played a key role in reductive immobilization of pertechnetate using synthetic pyrite 

nanoparticles. Based on these findings and given the observed much lower reactivity of 

plain FeS (Fig. 3-), we can deduce that Fe(II) ions, which were mainly released from the 

Fe0 core but sorbed at the FeS-FenOm-Solution interfaces, played an important role in the 

rapid reductive removal of U(VI). 
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In addition, structural Fe(II) in iron corrosion products may also reduce U(VI). For 

instance, Magnetite is a corrosion product on Fe0 and it can rapidly adsorb uranyl ions and 

gradually reduce U(VI) to U(IV), coupled with oxidation of magnetite into maghemite 

(Scott et al. 2005), which are consistent with our XPS data. White and Peterson [74] pointed 

out that the half-cell potential for the solid-state oxidation of Fe(II)→Fe(III) ranges from -

0.34 to -0.65 V, indicating that in the solid-state Fe(II) is a stronger reducing agent than 

the aqueous Fe(II) (-0.77 V). For our case, however, the role of structural F(II) ions is likely 

to be kinetically limited because of the core-shell structure, which may hinder the 

accessibility of the octahedral sites. 

While Fig. 3-7 revealed a much weaker reactivity of plain FeS than FeS@Fe0, the role 

of S in FeS@Fe0 is yet to be explored. Fig. 3-13c shows high-resolution spectra in the 

vicinity of S 2p of neat and U-laden FeS@Fe0-1/1. For the neat particles, the peaks centered 

at 161.4, 162.5, 163.3, 166.7, and 168.7 eV are ascribed to S in the form of FeS, FeS2, Sn
2-, 

SO3
2-, and surface-bound SO4

2-, respectively (Du et al. 2016, Song et al. 2017, Thomas et 

al. 1998). After reaction with U(VI), FeS decreased from 29.3% to 16.9%, and FeS2 from 

31.2% to 26.5%, indicating the consumption of S2- and S2
2- during U(VI) oxidation. In the 

meantime, Sn
2- increased from 27.7% to 34.0%, SO3

2- from 1.3% to 2.8%, and SO4
2- from 

10.5% to 19.8%, suggesting that S2- and S2
2- in FeS and FeS2 were partially oxidized during 

reduction of U(VI). Previous researches have proposed the following redox reactions 

facilitated by S2- or S2
2- (Eqs. 3-25−31) (Gong et al. 2017, Scott et al. 2007). 

 FeS (s) + H+ ↔ Fe2++ HS
-
 (3-25) 

 4UO2
2+

 + HS
-
+ 4H2O → 4UO2(s) + SO4

2-
+9H+ (3-26) 



86 

 

 3UO2
2+

 + HS
-
+ 3H2O → 3UO2(s) + SO3

2-
+7H+ (3-27) 

 (n-1)UO2
2+

 + nHS
-
→ (n-1)UO2 (s) + Sn

2-
 + nH+ (3-28) 

 15≡UO2
2+

 + 2FeS2 + 16H2O → 15UO2 (s) + 2Fe
3+

 + 4SO4
2-

 + 32H+ (3-29) 

 11≡UO2
2+

 + 2FeS2 + 12H2O → 11UO2 (s) + 2Fe
3+

 + 4SO3
2-

+ 24H+ (3-30) 

 (3n-4)UO2
2+

 + 2nFeS2 → (3n-4)UO2 (s) + 2nFe
3+

 + 4Sn
2-

 (3-31) 

Fig. 3-13d shows the high-resolution spectra of U 4f on FeS@Fe0-1/1. Deconvolution 

of the U 4f7/2 peak revealed the existence of both U(IV) (55.1%, 380.7 eV) and U(VI) 

(44.9%, 382.1 eV) (Cai et al. 2017, Shao et al. 2015). This result is comparable to the 

uranium extraction data, where 41.7% of U(VI) was extractable while 58.3% of U(VI) was 

reduced, indicating both adsorption and reduction are operative. 
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Fig. 3-13. XPS spectra of FeS@Fe0-1/1 before and after reaction with U(VI): (a) survey 
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XPS, (b) high resolution of Fe 2p, (c) high resolution of S 2p, and (d) high resolution of U 

4f. 

Based on the XRD, FTIR and XPS characterizations, along with the rapid removal 

U(VI) removal kinetics, Fig. 3-14 presents a conceptualized representation of the U(VI) 

removal mechanism by FeS@Fe0. First, U(VI) ions are rapidly adsorbed onto the surface 

of the particles via electrostatic attraction and/or surface complexation; and subsequently, 

the sorbed U(VI) ions are reduced by Fe0, FeS, and FeS2 to U(IV), resulting in precipitation 

of UO2(s) and formation of Fe(II), Fe(III), Sn
2-, SO3

2- and SO4
2-. The primary electron 

donors include Fe0 and sorbed Fe2+ and structural Fe2+, with Fe0 being the key source of 

electrons and Fe2+, whereas S2- and S2
2- also contributed to the reduction process. 

 

Fig. 3-14. Schematic representation of the reaction mechanism for U(VI) removal by 

FeS@Fe0. 
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3.4. Conclusions 

This study prepared and tested a new type of FeS-coated Fe0 particles, and tested the 

material for reductive immobilization U(VI) in aqueous solution under various water 

chemistry conditions. The key findings are recapped as follows: 

1)  A new type of FeS-coated Fe0 particles was prepared by coating the core Fe0 with 

in situ formed FeS through a facile one-pot, two-step (reduction-precipitation) 

approach. Compared to conventional ZVI or sulfidated ZVI prepared by other 

methods, the method is not only easier to operate but facilitates control of the S/Fe 

molar ratio and the core-shell structure. XRD, STEM, XEDS, and PPMS 

characterizations confirmed the compositions, core-shell structure, and magnetic 

properties. 

2) The FeS coating was able to facilitate the preservation of the reactivity of the core Fe0 

by preventing it from corrosion by water or DO, and thus alleviating the surface 

passivation of Fe0. FeS@Fe0-1/1 with an Fe0/FeS molar ratio of 1:1 exhibited the 

highest reductive reactivity and reactivity longevity.  

3) The retarded first-order kinetic model adequately fit the kinetic data of U(VI) removal. 

4) FeS@Fe0-1/1 can highly effectively remove U(VI) in the broad pH range (5.5-9.0) and 

in the presence of high concentrations of bicarbonate (1-5 mM) and HA (5-10 mg/L as 

TOC). Higher pH was found more favorable for the reaction, while elevated HA and 

bicarbonate concentrations were more inhibitive to the reaction.  

5) Both adsorption and reductive conversion of UO2
2+ to UO2(s) were responsible for U(VI) 

removal by FeS@Fe0-1/1. While Fe0 was the primary electron source, sorbed Fe(II) 
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and structural Fe(II) are also effective electron donors for U(VI) reduction. In addition, 

S2- and S2
2- also contributed to U(VI) reduction. 
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Chapter 4. Simultaneous Adsorption of Uranium(VI) and 2-Chlorophenol by 

Activated Carbon Fiber supported Titanate Nanotubes (TNTs@ACF): Synergistic 

Effect 

4.1. Introduction 

Uranium (U) is a common contaminant in soil and groundwater resulting from uranium 

mining and processing, nuclear energy power plants, nuclear weapon tests and nuclear 

accidents (Chen et al., 2017; Hu et al., 2010). The biotoxicity, bioaccumulation and long 

half-life (4.5 × 109 years for 238U, the main isotope of uranium) of uranium raise public 

concern and research interests about its effective clean-up. (Barillet et al., 2011; Domingo, 

2001; Jaffey et al., 1971; Priest et al., 2001). Chlorinated phenols (CPs) are one of the most 

common POPs in industrial wastewater. The most important pollutant sources for CPs are 

wastewater from pesticide, paint, solvent pharmaceutics, and paper and pulp industries 

(Aksu and Yener, 2001; Schellenberg et al., 1984). 

Among all the treatment technologies, the adsorption of contaminants is well studied 

and widely applied. Activated carbon is usually used to adsorb organic pollutants due to its 

high adsorption capacity and lower cost (Aksu and Yener, 2001). Titanate nanotubes 

(TNTs) is an emerging adsorbent for heavy metal adsorption, which exhibits very high 

uptake capacity towards metal ions and works well in various conditions (Liu et al., 2013).  

In some circumstances, heavy metal contaminants coexist with organic pollutants 

(Riley and Zachara, 1992), and the single-function material is not sufficient for the 

simultaneous removal of both heavy metal and organic compounds. In this study, a new 

type of activated carbon fibers supported titanate nanotubes (TNTs@ACFs) is synthesized 
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through a facile one-step hydrothermal treatment. The goal of this study is to test the 

TNTs@ACFs for U(VI) and 2-CP removal in the single and binary system and understand 

the synergistic effect on U(VI) and 2-CP adsorption. 

4.2. Materials and methods 

4.2.1. Materials and Chemicals 

Nano-TiO2 (P25, ca. 80% anatase and 20% rutile, Evonik, Germany), NaOH (Acros 

Organics, Fair Lawn, NJ, USA) and activated carbon fibers (ACC-FM100, Calgon Zorflex, 

USA) were used to synthesize TNTs@ACF. Uranyl nitrate dihydrate (UO2(NO3)2·2H2O, 

U in the form of 238U) was purchased from International Bio-Analytical Industrial Inc. (FL, 

USA), and a U(VI) stock solution of 1000 mg/L was prepared with the addition of 1 mL 

concentrated HNO3 to acidify the solution (pH ≈ 2.7). 2-Chlorophenol from Sigma-Aldrich 

(St. Louis, MO, USA) was used to prepare a 2-Chlorophenol stock solution of 1000 mg/L 

and stored at 4 °C. All stock solutions were prepared with Millipore deionized (DI) water 

(18.2 MΩ cm). Leonardite Humic Acid (HA) 1S104H was obtained International Humic 

Substances Society (IHSS, St. Paul, MN, USA). 

4.2.2. Preparation and characterization of TNTs@ACF. 

TNTs@ACF was synthesized through a one-step hydrothermal method modified from 

our previous study (Liu et al., 2016a). Briefly, 1.2 g of P25 and 1.2 g of ACF and were 

mixed with 66.7 mL of a 10.8 mol/L NaOH solution and stirred for 12 h. Then, the mixture 

was transferred to a Teflon reactor sealed with a stainless-steel cover and heated in a muffle 

furnace at 130 °C for 72 h. The black precipitate (TNTs@ACF) was collected and washed 

with DI water until pH ~9 and dried in an oven at 105 °C for 4 h. 
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The morphology information was taken on a Leo 1530 VP field emission scanning 

electron microscope (FE-SEM) and a JEOL JEM-2100 transmission electron microscope 

(TEM), respectively. X-ray powder diffraction (XRD) patterns were collected using a 

Dmax/2400 XRD (Rigaku, Japan) at 100 kV and 40 mA, with the Cu κα radiation (λ = 

1.5418 Å) and a scanning rate (2θ) of 4/min. Zeta potential (ζ) was characterized by a 

Malvern Zetasizer Nano ZS (Malvern Instrument, Worcestershire, UK). UV-vis absorption 

spectra were scanned on a SpectraMax M2 spectrophotometer (Molecular Devices, CA, 

USA). Fourier transform infrared (FTIR) spectroscopy analysis was acquired from a 

Nicolet iS50 FTIR spectrometer (Thermal Fisher Scientific, Madison, WI, USA). X-ray 

photoelectron spectroscopy (XPS) characterizations were taken on a XIS-Ultra instrument 

from Kratos Analytical (Manchester, UK) using Al Κα radiation at 15 kV and 15 mA. The 

static charge effect was compensated using the C 1s peak at 284.80 eV. 

4.2.3. Batch adsorption experiments 

4.2.3.1. Adsorption kinetics and isotherm 

All the adsorption experiments were conducted in duplicate in amber glass bottles with 

Teflon-lined caps at 22 °C (preliminary tests showed no adsorption of U(VI) or 2-CP by 

glass bottles and Teflon lined caps). The kinetic tests were initiated by adding 0.02 g of as-

prepared TNTs@ACF into 100 mL of U(VI) or 2-CP solution with an initial concentration 

of 20 mg/L and pH adjusted to 5, then the bottles were placed on a horizontal shaker (200 

rpm). The solution pH was kept constant through intermittent adjustment by 0.01 M NaOH 

or HCl. After a predetermined time interval, 2 mL of sample was taken and immediately 

filtered through a 0.22 µm Nylon membrane filter, and the filtrates were analyzed to 

determine the concentration of remained U(VI) or 2-CP per section 2.4.  
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The U(VI) and 2-CP uptake at time t (qt, mg/g) are calculated by the following equation: 

 q
t 
= 

(C0−Ct)V

m
  (4-1) 

where C0 and Ct (mg/L) are the concentrations of U(VI) and 2-CP in the initial and at 

time t in the aqueous phase, respectively; V (L) is the solution volume and m (g) is the mass 

of the TNTs@ACF. 

Experiments on single adsorption isotherm for U(VI) or 2-CP were conducted with 

U(VI) or 2-CP solution initial concentration ranging from 5 to 300 mg/L and TNTs@ACF 

dosage of 0.2 g/L at pH 5, while for adsorption isotherms in a binary system, U(VI) and 2-

CP were mixed to achieve initial mass concentration ratios of 1:2 and 2:1. After 

equilibrated for 24 h, the remained concentration of U(VI) or 2-CP in the aqueous phase 

were determined per section 2.4. 

The equilibrium U(VI) and 2-CP uptake (qe, mg/g) is given by: 

 q
e 

= 
(C0−Ce)V

m
  (4-2) 

where C0 and Ce (mg/L) are the initial and equilibrium concentrations of U(VI) and 2-

CP in the aqueous phase, respectively; V (L) is the solution volume and m (g) is the mass 

of the TNTs@ACF. 

4.2.3.2. Effect of pH and HA 

To probe the effect of pH on the adsorption of U(VI) or 2-CP by TNTs@ACF, the 

equilibrium adsorption tests were conducted in the pH range of 3.0 to 10.0 with the 

materials dosage of 0.2 g/L and initial U(VI) or 2-CP concentration of 50 mg/L. For the 

effect of HA, the equilibrium adsorption tests were also conducted in the presence of 1–10 
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mg/L as TOC of HA with a fixed pH 5. U(VI) speciation at various pH levels was 

calculated using software MEDUSA. 

4.2.4. Chemical analysis 

U(VI) concentration was determined with a Varian 710-ES inductively coupled plasma 

optical emission spectrometry (ICP-OES, Palo Alto, CA, USA) and the detection limit was 

0.07 mg/L. 2-CP concentration was measured on an Agilent 1100 high-performance liquid 

chromatography (HPLC, USA) equipped with a Zorbax SB-C18 column (2.1 mm × 150 

mm, 5 μm) and a diode array detector (DAD). A mixture of methanol (HPLC grade) and 

ultrapure water (v/v of 60:40) was used as the mobile phase at a flow rate of 0.8 mL/min 

and the eluate analyzed at a UV array detector of 280 nm. The detection limit of 2-CP by 

HPLC was 0.02 mg/L. 

4.3. Results and discussion 

4.3.1. Characterization 

The morphology and nanostructure of the as-synthesized material were characterized 

by FE-SEM and TEM images (Fig. 4-1). Unlike the reported neat and smooth surface of 

untreated ACF (Meng et al., 2014; Park and Jang, 2003), the surface of the TNTs@ACF 

was evidently rougher and TNTs aggregates were observed on the surface of ACF, 

indicating the TNTs were successfully loaded onto the ACF surface (Fig. 4-1a). A similar 

rough surface of ACF was also observed after TiO2 loaded onto ACF (Meng et al., 2014). 

The TEM image confirmed the hollow and open-ended tubular structure of TNTs, with an 

inner diameter ca. 5 nm and outer diameter ca. 9 nm (Liu et al., 2013). It is also noted that 

some micro-ACF particles were patched on the TNTs, which is likely stripped from the 
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bulk ACF during the hydrothermal treatment and this phenomenon is consistent with 

previous studies (Liu et al., 2016a; Ma et al., 2017). Therefore, the morphology studies 

showed TNTs is not only supported by the bulk ACF, but also modified by the micro-ACF 

particles. 

 

 

Fig. 4-1. (a) FE-SEM image of TNTs@ACF; (b) TEM image of TNTs@ACF. 

Fig. 4-2 shows the XRD patterns of neat ACF, TNTs, TNTs@ACF, and U-laden 

TNTs@ACF. For neat ACF, two peaks at 13.0° and 43.7° were ascribed to the diffraction 
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peaks of graphitic carbon (JCPDS 89-8491) (Dhand et al., 2017; García-Diéguez et al., 

2010; Lee et al., 2016). Several minor peaks at 11.8°, 23.7°, 34.8°, 39.4°, and 47.2° were 

also observed on ACF, which could be due to the diffraction peaks of silicon dioxide 

(JCPDS 31-1233) (Shukla et al., 2010; Wei et al., 2016). This was also confirmed by the 

XPS study of the neat ACF, where Si peak was observed on the survey spectra of neat ACF 

(Fig. 4-3) and accounted for 6% of the atomic percentage (Table 4-1). For neat TNTs, the 

diffraction at 2θ value of 9.5°, 24.3°, 28.4°, 48.3°, and 61.8° are all assigned to sodium tri-

titanate, with a chemical formula of NaxH2-xTi3O7 (Li et al., 2018; Liu et al., 2013; Liu et 

al., 2016a). The tri-titanate is composed of triple edge-sharing [TiO6] as a skeletal structure, 

while 9.5° and 28.4° correspond to interlayer spacing in layered titanates, with 

exchangeable H+/Na+ located in interlayers (Liu et al., 2016a; Ylhäinen et al., 2012). For 

neat TNTs@ACF, all peaks observed for TNTs remained and a minor graphitic carbon 

peak at 12.8° was also presented, confirming the ACF was covered by TNTs and was in 

line with the morphology results. The impurity peaks of SiO2 were washed off (Fig. 4-10a 

and Table 4-1) via the hydrothermal alkaline treatment during the material preparation 

(Liu et al., 2016a). 

Table 4-1. Surface atomic percentage of fresh ACF and TNTs@ACF and U-laden 

TNTs@ACF obtained by XPS. 

 
Material 

Element atomic percent (%)  

C O Ti Na Si U 

ACF 81.8 12.2 0 0 6.0 0 

TNTs@ACF 62.0 25.7 8.4 3.9 0 0 

U(VI)-ladend 61.8 27.5 8.5 1.1 0 1.1 

U(VI)- and 2-CP-laden 61.7 27.8 8.3 1.1 0 1.1 
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Fig. 4-2. XRD patterns of neat ACF, TNTs, TNTs@ACF, and U-laden TNTs@ACF. 
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Fig. 4-3. Survey XPS spectra of ACF. 

Fig. 4-4 shows the zeta potential profiles of ACF, TNTs, and TNTs@ACF in the pH 

range of 2–10. For pristine ACF and TNTs, the point of zero charge (pHpzc) was determined 

to be 2.6 and 3.3, respectively, while the composite TNTs@ACF displayed a pHpzc of 2.7, 

which suggests the dominant role of TNTs for the surface potential of TNTs@ACF. The 

negative surface potential of TNTs@ACF over a wide pH range (3.0–10.0) would facilitate 

the adsorption of U(VI) cations. 

 

Fig. 4-4. Zeta potential of TNTs, ACF, and TNTs@ACF as a function of solution pH. 

4.3.2. Adsorption kinetics 

Fig. 4-5 represents the adsorption kinetics of U(VI) or 2-CP by TNTs@ACF with the 

initial concentration of 20 mg/L. The U(VI) or 2-CP was rapidly adsorbed by TNTs@ACF 

with the most uptake occurred in the first 15 min and 120 min for 2-CP and U(VI), 
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respectively. The fast adsorption rate is owing to plenty of micropores directly exposed on 

the surface of ACF, which allows smaller mass transfer resistance (Liu et al., 2010), and 

abundant ion-exchange sites (−OH/−ONa) in the interlayer of TNTs (Liu et al., 2013; Liu 

et al., 2016b). At equilibrium, the removal efficiency of U(VI) and 2-CP reached 99% and 

60% with finial uptake of 99.5 and 60.1 mg/g, respectively, at the TNTs@ACF dosage of 

0.2 g/L. 

The adsorption kinetic data was interpreted by the following pseudo-first-order, 

pseudo-second-order models and intraparticle diffusion models (Ho and McKay, 1998; 

Kumar, 2006): 

Pseudo-first-order model: q
t
 = q

e
 − q

e
exp(-k1t)       (4-3) 

Pseudo-second-order model: q
t
 = 

k2q
e
2t

1 + k2q
e
t
               (4-4) 

Intraparticle diffusion model:  q
t
 = kidt0.5+C                    (4-5) 

where qt and qe (mg/g) are the U(VI) and 2-CP uptakes at time t and at equilibrium, 

respectively; k1 (min-1), k2 (g/(mgmin)) and kid (mg/(g·min0.5)) are the rate constants of 

pseudo-first-order, pseudo-second-order, and intraparticle diffusion model, respectively; 

and C (mg/g) is a constant related to the boundary layer thickness. 
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Fig. 4-5. Adsorption kinetics of U(VI) and 2-CP by TNTs@ACF. Experimental conditions: 

initial concentration of U(VI) and 2-CP = 20 mg/L, material dosage = 0.2 g/L, pH = 5.0 ± 

0.1. qt refers to the uptake of U(VI) and 2-CP at time t. Straight lines: pseudo-first-order 

model fittings; Dashed lines: pseudo-second-order model fittings. The inset shows the 

initial uptake rate. 

Table 4-2 summarized the best-fitted parameters of the three kinetic models. 

Apparently, the pseudo-second-order showed better fitting results for the kinetic data, with 

correlation coefficient R2 ≥ 0.99 and the experimental and simulated equilibrium uptakes 

are in good agreement for both U(VI) and 2-CP. The intraparticle diffusion model usually 

fits well for AC where film or intraparticle diffusion controls the adsorption rate (Liu et al., 

2010; Zogorski et al., 1976), however it can poorly interpret the experimental data in this 

study (R2 ≤ 0.47), suggesting the rate-limiting step may be chemical sorption (Ho and 

McKay, 2000). 
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The initial adsorption rate h (mg/(gmin)) is defined as (Ho and McKay, 2000): 

 h = k2q
e

2 (4-6) 

The initial adsorption rate for U(VI) and 2-CP are calculated to be 487.72 and 1719.63 

mg/(gmin), respectively. The higher initial adsorption rate for 2-CP may suggest the 

preferential adsorption of 2-CP onto TNTs@ACF over U(VI). 

Table 4-2. Best-fitted parameters of the pseudo-first-order, pseudo-second-order, and 

intraparticle diffusion kinetic models for the adsorption of U(VI) or 2-CP by TNTs@ACF 

Kinetic models Parameters Contaminants 

U(VI) 2-CP 

Pseudo-first-order kinetic model 
k1 (min-1) 3.06 14.72 

qe, cal 
a (mg/g) 95.04 58.21 

R2 0.98 0.98 

Pseudo-second-order kinetic model  

k2 (g/(mgmin)) 0.047 0.48 

qe, cal (mg/g) 101.62 59.89 

h (mg/(gmin))  487.72 1719.63 

R2 0.99 0.99 

Intraparticle diffusion model 
kid (mg/(gmin0.5)) 15.09 5.91 

C (mg/g) 50.50 41.38 

R2 0.47 0.26 

    

 qe, exp 
b (mg/g) 99.62 60.14 

a Model simulated equilibrium capacity of adsorbates. 

b Experimental equilibrium uptake of adsorbates. 
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4.3.3. Adsorption isotherm 

4.3.3.1. Adsorption isotherm in the single system 

Fig. 4-6 gives the adsorption isotherms of U(VI) and 2-CP on TNTs@ACF in the 

single system. Two classic Langmuir and Freundlich isotherm models (Freundlich, 1907; 

Langmuir, 1918) and a dual-mode model (Liu et al., 2016a; Zhao et al., 2001) were 

applied to fit experimental data. 

Langmuir model is based on the assumption of a monolayer adsorption surface with 

homogenous and equivalent adsorption sites, and there are no interactions between 

adsorbate and adsorbent sites (Langmuir, 1918), which is defined as: 

 q
e
= 

QmaxbCe

1 + bCe
 (4-7) 

where Ce (mg/L) is the equilibrium concentration of U(VI) and 2-CP in the aqueous 

phase, Qmax (mg/g) is the maximal Langmuir adsorption capacity, b (L/mg) is the Langmuir 

affinity constant related to the free energy of adsorption.  

Freundlich model is an empirical equation that assumes the energetically 

heterogeneous adsorbent surface (Freundlich, 1907), which is expressed as: 

 q
e
 = KFCe

1/n
 (4-8) 

where KF (mg/g(L/mg)1/n) and n are the Freundlich constants related to the adsorption 

capacity and the adsorption intensity of the adsorbent, respectively. 

In our previous studies (Liu et al., 2016a), a dual-mode adsorption model was proposed 

to elucidate the adsorption process of phenanthrene onto TNTs@AC, which contains 
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Langmuir-type adsorption in the low concentration range and capillary condensation in the 

high concentration range, and is represented as: 

 q
e
= 

Q𝑚𝑎𝑥bCe

1 + bCe
+ KdCe (4-9) 

where Kd is the distribution coefficient; Qmax and b are the corresponding constants of 

the Langmuir model. 

 

Fig. 4-6. Adsorption isotherms of U(VI) and 2-CP onto TNTs@ACFs in the single system. 

Experimental conditions: initial concentration of U(VI) = 5−240 mg/L, 2-CP = 5−300 mg/L, 

materials dosage = 0.2g/L, pH = 5.0 ± 0.1, and temperature = 22 ± 1 °C. qe refers to the 

equilibrium uptake of U(VI) and 2-CP. Straight lines: dual-mode model fittings; dashed 

lines: Langmuir model fitting. 
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Table 4-3 presents the calculated isotherm parameters for adsorption of U(VI) or 2-CP 

in the single system. For U(VI), the Langmuir model shows the best fitting result (R2 = 

0.98) among the three models, with maximum capacity (Qmax) determined to be 188.03 

mg/g. This observation is consistent with U(VI) adsorption by TNTs, indicating TNTs may 

serve as the main adsorption sites in the composite material (Liu et al., 2016b). The high 

adsorption capacity for U(VI) is due to the large specific area and abundant adsorption sites 

(−OH/−ONa) (Liu et al., 2013). For 2-CP, however, the dual-mode model gives better 

fitting (R2 = 0.99) than the classic Langmuir and Freundlich model, which is likely 

attributed to combined adsorption on the ACF surface and “hole-filling” or capillary 

condensation in the nanotubes (Liu et al., 2016a). Based on the Langmuir model, the 

maximum adsorption capacity (Qmax) of 2-CP was determined to be 122.14 mg/g. 

Table 4-3. Isotherm model parameters for adsorption of U(VI) or 2-CP by TNTs@ACF in 

the single system. 

Kinetic models Parameters 
Contaminants 

U(VI) 2-CP 

Langmuir model 

Qmax (mg/g) 188.03 122.14 

b (L/mg) 0.32 0.068 

R2 0.98 0.86 

Freundlich model 

KF (mg/g (L/mg)1/n) 119.84 30.35 

n 11.57 3.86 

R2 0.93 0.98 

Dual-mode model 

Kd (L/g) 0.21 0.28 

Qmax (mg/g) 150.92 64.64 

b (L/mg) 20.94 1.18 

R2 0.92 0.99 
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4.3.3.2. Adsorption isotherm in the binary system 

Fig. 4-7 depicted the adsorption isotherm of U(VI) and 2-CP in the binary system and 

Table 4-4 listed the corresponding isotherm parameters. Evidently, the adsorption capacity 

in the binary system was larger than that in the single system. The Langmuir maximum 

adsorption capacity (Qmax) for U(VI) was 188.03, 242.32, and 248.63 mg/g with U(VI) 

only, U(VI) to 2-CP mass ratio of 2:1 and 1:2, respectively, while the Qmax for 2-CP 

increased from 122.14 mg/g in the single system to 169.11 and 255.60 mg/g at U(VI) to 2-

CP mass ratio of 1:2 and 2:1, respectively. The experimental data was better interpreted by 

the dual-mode model, with R2 > 0.97 for all cases, suggesting other than the above 

mentioned “hole-filling” or capillary condensation in the nanotubes, some other promotive 

mechanism may also contribute to the enhanced adsorption. The synergistic effect could 

be due to the additional adsorption sites on the TNTs@ACF after U(VI) complexes with 

2-CP. For example, in the single system, U(VI) was mainly adsorbed by TNTs and ACF 

only provided limited adsorption capacity; while in binary system, U(VI) complexes with 

2-CP so ACF could also effectively adsorb the U(VI)–2-CP complex and enhance the total 

U(VI) uptake. Similarly, after 2-CP complexed with U(VI), except the original adsorption 

sites on ACF, TNTs could also provide additional adsorption capacity for U(VI)–2-CP 

complex and thereby enhancing the total 2-CP adsorption (see Section 3.5 for detail). This 

speculation is in line with the increased distribution coefficient (Kd) value when more 

complexes are formed (Table 4-4). For example, the Kd value of U(VI) adsorption was 

0.21 L/g in the single system, while it increased to 0.66 and 0.69 L/g at U(VI) to 2-CP mass 

ratio of 2:1 and 1:2. A lower U(VI) to 2-CP mass ratio means more 2-CP presented in the 
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system with the same U(VI) concentration, resulting in more U(VI)-2-CP complex 

formation. The same trend was also observed for 2-CP. 

Table 4-4. Isotherm model parameters for adsorption of U(VI) and 2-CP by TNTs@ACF 

in the binary system. 

Kinetic models Parameters 
1:2 a 2:1 a 

U(VI) 2-CP U(VI) 2-CP 

Langmuir model 

Qmax (mg/g) 248.63 169.11 242.32 255.60 

b (L/mg) 0.32 0.029 0.28 0.013 

R2 0.78 

 
0.90 0.76 

 
0.92 

Freundlich model 

KF (mg/g (L/mg)1/n) 113.99 23.94 114.21 20.01 

N 6.16 2.90 6.55 2.37 

R2 0.94 

 
0.98 0.92 

 

0.98 

 

Dual-mode model 

Kd (L/g) 0.69 0.39 0.66 0.64 

Qmax (mg/g) 151.62 71.23 143.21 60.34 

b (L/mg) 58.11 0.41 93.25 2.69 

R2 0.97 0.99 0.97 0.99 
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Fig. 4-7. Adsorption isotherm of (a) U(VI) and (b) 2-CP by TNTs@ACFs in the binary 
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system (isotherm in the single system was plotted here for comparison). Experimental 

conditions: initial concentration of U(VI) and 2-CP = 5−300 mg/L, materials dosage = 

0.2g/L, pH = 5.0 ± 0.1, and temperature = 22 ± 1 °C. qe refers to the equilibrium uptake of 

U(VI) and 2-CP. Straight lines: dual-mode model fittings; dashed lines: Langmuir model 

fitting. 

4.3.4. Effects of pH and Humic acid 

4.3.4.1. Effects of pH 

The effect of pH on the adsorption of U(VI) and 2-CP was investigated by batch 

techniques and shown in Fig. 4-8a. For U(VI), the equilibrium uptake increased 

significantly with increasing the pH from 3.0 to 7.0, with a maximum uptake at pH 7 (241.3 

mg/L), while the U(VI) uptake dropped at pH > 7.0. As shown in Fig. 4-4, at pH < 7.0, the 

zeta potential of the material sharply turned less negative with decreased pH, thereby 

remarkably weakening the electrostatic attractions between the TNTs@ACF and cationic 

species (UO2
2+, UO2OH+, (UO2)2(OH)2

2+, (UO2)3(OH)5
+, and (UO2)4(OH)7

+) (Fig S2) 

(especially at pH 3.0). Besides, excess H+ also compete for adsorption sites at low pH. 

Except for strong electrostatic attraction, the strong reducing power of the ACF was also 

responsible for the high uptake of U(VI). Sun et al. (Sun et al., 2016) observed oxygen-

containing groups in the carbon nanofibers (CNFs) could not only strongly complex with 

U(VI) but also partially reduce the U(VI) to U(IV). In the XPS results below (section 3.5), 

the high resolution of U 4f7/2 peak could be deconvoluted into U(VI) and U(IV) species, 

confirming the partial reduction of U(VI) by ACF. At pH >7.0, the zeta potential of 

TNTs@ACF remained negative (< -42.3 mV), while the predominant U(VI) species 

changed to (UO2)3(OH)7
-, (UO2)2(OH)3

-, and (UO2)2(OH)4
2- uranyl anions (Fig. 2-5), 
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which were strongly repelled by the negatively-charged surface and thereby inhibiting the 

U(VI) uptake. 

Unlike U(VI), the uptake of 2-CP by TNTs@ACF at various pH levels showed a clear 

adsorption edge. At pH ≤ 7.0, the uptake reaches a plateau and keeps stable adsorption 

capacity of ca. 69.7 mg/g, then the adsorption capacity gradually decreased at pH above 

7.0. This trend is consistent with the pKa value of 2-CP (8.52) (Liu et al., 2010). At pH < 

pKa, the 2-CP is in protonated form and no electrostatic repulsion force exists between 2-

CP and TNTs@ACF, thus the adsorption capacity keeps at a high level and unchanged. 

While at pH > pKa, the 2-CP deprotonated and repelled by the negatively charged 

TNTs@ACF surface (pHpzc = 2.7). Further increasing the pH, the 2-CP dissociate to a 

higher degree and the ACFs surface became more negatively charged, resulting in an 

enhanced repulsive force between each other and lower adsorption capacity. The adsorbed 

2-CP anions would also contribute to the increased electrostatic repulsion to inhibit the 

uptake of free 2-CP anions. Moreover, deprotonation will cause a decrease in the 

hydrophobicity of 2-CP, thereby diminishing the affinity of 2-CP to ACF (Liu et al., 2010). 

4.3.4.2. Effects of Humic acid 

The results of the adsorption of U(VI) and 2-CP onto TNTs@ACF in the presence of 

HA are shown in Fig. 4-8b. Increasing the HA concentration from 0 to 10 mg/L as TOC, 

the adsorption capacity of U(VI) progressively enhanced from 158 to 164.7 mg/g. HA may 

pose distinct effects on the U(VI) adsorption. On the one hand, HA can easily form binary 

UO2HA(II) and ternary UO2(OH)HA(I) complexes in water and inhibit the adsorption of 

U(VI) by TNTs@ACF (Duan et al., 2019). On the other hand, HA can be adsorbed by 

TNTs@ACF through complexation with Ti and hydrophobic interactions, π–π interactions, 
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polar/electrostatic interactions, and hydrogen-bonding with ACF (Liu et al., 2016b; 

Yazdani et al., 2019). Then, the surface sorbed HA could provide more adsorption sites to 

complex with U(VI) ions from the aqueous phase. Enhanced uptake of heavy metal (e.g., 

Cd, Cr, Pb, U) in the presence of humic acid was observed by other researchers (Abate and 

Masini, 2005; Lai et al., 2002; Tan et al., 2017). For example, Tan et al (2017) found 

adsorption capacity of U(VI) increased from 12 mg/g in the absence of HA to 42 mg/g and 

59 mg/g in the presence of 10 mg/L and 25 mg/L HA, respectively. Evidently, the ad-

solubilization effect of HA on U(VI) uptake by TNTs@ACF outcompeted the 

solubilization effect in the present study. 

2-CP adsorption capacity was increased from 69.8 mg/g to 80.2 mg/g with HA 

concentration increased from 0 to 5 mg/L as TOC, while slightly decreased to 73.8 mg/g 

when further increasing the HA concentration to 10 mg/L as TOC. The promotive effect 

of HA on 2-CP adsorption could be attributed to two aspects: 1) TNTs can hardly  adsorb 

hydrophobic hydrocarbons due to the hydrophilic nature (W. Liu et al., 2016a), while HA 

sorbed on the TNTs can amend the TNTs surface from no affinity to accessible towards 

2-CP, thereby providing additional sorption sites for 2-CP. 2) the sorbed HA on 

TNTs@ACF contains 4.76 and 1.47 meq/g of carboxyl and phenolic groups, respectively 

(Fujii et al., 2014), and the hydroxy group of 2-CP can interact with oxygen-containing 

groups in HA via hydrogen bonding thus enhancing the 2-CP uptake (Wang et al., 2009). 

Sun et al. (2012) reported the adsorption capacity of 1-naphthol was enhanced from 54.5 

mg/g for neat multiwall carbon nanotubes (MWCNTs) to 97.1 mg/g for HA-coated 

MWCNTs, and they ascribed mechanism of enhanced adsorption to more sorption sites 

induced from oxygen-containing groups associated with HA. The inhibitive effect at high 
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HA concentration (10 mg/L as TOC) may be due to the elevated aggregation of HA 

molecules on TNT surface (Tsang et al., 2009), which makes the oxygen-containing 

groups less accessible for 2-CP.  
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Fig. 4-8. Effects of (a) pH, (b) HA on equilibrium uptake of U(VI) and 2-CP by 

TNTs@ACF. Experimental conditions: initial concentration of U(VI) and 2-CP = 50 mg/L, 

material dosage = 0.2 g/L, pH = 5.0 ± 0.1. qe refers to the equilibrium uptake of U(VI) and 

2-CP. 

4.3.5. Mechanism for enhanced adsorption of U(VI) and 2-CP in the binary system 

XRD, XPS, FTIR, and UV-vis characterizations were further investigated to elucidate 

the underlying mechanism of enhanced adsorption of U(VI) and 2-CP by TNTs@ACF in 

the binary system. As shown in the XRD patterns (Fig. 4-2), for samples loaded with U(VI), 

the intensity of peaks at 9.5° and 28.4° that represent the interlayer distance of TNTs 

sharply diminished, indicating the interlayer distance is enlarged after the ion exchange 

between U(VI) with a larger ionic radius and Na+/H+ (Ma et al., 2017). This observation is 

different with the previous study of neat TNTs that interlayer structure was not significantly 
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altered during the ion-exchange process (Liu et al., 2013; Liu et al., 2016b), but in line with 

the interaction between TNTs@AC and Pb(II), which could be due to the metastable state 

of TNTs caused by intrusion of micro-carbon into the interlayer of TNTs during the 

formation of the tubular structure (Ma et al., 2017). Other TNTs characteristic diffraction 

peaks remain similar to the fresh TNTs@ACF, suggesting the ion-exchange process does 

not change the basic [TiO6] octahedron structure of TNTs (Liu et al., 2016b). Compared 

to the neat TNTs@ACF, the intensity of graphitic diffraction peak at 13º was increased 

after sample laden with U(VI) or 2-CP, and significant enhancement was observed in the 

U(VI) and 2-CP binary system. This finding is consistent with Namasivayam and Kavitha 

(2006)’s result, in which they observed the enhancement of the graphitic diffraction peak 

after the adsorption of dye and phenol molecules, and they explained the adsorption 

reaction would alter the structure of the carbon resulting from the molecules diffuse into 

the micropores and macropores and adsorb mostly by chemisorption. The stronger 

alteration of the pore structure in the binary system than that of the single system suggesting 

the synergistic effect of U(VI) and 2-CP co-adsorption by ACF. 

The survey XPS analyses of Fig. 4-9a show that the elemental composition of neat 

TNTs@ACF are C (62.0%), O (25.7%), Na (3.9%), and Ti (8.4%) (Table 4-1). Based on 

the basic structure of titanate (NaxH2-xTi3O7), the chemical formula of as-prepared 

TNTs@ACF in this study can be written as [Na1.39H0.61Ti3O7·2.18H2O][22.14C], in which 

“[Na1.39H0.61Ti3O7·2.18H2O]” stands for the structure of TNTs and “[22.14C]” represents 

ACF. According to the manufacturer, the ACF is 100% activated carbon, thus the TNTs to 

ACF mass ratio is determined to be 1:0.92. After loaded with U(VI) in single and binary 

system, U 4f peak was clearly identified in the survey spectra while the intensity of Na 1s 
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peak was significantly suppressed, suggesting the mechanism of U(VI) uptake is mainly 

owing to the ion-exchange between U(VI) and –ONa in the interlayer of TNTs (Liu et al., 

2016b). The O content increased from 25.7% to 27.5 and 27.8% in the single and binary 

system, respectively, which is due to the uptake of uranyl ions (UO2
2+) and uranyl 

hydroxide complexes (e.g. UO2(OH)+). The chemical formula of U(VI)-laden samples was 

calculated to be [(UO2)0.39Na0.39H1.22Ti3O7·1.92H2O][21.81C] and 

[(UO2)0.40Na0.40H1.2Ti3O7·2.25H2O][22.30C] for single system and binary system, 

respectively. For U(VI)-laden sample, the high-resolution of U 4f spectra (Fig. 4-9b) is 

deconvoluted into two peaks at 382.3 and 380.6 eV, which are ascribed to U(VI) and U(IV), 

respectively (Duan et al., 2019). It shows U(VI) is not only adsorbed by TNTs@ACF but 

also partially reduced to U(IV). Our previous work (Liu et al., 2016b) confirmed the 

adsorbed U on TNTs are all in the oxidation state of U(VI) and no reduction of U(VI) 

occurred, so it is likely that ACF contributes to the U(VI) reduction. The speculation is 

proved in Sun et al. (2016)’s study of U(VI) adsorption on carbonaceous nanofibers, in 

which a U(IV) peak was also found in their U 4f spectra and the reduction of U(VI) is 

verified by X-ray absorption near edge structure (XANES) analysis. In the U(VI)–2-CP 

binary system, the binding energy of U(VI) slightly shifts to 382.2 eV, indicating the 

chemical environment change for U(VI) caused by U(VI) complexing with 2-CP (Li et al., 

2014; J. Liu et al., 2016), while U(IV) remains the same at 380.6 eV, implying no complex 

formed between U(IV) and 2-CP. The C 1s spectra further confirms the redox reaction 

between U(VI) and ACF (Fig. 4-9c). Before loaded with contaminants, fresh TNTs@ACF 

contains four carbon peaks, i.e., C-C/C-H (37.4%) at 284.8 eV, C-O (44.4%) at 285.4 eV, 

C=O (12.2%) at 287.0 eV, and C(O)O (6.0%) at 289.0 eV (Liu et al., 2016a; Sun et al., 
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2016; Wang et al., 2018). Upon adsorption of U(VI), the C-O percentage decreased from 

44.4% to 34.8% and 36.7% and C(O)O group increased from 6.0% to 14.2% and 12.6% 

for the single and binary system, respectively, which indicates the oxidation of R-CH2OH 

groups to R-COOH groups in contact with U(VI) according the equation as follows (Sun 

et al., 2016): 

 2R-CH2OH + 2UO2
2+

 + O2 = 2R-COOH + 2UO2(s) + 4H+   (4-10) 

The high-resolution profile of O 1s in TNTs@ACF was fitted to three peaks (Fig. 4-

9d), which are lattice O of [TiO6] (37.4%) at 530.7 eV, O from hydroxyl groups bonded 

with metal or carbon (M-OH/C-OH) (28.5%) at 532.1 eV, suggesting the C–O–Ti bond 

linkage between TNTs and ACF, and a minor peak of O from combined water (3.6%) at 

536.0 eV (Liu et al., 2016a; Ma et al., 2017). M-OH/C-OH peak increased to ca. 39% in 

the U(VI)-laden samples, which is ascribed to the uptake of uranyl species bonded 

oxygen. 
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Fig. 4-9. XPS spectra of TNTs@ACF and U-laden TNTs@ACF. (a) Survey XPS, (b) high 
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resolution of U 4f, (c) high resolution of C 1s, and (d) high resolution of O1s. 

 Fig. 4-10 shows the FTIR spectra of neat TNTs and TNTs@ACF before and after 

adsorption of U(VI) and/or 2-CP. Four characteristic peaks at 3302, 1640, 1342, and 892 

cm-1 are observed on the neat TNTs, which are attributed to of O–H vibration of hydroxyl 

groups, H–O–H vibration from bonded water molecules, O–Na band of TNTs, and 

coordinated Ti–O involving non-bridging oxygen atoms coordinated with Na ions 

(TiO(ONa)2), respectively (Hua et al., 2017; Liu et al., 2016b, 2016a; Wang et al., 2015). 

These bands were all observed on neat TNTs@ACF with peaks center shifted to a lower 

frequency, indicating the interactions between TNTs and ACF. Upon reaction with U(VI) 

(spectra c), the peak center of TiO(ONa)2 shifted from 887 cm-1 of neat TNTs@ACF to 

919 cm-1 and peak O–Na disappeared, which is due to the ion-exchange of Na+ in 

TiO(ONa)2 with UO2
2+ (Liu et al., 2016b; Wang et al., 2015). After adsorption of 2-CP 

(spectra d), broad doublet peaks at 3344 and 3238 cm-1 are attributed to the characteristic 

phenolic O–H vibration bands (Li et al., 2014). Compared to the neat TNTs@ACF, the 

intensity of peak at 1626 cm-1 is remarkably enhanced, which is due to the overlap of 

stretching vibration of C=C groups (aromatic ring deformation) (Oliveira et al., 2016) and 

the H–O–H band. A new minor peak at 1434 cm-1 is observed, which is owing to the 

fundamental C–C stretching vibration of the benzene ring (Sahasrabudhe et al., 2001). In 

the U(VI) and 2-CP simultaneous system (spectra e), doublet phenolic bands remarkably 

weakened and shifted to 3187 cm-1 and the modification of phenolic O–H band would 

reveal the coordination of phenolic oxygen to the uranyl ion (Azam et al., 2015; Chen et 

al., 2010). The shifting of the uranyl band (from 919 cm-1 in the single system to 911 cm-1 

in the binary system) also proves the complexation between 2-CP and U(VI) (Bernstein et 
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al., 2014). Moreover, the peak intensity of the aromatic C=C band reduced and the C–C 

band disappeared upon mixing 2-CP with U(VI). The change of aromatic band intensity is 

likely due to the π–cation interactions between U(VI) cations and 2-CP molecules. A study 

of benzene adsorption by zeolite loaded with various group IIA cations showed different 

intensity of benzene characteristic bands, and they explained the phenomenon was due to 

the intermolecular interaction between π-electron cloud and cations (Sahasrabudhe et al., 

2001). Consequently, both 2-CP and U(VI) could be adsorbed by TNTs@ACF in the single 

system, while 2-CP and U(VI) bonded together in the binary system through complexation 

and π-cation interactions. 

 

Fig. 4-10. FTIR spectra of (a) TNTs, (b) TNTs@ACF, (c) U-laden TNTs@ACF, (d) 2-

CP-laden TNTs@ACF, and (e) U- and 2-CP-laden TNTs@ACF. 
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Fig. 4-11 represents the measured UV-vis absorbance spectra at a U(VI) concentration 

of 300 mg/L at pH 5  as a function of the 2-CP concentration. Evidently, an enhanced 

absorbance and blue shift of the absorbance maxima when the 2-CP concentration 

increased from 0 to 600 mg/L, indicating the formation of uranyl and 2-CP complexes 

(Glorius et al., 2007). Sarakha et al. (2000) analyzed the UV-vis absorbance spectra of 

U(VI)/4-CP mixture and observed a similar increase of absorbance when 4-CP to U(VI) 

molar ratio increased, who attributed the enhancement to complexing of the phenolic group 

with UO2
2+.  

 

Fig. 4-11. UV-Vis absorption spectra of U(VI) alone and U(VI)/2-CP mixture at various 

mass ratios. Experimental conditions: U(VI) = 300 mg/L, 2-CP = 150–600 mg/L, pH = 5.0 

± 0.2. 
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4.4. Conclusions 

This study prepared a new type of TNTs@ACF composite materials through a one-step 

hydrothermal approach and tested the material for remove of U(VI) and 2-CP in the single 

and binary system. FESEM and TEM characterization confirmed TNTs is not only 

supported by the bulk ACF, but also modified by the micro-ACF particles. The material 

exhibited high adsorption capacity for U(VI) (188.03 mg/g) and 2-CP (122.14 mg/g), while 

an increased adsorption capacity was observed in the binary system and can reach up to 

248.63 and 255.60 mg/g for U(VI) and 2-CP, respectively. The pseudo-second-order 

adsorption model better fitted the kinetic data with R2 > 0.99, while the dual-mode model 

successfully interpreted the adsorption isotherms with R2 > 0.97 for all cases. XRD, XPS, 

FTIR and UV-vis studies of TNTs@ACF before and after reaction with U(VI) and 2-CP 

confirmed the adsorption mechanism of U(VI) is mainly due to ion-exchange between 

uranyl ions and –OH/ONa functional groups located in the interlayer of TNTs, while the 

uptake of 2-CP is owing to the hydrophobic interactions, π–π interactions and hole filling 

process. The enhanced adsorption of U(VI) and 2-CP in the binary system results from the 

complexation of uranyl ions and phenolic group and π–cation interaction of U(VI) cations 

and benzene ring that provide additional adsorption sites and synergistically promote 

adsorption capacity. The optimal working pH for U(VI) ranges from 6–8, with the 

maximum capacity at pH 7, while an adsorption edge at pH 7 is observed for 2-CP. 

Increasing the HA concentration from 0 to 10 mg/L as TOC would enhance the U(VI) 

adsorption capacity from 158.4 to 164.7 mg/L. 2-CP uptake was enhanced in the HA 

concentration range of 0–5 mg/L as TOC, but 10 mg/L as TOC of HA would impede the 
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adsorption. TNTs@ACF appear promising for simultaneous removal of U(VI) and 2-CP 

from complex wastewater. 

Chapter 5. Conclusions and Suggestions for Future Research 

5.1. Summary and conclusions 

Uranium wastewater mainly comes from nuclear weapon manufacturing and testing, 

nuclear power plant operation, and uranium mining and processing. Due to the sparing 

solubility of U(IV), reductive immobilization of U(VI) works as a popular strategy to treat 

U(VI) contamination. In this study, two kinds of iron particles, i.e., CMC-FeS and 

FeS@Fe0 are prepared and tested for reductive removal of U(VI) under various water 

chemistry conditions. Adsorption is another practical approach to remove U(VI) from 

waste and a new type of TNTs@ACF nanomaterials were synthesized for simultaneous 

adsorption of U(VI) and 2-CP from water. 

The optimal CMC-FeS was obtained at the CMC-to-FeS molar ratio of 0.0010, which 

showed both high particle stability and U(VI) removal efficiency. CMC-FeS performed 

well over the pH range 6.0-9.0, and the best removal occurred at pH 7.0 and 8.0, where > 

95% U removal was achieved with 1 hour. The retarded first-order model adequately 

interpreted the kinetic data, representing a mechanistically sounder model for 

heterogeneous reactants of decaying reactivity. Ca2+ has stronger inhibitive effects than 

Na+, while the presence of bicarbonate significantly decreased the removal rate. The 

reaction was enhanced in the presence of 1 mg/L of HA as TOC, while a higher 

concentration of HA (5-10 mg/L as TOC) impeded the reaction. Further, 87% of U(VI) 

removal was still reached under complex synthetic groundwater conditions. Fourier 
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transform infrared spectroscopy, X-ray photoelectron spectroscopy, and extraction studies 

indicated that the reductive conversion of UO2
2+ to UO2(s) was the primary mechanism for 

immobilization of U(VI) by CMC-FeS, which accounted for 90% of U removal at pH 7.0. 

S2- and S2
2- were the primary electron sources, whereas sorbed and structural Fe(II) acted 

as supplementary electron donors for U(VI) reduction. The immobilized U remained highly 

stable under anoxic condition after 180 days of aging, while ~26% immobilized U was 

remobilized when exposed to air for 180 days. The long-term stability is attributed to the 

reductive protecting potential of CMC-FeS, the formation of uraninite and the associated 

structural resistance to oxidation, and the high affinity of the FeS oxidation products toward 

U(VI). 

A new type of FeS-modified ZVI core-shell particles (FeS@Fe0) through a facile two-

step reaction approach, and then tested for reductive sequestration of U(VI) in water. X-

ray diffraction, Scanning transmission electron microscopy, and physical property analyses 

confirmed the formation of the core-shell structure, surface compositions, and magnetic 

properties. Batch kinetic tests showed that FeS@Fe0 with an Fe0/FeS molar ratio of 1:1 

offered the highest U(VI) reduction rate, prolonged reactive life than pristine ZVI, and the 

reduced uranium was most resistant to re-oxidation when exposed to oxygen. The retarded 

first-order kinetic model was able to adequately interpret the experimental rate data. 

FeS@Fe0 performed well over the pH range 5.5-9.0, with higher pH more favoring the 

reaction. High concentrations (5-10 mg/L) of humic acid, bicarbonate (1-5 mM) and Ca2+ 

(1 mM) showed only modest inhibition to the U(VI) reduction. Fourier transform infrared 

spectroscopy, X-ray photoelectron spectroscopy, and extraction studies indicated that U(VI) 

was immobilized via both direct adsorption and reductive precipitation, where Fe0 was the 
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main electron source, with Fe0, sorbed Fe(II) and structural Fe(II) acting as the electron 

donors. FeS@Fe0 may serve as an improved material for the efficient immobilization of 

U(VI) and other redox-active contaminants in water. 

Morphology studies of TNTs@ACF show the TNTs were well supported by the ACF 

and modified with some micro-carbon particles patched on the surface. The as-prepared 

materials exhibit excellent adsorption capacity for U(VI) and 2-CP in the single system, 

while a significant enhancement of the adsorption capacity for both contaminants were 

observed in the binary system. Neutral pH favors the adsorption of U(VI) and 2-CP. Humic 

acid enhances the adsorption of U(VI) but only increases the adsorption capacity of 2-CP 

when HA < 5 mg/L as TOC, and a higher HA concentration will impede the adsorption of 

2-CP. The uptake of U(VI) by TNTs@ACF is mainly occurring through ion-exchange 

between uranyl ions and –OH/ONa functional groups located in the interlayers of TNTs, 

while for, while the uptake of 2-CP is owing to the hydrophobic interactions, π–π 

interactions and hole filling process. The enhanced adsorption of U(VI) and 2-CP in the 

binary system results from the complexation of uranyl ions and phenolic group and π–

cation interaction of U(VI) cations and benzene ring that provide additional adsorption sites 

and synergistically promote adsorption capacity. TNTs@ACF appears promising for the 

treatment of uranium and organic pollutants coexisting wastewater. 

5.2. Suggestions for future work 

This study investigated the removal of U(VI) from wastewater using two categories of 

nanomaterials, namely, iron-based nanoparticles and titanate based nanomaterials. There 

are still scientific gaps need to be filled and the specific suggestions are as follows: 
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1) Iron-based nanoparticles could effectively remove U(VI) through adsorption and 

reduction under anoxic conditions, but their performance under oxic conditions 

needs to be tested in order to better understand the practical application of iron-

based nanoparticles for treatment of U(VI) from wastewater. 

2) The application of synthesized nanomaterials for other heavy metals and 

radionuclides or competitive removal needs be studied to broaden the usage of the 

materials. 

3) The photoreduction of U(VI) and photodegradation of 2-CP by TNTs@ACF needs 

to be tested to further immobilization/degradation of the contaminants. 

4) Density function theory calculation is a powerful tool to understand the chemical 

reaction and the usage of DFT can facilitate the elucidation of the reaction 

mechanism of U(VI) removal. 

5) The toxicity of the synthesized nanomaterials to the environment remains unclear 

so studies are needed for the of the iron-based nanoparticles and titanate 

nanomaterials 
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